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A B S T R A C T   

In municipal wastewater treatment plants, some dissolved methane can enter the aerobic bioreactors. This 
greenhouse gas originates from sewers and return flows from anaerobic sludge treatment. In well-mixed con-
ventional activated sludge reactors, methane emissions are largely avoided because methane oxidizing bacteria 
consume a large fraction, even without optimizing for this purpose. In this work, the fate of dissolved methane is 
studied in aerobic granular sludge reactors, as they become increasingly popular. The influence of the charac-
teristic design and operating conditions of these reactors are studied with a mathematical model with apparent 
conversion kinetics and stripping: the separation of feeding and aeration in time, a higher substrate transport 
resistance, a high retention time of granular biomass and a taller water column. Even for a best-case scenario 
combining an unrealistically low intragranule substrate transport resistance, a high retention time, a tall reactor, 
an extremely high influent methane concentration and no oxygen limitation, the methane conversion efficiency 
was only 12% when feeding and aeration were separated in time, which is lower than for continuous activated 
sludge reactors under typical conditions. A more rigorous model was used to confirm the limited conversion, 
considering the multi-species and multi-substrate biofilm kinetics, anoxic methane consumers and the high 
substrate concentration at the bottom during upward plug flow feeding. The observed limited methane con-
version is mainly due to the high concentration that accumulates during unaerated feeding phases, which favours 
stripping more than conversion in the subsequent aeration phase. Based on these findings, strategies were 
proposed to mitigate methane emissions from wastewater treatment plants with sequentially operated reactors.   

1. Introduction 

Methane (CH4) emissions may account for 0 to 40% of the total 
carbon footprint of conventional, aerobic municipal wastewater treat-
ment plants, but the exact value and hot-spots depend on the design and 
operation of a specific plant and sewer system (Foley et al., 2011; 
Masuda et al., 2018). Methane is produced during anaerobic conversions 
of organic material. This mainly occurs in sewers and sludge digesters, 
but can also take place in sludge thickeners and primary settlers 
(Daelman et al., 2012; Masuda et al., 2015). The average dissolved 
methane concentration in the influent ranges from 2 to 61 g COD.m− 3 

(Liu et al., 2015), depending on the residence time, geometry and type of 
sewers and on the wastewater characteristics and temperature (Foley 
et al., 2009; Short et al., 2017; Terryn et al., 2017). Dissolved methane 
can be stripped from several unit processes in a treatment plant. The 

headworks are a first source of emissions, accounting for 0 to 50% of the 
plant-wide emissions. The fraction that is stripped here increases if there 
is intense contact with air, e.g. when screw conveyors or aerated grit 
chambers are used (Daelman et al., 2012; Foley et al., 2011; Kwok et al., 
2015; Liu et al., 2014; Masuda et al., 2018; Ren et al., 2013; Samuelsson 
et al., 2018; Wang et al., 2011). When present, primary settlers can also 
be a major emission source, with values ranging from less than 1 to 68% 
of the plant-wide emissions (Daelman et al., 2012; Liu et al., 2014; 
Masuda et al., 2018; Ren et al., 2013). The residual dissolved methane 
that reaches the bioreactors is nearly completely removed here, via 
stripping on the one hand and biological conversion (oxidation) on the 
other hand. Also the contribution of this unit process to the plant-wide 
methane emissions varies over a wide range, between 3 and 80% 
(Daelman et al., 2012; Kwok et al., 2015; Wang et al., 2011). Biological 
methane oxidation has been shown to remove 68–80% of the methane 
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that enters continuous activated sludge reactors (Daelman et al., 2012; 
Liu et al., 2014). Methane emissions from a plant increase drastically if 
sludge is anaerobically digested. Methane can escape from the digesters 
directly, during sludge dewatering and storage and due to the incom-
plete combustion of biogas, which has been reported to sum up to 72-81 
% of the plant-wide emissions (Daelman et al., 2012; Delre et al., 2017; 
Foley et al., 2011; Kwok et al., 2015; Samuelsson et al., 2018; Yoshida 
et al., 2014). Moreover, the reject water contains dissolved methane, 
which often enters the main treatment process again, where it can be 
emitted as mentioned above (Daelman et al., 2012; Ribera-Guardia 
et al., 2019). Literature thus clearly shows an immense variation of both 
the load and fate of methane between different plants. The potential 
hot-spots of methane input, production, emissions and conversion in 
wastewater treatment plants discussed in this section are summarized in  
Fig. 1. 

The amount of methane oxidized in an activated sludge reactor de-
pends on the design and operation. For example, there is an optimal 
aeration rate for methane oxidation, which is high enough to avoid 
oxygen limitations of the conversion, but low enough to avoid excessive 
stripping. Deeper diffusers also slightly improve conversions, as the 
hydraulic pressure improves the solubility of gases and therefore hinders 
methane stripping, while stimulating oxygen transfer. Finally, a 
continuously stirred tank reactor shows more conversion than a plug- 
flow type reactor because mixing dilutes the incoming methane, 
which decreases the stripping rate more than it decreases the conversion 
rate (Daelman et al., 2014). Notwithstanding these influencing factors, 
aerobic bioreactors are rarely or never optimized for methane conver-
sion in municipal wastewater treatment plants, as COD and nutrient 
removal are the primary goals. Yet, even without optimization, mea-
surements in continuous aerobic systems have always shown methane 
conversion efficiencies above 68% (Daelman et al., 2012; Liu et al., 
2014). Besides, simulations under various conditions have consistently 
shown values above 21%, except when influent methane concentrations 
are below 5 g COD.m− 3 (Daelman et al., 2014). This may give the 
impression that in cases where the influent methane concentration is 
high, aerobic methane conversion can always be relied on to mitigate 
the associated potential extra greenhouse gas emissions. However, it is 
not yet sure whether high methane conversion efficiencies are as easily 
achieved in sequentially operated reactors without aeration during the 
feeding phases. Sequential operation with unaerated feeding phases is 
becoming increasingly popular under the form of aerobic granular 

sludge reactors, which have lower space and energy requirements than 
conventional activated sludge systems (Pronk et al., 2017). 

The fate of methane in aerobic granular sludge reactors has not yet 
been investigated. In these reactors, feeding and discharge are separated 
in time from aeration. Biomass is present in larger and denser aggregates 
than in conventional activated sludge reactors (Pronk et al., 2017). 
Granules have a higher resistance for substrate transport towards the 
microorganisms, leading to lower specific conversion rates at low 
limiting substrate concentrations (Baeten et al., 2018). At the same time, 
they have a higher solids retention time due to their excellent settle-
ability (Ali et al., 2019; Winkler et al., 2012). Moreover, aerobic gran-
ular sludge reactors are typically taller (6–9 m) than conventional 
activated sludge reactors to enable feeding from the bottom while dis-
charging effluent from the top via an upward plug flow (de Bruin et al., 
2013). These characteristic design and operating conditions could in-
fluence the fate of methane entering these reactors in different ways. 
From earlier work, one can deduce that the higher mass transport 
resistance may limit conversion (Baeten et al., 2018), the discontinuous 
feeding may promote stripping (Mozo et al., 2012), the higher solids 
retention time may promote conversion (Henze et al., 2008) and the 
taller reactor height may limit stripping (Daelman et al., 2014). Yet, the 
magnitude of these effects for the typical design and operating condi-
tions of aerobic granular sludge reactors and their combined effect 
remain difficult to predict. As the fate of methane could be altered, these 
reactor types may also require different strategies to minimize 
emissions. 

This work investigates for the first time the fate of dissolved methane 
entering sequentially operated reactors with unaerated feeding phases 
in general, and aerobic granular sludge reactors in particular. First, a 
simple mass balance model for the fate of methane and Methane 
Oxidizing Bacteria (MOB) was set-up and used to separately investigate 
the effects of separating feeding and aeration in time (i.e. sequential 
versus continuous reactor operation), more intragranule transport 
resistance, higher solids retention times and increased reactor heights. A 
more rigorous model was then developed to confirm the results for the 
best-case scenario, considering the multi-species and multi-substrate 
biofilm kinetics, presence of anoxic methane oxidizers and the high 
substrate concentration at the bottom during the upward plug flow 
during feeding. 

Fig. 1. Typical hot-spots of methane input, production, emission and conversion (biological oxidation) in a wastewater treatment plant, indicated with green clouds.  
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2. Methodology 

2.1. Influence of design and operating conditions 

A mathematical model was set up to study how the methane con-
version efficiency is affected by sequential feeding and aeration, a 
higher intragranule substrate transport resistance, a higher solids 
retention time and taller reactors. First, a general mass balance was set 
up for methane (2.1.1) and methane oxidizing bacteria (2.1.2). Then, 
the simulated scenarios were defined for a sequentially (2.1.3) and 
continuously operated reactor (2.1.4) to investigate the effect of sepa-
rating feeding and aeration in time. The other design and operating 
conditions were kept the same for a fair comparison: the volumetric 
overall transfer coefficient of oxygen, average influent flow rate, solids 
retention time of methane oxidizing bacteria, reactor height, conversion 
kinetics and stoichiometry and aerobic hydraulic retention time. All 
applied parameter values are summarized in Table 1. MATLAB scripts 
are available as supplementary information. 

2.1.1. Methane mass balance 
A mass balance for dissolved methane, mCH4 (g COD), was set up for a 

completely mixed reactor, considering the reactor influent as the sole 
source of methane and the effluent, stripping and biological conversion 
as sinks (Eq. (1); Fig. 2). 

dmCH4(t)
dt

= Qin(t)SCH4,in(t)− Qout(t)SCH4(t)− ṁL− G
CH4 (t)− ṘCH4(t) (1) 

Qin and Qout (m3.d− 1) are the imposed liquid flows, respectively into 
and out of the reactor, SCH4,in and SCH4 (g COD.m− 3) the respective 
incoming and outgoing methane concentration, ṁL-G

CH4 (g COD.d− 1) 

the stripping rate and ṘCH4 (g COD.d− 1) the conversion rate. The con-
centration of methane in the liquid volume V (m3) relates to its total 
mass via Eq. (2). 

SCH4(t)=
mCH4(t)

V(t)
(2) 

The stripping rate was described with a liquid-gas transfer model 
(Eq. (3)) that considers the mean gas phase mole fraction and mean 
pressure along the reactor height (Baeten et al., 2020). 

ṁL− G
CH4 (t) = KLaO2(t)V(t)

SCH4(t) − iCOD,CH4hCH4

(

pG
atm+ρg H

2

)

MCH4

RT xG
in,CH4

̅̅̅̅̅̅̅̅
DO2

DCH4

√
+0.6hCH4

H
2

(3) 

KLaO2 (d− 1) denotes the volumetric overall transfer coefficient of 
oxygen, iCOD,CH4 (g COD.g− 1) the COD content of methane, hCH4 (g.m− 3 

in the liquid phase per g.m− 3 in the gas phase) the Henry coefficient of 
methane, pG

atm (Pa) the atmospheric pressure, ρ (kg.m− 3) the density of 
water, g (m.s− 2) the gravitational acceleration, H (m) the water column 
height during aeration, MCH4 (g.mole− 1) the molecular mass of methane, 
R (J.mole− 1.K− 1) the universal gas constant, T the reactor temperature 
(K), xG

in,CH4 (mole.mole− 1) the mole fraction of methane in the atmo-
sphere and DO2 and DCH4 (m2.d− 1) are the respective diffusion co-
efficients of oxygen and methane. 

The conversion rate was calculated based on the stoichiometry and 
kinetics for methane oxidizing bacteria reported by Arcangeli and Arvin 
(1999) (Eq. (4)). 

ṘCH4(t) =
μMOB,Max(t)

YMOB

SCH4

SCH4 + KCH4,MOB
XMOB(t)V(t) (4) 

Table 1 
Parameters used for the simple model.  

Parameter Symbol Reference value (applied 
range) 

Unit Refs. or explanation 

Physical, chemical and biological parameters     
Universal gas constant R 8.31 J.mole− 1.K− 1 Çengel et al. (2012) 
Gravitational acceleration g 9.81 m.s− 2 Çengel et al. (2012) 
Density of water ρ 1000 kg.m− 3 Çengel et al. (2012) 
Atmospheric pressure pG

atm 101325 Pa Çengel et al. (2012) 
Temperature T 293.15 K Pronk et al. (2015) 
Diffusion coefficient of oxygen at 20◦C DO2 1.83  10− 4 m2.d− 1 Gmehling et al. (2010) 

Diffusion coefficient of methane at 20◦ DCH4 1.39  10− 4 m2.d− 1 Gmehling et al. (2010) 

Henry coefficient of methane at 20◦ hCH4 0.0351 g.m− 3/(g. 
m− 3) 
(liquid/gas) 

Sander (2015) 

Molecular mass of methane MCH4 16 g.mole− 1 Meija et al. (2016); Sander (2015) 
Mole fraction of methane in the atmosphere xG

in,CH4 0.0000018 mole.mole− 1 Abalakin (2010) 
COD content of methane iCOD,CH4 4 g COD.g− 1 Henze et al. (2008) 
MOB yield YMOB 0.2 g COD. 

g COD− 1 
Arcangeli and Arvin (1999) 

MOB maximal specific growth rate at 20◦C µMOB,Max 1.6 d− 1 Arcangeli and Arvin (1999) 
MOB specific decay rate at 20◦C bMOB 0.24 d− 1 Arcangeli and Arvin (1999) 
MOB apparent half-saturation coefficient KCH4, 

MOB 

0.26 (0.04-2) g COD.m− 3 Arcangeli and Arvin (1999) 

Reactor design and operation     
Influent methane concentration SCH4,in 21 (2 – 61) g COD.m− 3 Median (Liu et al., 2015) 
Volumetric overall transfer coefficient of oxygen during 

aeration 
KLaO2 100 d− 1 Limited oxygen limitation (Daelman et al., 

2014) 
Solids retention time of MOB SRTMOB 29 (1-150) d Pronk et al. (2015) and Ali et al. (2019) 
Average influent flow rate Q 14300 m3.d− 1 Pronk et al. (2015) 
Water column height H 7.5 (2-12) m Pronk et al. (2015) 
Maximal volume for sequential operation Vseq,max 9600 m3 Pronk et al. (2015) 
Feeding time Tfeeding 1 h Pronk et al. (2015) 
Aeration time Taeration 5 h Pronk et al. (2015) 
Settling time Tsettling 20 min Pronk et al. (2015) 
Discharge time Tdischarge 10 min Assumed 
Initial conditions     
Initial MOB concentration XMOB,ini 10 g COD.m− 3 Daelman et al. (2014) 
Initial methane concentration SCH4,ini 0 g COD.m− 3 Assumed  
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µMOB,Max (d− 1) is the maximal specific growth rate of MOB, YMOB (g 
COD.g COD− 1) their yield, KCH4,MOB (g COD.m− 3) the apparent half- 
saturation coefficient for methane and XMOB (g COD) the biomass con-
centration. The Monod term for oxygen was omitted in Eq. (4) to 
represent an optimistic scenario, without oxygen limitation. For acti-
vated sludge, it has been shown that oxygen limitations are small for a 
KLaO2 above 80 d− 1 (Daelman et al., 2014). For granular sludge, this 
optimistic assumption may overestimate the predicted conversion rates 
more, as specific conversion rates are lower for the same oxygen con-
centration when biomass is present in dense aggregates. Also for 
sequential reactor operation, neglecting oxygen limitation over-
estimates conversion rates more, as the high ammonium and organics 
concentrations after feeding cause stronger competition for oxygen from 
nitrifiers and heterotrophs. Only the half-saturation coefficient for 
methane KCH4,MOB (g COD.m− 3) was varied to represent the difference 
between flocculent (low KCH4,MOB) and granular sludge (high KCH4,MOB) 
(Baeten et al., 2018). 

2.1.2. Methane oxidizing bacteria mass balance 
The mass balance of methane oxidizing bacteria mMOB (g COD) 

considered growth as the sole source and decay and sludge wasting as 
sinks (Eq. (5); Fig. 2). 

dmMOB(t)
dt

= YMOBṘCH4(t) − bMOBXMOB(t)V(t)− dMOB(t)XMOB(t)V(t) (5) 

The first term on the right side, the growth rate, was considered 
directly coupled to the methane conversion rate ṘCH4 (Eq. (4)) via the 
yield YMOB (g COD.g COD− 1). The second term, the decay rate, was 
calculated via the specific decay rate, bMOB (d− 1). The last term, the 
sludge wasting rate, was calculated via a specific waste rate dMOB (d− 1), 
which is defined separately for the sequentially and continuously 
operated reactor below. The concentration of methane in the liquid 
volume V (m3) relates to its total mass via Eq. (6). 

XMOB(t)=
mMOB(t)

V(t)
(6)  

2.1.3. Solution for a sequentially operated reactor 
The design and operating parameters were based on a full-scale 

aerobic granular sludge plant described in literature (Pronk et al., 
2015) to have a realistic hydraulic retention time, average solids 
retention time and duration of the feeding and aeration phase (Table 1). 
The parameters Qin, Qout, KLaO2, µMOB,Max and dMOB were defined as 
periodic functions of time to represent sequential feeding, aeration, 
settling and simultaneous discharge and waste phases (Fig. 3). Discharge 
was considered separated from feeding, as in conventional sequencing 
batch reactors (Artan and Orhon, 2005). The flow rates during feeding 
and discharge were defined to treat the complete average influent flow 
rate Q (m3.d− 1). KLaO2 and µMOB,Max were set to zero outside of aeration 
phases, to avoid stripping and conversions. The specific waste rate was 
defined to obtain the anticipated SRT of methane oxidizing bacteria, 
SRTMOB (d). 

The mass balances (Eqs. (1) and (5)) were solved for the steady state 
mass of methane mCH4 and methane oxidizing bacteria mMOB in MAT-
LAB, using the ODE15s algorithm. For some simulations, only the 
methane mass balance (Eq. (1)) was solved, with a fixed MOB popula-
tion. Steady state was considered after 2000 cycles if MOB dynamics 
were included and after 10 cycles with a fixed MOB population. The last 

Fig. 2. Sinks and sources of methane (CH4) and methane oxidizing bacteria 
(MOB) considered in the simple model. 

Fig. 3. Periodic variation of the parameters QL
in, QL

out, KLaO2, µMOB,Max and dMOB during one cycle of a sequentially operated reactor.  
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simulated cycle was always used to calculate the total amounts of 
methane lost via the effluent, consumed by MOB and emitted to the 
atmosphere. 

2.1.4. Solution for a continuously operated reactor 
The same aerobic hydraulic retention time as for sequential opera-

tion was obtained by using a slightly lower reactor volume Vcont (m3) 
defined by Eq. (7), to compensate for the unaerated periods without 
stripping or conversion. 

Vcont =
TaerationVseq,max

Tcycle
(7) 

The specific waste rate was defined with Eq. (8) to obtain the same 
SRTMOB. 

ṁsludge
out,MOB(t) =

mMOB(t)
SRTMOB

(8) 

For a continuously operated reactor, the mass balances (Eqs. (1) and 
(5)) were solved analytically (Supplementary Information Section S1) 
for the steady state mass of methane mCH4,SS and methane oxidizing 
bacteria mMOB,SS. 

2.2. Confirmation with a rigorous biofilm model 

A more rigorous model was applied to verify the methane conversion 
efficiency predicted for a sequentially operated reactor in the best-case 
scenario. It considered the multi-species and multi-substrate biofilm 
kinetics, anoxic methane consumers and higher substrate concentrations 
in the granule bed during upward plug flow during feeding, which were 
neglected in the simple model described above. A summary is given 
here, while details on the implementation and parameter values are 
provided in supplementary information (Section S2 and Aquasim file). 

2.2.1. Biological conversions 
Not only aerobic methane consumption by Methane Oxidizing Bac-

teria (MOB), but also anoxic consumption by Denitrifying Anaerobic 
Methane Oxidizing Archaea (DAMOA) and Denitrifying Anaerobic 
Methane Oxidizing Bacteria (DAMOB) were described with stoichiom-
etry and kinetics from literature (Arcangeli and Arvin, 1999; Chen et al., 
2014; Lopes et al., 2011). For the half-saturation coefficients for 
methane, the value from the best-case scenario (0.04 g COD.m− 3) was 
applied for all methane oxidizing groups, which is 147 times smaller 
than reported for DAMOA and DAMOB (Chen et al., 2014). Monod and 
inhibition terms for oxygen were included here, in contrast to the 
simplified approach used before (Eq. (2)), to account for the competition 
for oxygen with other microbial groups. The conversions catalysed by 
ordinary heterotrophic organisms, phosphate accumulating organisms, 
ammonium oxidizing organisms and nitrite oxidizing organisms were 
described with ASM2d (Henze et al., 2000) as corrected by Hauduc 
et al., (2010) and extended with two-step nitrification (Sin et al., 2008) 
and first order hydrolysis kinetics (Baeten et al., 2019; Vanrolleghem 
et al., 2003). 

2.2.2. Mass transport and transfer 
The model was set up in Aquasim (Reichert, 1994), comprising a 

dynamic 1D biofilm model, which calculates the microbial population 
distribution over the granule depth resulting from competition for space 
and substrates (Wanner and Gujer, 1986). The same reactor design and 
operation was applied as in the simple model for a sequentially operated 
reactor, but additional parameters were required here. The influent 
composition in terms of COD, N and P was based on values for the 
reference reactor (Pronk et al., 2015) and a typical fractionation in The 
Netherlands (Roeleveld and van Loosdrecht, 2002). A high influent 
methane concentration was used to represent a best-case scenario (SCH4, 

in = 61 g COD.m− 3). 
The total reactor volume was split up into a 1100 m3 biofilm 

compartment, which represents the settled sludge bed at the bottom of 
the reactor, and a mixed compartment (8500 m3 after feeding), which 
represents the top part of the reactor (Fig. 4). During feeding, the 
diffusive exchange coefficient between the two compartments was set to 
zero to obtain a higher concentration of substrates in the sludge bed than 
in the rest of the reactor, as in a full-scale reactor during upward plug 
flow feeding (Pronk et al., 2015). During other phases, the exchange 
coefficient was increased to let the liquid phases of both compartments 
behave as one mixed, fluctuating water volume without numerical er-
rors (Baeten et al., 2021). A tall reactor (H = 12 m) was assumed to 
calculate the liquid-gas transfer rate of methane (Eq. (3)) and oxygen 
(Eq. (S10)), to represent a best-case scenario. The simulated aeration 
control strategy was based on the full-scale operation, using a fixed 
dissolved oxygen set-point during the aeration phases, until the 
ammonium concentration drops below its set-point (Pronk et al., 2015). 
The applied granule size was based on measurements on full-scale (van 
Dijk et al., 2018) and the granule depth was divided into 20 grid points. 
Mass transfer resistance from the bulk liquid to the granule surface was 
neglected. 750 days were simulated. 

3. Results and discussion 

3.1. Influence of design and operating conditions 

First, the fate of influent methane simulated with the simple model 
was compared between a continuously and sequentially operated 
reactor (3.1.1) for the reference parameter values (Table 1) to assess the 
effect of separating feeding and aeration, which is used in some 
sequencing batch reactors with flocculent sludge and in full-scale aer-
obic granular sludge reactors. Then, the effect of different design and 
operating conditions was studied (3.1.2–3.1.5). 

Fig. 4. Representation of the multi-species and multi-substrate biofilm kinetics, 
anoxic methane consumers and high substrate concentrations in the settled 
sludge bed during upward plug flow feeding in the rigorous model. 

Fig. 5. Fate of methane for the reference case parameters (Table 1) in case of a 
fixed population size of methane oxidizing bacteria (XMOB = 10 g COD.m− 3 

during the aeration phase) or dynamic population in a continuously or 
sequentially operated reactor, respectively. 

J.E. Baeten et al.                                                                                                                                                                                                                                
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3.1.1. Unaerated feeding (reference case) 
Conversion was the main sink of methane (70%) when a continu-

ously operated reactor was simulated with a fixed, typical concentration 
of methane oxidizing bacteria of 10 g COD.m-3, while the contribution of 
the effluent load was negligible (Fig. 5). Both results are in line with the 
experimental findings of Daelman et al. (2012) and Liu et al. (2014). In 
contrast, sequential operation with the same fixed population size of 
methane oxidizing bacteria led to significantly less conversion (24%) 
and more stripping (76%). The lower predicted conversion efficiency 
was due to the separation of feeding and aeration in time, as this was the 
only difference between the two scenarios. 

The cyclic dynamics of the sequentially operated reactor give insight 
in the cause of the higher emissions. During feeding (Fig. 6C), no con-
version or stripping occurred (Fig. 6A), while methane entered via the 
influent, which led to methane accumulation in the liquid phase. This 
resulted in a high dissolved methane concentration at the beginning of 
the aeration phase (Fig. 6B). Upon the start of aeration, the emission rate 
was higher than the conversion rate (Fig. 6A). This is because the 
stripping rate increases linearly with the methane concentration, while 
the conversion rate saturates towards a maximal value (Fig. 7). Only 
when the methane concentration dropped below 0.72 g COD.m− 3 did 
the stripping rate drop below the conversion rate. However, by this time, 
most of the methane had already been emitted. Experimental off-gas 

Fig. 6. Cyclic changes in a sequentially operated reactor with a fixed amount of biomass (XMOB = 10 g COD.m− 3 during the aeration phase) simulated with the simple 
model. (A) Rate of methane input, emission, conversion and output. (B) Concentration of methane and methane oxidizing bacteria. (C) Mixed liquor volume in the 
reactor. All parameters were set at their reference value (Table 1). 

Fig. 7. Emission and conversion rate and their respective ratio as a function of 
the dissolved methane concentration for an apparent half-saturation coefficient 
KCH4,MOB = 0.26 g COD.m− 3, concentration of methane oxidizing bacteria XMOB 
= 10 g COD.m− 3 and volumetric overall transfer coefficient of oxygen KLaO2 =

100 d− 1, simulated with the simple model. 
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analyzes on aerobic granular sludge reactors have similarly shown a 
rapid decrease of the emission rate within the first 2 h of aeration 
(Baeten et al., In press; de Bruin et al. 2013). Conversely, the steady state 
methane concentration in a continuously operated reactor was low 
(0.14 g COD.m− 3) due to the constant dilution, conversion and strip-
ping. This constantly low concentration favours conversion over strip-
ping (Fig. 7). It can be concluded that a separate, unaerated feeding 
phase lowers the overall conversion efficiency because methane accu-
mulates during feeding, which favours stripping. 

When biomass dynamics were considered, the difference between 
the continuous and sequential operation became more pronounced: 
even more methane conversion was predicted for the continuous oper-
ation (88%) and no conversion at all was seen for the sequential oper-
ation (Fig. 5). As a larger fraction of the influent methane was stripped 
during sequential operation, the methane available for growth of 
methane oxidizing bacteria was insufficient to compensate the loss via 
decay and wasting. Consequently, the amount of biomass decreased 
during consecutive cycles, causing a lower methane conversion effi-
ciency in turn. A critical amount of methane conversion is necessary to 
maintain a population of methane oxidizing organisms, which was not 
achieved in the reference sequentially operated reactor. 

3.1.2. Higher intragranule transport resistance (KCH4,MOB) 
For a fixed population of methane oxidizing bacteria, more intra-

granule transport resistance (higher KCH4,CH4, representing a higher 
degree of biomass aggregation) resulted in less methane conversion and 
thus more stripping, both for continuous and sequentially operated re-
actors (Fig. 8). This can be explained by the lower conversion rates, due 
to the occurrence of KCH4,MOB of in the denominator of the Monod 
expression (Eq. (4)). The conversion efficiency was always larger for 
continuous than for sequential operation. When microbial dynamics 
were included, this difference became even bigger, over the complete 
anticipated range of apparent half-saturation coefficients. An active 
population of methane oxidizers was always maintained during 
continuous operation. Consequently, aerobic methane oxidation is al-
ways expected to some extent in continuously operated reactors with 
enough oxygen supply, even if the biomass is granular (Kent et al., 2018; 
Wei et al., 2020). With sequential operation on the other hand, wash-out 
already occurred when KCH4,MOB was above 0.2 g COD.m− 3, which is on 
the low end of the range of experimentally observed values (Arcangeli 

and Arvin, 1999) and is therefore more representative for suspended 
cells or small flocs than for granules. Even for the lowest reported KCH4, 

MOB (0.04 g COD.m− 3, which practically results in zero order kinetics), 
only 7% was converted. So even for a sequentially operated reactor with 
flocculent sludge (Kuba et al., 1993), the population of methane 
oxidizing bacteria is expected to be smaller than for a continuously 
operated reactor with otherwise similar design and operating 
conditions. 

3.1.3. Higher biomass retention 
For a continuously operated reactor, a higher retention time led to 

more methane conversion, but it saturated quickly (Fig. 9). The popu-
lation size and thus also the conversion efficiency increased sensitively 
with an increasing SRTMOB up to 4 days, because wasting of methane 
oxidizers was slower (Eq. (8)). Afterwards, the impact on the population 
size diminished because the waste rate became smaller than the decay 
rate (Eq. (5)), which is unaffected by the SRTMOB. For sequential oper-
ation, a slight improvement of the methane conversion was also 
observed with increasing SRTMOB. However, it did not exceed 1.4%, 
even at an SRTMOB of 150 days, which is representative for large gran-
ules in a full-scale plant (Ali et al., 2019). Consequently, the better 
retention of granules cannot compensate for the decrease of the methane 
oxidation efficiency resulting from sequential operation. 

3.1.4. Taller reactors 
For continuous operation, a higher reactor led to a slightly more 

methane conversion () under the given assumptions. This can be 
explained by the increased solubility of methane due to the higher hy-
draulic pressure, which decreases the stripping rate (Eq. (3)). However, 
this effect is marginal due to the low Henry coefficient and negligible 
content of methane in air (Baeten et al., 2020). Daelman et al. (2012) did 
predict a significant improvement, but mainly due to the improved ab-
sorption of oxygen, which has a much higher concentration in the air 
(20.946%). In the simple model applied in this work, oxygen limitation 
was already neglected altogether, as an optimistic scenario. Due to the 
minor effect of the reactor height on the stripping rate, wash-out of 
methane oxidizers could not be prevented during sequential operation, 
even with a 12 m tall reactor. As oxygen limitation was neglected, this 
does not prove that a taller reactor can never improve the methane 
conversion efficiency, but it does show the upper limit of this effect, 
which is apparently far less strong than the negative effect of an una-
erated feeding phase. 

3.1.5. Higher influent methane concentration (best-case scenario) 
As the detrimental effect of sequential operation on the methane 

conversion efficiency could not be countered with less intragranule 
transport resistance, better biomass retention nor by taller reactors, this 
section explores whether the combined effects of the most beneficial 
design and operating conditions could: a low apparent half-saturation 
(representative for small flocs), a high solids retention time (represen-
tative for large granules), a tall reactor (even higher than typical gran-
ular sludge reactors) and increased influent methane concentrations (the 
highest average reported), still without any oxygen limitation represents 
(Fig. 9). A higher influent methane concentration increased the per-
centage conversion, as predicted by Daelman et al. (2014) for activated 
sludge systems. However, even for the best-case scenario, with the 
highest average influent concentration reported (SL

in,CH4 = 61 g COD. 
m− 3), the conversion efficiency was no more than 12% during sequential 
operation, while nearly 100% methane conversion was found during 
continuous operation. With more realistic assumptions, including oxy-
gen limitation and a higher transport resistance, and more moderate 
conditions, meaning lower influent methane concentrations and less tall 
reactors, even less aerobic methane oxidation will occur than predicted. 
A one-at-a-time sensitivity analysis for this best-case scenario showed 
that the specific growth and decay rate were the most sensitive biolog-
ical parameters (Fig. S2). Sequential operation still led to less methane 

Fig. 8. Effect of the apparent half-saturation coefficient of methane KCH4,MOB 
on the methane conversion efficiency simulated with the simple model. The 
range of KCH4,MOB values reflects the anticipated range from suspended cells 
over flocs to granules (Arcangeli and Arvin, 1999). All other parameters were 
set at their reference value (Table 1). 
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conversion than continuous operation over the complete range of values 
found in literature. Even for the outlier parameter values, methane 
conversion stayed below the reference value of 88% for the continuous 
operation (Fig. 5). For example, 81% was found for µMOB,Max = 12.9 d− 1 

(8 times the reference value), but this extremely high growth rate 
actually co-occurred with an extremely high decay coefficient bMOB =

0.96 d− 1 (Arcangeli and Arvin, 1999). This would again diminish the 
conversion efficiency, but this is not reflected in a one-at-a-time sensi-
tivity analysis. 

3.2. Confirmation with a rigorous biofilm model 

Even though the simple model predicts that stripping is the main fate 
of methane in a sequentially operated reactor for the best-case scenario 
in terms of design, operation and biological parameters, two mecha-
nisms were neglected which may lead to higher values. First, apparent 
kinetics may have underestimated the conversion because part of the 
methane will have diffused inside the granules during the unaerated 
feeding phase. The upward plug flow through the settled sludge bed 
would even lead to more methane entering the granules, as the incoming 
methane is not diluted with the rest of the reactor contents until aeration 
starts. This fraction of methane inside the granules does not experience 
the diffusional resistance for conversion. Secondly, anoxic methane 
consumers might be able to survive, using nitrate and nitrite instead of 
oxygen as electron acceptor. To account for these possibilities, the best- 
case scenario was also simulated with a multi-species and multi- 
substrate biofilm model, including anoxic methane consumers and the 
concentrated methane in the granule bed during upward plug flow 
feeding. 

The simulation with the rigorous model showed only 7% methane 
conversion after 750 days of simulation, which is even lower than pre-
dicted by the simple model (Fig. 9). As expected, there was a flux of 
methane into the granules during feeding (Fig. 10A). When aeration 
started, mixing between the water at the top and bottom led to a sudden 
drop of the methane concentration in the sludge bed (Fig. 10C), causing 
a negative peak in the diffusive flux, i.e. out of the granules. This led to a 
fast decrease of intragranule methane concentration profiles (Fig. S6). 
The stripping peak (Fig. 10C) occurred only 1 min after the peak of the 
outward flux. This indicates that neglecting diffusion (as in the simple 
model) does not significantly underestimate the conversions after all, 
due to fast diffusion kinetics. Aerobic methane oxidizing bacteria almost 
completely washed out (Fig. S3). This can be explained by the compe-
tition for oxygen by heterotrophs and nitrifiers, which was now included 
(Tables S2 and S4 and Fig. S5). On the other hand, anoxic methane 
consumers were maintained in the system. DAMOB, which use nitrite, 
were most abundant and resided primarily in the inner layers of the 
granule (Fig. S4), which is explained by their inhibition by oxygen in the 
outer layers (Table S4). The DAMOA population did not yet reach a 
steady state after 750 days of simulation. Even with an active population 
of anoxic methane consumers, the majority of the influent methane is 

Fig. 9. The effect of (A) the retention time of 
methane oxidizing bacteria, (B) the reactor 
height and (C) the influent methane concen-
tration on the methane conversion efficiency 
simulated with the simple model. (A) The range 
of SRTMOB values reflects the anticipated range 
from suspended cells over flocs to granules (Ali 
et al., 2019). All other parameters were set at 
their reference value (Table 1). (B) The range of 
reactor heights covers most aerobic wastewater 
reactor designs. All other parameters were set 
at their reference value. (C) A low apparent 
half-saturation coefficient (KCH4,MOB = 0.04 g 
COD.m− 3), high solid retention time (SRTMOB 

= 150 d) and tall reactor (H = 12 m) were used to obtain a best-case scenario at the highest influent concentration, while all other parameters were set at their 
reference value.   

Fig. 10. Mass flow rate into the granules (A), stripping rate (B) and liquid 
phase concentration of methane (C) simulated with the rigorous biofilm model 
for a cycle after 750 days operation of a sequentially operated reactor for a best- 
case scenario: low apparent half-saturation coefficients (KCH4,MOB = KCH4, 

DAMOA = KCH4,DAMOB = 0.04 g COD.m− 3), a tall reactor (H = 12 m) and high 
influent methane concentration (SCH4,in = 61 g COD.m− 3). 
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still stripped, so only a fraction could be used as an electron donor for 
denitrification. 

The same conclusion was reached as with the simple model: low 
methane conversion efficiencies are expected in sequentially operated 
aerobic granular sludge reactors. However, it took more than 5000 times 
longer to perform one simulation (2 min versus more than a week). This 
shows the strength of the simple model: it is easier to understand and it 
allows scanning the parameter space to study the effect of different 
parameters within a reasonable timeframe. Yet the benefit of the 
rigorous model was that it could be used to verify whether the conclu-
sion derived from the simple model was robust for the simplifying as-
sumptions that were made. 

There are still a few mechanisms which were not modeled and which 
might lead to higher methane conversion efficiencies. Some studies have 
shown methanotrophic activity of nitrifiers (Daebeler et al., 2014; Jones 
and Morita, 1983; Ward, 1987) and nitrifying activity of methanotrophs 
(O’Neill and Wilkinson, 1977; Yoshinari, 1985). If the nitrifiers were 
able to convert a significant fraction of methane, a certain amount of 
methane conversion capacity could be maintained, as the nitrifiers have 
ample ammonium as substrate. Conversely, if the methanotrophs are 
able to grow on ammonium, also some conversion capacity can be 
maintained. However, these effects are probably limited due to 
competitive inhibition of ammonium on the methane oxidation rate 
(King and Schnell, 1994; Nyerges and Stein, 2009), especially as 
sequential operation leads to accumulation of ammonium during an 
unaerated feeding phase, intensifying the competitive inhibition. 
Moreover, immigration of methane consumers may also occur from the 
sewers. The effect of temperature was not included in this study because 
the wastewater temperature is not expected to be significantly different 
between continuous and sequentially operated reactors and is therefore 
out of scope. 

3.3. Implications for limiting greenhouse gas emissions 

There is a range of operating conditions between a sequentially 
operated reactor with an unaerated feeding phase and a reactor with 
continuous feeding and aeration. For example, a sequentially operated 
reactor can have an aerated feeding phase (Artan and Orhon, 2005). In 
this case, the dissolved methane concentration is kept lower during 
feeding due to the conversion and stripping that are favoured by the still 
active aeration, which would favour conversion (Fig. 7). Liu et al. (2014) 
found 48% methane conversion in a full-scale reactor with such 
sequential operation with aerobic feeding. This is lower than the effi-
ciencies found for continuously fed and aerated reactors (Daelman et al., 
2012; Liu et al., 2014), but still higher than those expected with una-
erated feeding (Fig. 5). Increasing the duration of an aerated feeding 
phase would improve the conversion efficiency further, as this ap-
proaches fully continuous operation more and more, as Mozo et al. 
(2012) illustrated for several volatile organics. However, granulation is 
hindered by aeration during the feeding phase (de Kreuk and van 
Loosdrecht, 2004). Therefore, this is not a viable strategy to improve the 
methane conversion in sequentially operated aerobic granular sludge 
reactors, as the environmental benefits of this technology would be lost, 
i.e. the lower energy, chemical and area requirements (Pronk et al., 
2017). The development of aerobic granular sludge in a continuous flow 
reactor (Kent et al., 2018) may partly combine these benefits with a 
significant methane conversion efficiency, but the exact effect of the 
intragranule transport resistance is still uncertain (Fig. 8). 

As methane consumption is expected to be limited, other strategies 
seem more effective to reduce methane emissions from sequentially 
operated reactors with unaerated feeding. First of all, methane pro-
duction in the sewers can be minimized via appropriate design and/or 
chemical dosing (Liu et al., 2015; Terryn et al., 2017). The head-works 
can be covered and ventilated in case of a high influent methane and 
intense contact with air, so that the methane enriched ventilation air can 
be treated separately, for example in a biofilter (Huete et al., 2018). If 

the head-works do not significantly strip the influent methane, the 
succeeding reactors could be covered instead. The latter would be 
cheaper for aerobic granular sludge reactors due to their compactness. If 
anaerobic digestion is used, enclosed sludge treatment and storage units 
can limit emissions (Delre et al., 2017). Moreover, significant methane 
oxidation is expected if the methane-rich reject water is treated sepa-
rately in a partial nitritation-anammox reactor (Castro-Barros et al., 
2018). This is only effective in reducing plants-wide emissions if the 
reject water represents a significant fraction of the total liquid-phase 
methane entering the main stream, which is not always the case 
(Rodriguez-Caballero et al., 2014). This study indicates that also for 
partial nitritation-anammox reactors, continuous operation is preferred 
over sequential operation in this respect (Joss et al., 2009). Finally, 
valuable polymers can be extracted from waste aerobic granular sludge. 
This alternative sludge treatment would reduce the COD load to the 
digesters (Kehrein et al., 2020; Schaafsma et al., 2016), if present, and 
could therefore reduce methane emissions from this hot-spot. 

It should be noted that the proposed mitigation strategies come at an 
environmental and economic cost. Further research is necessary to 
determine when the environmental benefit of avoiding the methane 
emissions in such a manner outweighs the environmental costs for the 
extra equipment and energy consumption. The answer will certainly 
depend on the specific plant, especially on the influent methane con-
centration. From the wide range of concentrations at the plant entrance 
(Table 1), a maximal emission between 0.5 and 15.3 g CH4 is expected 
per m3 of wastewater, assuming no methane oxidation and no anaerobic 
digesters. This corresponds to 0.017–0.520 kg CO2.m− 3 on a 100-year 
time horizon (Myhre et al., 2013). Since the total carbon footprint of a 
wastewater treatment plant can easily vary between 0.6 and 1.7 kg CO2. 
m− 3 (Maktabifard et al., 2020), the contribution of methane can be 
negligible in some cases (<0.1%) and substantial in others. 

It should be noted that dedicated systems for methane removal with 
efficiencies of over 99% exist. For example, downflow hanging sponge 
reactors have been used for post-treatment of anaerobic effluent from 
UASB reactors (Matsuura et al., 2015; Matsuura et al., 2017). Their high 
methane removal efficiency can be explained by the continuous feeding 
and aeration (see Section 3.1.1), by the low influent COD concentrations 
which limit the competition from heterotrophs (see Section 3.2) and by 
the different liquid-gas transfer in such closed trickling filter systems. 
However, these systems are specifically designed as post-treatment of 
anaerobic effluents to remove methane and thus cannot be directly 
compared with aerobic granular sludge or activated sludge systems, 
which are designed to remove COD, nitrogen and phosphorus from 
wastewater directly. 

4. Conclusion 

Mathematical modeling was used to investigate the fate of methane 
entering sequentially operated aerobic granular sludge reactors.  

• An unaerated feeding phase increased the methane concentration 
during aeration, which favoured stripping and lowered the conver-
sion efficiency compared to a continuously operated reactor with 
simultaneous aeration and feeding.  

• Even for a best-case scenario with an unrealistically low intragranule 
substrate transport resistance, a high retention time of methane 
oxidizing bacteria, a tall reactor, for an extremely high influent 
methane concentration and without considering oxygen limitation, 
the methane conversion efficiency was significantly lower (12%) 
than typical values measured in activated sludge reactors with 
simultaneous aeration and feeding (>48%). No conversion was 
predicted under more realistic assumptions and more moderate 
conditions.  

• Mitigation of methane emissions from plants with sequentially 
operated reactors can be based on minimizing production in the 
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sewers, controlled stripping and separate treatment of the ventilation 
air and alternative sludge treatment. 
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