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ABSTRACT  
Per- and polyfluoroalkyl substances 

(PFAS) are common industrial additives that 
have recently attracted negative attention due 
to their toxic, bioaccumulative and persistent 
nature. Discharged wastewater, including 
landfill leachate, is an important source of PFAS 
emissions to the environment. Earlier studies 
suggested that electrocoagulation (EC) is able 
to reduce aqueous PFAS concentrations by up 
to 99.6%. In EC, adsorbents are generated in 
situ by the dissolution of a sacrificial anode, 
facilitating the removal of various pollutants. 
However, the effect of additional solutes that 
are present in leachate on the removal of PFAS 
was heretofore undetermined. Organic 
material is an important example of such a co-
solute. This thesis therefore aimed to elucidate 
the effects of dissolved organic matter on the 
applicability of EC with iron electrodes for PFAS 
removal from landfill leachate.  

The research methodology consisted 
of an experimental and a computational part. 
Galvanostatic EC experiments were conducted 
in an aerated beaker with 500 mL working 
volume, using iron electrodes with a surface 
area of 8 cm2. The pH, voltage and current were 
measured continuously for 50 minutes. Blank 
measurements were conducted in a 2 g/L NaCl 
solution. PFAS removal was tested from 0.25 
mmol/L perfluorooctanoic acid (PFOA) and 
perfluorooctane sulfonic acid (PFOS) solutions 
at current densities of 12.5 and 25 mA/cm2, as 
well as from solutions with a commercial humic 
acid (HA) source added at 25 mA/cm2. The 
removal of HA was also tested separately. 
Eventually, the removal from real leachate 
samples was examined. A computer model was 
constructed in PHREEQC (pH Redox Equilibrium 
Calculation), a program for modelling chemical 
processes in water. The model simulates the 
removal of all tested pollutants based on 
electrostatic adsorption to a continuously 
forming surface, associated with the 
precipitating ferrihydrite.  

Model rate constants for O2 and CO2 
dissolution and Fe(II) oxidation were 
determined from the results of the blank 
experiments. Good model fits were obtained 
for these datasets. HA could be removed 
completely within 50 minutes at all tested 

current densities and initial concentrations. 
PFOA removal was unsuccessful with and 
without HA as co-solute, with a maximum 
removal of 17 %. PFOS removal reached 81 % at 
25 mA/cm2, but the removal essentially 
stagnated after 5 minutes treatment time. The 
presence of HA did not significantly affect the 
PFOS removal. Instead, HA removal was 
retarded by the presence of PFOS. For the real 
leachate samples, no significant removal of 
PFAS occurred. Conversely, approximately 20 % 
PFAS removal was observed after 5 minutes 
treatment of a leachate sample spiked with 
0.15 mmol/L PFOA, perfluorobutane sulfonic 
acid (PFBS) and perfluorobutanoic acid (PFBA). 
However, this removal reversed during the 
remaining treatment time. 

The adsorption equilibrium constants 
were the most important model parameters. 
These parameters were determined for HA, 
PFOA and PFOS based on the experimental 
data. The model fits were good for HA and 
PFOA removal, indicating that these were 
indeed mainly removed by electrostatic 
adsorption. Contrarily, PFOS removal could not 
be represented accurately by the current 
model. Instead of stagnating after five minutes, 
the simulated removal continued to 
completion. The poor model fit may indicate 
that the mechanism of PFOS removal extends 
beyond strict electrostatic adsorption. Instead, 
charge neutralization of PFOS molecules 
causing their aggregation or mass transfer 
limitations in the vicinity of the electrodes 
could be involved. Further research is needed 
to explore these possibilities and determine 
improved equilibrium constants for the 
relevant adsorption reactions. 

In conclusion, this research did not 
confirm the high PFAS removal efficiency as 
observed in previous studies. Instead, 
significant removal of PFOA did not occur and 
removal of PFOS did not exceed 81 %. 
Competition effects were not observed in the 
simultaneous treatment of PFOA and HA. The 
presence of PFOS impeded the removal of HA, 
indicating that PFOS was removed 
preferentially under the current experimental 
conditions. The established model could 
simulate most experimental results accurately. 
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1. INTRODUCTION 
Per- and polyfluoroalkyl substances (PFAS) are a class of highly inert synthetic chemicals that have been 
widely used in manufactured products1. Because they are water and lipid repelling as well as thermally 
stable, PFAS are common industrial additives2. Recently, PFAS have attracted negative attention due to 
their toxicological effects and bioaccumulative nature. Moreover, monitoring studies have shown that 
the chemicals are widespread throughout the environment, as PFAS have globally been identified at 
various concentrations in natural waters, wildlife and human tissue3. One of the most important sources 
for PFAS emissions to the environment is through discharged wastewater4. For example, PFAS has been 
detected in leachate flow from landfills, as PFAS-containing consumer products are subject to 
degradation in these environments1,5,6.  

Finding an efficient method to remove PFAS from water has become an important quest in the 
environmental sciences7. Existing remediation methods include sorption to activated carbon, 
membrane filtration and sonochemical destruction2.  Recently, coagulation has gained interest as an 
alternative purification method. More specifically, previous studies suggest that electrocoagulation (EC) 
is able to effectively reduce PFAS concentrations by 99.6%4. EC has been applied successfully to remove 
other pollutants from landfill leachate, such as ammonia and organic matter8. Whereas addition of 
chemical coagulants or flocculants is necessary in conventional coagulation, in EC the adsorbents are 
generated in situ by the dissolution of a sacrificial anode9. Common anode materials include zinc, iron 
or aluminum and the resultant adsorbents facilitate agglomeration of PFAS molecules by destabilization 
of their surface charges4. 

Although the three technologies fundamental to EC, namely electrochemistry, coagulation and 
flotation are well-understood, limited theoretical background is available that describes their 
integration in EC9. Most EC processes are therefore still operated heuristically and a better 
understanding of the interactions between the underlying mechanisms is essential for designing and 
operating efficient treatment plants10. The development of mathematical models including all involved 
mechanisms in detail is hard to achieve. Examples of models considering either the detailed 
electrochemical kinetics,11 adsorption mechanism12 or mass transfer13 exist.  However, for most of 
these models, other processes are simplified or ignored and the inclusion of empirical parameters 
remains necessary to obtain accurate results. Moreover, mathematical models specific to the removal 
of PFAS using EC remain to be found. 

Another important uncertainty in many PFAS treatment technologies is the effect of co-solutes on the 
removal14. Leachate is a particularly complex matrix that contains an excessive variety of compounds, 
so a significant effect of co-solutes on the removal is expected6. For electrocoagulation, most studies 
focus on the treatment of demineralized water with added PFAS4,15. Herein, PFAS is the only solute and 
hence competitive removal does not occur. However, research examining the applicability of 
electrocoagulation for removal of other pollutants has indicated significant competition effects when 
multiple solutes are present16.  This leads to the expectation that the presence of additional solutes will 
affect PFAS removal through electrocoagulation. Particularly the presence of organic compounds may 
be problematic, as these are structurally similar to PFAS and present in leachate water at high 
concentrations17.  

The research was conducted in collaboration with Afvalzorg NV, a Dutch waste management company. 
They manage the storage, treatment and recycling of various types of solid waste18. A combination of 
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various leachate streams and other types of wastewater are treated on their Nauerna site. Part of this 
water contains high levels of heavy metals and must be treated separately. To this aim, a metal removal 
unit was constructed, consisting of an aerated electrocoagulation system using iron electrodes and a 
settling tank19,20. The effluent from the electrocoagulation is then treated together with the remaining 
water in a biological two-stage nitrification-denitrification system. The final effluent water meets all 
current standards that have been imposed by the responsible government body21.  

Currently, no norms are applied for the discharge of PFAS. Low concentrations of PFAS were detected 
in the effluent, making it conceivable that discharge limits on the PFAS concentration in the effluent 
will be introduced in the future. PFAS levels are presently measured by a commercial laboratory using 
HPLC-MS-MS (high pressure liquid chromatography – tandem mass spectrometry) to enable the 
possible determination of an appropriate discharge limit21. Meanwhile, it is of interest to explore 
options for PFAS treatment technologies. Possibly, the treatment unit for the removal of heavy metals 
could also be used to remove PFAS, as electrocoagulation has been applied successfully for PFAS 
removal from leachate1. To assess this option, an improved understanding of the effect of organic 
material on the electrocoagulation performance is necessary. 

This study therefore aimed to assess the effect of dissolved organic material on the removal efficiency 
of PFAS from landfill leachate. The main research question is “What is the influence of organic co-solutes 

in landfill leachate on the mechanism of aqueous PFAS removal by electrocoagulation with iron 

electrodes and how can this best be represented in a computational model?” The research aim thus 
consisted of two parts: to determine the competition effect between PFAS and organic solutes during 
EC and to simulate this process in a computational model. The main hypothesis was that organic co-
solutes compete with PFAS for the generated adsorption sites and thereby impede the PFAS removal. 
Accordingly, the model focused on the adsorption process and all additional aspects were simplified.  

The methodology consisted of an experimental and a computational part. Experimental data were 
collected to verify the model and determine fits for important model parameters. As this was the first 
modelling study specific to PFAS removal with electrocoagulation, it was exploratory in nature. The 
research was intended to contribute to a deeper understanding of the mechanisms involved in PFAS 
removal through electrocoagulation. The thesis is structured as follows: first, a literature review on the 
topic is provided. Second, the research objective is outlined together with the followed methodology. 
Then, the results are presented and discussed, and finally conclusions are drawn.  
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2. LITERATURE REVIEW 
2.1 PFAS 

Perfluoroalkyl and polyfluoroalkyl substances (PFAS) have unique properties that make them ideal for 
certain applications, such as creating water-resistant clothing, stain-free fabric and oil-resistant 
coatings. PFAS are anthropogenic organic chemicals that consist of a carbon backbone with fluorine 
functional groups. Typically, PFAS have a charged functional moiety at the end of their long fluoroalkyl 
chain, making them surface-active. The two most well-known PFAS are perfluorooctanoic acid (PFOA) 
and perfluorooctane sulfonic acid (PFOS), see Figure 13. However, also aromatic and longer or shorter 
chain-length compounds exist, such as perfluorobutane sulfonic acid (PFBS) and perfluorobutanoic acid 
(PFBA)22. The desirable properties of PFAS originate from the strong carbon-fluorine bond, which 
renders the alkyl moiety extremely hydrophobic and thus essentially immune to hydrolysis. Fluorinated 
hydrocarbons are exceptionally stable, such that PFAS are also highly persistent in the environment3. 

 

Figure 1: Different types of PFAS. A distinction is commonly made between perfluoroalkane sulfonic acids (PFSAs), such as 
PFOS and PFBS, and perfluoroalkyl carboxylic acids (PFCAs), such as PFOA and PFBA. 

Several types of PFAS have been classified as chemicals of concern, as they are persistent, 
bioaccumulative and toxic. Based on laboratory animal testing, adverse effects associated with 
exposure to PFAS include tumor induction, developmental toxicity, immunotoxicity and endocrine 
disruption23. However, an accurate human health risk assessment remains to be completed24. The 
biological half-life of PFAS in the human body is over a factor 100 higher than that in common laboratory 
animals25. Moreover, the fact that the mechanism of toxic action of PFAS has not been identified with 
certainty constitutes an important issue26. Nonetheless, tolerable daily intake doses have been 
estimated and regulatory guidelines to minimize environmental exposure have been introduced27.    

The chemicals are widespread throughout the environment and have even been found in remote and 
pristine locations22. Treatment methods to effectively remove or degrade PFAS exist, but are often 
expensive or of limited applicability. Destructive technologies are often unsuccessful due to the high 
stability of perfluorinated groups. Nonetheless, both biodegradation and physiochemical methods have 
been reported to achieve (partial) destruction of some PFAS28,29. An issue with most destructive 
methods is their requirement for small volume, highly concentrated waste streams. Therefore, in order 
to successfully decompose PFAS, pretreatment steps are required28. Existing technologies must be 
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optimized to decrease PFAS concentration in wastewater streams and the environment below their 
target levels22. 

2.1.1 Aqueous speciation of PFAS 

An important property of PFOS and PFOA as compared to regular organic matter is their amphiphilic 
nature. PFOS and PFOA are surfactants; they have a polar headgroup and an apolar fluorinated carbon 
tail. Hence, they reduce surface tension at interfaces such as the water-air interface and tend to 
accumulate there30. Moreover, above their critical micelle concentration (CMC) they form micellar 
structures in water. On mineral surfaces, they can form hemimicelle structures at concentrations as 
low as 0.001 to 0.01 of their CMC31,32. The formation of these surface aggregates may increase the 
adsorption efficiency of PFAS28. The CMC of PFOS depends on solution characteristics such as 
temperature and ionic strength, but values between 0.8 and 8 mM have been reported31–33. If 
formation of micelles occurs, adsorption of counterions onto the micelle surface or even penetration 
into the micelle may occur as well34.   

2.1.2 PFAS in landfill leachate 

Although the industry has been urged to stop the usage of PFAS in products, it is expected that the 
presence of PFAS in landfill leachate will continue to be an issue for the foreseeable future. PFAS are 
persistent molecules and the products will be in circulation for a long time to come. Municipal as well 
as industrial waste is disposed to landfills, where degradation processes lead to the formation of various 
byproducts. When rainwater percolates through the landfill, leachate is formed in which these 
pollutants accumulate. Moreover, waste degradation may lead to liquid formation, thereby also 
creating leachate35. Leachate water is collected and treated before discharge to the environment. 

PFAS concentrations may increase in the future because of deliberate disposal of PFAS-rich waste 
streams to landfills, where the PFAS is contained indefinitely. This method of discharging PFAS is called 
immobilization and is subject to many regulations on the maximum concentrations in the leachate14. 
Generally, treating PFAS in landfill leachate is considered highly challenging due to the complex 
background matrix of this solution. In addition to PFAS, leachate contains many other types of 
pollutants, which makes the water composition extremely diverse6.  

2.2 ELECTROCOAGULATION 

Electrocoagulation has been applied for the removal of a variety of compounds from different sources 
of wastewater. Examples include phosphate36,37, ammonia8, humic substances38, clay particles10, 
fluoride12, arsenic39 and heavy metals9,40. A wide range of water sources has been tested, such as 
industrial wastewater9, synthetic wastewater36, leachate8, municipal wastewater37, groundwater39 and 
potable water12,38. The removal efficiency of EC varies per pollutant and also depends on the 
background matrix of the removal medium. Recently, electrocoagulation has gained interest as a 
treatment technology for emerging contaminants such as PFAS1,4,15,41.  

Electrocoagulation may be a cost-effective and efficient mitigation method for PFAS removal, as it is 
simple to operate and has low maintenance costs15. However, EC treatment might be inhibited due to 
the competition for adsorption sites and complexation between organic matter and PFAS6. 
Electrocoagulation has been used successfully to remove PFAS from deionized water on laboratory 
scale. These results indicate that EC could potentially be used to remove PFAS from industrial 
wastewater streams4,15. Moreover, bench scale experiments with landfill leachate have confirmed that 
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EC can be efficient in removing various types of PFAS from this water1. To better understand and 
engineer the effectiveness of EC in PFAS removal, it is essential to gain more insight into the 
fundamental mechanisms of EC. To this end, a basic understanding of colloidal systems and particle 
stability is necessary. 

2.2.1 Mechanisms of pollutant removal in electrocoagulation 

EC removes particles from water by destabilizing the repulsive forces that keep the particles suspended. 
Larger particles that can be removed more easily will form due to attractive forces. The repulsive forces 
that keep colloidal particles in suspension originate from similar electrical charges on the particle 
surface. Oppositely charged particles neutralize this charge. These oppositely charged ions are 
attracted to the colloid surface, forming an electric double layer (EDL), see Figure 2. The layer of ions 
closest to the particle is referred to as the Stern layer. The shear plane defines the region where the 
fluid becomes mobile and is often assumed to be identical to the Stern surface. The potential at the 
outer limit of the Stern layer is called the zeta potential and gives a measure of the magnitude of 
repulsion between colloidal particles. Generally, suspended particles with a higher absolute zeta 
potential than 30 mV are considered stable and thus unsusceptible to coagulation9. 

 

Figure 2: Illustration of the electric double layer9. The layer is made up of an inner Stern layer and outer diffuse layer, where 
the shear plane is often assumed identical to the Stern layer. 
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To destabilize colloidal particles, the attractive forces must become stronger than the repulsive forces. 
In electrocoagulation, this is achieved by creating charged ions through oxidation of the metal anode. 
The anodes thus need to be periodically replaced, as they dissolve in the EC process. Water is reduced 
into hydrogen gas and hydroxyl ions at the cathode, and these hydroxyl ions can combine with the 
metal ions to form metal hydroxides. The formation rate of these species is directly related to the 

applied current intensity, as their 
formation is limited by electron 
transfer. After their formation, 
metal ions and metal hydroxides 
then act as coagulants in the 
coagulation process42,43. The 
solution pH is an important factor 
in EC treatment, as it determines 
the speciation of the formed metal 
ion complexes44. An overview of 
the reactions that take place in the 
EC treatment is given in Figure 3. 

 

Figure 3: Overview of electrocoagulation process 

Metal cations diminish the repulsive forces either by double-layer compression, thereby decreasing the 
zeta potential, or by neutralization of the surface charges. The particles can hence coagulate to form 
larger flocs. On the other hand, metal hydroxides are generally poorly soluble and thus precipitate 
readily by themselves. Water soluble pollutants adsorb to the precipitates, which is referred to as 
sweep coagulation42,43. The formed flocs are subsequently removed by filtration, sedimentation or 
flotation9. Flotation can be promoted by the formation of hydrogen gas at the cathode16. The removal 
rate of these particles is a complex balance between electrochemical kinetics of coagulant formation, 
mass transfer of the ionic species and fluid dynamics of the reactor13. In different systems, different 
factors may be limiting. 

Mass transfer of PFAS molecules to the floc surface or of the flocs towards each other may be limiting 
in certain regimes and can be improved by altering the stirring speed of stirred systems. However, 
physical floc breakage occurs at excessively high speeds and hence a balance must be found4. Another 
important factor is the addition of electrolyte to increase conductivity and prevent electrode 
passivation. This leads to higher rates of anode dissolution and accordingly higher PFAS removal, at the 
cost of more frequent replacements of the anodes. Finally, the sorption of PFAS onto the metal flocs 
can be driven by different mechanisms, including electrostatic interaction, hydrophobic interaction, 
ligand exchange, and hydrogen bonding4. Which mechanism occurs depends on the system under 
investigation4,15.  

The adsorption mechanism may differ depending on which anode material is used. As aforementioned, 
studies using Zn anodes find hydrophobic interactions to be the main adsorptive driving force. Ligand 
exchange and electrostatic attraction are deemed less significant41,45. Moreover, sweep coagulation 
and adsorption bridging of zinc hydroxide flocs are mentioned as potential mechanisms41. These results 
are explained by the hydrophobic nature of the Zn(OH)2 flocs on which the PFAS molecules coagulate15. 
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Conversely, when iron electrodes are used and ferrihydrite flocs form, hydrophobic interactions and 
ligand exchange are found unimportant. Here, electrostatic attraction is established as the main driving 
force for adsorption4. Also the presence of co-solutes, the solution pH or other factors may impact the 
dominant adsorption mechanism33.   

2.2.2 Important factors in the operation of electrocoagulation systems 

An important factor in EC design is the electrode arrangement. Generally, EC systems are constructed 
using a water flow through the space between several plate electrodes. This flow can be either 
horizontal or vertical, and the electrode arrangement can be monopolar or bipolar. A monopolar 
arrangement has all anodes connected to each other, as well as all cathodes. In bipolar systems, the 
power supply is only connected to the outermost electrodes and the current flow polarizes the 
intermediate electrodes42. A schematic overview of these arrangements is given in Figure 4. The current 
dosage is another example of an important operating parameter that can be controlled directly. Current 
density affects the rate of coagulant dosage and gas generation, so it impacts mixing as well as mass 
transfer at the electrodes42. 

 

Figure 4: Electrode arrangement in EC. a) monopolar; b) bipolar42. Afvalzorg uses a monopolar arrangement in their pilot 
treatment system. 

Although less sludge is formed in electrocoagulation than in conventional chemical coagulation, 
disposal of this sludge still poses a serious problem. A wide range of toxic compounds is separated from 
the water and collected in the EC sludge, such as heavy metals and PFAS42. Proper management of this 
sludge is therefore essential. Conventionally, the produced electrocoagulated metal hydroxide sludge 
(EMHS) is discharged back to the landfill. However, as PFAS originates from the leachate, this would 
cause accumulation of such substances within the landfill, potentially causing excessive PFAS 
concentrations in the future. Incineration of the EMHS is another management option15. Alternative 
applications of the EMHS include use as construction material for building blocks, yielding a good quality 
material46. However, also here the remaining presence of PFAS might be problematic.  

2.2.3 Research fields related to electrocoagulation  

As an understanding of electrochemical processes is crucial to comprehend electrocoagulation, 
electrochemical research is essential. The performance and treatment efficiency of an 
electrocoagulation system depends largely on electrochemical factors such as the amount and 
speciation of dissolved metal42,47. An important theoretical control variable is the pe, which is the log 
of the electron activity and controls the redox conditions in the system48. In electrochemical research, 
the investigated electrochemical process takes place at the working electrode (WE), which can be 
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placed under potentiostatic or galvanostatic control. In potentiostatic mode, the potential between the 
WE and a reference electrode (RE) is kept constant. Conversely, under galvanostatic control, the current 
flow between the WE and the counter electrode (CE) is held constant49.  

In electrocoagulation experiments, the RE and CE are combined in one electrode and galvanostatic 
electrolysis experiments are used to evaluate the amount of anode material that dissolves, which can 
be compared to theoretical values calculated from Faradays law47. For accurate control of the current 
density at the working electrode without requiring an excessive voltage, dosing of an electrolyte is 
necessary. Finally, thorough polishing of the electrodes prior to the experiment, accurate calibration of 
the cell and identification of the detection limit of the technique are all examples of good practice in 
electrochemical experiments49.  

In addition to electrochemistry, also colloidal stability and coagulation mechanisms are fundamental in 
the electrocoagulation process. Conventional coagulation doses metal salts to destabilize colloidal 
pollutants such that they coagulate. Commonly, jar tests are executed to assess the optimum conditions 
for conventional coagulation treatment. The coagulation reaction is carried out in a number of stirred 
jars, each at e.g. a different coagulant concentration or a different pH. Comparisons on the settling 
efficiency or pollutant removal can be made. Although jar tests are highly useful for finding optimum 
conditions for practical coagulation, they do not provide detailed mechanistical information50.  

If charge neutralization is the prevailing mechanism of particle destabilization, electrokinetic 
measurements may be valuable. It can be hypothesized that optimum coagulation regimes occur at the 
isoelectric point, e.g. at zero zeta-potential. The isoelectric point can be identified using 
electrophoresis, where suspended charged particles move through a fluid due to the influence of an 
electric field. Charged colloids move to the positive pole if they are negatively charged and vice versa. 
The equilibrium position of the particle is a direct indication of its isoelectric point. However, commonly 
the isoelectric point does not coincide with the optimum conditions as found from jar tests, indicating 
that destabilization is usually more complex than simple charge neutralization50. Instead, hydrophobic 
interactions or van der Waals interactions may be involved. 

2.3 PFAS REMOVAL BY ELECTROCOAGULATION  

The removal of PFAS using electrocoagulation has been investigated on bench-scale in five studies. 
First, a 6 L electrolytic cell with bipolar aluminum electrodes was efficient in the removal of various 
PFAS from landfill leachate water. The effects of reaction time, plate distance, current density and plate 
amount were investigated1, and their relative importance was found to decrease over the order as 
stated. Second, removal of six types of PFAS from deionized water was achieved using iron, magnesium, 
aluminum and zinc plates15. Of these anode materials, zinc was most efficient and this material was 
tested further in a 0.4 L cylindrical reactor with a 304 stainless steel cathode. Moreover, sorption 
mechanism and kinetics were investigated and fitted to a pseudo-second order model in the same 
study15.  

Third, the efficiency of PFOA and PFOS removal from deionized water in a 0.5 L effective volume 
electrolytic cell was compared between iron and aluminum electrodes4. The iron anode proved to be 
more effective towards PFAS removal than aluminum. The optimal current density, stirring speed and 
electrolyte type were determined. Electrostatic adsorption was suggested to be the main removal 
mechanism under the applied experimental conditions in this study, because a correlation between the 
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removal efficiency and the pKa values of different PFAS species was found. The removal efficiency 
decreased with increasing pKa values, and since a lower pKa value implies a higher dissociation degree 
of the PFAS into ions, electrostatic adsorption was deemed essential in the removal4.  

Finally, periodically reversed electrocoagulation (PREC) was used with mutual combinations of Fe, Al 
and Zn electrodes in a 0.4 L reactor. In PREC, the roles of the anode and cathode electrode are 
periodically reversed. This set-up was tested with artificial PFOA solutions to determine optimal 
conditions, after which these optimal conditions were applied successfully for PFOA removal from 
contaminated groundwater41. Recently, a similar study was carried out to examine the removal of 
PFSA’s, also using different combinations of electrode materials. Both synthetic and natural 
groundwater samples were tested in this study51. No literature describing electrocoagulation for PFAS 
removal on pilot or industrial scale has been found.  

2.4 ELECTROCOAGULATION WITH IRON ELECTRODES 

As iron electrodes were found most efficient towards PFAS removal by Yang et al.4 and Afvalzorg also 
uses iron electrodes in their reactor, this was chosen as the electrode material in the current study. The 
consensus in literature is that ferrous iron (Fe2+) is formed during electrocoagulation with iron 
electrodes52–54. This ferrous iron is subsequently oxidized by dissolved oxygen (DO) to ferric iron (Fe3+), 
which precipitates as iron hydroxides. The oxidation step is faster at high pH and high DO 
concentration55. Various rate equations for this oxidation step have been described in literature. First, 
Equation 1 indicates the different rates associated with the various aqueous Fe(II) complexes. Morgan 
and Lahav presented this as a heuristic model for the oxidation kinetics of Fe(II) by dissolved O2

55. It 
mainly serves to indicate the high sensitivity to pH and the orders of magnitude of the different kinetic 
constants are indicated to differ by a factor of 105.  
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Equation 1 

Lakshmanan et al. described the generation rate of Fe(OH)3 from Fe(II) in electrocoagulation as a 
function of pH and DO and Fe(II) concentration52. Here, the oxidation of Fe(II) to Fe(III) and the 
precipitation of Fe(OH)3 are integrated in one rate law. Finally, Equation 2 is the oxidation rate as used 
in example 9 of PHREEQC56 and as described by Singer and Stumm57. Here, ACTi is the activity of species 
i and pO2 is an indication of the partial pressure of O2. Furthermore, at an oxygen partial pressure of 0.2 
atm, k0 and k1 are given as 2.91e-9 and 1.33e12, respectively57. Which of these equations is most useful 
in the construction of a PHREEQC model that simulates electrocoagulation remains to be determined.  
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Equation 2 

The characteristics of metal hydroxide flocs formed in electrocoagulation are different compared to 
flocs generated via conventional coagulation (CC)58. A detailed comparison of floc characteristics from 
EC and CC has only been found for aluminum, but this indicates that vital differences in the mechanism 
of floc formation exist between the two techniques59. The types of crystal or precipitate formed in EC 
with iron electrodes depend heavily on solution pH, dissolved oxygen and current dosage53. In 
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electrocoagulation, Fe2+ is formed by dissolution of the anode. After the previously described oxidation 
of Fe2+, Fe3+ can form different types of precipitating hydrous ferric oxides. The oxidation step is 
significantly more probable during EC than during CC52. Hence, characterization of the adsorption 
behavior on flocs formed via CC is most likely less useful towards modelling adsorption on EC flocs.   

In addition to micelles and micellar species, PFAS molecules also form aqueous complexes with 
dissolved metal ions60. Both ferrous (divalent) and ferric (trivalent) iron cations can form these 
complexes, although the effect is greater with ferric iron due to its higher Lewis acidity61. The 
complexation between ferric iron and PFAS is hypothesized to aid its removal in electrocoagulation. 
Likewise, complexation between divalent ions and a negatively charged PFAS headgroup can lead to a 
bridging effect with a negatively charged surface. Accordingly, the divalent ferrous iron could promote 
the adsorption removal of PFOS and PFOA onto ferric hydroxide flocs. This hypothesis is supported by 
the pH optimum for removal at weakly alkaline conditions, where ferrous and ferric iron coexist4.  

2.5 COMPETITIVE ADSORPTION 

Generally, most literature research into the mechanism of electrocoagulation for wastewater 
treatment is based on laboratory scale experiments using synthetic wastewater. The usefulness of 
these data towards practical applications of EC is limited, as real wastewater is different from pollutant 
solutions in deionized water. Leachate water contains many different contaminants, including humic 
acids and anthropogenic compounds5,62. The limited information regarding the influence of these 
dissolved substances on electrocoagulation performance forms an important knowledge gap63. 
However, humic acid has been shown to have a significant retardation effect on the sorption of PFAS 
on boehmite (AlOOH)32. If adsorption is the prevailing removal mechanism, it can hence be 
hypothesized that organic co-solutes negatively impact removal rates because of competitive 
adsorption. 

Competitive adsorption has been shown to occur in the treatment of metal-bearing wastewaters. The 
presence of phosphate, silica or humic acids negatively impacts the removal of arsenic in 
electrocoagulation set-ups16. Moreover, also in fluoride removal via electrocoagulation, competition 
between fluoride and sulfate or chloride for adsorption on aluminum hydroxide has been 
observed16. Competitive sorption experiments with different types of PFAS on zinc hydroxide flocs 
generated via electrocoagulation showed that molecules having longer C-F chain-lengths were 
preferentially adsorbed. These results indicate that hydrophobic interaction is determining for the 
sorption capacity of zinc hydroxide flocs15.   

Because most laboratory scale investigations on the applicability of electrocoagulation for removal of 
PFAS from water were conducted using deionized water, competition effects are not included in the 
results4,15. As leachate water usually has high concentrations of organic and inorganic compounds, 
competition for adsorption sites will most probably affect the removal efficiency of PFAS17. Specifically, 
natural organic material such as humic substances could possibly be adsorbed competitively, due to 
the structural similarity of some of their functional groups to the PFAS headgroups. Competition and 
complexation between humics and PFAS is expected to significantly limit the applicability of EC for PFAS 
removal6. Moreover, the presence of humic acids reduces iron precipitation64. Additionally, applying 
electrocoagulation to wastewater with high humic acid content may result in the formation of 
chlorinated compounds such as trihalomethanes, which are toxic22,42.  
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On the other hand, the presence of additional pollutants could also benefit treatment performance. 
Specifically, the removal of arsenic by coagulation processes is generally aided by the presence of 
calcium ions due to increased iron precipitation64. Additionally, the presence of radical-forming 
compounds may enhance the removal of pollutants in electrocoagulation65. The effect of co-solutes 
present in leachate water on EC performance is currently unknown. This impact must be assessed in 
order to design an efficient treatment system. As the leachate water is treated biologically for nitrogen 
removal, the EC unit can be placed either before or after this biological system. Since the water quality 
of the biologically treated effluent differs from the untreated leachate, the EC removal efficiency is 
expected to differ as well66. 

2.6 ORGANIC MATTER AND HUMIC SUBSTANCES 

Humic substances are a class of organic molecules originating from the decomposition of plant, animal 
or microbial material67. In landfill leachate, humic substances are the major source of dissolved organic 
carbon68. Humic substances are extremely heterogeneous, as their molecular size, chemical 
functionality and elemental composition vary widely. A classification can be made into humic acids (HA) 
and fulvic acids. Whereas fulvic acids are soluble at all pH values, humic acids precipitate at low pH. The 
carbon, oxygen and hydrogen contents of humics are generally around 50 %, 30-40 % and 5 %, 
respectively, with the rest of the mass made up by nitrogen, sulfur and phosphorus. The chemical 
structure of humic acid includes various functional moieties67, as illustrated in Figure 5. As humic 
substances are mixtures of compounds, their molecular weight is an average value67. 

Humic substances absorb light in the ultraviolet and visible range, hence UV-VIS spectroscopy can be 
used to approximate humic acid concentrations in a 
sample. However, absorption is strongly influenced by 
cation binding and by pH. As the pH increases and 
protons dissociate, absorption increases. Moreover, 
binding of some metals, especially iron, intensifies the 
UV absorption. Complex formation of metal ions with a 
humic substance as ligand is a well-documented 
phenomenon and is often defined by at least one 
shared electron pair between the ligand and the metal. 
Additionally, also adsorption of humic substances onto 
metal oxide surfaces is possible, thereby decreasing the 
UV adsorption. Fluorescence measurements are 
another method for HA concentration quantification, 
but also fluorescence is quenched by iron binding67.  

Figure 5: Typical functional moieties in a humic substance 

2.7 MODELLING OF ELECTROCOAGULATION 

As aforementioned, modelling electrocoagulation systems completely and in detail is extremely 
complex. In literature, different approaches to modelling EC are reported. A distinction is made 
between statistical models and models based on knowledge. The first class aims at finding optimum 
operating conditions of an EC system by varying certain design parameters. To this end, a nonlinear 
regression model is constructed that can be optimized to find the ultimate response. In contrast, 
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modelling based on knowledge incorporates mechanistical or phenomenological information in the 
model formulation. Phenomenological models describe the global EC process using kinetics, whereas 
mechanistical models include the full mechanism of one of the processes contributing to EC40. 

The first class of mechanistical models incorporates the complete electrochemical reactions. The 
potential difference applied to the electrodes creates an overpotential, which leads to a distortion of 
the equilibrium and the electrochemical dissolution of the anode. This dissolution rate can be calculated 
from Faradays law11,40. From the reaction rates of the oxidation and reduction reaction, a current 
density can be calculated. For EC limited by overpotential, the cell potential and current density suffice 
to give an accurate description of the process rate. However, for large overpotentials, mass transfer in 
the boundary layer of the electrodes is limiting. This mass transfer relates to diffusion, convection and 
electronic migration and can be described by the Nernst-Planck equation40. 

Another mechanism involved in EC is adsorption, which can be modeled using either adsorption 
isotherms or kinetic information. Under thermodynamic control, the Freundlich and Langmuir isotherm 
models are well-known examples of adsorption models40. These isotherm models have successfully 
been applied to model PFOS adsorption onto different sorbents69. Predicting removal efficiency using 
adsorption kinetics is generally achieved by assuming pseudo first or second order kinetics. 
Alternatively, variable-order-kinetic models combine isotherm information with Faradays law for metal 
dissolution over time. This approach is especially efficient for systems where mass transfer is non-
limiting12,40.   

HI = 	
?

#JK
LM         

Equation 3: Faradays law11 

NO = 	BOP − ROSO1BO∇U − )O∇BO      

Equation 4: (Nernst-Planck equation )40 

Faradays law (Equation 3) represents the dissolution rate (rm) in mol/(m3s) of the metal anode, with I 
the applied current intensity (A), Z the valence number of the metal, F Faraday’s constant 
(94,485C/mol), V the solution volume (m3) and ec the current efficiency, which is sometimes 
neglected11. Equation 4 gives the flux of chemical species i due to convection, electromigration and 
diffusion. Here, Zi is the charge number, u the velocity, µi the mobility, Di the diffusion coefficient and  
ÑCi and  Ñf the concentration and potential gradient, respectively40. These equations are fundamental 
to mechanistic modelling of the electrocoagulation process.  

On a molecular scale, electrostatic adsorption models are strongly related to EDL theory. In the vicinity 
of the surface, ion activities change proportionally to a Boltzmann factor that defines the electrostatic 
affinity70. Equation 5 gives the surface activity (ai) as a function of the bulk activity (ai,¥), where Ψ(x) is 
the electrostatic potential at a distance x from the surface, R the gas constant and T the absolute 
temperature70,71. This equation can be substituted in the Poisson-Boltzmann equation (Equation 6, here 
given in 1 dimension for N different kinds of ions) that describes the gradient in potential. Here, V is the 
dielectric constant and V/ the dielectric permittivity of vacuum71. Explicit integration of the Poisson-
Boltzmann equation is used to calculate the composition of the EDL and hence determine which species 
are adsorbed56. 
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Equation 6: Poisson-Boltzmann Equation 

In general, chemical equilibria can be described in laws of mass action. For the elementary reaction 
given in Equation 7a, the equilibrium composition is given by an equilibrium constant K, as defined in 
Equation 7b, with ai the activity of species i. K can be calculated from the reactions Gibbs energy change 
according to the second part of Equation 7b72. For adsorption reactions, the electrostatic energy change 
DrGel is given by Equation 8. Hence, the equilibrium constant describing a strictly electrostatic 
adsorption equilibrium is given by Equation 973. These equilibrium or mass action law constants are 
important parameters in surface complexation modelling, as will be explained in section 2.9.174. They 
are typically determined empirically by fitting experimental data.  

a.        A	 + j ⇋ 	B               b. l	 = 	
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= 	 2!	
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Equation 7a and b: Equilibrium constant for a general elementary reaction 

   

∆tu$v = ∑ ∆J]#

wx
yO      

Equation 8 

l$v = 2
!∑

∆\]^

(ab)%
c]      

Equation 9 

Flocculation modeling generally makes a distinction between two flocculation regimes: diffusion-
limited cluster aggregation (DLCD) and reaction-limited cluster aggregation (RLCD). In DLCD, mass 
transfer of the smaller flocs towards each other forms the rate limiting step. Conversely, in RLCD the 
repulsive forces between the particles are still large and many collisions may be required before they 
coalesce40. Flocculation modelling is not widely applied in EC, although the fractal dimension (Df) that 
indicates which flocculation regime occurs has been introduced in EC studies to analyze floc growth40. 
Conversely, flotation and settling rates have been included in certain models10. Nonetheless, also these 
models remain too empirical  to adequately predict general flocs/sludge removal in EC reactors40. 

Complexation models describe complexation of suspended organic matter by metal hydroxides. From 
the adsorption equilibrium law and the mass balance of suspended matter, the suspension 
concentration over time is calculated. These models are especially efficient for simulating mixed 
effluents by combining multiple single-species effluents, as this gives reasonable results40. Alternatively, 
the interaction between dissolved organic material such as humic acids and metal ions can be evaluated 
on molecular scale by performing molecular dynamics simulations. These studies provide detailed 
insights into the mechanism of complex formation between the types of substances75. 

Computational fluid dynamics (CFD) simulations give adequate characterizations of the main local 
process features of EC reactors, such as velocity profiles, electrode reaction rates and voltage. Mass 
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and energy conservation laws are combined with reaction rates and equations for ion transport 
involving an electric field. This system of equations is solved numerically to give a current and potential 
distribution in the reactor. CFD simulations can successfully describe complex flow patterns in EC cells, 
and the analysis of mass transfer and reaction kinetics gives valuable information to improve cell design 
and increase performance. However, CFD is computationally expensive and it requires a high level of 
expertise for model construction and analysis of simulation results40.  

2.8 COMPETITIVE ADSORPTION MODELS 

Many methods exist to model the interaction between organic substances and ions. Specifically, the 
NICA-Donnan model is often used to model the interaction of humic substances with ions76–79. The 
Donnan model includes nonspecific electrostatic adsorption by assuming a ‘Donnan volume’ that 
surrounds organic particles. Inside this volume, the charged groups inside the particle are compensated 
by external ions. The characteristic potential (comparable to the zeta-potential as described above) is 
equal to the potential within this volume and drops to zero in the bulk. Competition for adsorption sites 
is included using the NICA (non-ideal competitive adsorption) model, which assumes that each ion has 
its own stoichiometry with the reference sites, but this stoichiometry is independent of the surface 
coverage. The occupation of the reference sites affects both the local and the overall binding of ions70,80. 

The NICA-Donnan model is quite successful in modelling metal ion binding to humic substances. As 
humic acids (HA) are present in landfill leachate,62 and they can be removed by electrocoagulation,81 
the model could potentially serve to simulate EC treatment of landfill leachate. To this end, it should 
be realized that in EC the common understanding is that organics adsorb to metal hydroxide flocs, 
rather than vice versa. Moreover, usages of the NICA-Donnan model to simulate interactions between 
PFAS and metal ions have not been found in literature. Nonetheless, the ability to include site 
competition between PFAS and HA or other natural organic matter should be recognized. Accounting 
for the presence of organic matter in the leachate and including the resulting possible competitive 
adsorption could create more comprehensive models80.  

Another model describing ion adsorption while considering competition for sites is the CD-Music 
(charge distribution – multi site complexation) model. Here, surface charges are considered distributed 
over the interfacial region. Conversely, ion-pair formation in the solution is evaluated using the more 
conventional framework of point-charges. The CD-Music model enables an accurate description of 
adsorption and its dependency on pH, concentration and conductivity73. Moreover, as it has been 
applied to adsorption on metal hydroxide surfaces, the applicability to PFAS removal via 
electrocoagulation is expected to be higher than that of the NICA-Donnan model.  

2.9 PHREEQC 

Different programs for modelling chemical processes in water exist. Examples include Orchestra 
(Objects Representing Chemical Speciation and Transport) and PHREEQC (pH Redox Equilibrium 
Calculation)56,82,83. Orchestra, in contrast to conventional chemical modelling packages, does not 
include model equations in the source code. Instead, equations are defined in text format and entered 
into the calculation kernel at runtime. This structure makes Orchestra highly adaptable, flexible and 
extendible83. PHREEQC hardcodes diverse aqueous models and uses a keyword-based set-up. Many 
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options for modelling ion-complexation, adsorption and speciation are included56,82. Unless specified in 
a ‘kinetics’ keyword, PHREEQC assumes equilibrium in all calculations.  

2.9.1 Surface reactions in PHREEQC 

Two models for surface complexation are available in PHREEQC. Both are based on the fundamental 
principles as explained below, but they differ in how they calculate surface charge and potential. The 
Dzombak-Morel model uses an adapted form of the conventional doubly layer theory relation for 
relating surface charge to potential. It was originally developed for complexation of heavy metals on 
hydrous ferric oxide (Hfo). The second option is the aforementioned CD-MUSIC model, which includes 
more options to fit experimental data. It was developed for sorption on Goethite and the charge, 
potential and sorbed species can be distributed over the different surface layers. Both include activity 
corrections in the vicinity of the surface based on the Boltzmann accumulation factor described in 
section 2.756.  

As literature mass law constants are more readily available for sorption on Hfo precipitates for the 
Dzombak-Morel model, the CD-MUSIC model will not be used in the presented model. The minteq.v4 
database includes the tabulated mass law constants from Dzombak and Morel56,74. Important to notice 
is that the temperature range in which the tabulated mass law constants from the database are valid is 
between 20 and 30 degrees. Moreover, their validity is usually limited to systems that contain a low 
mass of dissolved organic carbon (DOC) relative to oxide solids74. As the DOC in landfill leachate is quite 
high, the applicability of the database surface reactions might be low.  

In surface complexation modelling, some fundamental assumptions are made. First of all, sorption on 
oxides is assumed to take place at specific coordination sites and the sorption reactions are described 
quantitatively via mass law equations. Any surface charge on the Hfo surface results from sorption 
reactions themselves, e.g. the surface is initially neutral. Finally, the effect of developed surface charge 
is included by applying a correction factor to the mass law constants for surface reactions. This 
Coulombic correction factor is a function of the surface charge and is derived from electrical double 
layer theory, as touched upon in section 2.774.  

Conventionally, weak and strong surface sites are defined for sorption of cations, each with different 
association constants. The weak binding sites have lower sorption constants but a higher site density 
than strong binding sites. For sorption of anions, one surface site suffices and the mass law constants 
for anion surface sorption reactions are thus identical for the two surface types74. As PFOS is a 
monovalent anion, two surface reactions are necessary to model its adsorption on Hfo surfaces, 
analogously to table 10.8 of Dzombak and Morel74. The implemented surface reactions are given in 
Figure 6. Values for the mass law constants remain to be determined experimentally. For other anionic 
pollutants, such as different PFAS species, analogous mass action laws can be defined.  

 

Figure 6: Surface reactions of PFOS on Hfo surface. For PFOA, PFBS and PFBA, analogous adsorption species exist.  

The mass law constants K2 and K3 determine the affinity of each anion with the surface sites56. These 
constants are commonly reported as log values and are calculated as the product of the activities of 
the products divided by the product of the activities of the reagents at equilibrium, as defined for a 

FeOH0+ PFOS- + H+ FePFOS + H2O                  K2=

FeOH0+ PFOS- FeOHPFOS-                       K3=
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general case in Equation 7. For PFOS sorption, the formal definitions of the equilibrium constants are 
given in Equation 10a and b. Here, square brackets are used for the definition of the equilibrium activity 
of each compound. For other anions, such as PFOA or humic acid, analogous reactions can be defined. 
These equilibrium constants depend on the surface potential at the binding site, as explained in section 
2.7. The activity of water is commonly assumed equal to 1 and thus ignored.  

 

Equation 10a and b: Definition of equilibrium constants for PFOS sorption. For PFOA, PFBS and PFBA, analogous adsorption 
reactions apply. 

2.10 CONCLUSION 

In the research presented in this thesis, a computational model was constructed based on experimental 
data collected from laboratory-scale galvanostatic EC experiments. The model focused on the 
adsorption process, whereby double layer theory was used for the calculation of activity corrections in 
the vicinity of the surface. Hence, mass transfer was ignored and methods such as CFD or flocculation 
modelling were not selected. Because of its high versatility and extensive documentation, PHREEQC 
was used for all modeling purposes. Despite its applicability for competitive adsorption modelling, the 
CD-music approach was not used, because sorption constants were more readily available from 
Dzombak and Morel74. Consequently, the default PHREEQC Hfo surface was applied. 

The optimal conditions for PFAS removal as determined by Yang et al.4 were used in the 
electrocoagulation experiments. Their research suggested that electrostatic adsorption was the main 
mechanism for PFAS removal under these conditions. Accordingly, as aforementioned, the modelled 
removal process was based on adsorption. In the research presented in this thesis, it was first 
attempted to reproduce the experimental results of Yang et al.4 and accurately simulate those in 
PHREEQC. Subsequently, the effect of adding humic acid to the solution was investigated. Humic acid 
concentrations were determined based on UV absorption, despite the limitations outlined in section 
2.6.   

a.   log(K2) = log
FePFOS

FeOH0 PFOS-  H+

FeOHPFOS-

FeOH0 PFOS-
b.   log(K3) = log
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3. METHODOLOGY 
3.1 MODELLING AND EXPERIMENTAL APPROACH  

The aim of this research was to determine the effect of co-solutes on PFAS removal via 
electrocoagulation with iron electrodes. To better understand the results and enable generalization to 
untested co-solutes, a model was constructed that simulates the removal. As mentioned in the 
literature section, utilization of the PHREEQC software enabled the determination of solution 
characteristics and iron hydroxide floc formation over time. The main focus of the model is the 
competition effect between PFAS and organic co-solutes. Therefore, electrode processes; mass transfer 
and fluid dynamics were largely simplified or ignored in the model. Thorough inclusion of these factors 
would lead to a more comprehensive model but was deemed too complex for the scope of this 
research. The generation rate of iron and hydroxide ions was based on Faraday’s law.  

Laboratory experiments were carried out to generate data for the optimization of the model. As a first 
step, it was attempted to accurately model the electrocoagulation process in water without pollutants. 
Once this was achieved, individual solutes were included in the laboratory tests and their removal was 
evaluated. Eventually, the removal of PFAS with HA was examined. As a final step, also different types 
of actual leachate water from Afvalzorg were tested. Optimal experimental conditions for PFOS removal 
using iron electrodes were already identified by Yang and coworkers4. The optimal current density, 
stirring speed and NaCl concentration were determined as 25 mA/cm2, 180 rounds per minute (rpm) 
and 2 g/L, respectively. Hence, these optimal conditions were mostly preserved in the currently 
conducted laboratory experiments.  

Preliminary attempts to reproduce literature data on the removal of PFAS in EC with model simulations 
were also carried out, but it was impossible to obtain consistent pH and concentration results. The 
number of unknown parameters in the literature data was too high for adequate model optimization. 
Hence, data for optimization were obtained by performing designated laboratory experiments. 
Ultimately, the experimental design was such that the empirical results were of the utmost usefulness 
for the computational model. The model was used to find ranges of experimental conditions where 
varying certain parameters would lead to a significant change in results, and subsequently the empirical 
findings in those conditions were used to optimize the relevant model parameters.  

3.2 MODEL 

3.2.1 Coupling to MATLAB™ 

PHREEQC was controlled from the MATLAB environment, to enable easy analysis of the results. To run 
each PHREEQC simulation, an appropriate shell script was executed from the MATLAB environment. 
Moreover, additional input files were written from the MATLAB environment and included in the 
PHREEQC input files. Through these additional input files, parameters such as the current density, 
relevant log(K) values and initial concentrations could be varied easily. All relevant PHREEQC output, 
such as pH, PFOS concentration, Fe(OH)3 formation and saturation indices were written to a selected 
output file for each timestep. This output file was read by MATLAB, to compare the model predictions 
to experimental or literature data and plot the results.  
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3.2.2 Database modifications 

The minteq.v4 database from PHREEQC is used for the calculation of the water composition at each 
time step during the EC treatment. As PHREEQC assumes full equilibrium, kinetic rate laws were 
included manually. However, it should be realized that the speciation for all aquatic species not 
specified in these rate laws is assumed to be at equilibrium throughout the simulation. Moreover, after 
a reaction or equilibration step, the solution composition has to be saved explicitly, as otherwise 
equilibration starts from the initial solution composition again in the next calculation. The PHREEQC 
pseudocode is given in Appendix 1.  

An additional PHREEQC database file (Appendix 2, mySolutionSpecies.phr) was constructed wherein 
the valence states of aqueous iron were manually decoupled, as illustrated in example 9 of the 
PHREEQC program56. Iron(II) was specified as Fe_di and iron(III) as Fe_tri, and all reactions as defined 
in the minteq.v4 database were included manually. The only omitted reaction was the oxidation of 
ferrous to ferric iron: Fe2+

 = Fe3+ + e-. This oxidation was included as a kinetic reaction in all relevant 
input files, with a rate law as in Equation 2.  

PFAS and humate solution species were manually defined with appropriate speciation reactions. The 
PFAS pKa values were found from literature27. Humate was included in the database as a divalent weak 
acid, for which the pKa values were adapted to match the experimental initial solution pH. These 
parameters were found by minimizing the sum of squared errors between the modelled and laboratory 
data. Optimization was carried out 100 times from randomly generated seeds via an appropriate 
MATLAB script utilizing the embedded fminsearch function. Finally, adsorption reactions for PFAS and 
humate onto the ferrous hydroxide surface were included in mySolutionSpecies as well. The equilibrium 
constants for these adsorption reactions were optimized based on the experimental data.  

3.2.3 CO2 and O2 dissolution rate determination 

To obtain accurate pH results during the simulation of the EC experiment, it is important to correctly 
include the CO2 and O2 saturation. It can be assumed that these dissolved gases are not in equilibrium 
with their atmospheric concentration for the entire duration of the EC treatment. The solubility of both 
gases is higher at higher pH, but the rate of pH increase is too fast for gas dissolution to compensate. 
Moreover, dissolved oxygen is depleted in the oxidation reaction of Fe(II). To approximately include the 
above effect, no equilibration with the atmospheric composition is included in PHREEQC during the EC 
simulation. Instead, rate laws were defined for the dissolution of CO2 and O2. These rate laws (Equation 
11, i = CO2 or O2) are integrated simultaneously with the oxidation rate and Faradays law in PHREEQC. 
The values for the rate constants were found from designated experiments, as explained in the 
experimental section.  

"z]
"'
= 		."O{{,O ∗ (BO,{m' − BO)     

Equation 11 

3.2.4 Adsorption reactions 

An adsorption surface was defined according to the default hydrous ferric oxide surface from the 
minteq.v4 database. The surface was linked to a ferrihydrite (Fe(OH)3) equilibrium phase, hence 
precipitation kinetics were not considered in the model. If the solution is supersaturated with respect 
to Fe(OH)3, it was assumed to precipitate instantaneously. The high stirring rate and constant addition 
of iron and hydroxide ions ratify this assumption, but its accuracy remains uncertain. The calibrated 
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Dzombak-Morel adsorption constants were used for the surface composition calculations. The mass 
law constants for PFOS adsorption on the Hfo surface were included manually in the additional 
database file. Default site densities of respectively 0.005 and 0.02 mol/mol Fe for strong and weak 
binding sites were obtained from Dzombak and Morel74. These parameters determine the number of 
binding sites available for pollutant binding.    

3.2.5 Electrocoagulation  

The initial solution composition was obtained in PHREEQC by adding 2 g/L NaCl and the appropriate 
solute(s) at a temperature of 20 oC. This solution was equilibrated with an atmospheric composition 
containing 20 vol% O2 and 400 ppmv CO2, after which its composition was saved. The determined rate 
laws for gas dissolution and iron oxidation were included. Moreover, Faradays law was also included as 
a kinetics block, to incorporate the continuous electrochemical addition of Fe2+ and OH- to the solution. 
These rates are integrated simultaneously up to 50 minutes, with an integration timestep of one minute 
and the tolerance kept at the default (10-8).  

3.2.6 Limitations  

Certain constants were unavailable in literature and hence model optimization had to be performed to 
find their values. These constants are listed in Table 1. Moreover, some of the model settings proved 
to be influential on the simulation results. Examples include, but might not be limited to, the number 
of steps and integration tolerance in the kinetic calculation. Furthermore, the surface specifications and 
the log(K) values of Fe(OH)3 precipitation and of all surface reactions other than those involving PFAS 
are currently all at the default setting of PHREEQC. It is conceivable that these constants are different 
for Fe(OH)3 formed by EC instead of by chemical coagulation.  

3.3 EXPERIMENTAL 

Unless mentioned otherwise, a Metrohm Autolab PGSTAT204 with pX1000 pH measurement module 
and unitrode combined pH electrode and temperature sensor were used for all measurements. A 
controlled current up to 0.3 A could be supplied with this equipment. pH, temperature, current and 
voltage were measured every second. When applicable, sampling was executed manually at fixed time 
intervals to measure aqueous concentrations of solutes. PFAS and total organic carbon (TOC) analyses 
were carried out by Eurofins Environment Testing laboratory. To prevent oxygen limitation in the 
oxidation of Fe(II) to Fe(III) during EC, the system was aerated using a pressurized air inlet at 
approximately 1.1 bar and stirred continuously using a magnetic stirrer.  

3.3.1 Optimization of kinetic constants for gas dissolution 

Experiments were carried out to find values for the rate constants for O2 and CO2 dissolution under the 
current experimental conditions, as well as to confirm the literature oxidation rate. Optimizing these 
constants together based on the literature data proved to be impossible due to their high 
interdependencies. All experiments were carried out in triplicate. First, the dissolution rate of CO2 was 
determined. 500 mL water was magnetically stirred under aeration vigorously for at least 30 minutes 
to saturate it with atmospheric O2 and CO2. Then, the water was basified with 60 µL 1 M NaOH and the 
pH was measured for 35 minutes. Due to the dissolution of atmospheric CO2, the pH dropped over 
time. By writing a PHREEQC script simulating the aqueous conditions in which the rate constant of CO2 
dissolution could be varied, this constant was determined. The pH was independent of O2 saturation, 
hence kdiss,CO2 could be established independently. 
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As aforementioned, various rate laws for Fe(II) oxidation have been described in literature. To 
determine which rate equation best fits the experimental iron oxidation process, iron oxidation tests 
were carried out in basified water. 0.25 g Fe(II)SO4 and 60 µL 1 M NaOH were simultaneously added to 
500 mL atmospherically equilibrated demineralized water. The solution was stirred (without aeration) 
and the pH was measured over time. The pH change is due to the oxidation of Fe(II) to Fe(III), as well 
as due to the subsequent precipitation of Fe(OH)3. Oxygen dissolution had no effect on the oxidation 
process, as the solution remained close to saturated throughout the experiment. An analogous 
PHREEQC input file was written, from which the oxidation rate constants could be determined.  

Finally, the oxygen dissolution rate remained to be determined. 500 mL water was purged with N2 gas 
at high pressure for 25 minutes, under constant stirring, to remove the dissolved oxygen. Hereafter, 
0.25 g Fe(II)SO4 and 60 µL freshly prepared 1 M NaOH were added simultaneously to the solution, which 
was now aerated at similar conditions as in the EC experiments. Under constant stirring, the pH was 
measured for 50 minutes. Due to the dissolution of atmospheric O2, analogously to the previous 
experiment, Fe(II) oxidation and Fe(OH)3 precipitation cause a pH change. This pH change was again 
modeled with a PHREEQC input file that included the previously found Fe(II) oxidation rate, as well as 
the CO2 dissolution. From this model, a kinetic constant for O2 dissolution under Fe(II) oxidizing 
conditions could be determined.   

3.3.2 EC runs without pollutants 

To determine the agreement of the electrocoagulation model with reality, EC runs were performed 
without any pollutants in the initial solution. Preliminary experiments without aeration showed the 
eventual formation of black, ferromagnetic magnetite precipitate due to oxygen depletion, hence an 
aerated system was chosen. To this aim, 500 mL 2 g/L NaCl solution was stirred while being aerated 
through a subsurface air inlet at approximately 110 kPa. Iron electrodes (>99%, Appendix 6) with a 
submerged surface area of 8 cm2 and the Metrohm pH electrode were inserted in the solution.  

A controlled current was supplied for 50 minutes, while the pH, voltage and temperature were 
followed. The electrodes were cleaned with 0.1M HCl and weighed before and after each run. The 
formed iron hydroxide precipitate was filtered under vacuum through a Büchner funnel, dried to air for 
at least 24 hours, and weighed. Then, the precipitate was dried in an oven at 140 oC for at least 4 hours 
and weighed again.  Current densities of 6.25, 12.5, 25 and 37.5 mA/cm2 were tested. 

3.3.3 EC runs with phosphate (PO4
3-) 

As mentioned in section 3.2.4, the site density of the PHREEQC surface is an important parameter. 
Although site densities for both weak and strong surface sites on Hfo have been reported extensively 
in literature, their validity depends on the surface area of the specific ferrihydrite precipitate74. 
Conversely, the ratio between the densities of the two site types is independent of the area. 
Conventionally, surface area is determined by measuring nitrogen gas adsorption using the BET 
technique74. Because the surface area of EC flocs changes over the course of the reaction, in the current 
research phosphate removal was used as proxy to test the validity of the literature values. Binding 
constants for phosphate on the PHREEQC surface are already available in the database, so theoretically, 
the surface site density was the only unknown.  

A 0.25 mmol/l (24 mg/l) PO4
3- solution was made by dissolving the appropriate amount of K2HPO4, 

purchased from Sigma-Aldrich, in 1 L 2 g/L NaCl solution. 500 mL solution was treated at 25 mA/cm2 
current density under identical conditions as all other EC tests. Phosphate concentrations were 
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determined after 0, 5, 15, 30 and 50 minutes of treatment. 2 mL sample was taken from the reaction 
flask, centrifuged at 3000 rpm for 4 minutes, and 1 mL supernatant was diluted 6 times to obtain the 
appropriate concentration range for analysis. 2 mL of the obtained solution was analyzed for PO4

3- using 
Hach-Lange LCK 349 test kits, following the instructions from the provider84.  

3.3.4 EC runs with dissolved organic matter 

To determine the removal rate of humic acid (HA) with electrocoagulation, EC runs with organic 
material at an initial concentration of 30 mg/L at 6.25 and 12.5 mA/cm2 were performed in triplicate. 
Additionally, an initial concentration of 60 mg/L was tested at 12.5 and 25 mA/cm2. These tests were 
carried out in duplicate, since the variability in earlier results was low. All other conditions were as 
aforementioned for the tests without pollutants. HUMIN-P 775 was used as organic matter, which is a 
water soluble commercially available humic acid source. Its mass-based composition was determined 
at the University of Amsterdam as roughly 42 % Carbon, 52 % Oxygen, 4 % hydrogen, 1 % Nitrogen and 
1 % Sulphur (CNHS analysis, based on unpublished data).  

A novel approach based on quadrupole time of flight mass spectrometry was used at the university of 
Amsterdam to analyze the molecular mass distribution of HUMIN-P 77585. The median, minimum and 
maximum molecular weights were found to be 198, 118 and 572 Da, respectively (based on 
unpublished data). An important limitation of these results is that the used approach has a bias towards 
lower molecular weights. Moreover, the number of identified molecular formulas in HUMIN-P 775 was 
low. Nonetheless, these data give an impression of the approximate average molecular weight of 
HUMIN-P 775. The molar mass of humic acid that is implemented in the model is an important variable, 
as it determines the initial molar concentration used by PHREEQC. The high uncertainty in this value 
increases the uncertainty in the determined log(K) values for HA adsorption.    

In reality, the HUMIN-P 775 used in this research consists of a mixture of various compounds with 
different molar masses. In the model, this is represented by an average compound with one molar 
mass. Using the median molecular weight in PHREEQC resulted in removal rates that were too low, 
hence a slightly higher average molar mass of 332.11 Da was assumed. This mass corresponds to an 
average composition of C10H11.54O10.89S0.09N0.23, which is in accordance with the CNHS composition as 
determined at the University of Amsterdam. The use of a higher-than-median molar mass is ratified by 
the preference for lower mass compounds of the Q-TOF technique, as well as by the significantly higher 
molar masses for other humic substances reported in literature67,75,80. 

To determine the concentration of humic acid over time, 5 mL sample was extracted from the EC 
reaction after 5, 10, 15, 20, 30 and 50 minutes. The samples were centrifuged for four minutes at 3000 
rpm, after which the UV absorption (l=254 nm, as is commonly used for determination of HA 
concentrations86) of 1 mL of the supernatant acidified with 20 µL 0.1 M HCl was measured. A calibration 
curve in the relevant concentration range was constructed to calculate the HA concentration from the 
UV absorption. To generate blanks for the absorption measurements, identical experiments at each 
tested current density without HA acid in solution were carried out in triplicate and the absorption due 
to iron (hydroxides) was measured at the relevant timesteps. The mean values were subtracted from 
the absorption measured in the HA experiments. 

TOC concentrations were determined to verify the results obtained by UV-spectrophotometry. A 
sample volume of 100 mL was required for this analysis, and the detection limit was 2 mg/l. Hence, 
each run was split into two, to enable withdrawal of higher sampling volumes, and an initial 
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concentration of 120 mg HA/l was used to remain above the detection limit. 1100 mL 120 mg/l HA 
solution was prepared by dissolving 132 mg HA and 2.2 g NaCl in 1.1 L water. 50 mL of this solution was 
diluted to 100 mL (2 times) uncentrifuged. Another 50 mL was centrifuged at 3000 rpm for 8 minutes, 
40 mL supernatant was extracted and diluted to 100 mL (2.5 times). These samples give the initial TOC 
concentration and indicate the effect of centrifugation. The sample collection bottles contained 1 g 
H2SO4 solution to conserve the samples. 

Electrocoagulation runs were performed with the remainder of the solution at 12.5 and 25 mA/cm2. 
First, 500 mL was treated for 15 minutes and 50 mL sample was extracted after 5 minutes and after 15 
minutes. Then, the remaining 500 mL was treated for 50 minutes and 50 mL sample was extracted after 
30 minutes and after 50 minutes. The sample handling again consisted of centrifugation for 8 minutes, 
extraction of 40 mL supernatant and dilution to 100 mL. In total, the TOC concentration was thus 
determined at timesteps of 5, 15, 30 and 50 minutes. Of all samples, the UV-absorption was measured 
immediately after their collection.  

3.3.5 EC runs with PFAS 

Perfluorooctanoic acid (PFOA) 96%, perfluorooctanesulfonic acid (PFOS) potassium salt, 
perfluorobutanoic acid (PFBA) 98 % and perfluorobutanesulfonic acid (PFBS) 97 % were purchased from 
Boom laboratories. For PFOS and PFOA, stock solutions with a concentration of respectively 1.25 and 
2.5 mmol/l were made by dissolving 1 g pure substance (1.858 mmol; 2.415 mmol) in 1487 and 966 mL 
water, respectively. In the EC runs, 50 mL PFOA or 100 mL PFOS stock solution was diluted up to 500 
mL with demineralized water and 1 g NaCl was added, such that the initial PFAS concentration in each 
sample was 0.25 mmol/l. PFBA and PFBS were measured volumetrically and added directly at a 
concentration of 0.15 mmol/L each, by dissolving 20 µL (33 mg) PFBA, 26 µL (46 mg) PFBS and 2 g NaCl 
in 1 L demineralized water. 

In each EC run, 500 mL PFAS solution was treated for 50 minutes. 5 mL sample for PFAS analysis was 
extracted after 5, 10, 15 and 30 minutes. This was centrifuged for 4 minutes at 3000 rpm, after which 
2 mL supernatant was diluted 10 times and sent in for analysis. After the end of the run, 25 mL solution 
was centrifuged, and 20 mL undiluted supernatant was sent in for analysis. 20 µL 2 M HCl was added 
to acidify each sample and thereby prevent further precipitation of iron hydroxides. PFOS and PFOA 
removal was tested at 12.5 and 25 mA/cm2 current density, whereas PFBS and PFBA removal was only 
tested at 25 mA/cm2. All tests were performed in duplicate, except for PFOA removal at 12.5 mA/cm2, 
which was carried out in triplicate. For PFBS and PFBA removal, the sampling after 10 minutes was 
omitted. 

Initial concentrations were not measured for all samples, as in principle, the concentration was known. 
For two of the runs with PFOA at 12.5 mA/cm2, initially 5 mL sample was extracted, centrifuged, and 1 
mL supernatant was diluted 20 times and acidified as described previously. The remaining 4 mL were 
added back to the solution to maintain an initial volume close to 500 mL. For the final run at 12.5 
mA/cm2, 1 mL of the initial solution was simply diluted 20 times without centrifugation, to enable a 
comparison of the effect of centrifuging and acidifying. The UV absorption at 254 nm of the final diluted 
samples was measured before sending them out for analysis.  

To assess the reliability of the concentration measurements, samples with known PFAS concentrations 
were sent in for analysis. A stock solution containing approximately 0.15 mmol/L PFOA, PFBS and PFBA 
and 0.25 mmol/L PFOS was made. Undiluted samples, as well as samples with dilution factors of 2 and 
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10 were analyzed for their PFAS content in duplicate. From these results, the uncertainty in all analysis 
results due to the dilution steps could be estimated. Moreover, one blank sample containing 1 mL 
supernatant of centrifuged demiwater diluted 20 times was tested, to quantify the PFAS concentration 
due to environmental background pollution. 

3.3.6 EC runs with PFAS and dissolved organic matter 

The competition effect during the removal was assessed by treating demineralized water solutions 
containing both PFAS and humic acid. In biologically treated leachate from the Nauerna site of 
Afvalzorg, the total organic carbon concentration fluctuates between 51 and 95 mg/l. To approximate 
this TOC level, an initial humic acid concentration of 120 mg/l was used, corresponding to a carbon 
content of approximately 45 mg/l. Higher concentration levels are outside the solubility and UV 
detection range. The initial PFAS concentration was kept at 0.25 mmol/l. Initially, 1000 mL solution was 
prepared by diluting 100 mL PFOA or 200 mL PFOS stock solution. 2 g NaCl and 0.120 g humic acid were 
added.  

The UV absorption of this initial solution was determined, and 1 mL was diluted 20 times and sent in 
for determination of the initial PFAS concentration. The remaining solution was divided over two 
reaction flasks and treated at a current density of 25 mA/cm2 for 50 minutes, with all other process 
variables as described previously. After 5, 15 and 30 minutes, PFAS samples were collected similarly as 
in the runs without humic acid, but the UV absorption of the supernatant was determined before 
dilution. After 50 minutes, the reaction was stopped, and 150 mL solution was centrifuged for 8 
minutes. The UV absorption of the supernatant was determined, after which 100 mL undiluted 
supernatant was sent to Eurofins for TOC analysis, and 20 mL for PFAS analysis.  

3.3.7 EC runs with real wastewater 

Four different types of wastewater obtained from Afvalzorg were tested in an identical set-up as the 
artificial solutions. The leachate water treatment plant (LWTP) present on the Nauerna site treats a 
combined influent, consisting of leachate water and runoff water. A process overview of this LWTP is 
given in Appendix 8. Untreated influent (Nauerna Inf) to this plant as well as treated effluent (Nauerna 
Eff) were tested for PFAS and TOC removal. Additionally, leachate from two compartments of another 
landfill managed by Afvalzorg was tested. This landfill is located on the Zeeasterweg and leachate from 
compartments 5 (Zee. 5) and 8 (Zee. 8) was tested. Finally, Zee. 5 water spiked with 0.15 mmol/l PFOA, 
PFBS and PFBA was tested.  

2 g/L NaCl was added to all water types to improve conductivity. Initially, 100 mL of each water type 
was analyzed for initial TOC content, and 20 mL for initial PFAS content. After 5 and 25 minutes of 
treatment, 25 mL sample was extracted, centrifuged for 8 minutes at 3000 rpm and 20 mL undiluted 
supernatant was sent in for PFAS analysis. After the EC run, 100 mL supernatant was sent in for TOC 
analysis and 20 mL for PFAS analysis. All PFAS samples were tested for the concentrations of 38 different 
PFAS, amongst which were PFOS, PFOA, PFBS and PFBA, as specified in Appendix 7.  
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4. RESULTS & DISCUSSION  
In this chapter, the obtained results for each part of the research are presented. The results of the 
laboratory experiments were used to calibrate and test the PHREEQC model. Therefore, the combined 
experimental and model results will be presented together for each part. Moreover, as the integration 
of the model and experimental results was an important part of the research, the presentation and 
discussion of the results are combined in one chapter. At the end of this chapter, in sections 4.9 and 
4.10, the main uncertainties associated with the model and experimental results are outlined. Finally, 
section 4.11 serves to discuss some of the implications of the results.  

Table 1: Constants in model for which optimization was necessary 

Constant Description/Equation Value 
k0 Rate constants for Fe(II) oxidation, see Equation 2  

(s-1 and l2mol-2s-1atm-1) 
2.91e-9 

k1 1.33e12 or 8.33e13 
kdiss,O2 Rate constant for O2 dissolution (s-1), Equation 11 0.012 
kdiss,CO2 Rate constant for CO2 dissolution (s-1), Equation 11 0.0045 
MHA Molar mass humate (g/mol) 332.11 
Log(K) values  
for HA 
surface 
complexation 

Hfo_wOH + HA-2 + H+ = Hfo_wHA- + H2O 
Hfo_sOH + HA-2 + H+ = Hfo_sHA- + H2O 

80 

Hfo_wOH + HA-2 = Hfo_wOHHA-2 

Hfo_sOH + HA-2 = Hfo_sOHHA-2 
75 
 

Log(K) values  
for PFOS 
surface 
complexation 

Hfo_wOH + Pfos- + H+ = Hfo_wPfos + H2O 
Hfo_sOH + Pfos- + H+ = Hfo_sPfos + H2O 

46 
 

Hfo_wOH + Pfos- = Hfo_wOHPfos- 
Hfo_sOH + Pfos- = Hfo_sOHPfos- 

42 

Log(K) values  
for PFOA 
surface 
complexation 

Hfo_wOH + Pfoa- + H+ = Hfo_wPfoa + H2O 
Hfo_sOH + Pfoa- + H+ = Hfo_sPfoa + H2O 

23 
 

Hfo_wOH + Pfoa- = Hfo_wOHPfoa- 
Hfo_sOH + Pfoa- = Hfo_sOHPfoa- 

23 

Log(K) values  
for PFBS 
surface 
complexation 

Hfo_wOH + Pfbs- + H+ = Hfo_wPfbs + H2O 
Hfo_sOH + Pfbs- + H+ = Hfo_sPfbs + H2O 

23 

Hfo_wOH + Pfbs- = Hfo_wOHPfbs- 
Hfo_sOH + Pfbs- = Hfo_sOHPfbs- 

26 

Log(K) values  
for PFBA 
surface 
complexation 

Hfo_wOH + Pfba- + H+ = Hfo_wPfba + H2O 
Hfo_sOH + Pfba- + H+ = Hfo_sPfba + H2O 

23 

Hfo_wOH + Pfba- = Hfo_wOHPfba- 
Hfo_sOH + Pfba- = Hfo_sOHPfba- 

26 

Log(K) values for 
HA speciation 

HumateH2 + H+ = HumateH3
+ 5.71 

HumateH2 = Humate-2 + 2H+ -56.1 
H+ + Humate-2 = HHumate- 33.1 

Log(K) values for 
HA 
complexation to 
iron 

Fe3+ + Humate2- = FeHumate+ 
 

58 

Fe2+ + Humate2- = FeHumate 
 

47 

Table 1 gives an overview of all optimized model constants. The validity of these constants is limited to 
the experimental conditions as employed in the current research. The model results presented in this 
thesis were all obtained using the parameter values as presented in this table, unless it is explicitly 
specified that a value was altered. For example, the values were varied in some cases to analyze the 
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sensitivity to certain parameters. Because PHREEQC uses atmosphere as unit for the pressure of gases, 
this unit is used rather than Pascal for reporting pressures, such that the values of all constants are 
consistent with how they are included in the model.   

4.1 OPTIMIZATION OF KINETIC GAS DISSOLUTION CONSTANTS  

The pH-drop due to CO2 dissolution was very fast. At a pH around 8.5, the pH decreased rapidly due to 
the low buffering capacity of the solution. As the exact time of NaOH addition was not identical for all 
runs, there was a high variability in the data. Nonetheless, a dissolution rate was established based on 
the data and kdiss,CO2 was estimated at 0.0045 s-1, with a fit as shown in Appendix 11. From this plot, it 
could be observed that the sensitivity to the exact value was high for the calibration data fit. 
Nonetheless, the sensitivity of the final model to the exact value was relatively low, as long as the order 
of magnitude of kdiss,CO2 remained the same. Hence, the dissolution rate was assumed valid. 

The oxidation rate of Fe(II)SO4 under O2 saturated conditions fitted the experimental data very well, 
see Appendix 12. Hence, the rate law from Singer and Stumm (1970)57 and used in PHREEQC example 
9 was maintained56. It should be noted that the effect of temperature on the predicted pH is relatively 
large in an unbuffered solution, because the dissociation constant of water is temperature-dependent. 
For a temperature difference of 5 oC, the pH difference could reach 0.14 pH-units. Nonetheless, the 
agreement of the literature rate law with the experimental data was sufficiently accurate to accept the 
literature rate law as valid. Furthermore, the predicted variability in oxidation rate due to pH by Morgan 
and Lahav was reproduced well by this model55. Although there was no exact agreement between their 
predictions and the currently established model, the spread in oxidation rate at different pH values was 
similar, which is illustrated in Appendix 13.  

Finally, kdiss,O2 was established at 0.012 s-1. Again, this value should be considered as an order of 
magnitude, as the exact value was highly dependent on the pressure of the aeration system, stirring 
rate, and temperature. Nevertheless, the sensitivity of the final model to the exact rate of oxygen 
dissolution was low. In all laboratory oxidation experiments, formation of orange Fe(OH)3 precipitate 
was clearly observable within the first five minutes. This precipitation was included as an equilibrium 
step in PHREEQC, e.g. Fe(OH)3 was assumed to precipitate instantaneously when its SI exceeds 0. This 
assumption was ratified by the high stirring rate, preventing mass transfer limitations, and the constant 
supersaturation due to the continuous formation of Fe2+ and OH-. 

4.2 ELECTROCOAGULATION EXPERIMENTS WITHOUT POLLUTANTS 

Formation of orange iron hydroxide precipitate was observable during the experiments. As expected, 
the formation of hydrogen gas in the reduction of water caused gas formation at the cathode. After 50 
minutes treatment time, the formed flocs settled quickly after turning off the stirring and could easily 
be separated by filtration. Drying of the flocs was carried out on the filter paper, but this filter paper 
showed burn marks after being put in the oven. Hence, the measured weight data were corrected to 
exclude the effect of mass loss from the filter paper. Figure 7 shows the good agreement between the 
calculated mass of iron hydroxide and the measured data. The data shown are the measurements 
before oven drying, corrected for a remaining water content of 11.4%. This factor was calculated from 
the outlying measurement at 37.5 mA/cm2, because this precipitate was dried in an aluminum 
container and thus no mass loss due to burning or drying of the filter paper occurred.  
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Figure 7: Comparison of calculated mass of iron hydroxide formed with experimental results at four different current densities 
after 50 minutes of treatment.  

The outlying result at 37.5 mA/cm2 was probably due to transferring of the precipitate from the filter 
paper to the aluminum container before weighing, during which a high yield loss occurred. Possible 
explanations for the differences in the remaining measurements include loss of yield in the filtration 
steps, or a higher mass of the precipitate due to a higher remaining water content. Moreover, crystal 
water is not accounted for in the calculated Fe(OH)3 mass. Finally, small amounts of other precipitates 
are likely to form in the EC experiments as well, whereas the calculated mass was based on formation 
of Fe(OH)3 only.  

Despite these deviations, these results indicated that the model approximation of the Fe(OH)3 
formation was quite well. This was confirmed by good agreement between the mass loss of the 
electrodes after 50 minutes of treatment and the iron dissolution predicted by Faradays law, as shown 
in Figure 8. The measured mass loss was more often too high than too low, which confirmed the 
hypothesis of ferrous iron dissolution. Substituting Z = 3 in Faradays law (Equation 3) would lead to a 
lower electrode mass loss, which was not observed experimentally.  
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Figure 8: Comparison of mass loss of electrodes to predicted iron dissolution from Faradays law at four different current 
densities, all after 50 minutes of treatment time.  

The agreement between the predicted pH and the measured data is shown in Figure 9. Overall, the 
variability of the pH increased at higher current densities. This was mostly an experimental limitation, 
as the voltage was less controlled at higher currents and the pH was measured potentiometrically. Due 
to the lower level of process control and higher rates of Fe2+ and OH- formation, the pH measurement 
fluctuated strongly. Moreover, at high current densities, an initial drop in pH was observed in the 
experimental data, possibly due to alternative cathode reactions. Interestingly, an accurate agreement 
between the modelled and experimental pH data could only be achieved by increasing the previously 
checked literature rate constant for Fe(II) oxidation by a factor 60, to 8.33 * 1013 l2mol-2s-1atm-1. 

Generally, kinetic constants only depend on temperature72. However, the presented rate law (Equation 
2) is not elementary and describes a combination of processes57. The original rate constant (1.33 * 1012 
l2mol-2s-1atm-1 at 25 oC) represents Fe2+ oxidation at pH values above 4.557. It worked well in the case of 
PHREEQC example 9 and the currently presented oxidation of FeSO4, but failed to accurately predict 
the pH during electrocoagulation56. The temperature difference was not significant enough to explain 
this change in rate. Rate constants can also change when a process is catalyzed72. In the 
electrocoagulation experiments, polarization of the electrodes could lead to a change in activation 
energy for the oxidation process, which leads to a change in rate constant72. Moreover, Fe2+ ions 
adsorbed on the generated Fe(OH)3 surface can release ions more easily due to a lower transition state 
energy, hence increasing the rate constant for oxidation73.  
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Figure 9: Comparison of predicted pH vs time during EC without pollutants to measured data at current densities of (A) 6.25 
mA/cm2, (B) 12.5 mA/cm2, (C) 25 mA/cm2 and (D) 37.5 mA/cm2.  

4.3 ELECTROCOAGULATION EXPERIMENTS WITH PHOSPHATE 

As illustrated in Figure 10, the phosphate was removed within 15 minutes of treatment, which did not 
agree with the original model prediction using the literature adsorption constants. According to the 
database values, phosphate adsorption was prevented by the competition with Fe2+ for adsorption 
sites. Equilibrium constants for Fe2+ binding on Hfo surfaces were added to the Dzombak and Morel 
database by Appelo et al., after they discovered the importance of Fe2+ sorption in certain 
environments87. The continuous supply of Fe2+ from the sacrificial anode ensured a relatively constant 
concentration level of this species in the current experiments, even though oxidation to Fe3+ is 
extremely fast at high pH. Hence, Fe2+ sorption on the Hfo surface is a probable phenomenon during 
EC with iron electrodes. 

Nonetheless, it can also be expected that sorbed Fe2+ ions are oxidized to Fe3+ at a high rate. Moreover, 
it has been hypothesized that electron transfer between sorbed Fe2+ and the mineral surface may 
occur, leading to changes in the interfacial charge distribution73. These phenomena are better included 
in the CD-MUSIC model than in the classic Dzombak-Morel sorption model. Currently, the PO4

3- removal 
data were fitted by the introduction of a new surface species (Equation 12), where Fe2+ and PO4

3- are 
sorbed together at the same binding site. The sorbed Fe2+ increases the local surface charge and hence 
the binding affinity for phosphate. Introducing this surface species yielded a relatively accurate model 
result, although the initial removal and pH are not reproduced precisely.  
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Equation 12: The compound on the right-hand-side is the newly introduced surface species for phosphate binding 

Phosphate can precipitate with iron as Strengite (FePO4.2H2O), where iron is present as Fe(III), or with 
iron as Fe(II) in Vivianite (Fe3(PO4)2.8H2O). The redox conditions determine the stability of these 
minerals, and Vivianite only precipitates at highly reducing conditions. Theoretically, when the sum of 
the pe and the pH is higher than 17, Fe(OH)3 precipitation dominates and thus fixes the solubility of 
Strengite48. In the current system, the pH + pe always exceeded 17, making Fe(OH)3 precipitation 
dominant. However, as the system was also under kinetic control, coprecipitation of Strengite may 
remain possible.  

This coprecipitation of Strengite is an alternative explanation for the high phosphate removal, rather 
than adsorption on the ferrihydrite surface88. Most likely, these two processes occurred together, and 
surface precipitation of Strengite might also play a role. The currently introduced co-adsorption of iron 
and phosphate approximately mimics surface precipitation. It is probable that a more accurate model 
representation could be obtained by inclusion of these processes. Merely allowing PHREEQC to 
precipitate Strengite did not yield the desired results. More advanced attempts to find better modelling 
methods were left for further research, as it was not within the scope of the current investigation. 

The purpose of the phosphate removal experiments was to determine the accuracy of the surface site 
density. A reliable ratification of the literature values was impossible, due to the necessity of 
introducing an additional surface species for reproduction of the experimental data. As explained in 
section 2.9.1, a surface in PHREEQC is characterized by two types of surface sites. The range of surface 
densities reported in literature is between 0.001 and 0.01 mol/mol Fe for strong binding sites, and 
between 0.1 and 0.3 mol/mol Fe for weak binding sites74. Phosphate removal increased for an increased 
site density, but to obtain complete removal within 50 minutes the number of surface sites had to be 
increased unrealistically and the ratio between strong and weak sites could not be kept constant. 
Therefore, the literature values were accepted throughout this research and phosphate removal was 
represented by the introduction of an alternative surface species. 

 

Figure 10: (A) Phosphate concentration and (B) pH versus time during phosphate removal. 

FeOH0 + PO4
3- + Fe2+ Fe(III)Fe(II)PO4

0                logK = 34.94    =
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4.4 ELECTROCOAGULATION EXPERIMENTS WITH ORGANIC MATTER 

In the PHREEQC model, the humic species was assumed to be a diprotic acid. The initial pH values of 
the 30, 60 and 120 mg/l solution were 6.43 ± 0.16, 6.79 ± 0.12 and 7.126 ± 0.13, respectively. The initial 
pH values of 120 mg/L HA mixture with 108 mg/L PFOA or 115 mg/L PFOS were 4.95 and 7.00, 
respectively. The three pKa values as listed in table 1 were found from a simple optimization script that 
minimized the sum of squared errors between the modeled and mean experimental pH values of these 
HA solutions. Accordingly, initial pH values of 6.38; 6.54; 6.71; 5.45 and 6.71 were found for the 
respective scenario’s, which were deemed sufficiently close to the measured values. The UV absorption 
calibration curve, shown in Appendix 18, fitted the expected linear trend well.  

Although the UV absorption of the samples at all timesteps in experiments without HA in solution was 
essentially negligible after centrifugation, the absorption initially increased steeply in the presence of 
HA to values outside of the range calibrated for HA concentration. This made an accurate determination 
of the HA concentration in solution at these timesteps impossible, as the high UV absorption was 
caused by the presence of iron rather than a higher HA concentration. Nonetheless, an almost complete 
removal of HA was achieved at all initial concentrations and current densities, as illustrated in Figure 
11. From these data, log(K) values for the adsorption of HA on the ferric hydroxide surface were 
determined, and a relatively accurate model for the removal could be established.  

 

Figure 11: Humate removal with EC at initial concentrations of (A) 30 mg/L, (B) 60 mg/L and (C) 120 mg/L and different current 
densities. The concentration results are calculated from the UV absorption (l = 254 nm) using the calibration curve given in 
Appendix 18. Data-points are represented by error bars located at the mean value of the three runs. The error bars include the 
standard deviation in the three parallel runs, as well as the standard deviation in the three parallel runs for determination of 
the blank absorption during EC. Measurements outside the calibration range at early timesteps of 5, 10 and 15 minutes are 
excluded from the plots. 
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The initial UV absorption was approximately 0.8 and 1.6 at a concentration of 30 and 60 mg/L HA, 
respectively. As illustrated in Figure 12, this absorption increased initially, before decreasing due to HA 
removal. The initial increase can be explained by two factors. First, iron binding by humic acid increases 
its UV absorption, as explained in section 2.667. Secondly, as mentioned in section 2.5, complexation of 
humic molecules can disturb the precipitation of ferric hydroxide. Iron precipitation has been shown to 
decrease in the presence of humic acid due to stabilization of the colloidal iron particles64. If the 
absolute zeta-potential of particles is larger than 30 mV, the particles are considered stable and do not 
precipitate readily9. Which of these mechanisms was the leading cause for the high initial UV absorption 
could be evaluated based on the model results.  

 

Figure 12: UV absorption at low time steps and different current densities. Only absorption values higher than the initial 
absorption are shown for each combination of experimental parameters, so the measurements after 10 minutes for 30 mg/l at 
12.5 mA/cm2 and 60 mg/L at 25 mA/cm2 are calculated to concentrations and included in Figure 11. 

Clear trends in the measured absorption were observable, as illustrated in Figure 11. The removal was 
about twice as slow when the initial concentration was doubled. Moreover, the removal could be 
accelerated by a factor two by doubling the current density. This indicated that the removal was directly 
proportional to the amount of iron added to the solution, as this is a linear function of both time and 
current density. Remarkably, the UV absorption at low timesteps also approximately doubles for a 
doubling of the current density and the initial concentration. Appendix 16 shows that initially, the 
average surface charge as well as the total surface and the total charged surface only depended on the 
current density, and not on the initial HA concentration. Hence, this increased UV absorption was most 
likely not caused by destabilization of iron hydroxide flocs, but by iron binding of the humic substances. 
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Figure 13: Total number of moles of iron-bound humate over time in EC with HA removal at different current densities and 
initial HA concentrations.  

Figure 13 shows the amount of iron-bound humate over time in the EC experiments, according to the 
model. Based on the introduced association constants of ferrous and ferric iron with humate, it could 
be observed that initially, the HA indeed complexed with iron at low timesteps. After 15 minutes, 
however, all the humic acid is bound to the ferrous hydroxide surface and hence the absorption of 
centrifuged samples decreases. This confirms the hypothesis that the increased absorption was most 
likely indeed caused by iron binding to the HA, although destabilization of the flocs might still play a 
role. Notably, the results are highly dependent on the assumed molar mass of HA and the complexation 
constants, hence these variables should be verified. For the purposes of this thesis, accurately 
representing the removal rate sufficed, so this was deemed outside the scope of the current research. 

An attempt to verify the results based on the UV absorption was established using the TOC 
measurements over time. In untreated samples, the TOC concentration corresponded linearly with the 
humic acid concentration, as was expected. This phenomenon is illustrated in Appendix 17 and 
indicated a mean mass-based carbon content of 36% in the humic acid. Figure 14 plots the determined 
TOC concentrations of the EC samples. In all runs, the measured TOC concentration decreased over 
time after the measurement at 5 minutes. Initially, the variation in the results is very high. However, as 
the removal progresses, the variation decreased steeply.  

The initial concentrations of runs 1 and 2 at 12.5 mA/cm2 shown in Figure 14 are the average of the 
centrifuged and uncentrifuged concentrations. No clear effect of centrifugation could be determined, 
as the centrifuged concentration was higher in one case, but lower in the other. A second attempt to 
determine TOC concentrations over time yielded similar results, with equally high variability. Despite 
the poor data quality, these measurements indeed verify the efficiency of EC towards humic acid 
removal, as the final TOC concentration measurements were all below the detection limit. No 
conclusions can be drawn on the initial removal due to the high variability between the runs.  
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Figure 14: TOC measurements of EC samples during HA removal. The error bars indicate measurements below the limit of 
detection (5 mg/l). 

In summary, due to experimental limitations, only the time required for complete removal of the humic 
acid could be determined. Accurate concentrations during the removal phase could neither be 
determined with UV spectrometry, nor with TOC measurements. Nonetheless, the time for total 
removal could be estimated relatively accurately with both methods. This required treatment time was 
proportional to the initial HA concentration and inversely proportional to the applied current density, 
as visible from Figure 11. These linear trends were reproduced very accurately by the model, indicating 
that the main mechanism for HA removal was indeed electrostatic adsorption. 

4.5 ELECTROCOAGULATION EXPERIMENTS WITH PFAS 

Concentrations of all PFAS in the blank sample were negligible. The concentrations of PFBA, PFBS, PFOA 
and PFOS in the samples that were tested to assess the effects of dilution, with dilution factors of 2 and 
10, are given in Appendix 9. The concentrations calculated by multiplying the measured concentration 
in the diluted samples with the corresponding dilution factor are given in Appendix 10. From these 
calculated PFAS concentrations, the mean deviations from the concentrations measured in the 
undiluted samples were calculated as a percentage. These deviations are given in Appendix 10 and 
indicate the uncertainty due to dilution of the samples. As the deviation was different for each PFAS 
type, it was not due to measurement errors in the dilution steps. However, it should be noted that the 
solution was assumed to be homogeneous for all PFAS. 

The absolute deviation between the PFOS concentration calculated from the diluted samples and the 
measured concentration in the undiluted samples was below 5 % for both dilution factors. This low 
deviation indicated that the effect of dilution on the PFOS measurements was small. For PFOA, PFBS 
and PFBA, absolute differences of at most 11.5, 9.1 and 18.6 % were found. Although the order of 
magnitude of the concentration measurements was thus correct, dilution may introduce a relatively 
large uncertainty in the concentration determinations for these species. This uncertainty should be 



PFAS REMOVAL FROM LEACHATE WATER USING ELECTROCOAGULATION   S.J. SMITH 

 41 

considered when evaluating the concentration results of these PFAS species. In all cases, the 
concentrations calculated from 10 times diluted samples were lower than those measured in the 
undiluted solution. 

4.5.1 EC with PFOA 

Whereas the flocs formed in EC without pollutants or EC with HA settled relatively quickly after the 
experiments, the flocs formed in the presence of PFOA floated on top of the solution. This could make 
the separation of flocs on an industrial scale problematic, but the flocs could still be settled by 
centrifugation. The UV absorption (254 nm) of all diluted centrifuged samples was negligible. In contrast 
to the literature conclusions, no significant PFOA removal was observed in the current experiments. 
Yang et al.4 reported a removal of approximately 90% after 50 minutes treatment at 25 mA/cm2, but 
the data in this thesis showed an approximate removal of at most 17%, see Figure 15. The removal and 
pH (Figure 16) could be reproduced well by the model with log(K) values for PFOA adsorption as 
reported in Table 1.    

Explanations for the different results as compared to the literature were difficult to find. Aeration was 
not included in the experiments of Yang et al.4, but similar results were obtained in additional 
experiments without aeration (data not shown). The stirring rate was controlled less accurately in the 
current set-up, but the high removal of PO4

- and humate indicated good circumstances for coagulation 
and flocculation. Finally, Yang et al. used filtration rather than centrifugation to separate the flocs. They 
reported a negligible adsorption of PFAS in the used filters, so the difference between the methods 
should be unimportant. Industrially, centrifugation is a common method for post-treatment of EC 
effluent40. 

 

Figure 15: Results of PFOA removal experiments, model prediction and experimental data. 

The variability in the concentration data was very high. As the initial concentrations were relatively 
close together, the variation in results originated from the EC treatment. The EC process is relatively 
uncontrolled, because small changes in experimental conditions cause large differences in pH or 
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Fe(OH)3 precipitation. An additional error source was formed by the dilution of the samples. Moreover, 
the instrument calibration was for samples with significantly lower PFAS concentrations, requiring 
additional dilution before the measurements. Altogether, this created a high level of uncertainty. 
Nonetheless, the lack of samples with decreased concentrations ratified the conclusion that significant 
removal of PFOA did not occur under the current experimental circumstances.  

 

Figure 16: pH vs time during PFOA removal experiments at current densities of (A) 12.5 mA/cm2 and (B) 25 mA/cm2. 

4.5.2 EC with PFOS 

The flocs formed in EC with PFOS settled relatively easily after the experiments and the UV absorption 
(254 nm) of all diluted centrifuged samples was again negligible. The initial pH of the PFOA solution was 
low, since PFOA was dosed as an acid. Because PFOS is added as potassium salt, the initial pH was 
around 5.5 and thus similar to that of demineralized water. Accordingly, the increase in pH was less 
steep during PFOS removal than during PFOA removal. Except for these differences, no clear 
distinctions were observable during the experiments.  

The PFOS removal started fast but stagnated around 72% after five minutes. This indicates that there 
was a change in binding affinity to the flocs, possibly because of the increased pH or a changed zeta-
potential. Alternatively, it suggests another mechanism of PFOS removal than adsorption. In the current 
model, it was not possible to reproduce these experimental results. Although the predicted pH 
development was again relatively accurate, the removal continued to 100% rather than stagnating after 
five minutes. In EC, the number of surface sites increases linearly over time, due to the continuous 
precipitation of Fe(OH)3. Despite the less favorable adsorption at increased pH, this rapid formation of 
new surface sites should cause a continued removal. The lack of such a dose-response relationship 
implied the likeliness of an alternative removal mechanism.  
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Figure 17: Results of PFOS removal experiments, model prediction and experimental data. 

The mean initial concentration of all the runs with PFOS was 115.3 mg/L, hence this concentration was 
used for calculating the removal. At 12.5 mA/cm2, the mean final removal was 72.7% (83.8 and 63.6 for 
run 1 and 2, respectively). At 25 mA/cm2, the mean final removal was 81.1% (80.2 and 81.9, 
respectively) after fifty minutes of treatment. Similar to the results for PFOA, this differed from the 
literature values of approximately 80 % and 99 % removal at 12.5 mA/cm2 and 25 mA/cm2, 
respectively4. Also the behavior of the removal was different, since in literature the removal continued 
over time, while in the current results no significant further removal occurred after the first five minutes 
of treatment. Interestingly, a very recent research using PREC with Al-Zn electrodes also showed steep 
PFOS removal within 5 minutes of treatment51.   

 

Figure 18: pH vs time during PFOS removal experiments at current densities of (A) 12.5 and (B) 25 mA/cm2. 
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The sensitivity of the predicted removal to the exact values of the log(K) constants was low. For a log(K)2 
and log(K)3 between 40 and 50, the predicted removal was identical, as illustrated in Appendix 14.  
Conversely, the predicted pH largely depended on the ratio between log(K)2 and log(K)3. If log(K)2 was 
higher than log(K)3, H+ ions are consumed in the adsorption reactions. This resulted in an initially 
strongly increased pH, that decreased again over time. The magnitude of this pH peak increased for a 
larger difference between the two log(K) values. A pH peak was observed in the experimental results 
with humic acid, as will be illustrated in section 4.6.2 and Figure 21. Therefore, the currently chosen 
log(K) values also lead to a small peak. Appendix 14 illustrates which adapted log(K) values represent 
alternative pH behavior.  

4.5.3 EC with PFBS and PFBA 

Figure 19 summarizes the results of the simultaneous removal of PFBS and PFBA. The experimental 
results obtained for the PFBS and PFBA concentrations were implausible for three reasons. First of all, 
the aimed initial concentrations were 33 and 46 mg/L for PFBA and PFBS, respectively, whereas the 
measured concentrations were 92.5 and 127.5 mg/L. This difference of a factor three was too extreme 
to be caused by a measuring error during addition of the PFAS. Secondly, for one of the samples, very 
different concentrations were determined by Eurofins after reanalysis. First, concentrations below the 
detection limit of 0.2 mg/L were reported, but the reanalysis found concentrations of 38.5 mg/L PFBS 
and 26.5 mg/L PFBA. For the other samples, insufficient sample volume remained to reanalyze them.  

 

Figure 19: (A) PFBS and (B) PFBA concentrations and (C) pH during PFBA and PFBS removal experiments. The current density 
was 25 mA/cm2 and all other experimental conditions were as before. 
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Finally, the removal would behave very inexplicably if these results are correct, as illustrated in Figure 
19. In the first five minutes, the concentration of PFBA and PFBS decreased by approximately 50 %. 
Hereafter, it was constant until 30 minutes of treatment time. During the final 20 minutes, the removal 
then almost reached completion. If the measured results are correct, a mean removal of 96 % was 
reached for both PFBS and PFBA. However, it is deemed more probable that the initial and final 
concentration measurements were incorrect, and there was no significant removal at all. Repetition of 
these experiments is needed to verify the obtained results. Presently, these results were deemed too 
unreliable to be further included in the current research. Hence, all forthcoming conclusions will be 
based exclusively on the results for PFOS and PFOA removal.  

The dilution factor applied to the sample at time 0 was 25, and that for the samples at times 5, 15 and 
30 min was 10. The final sample was sent in undiluted. However, during the analysis stage at Eurofins, 
the samples were diluted further to obtain concentrations within the detection range of the analytical 
equipment. It was expected that Eurofins diluted the final sample more than the intermediate samples, 
and the initial sample less, to obtain concentrations within this detection range. However, possibly they 
erroneously applied their dilution factor used for the intermediate samples in the calculation of all of 
the reported concentrations. This would explain the inexplicable removal behavior, as well as the high 
reported initial concentrations. Because insufficient sample material remained, this hypothesis was 
impossible to verify, and these results were omitted from any further conclusions.  

The experimental data could not be represented accurately by the current model. The pH prediction 
by PHREEQC matched the results significantly better when considering the aimed initial concentrations, 
instead of the measured ones. Accordingly, the aimed initial concentrations were used for the model 
prediction. Various different combinations of log(K) values for the adsorption reactions yielded similar 
removal results. As the removal of PFBS and PFBA was tested simultaneously, the log(K) values for one 
of the species also affected the removal of the other. Moreover, which sorption species was dominant 
for each PFAS type could not be determined. Because the reliability of the experimental data was 
deemed uncertain, no elaborate attempts to improve the model fit were carried out.  

4.6 ELECTROCOAGULATION EXPERIMENTS WITH ORGANIC MATTER AND PFAS: 

COMPETITION ASSESSMENT 

4.6.1 PFOA with HA 

The UV absorption results indicated no significant influence of the presence of PFOA on the humic acid 
removal. Humic acid was still removed at the same rate as without PFOA in solution, and complete 
removal was achieved after 15 minutes of treatment. Interestingly, the final TOC concentrations (6.2 
and 11 mg/L) were not in agreement with the final PFOA concentrations of 120 and 100 mg/L. The TOC 
content of PFOA is around 23 %, so TOC concentrations of at least 23 mg/L would be expected at these 
PFOA concentrations. If there is also still any HA remaining, the measured TOC concentrations should 
be even higher. In literature, a good correlation between TOC removal and PFOA degradation by 
gamma-ray irradiation was shown, indicating that TOC should indeed include PFOA89. 
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Figure 20: Results of simultaneous HA and PFAS removal. (A) PFOS removal with HA; (B) PFOA removal with HA; (C) HA removal 
with PFOS; (D) HA removal with PFOA. The HA concentration results are calculated from the UV absorption (l = 254 nm) using 
the calibration curve given in Appendix 18. Data-points are represented by error bars located at the mean value of the three 
runs. The error bars include the standard deviation in the three parallel runs, as well as the standard deviation in the three 
parallel runs for determination of the blank absorption during EC. Measurements outside the calibration range at early 
timesteps of 5, 10 and 15 minutes are excluded from the plots. All tests were carried out at 25 mA/cm2, with all other conditions 
as before. 

TOC determination was performed by the complete oxidation of the acidified sample and determining 
the amount of CO2 formed. From the amount of CO2, the TOC concentration of the sample can be 
calculated using a calibration curve90. If the oxidation method used does not fully oxidize all PFAS in 
solution, the resulting TOC concentration is too low. As PFAS are notably difficult to oxidize fully, this is 
a probable explanation for the disagreement between the TOC and PFAS results. Measuring the TOC 
concentration of PFOA and PFOS solutions with known concentrations in duplicate also gave 
inconclusive results, confirming that not all PFAS was included in the TOC measurements. For PFOA, 
approximately 20% of the TOC was measured (19.1 % and 22.3 %, respectively). For PFOS, this was 36 
% (32.6 % and 39.3 %, respectively).  

If 20 % of the final PFOA concentration was measured as TOC in these experiments, that would lead to 
TOC concentrations of 5.2 and 1.4 mg/L originating from humic acid. These results are highly 
speculative, because it remains uncertain which fraction of PFOA is included exactly in the TOC results. 
Nonetheless, it confirmed that significant HA removal occurs, as the initial TOC concentration was 
roughly 43 mg/L. Therefore, it is reasonable to conclude that HA removal was indeed unaffected by the 
presence of PFOA as co-solute.  
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Figure 21: pH during simultaneous removal of HA with (A) PFOS and (B) PFOA. The current density was 25 mA/cm2 and all other 
parameters were as before. 

The model predicted no PFOA removal, due to the competition for adsorption sites by HA. The data 
also showed low removal of PFOA, although the variability between the results was again high. This 
made drawing reliable conclusions from the laboratory data difficult. Moreover, the measured initial 
concentration was much higher than that of all other PFOA runs. The initial concentration was only 
measured once, rather than in duplicate. If this concentration is accurate, removal of PFOA did occur. 
However, the initial PFOA concentration was close to 108 mg/L in all other tests, so this initial 
concentration measurement is probably incorrect. The pH prediction was relatively accurate, although 
the initial pH was slightly off. This was probably due to the inaccurate definition of the humic acid 
species in the model database. 

4.6.2 PFOS with HA 

In contrast with PFOA, the presence of PFOS affected the removal of humic acid. In all other tests with 
120 mg/L HA at 25 mA/cm2, almost complete removal of HA was achieved within 15 minutes. In the 
presence of PFOS, however, the UV absorption remained very high. Determination of an accurate HA 
concentration was impossible, because complexation with iron occurred and the UV absorption 
exceeded the calibrated range. Nonetheless, this indicated that PFOS was removed preferentially to 
humic acid and competed with HA for the adsorption sites, which was confirmed by the unaffected 
initial PFOS removal. The final PFOS concentration was slightly higher than in the experiments without 
HA, corresponding to a mean removal of 70.4 % rather than 81.1 %. 

The presence of PFOS thus impeded HA removal, whereas the removal of PFOS was relatively 
unaffected by HA as co-solute. If adsorption is involved in the removal of PFOS, this indicates that the 
sorption of PFOS was more favorable than that of HA. However, the initial TOC concentration of the 
sample associated with HA was only approximately 43 mg/L. The TOC concentration in all real leachate 
samples tested varied between 51 and 470 mg/L. Thus, higher concentrations of HA must be tested to 
assess the generalizability of this more favorable PFOS sorption. Moreover, it should be determined 
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whether the slightly increased remaining concentration of PFOS was due to the presence of HA, or due 
to the normal variability in the final concentration.  

The final TOC concentrations for runs 1 and 2 were 4.8 and 4.3 mg/L, respectively. The TOC content of 
PFOS is 19.2 % by mass, and the final PFOS concentrations were 31 and 37 mg/L. Assuming that 36% of 
the PFOS TOC is included in these measurements, see section 4.6.1, the final TOC concentrations 
originating from HA were 2.7 and 1.7 mg/L. It should again be noted that the uncertainty in these values 
is high, but they indicated that HA removal was successful, despite the retardation effect caused by the 
presence of PFOS. 

Although the trend in pH was reproduced by the model, there was a difference of about 1 pH unit. The 
pH behavior was different from other experiments. A clear maximum in pH was reached, after which 
the pH decreased again. This is probably explained by the change from PFOS removal to HA removal. 
The model results clearly indicated that HA removal only occurs after significant PFOS removal. 
Moreover, competition for adsorption sites with Fe2+ occurred. Adsorption of Fe2+ increased once HA 
and PFOS adsorption have stabilized, resulting in a slowly decreasing pH due to H+ release. The 
magnitude of this pH peak strongly depended on the ratio between log(K)2 and log(K)3 for the different 
surface species related to PFOS adsorption, as explained in section 4.5.2.  

4.7 EFFECT OF PH ON SURFACE CHARACTERISTICS  

The most apparent explanation for the constant PFOS concentration after an initial fast removal phase 
is a prohibited further removal by the increased pH. At a high pH, the surface charge of the binding 
sites may change from positive to negative, thereby preventing further PFOS sorption. To test this 
hypothesis, the modelled surface composition as it remained after 50 minutes treatment was 
equilibrated with solutions at different pH values. The surface without pollutants, as well as with PFOS 
and PFOA were simulated and the surface charge and corresponding potential were plotted versus pH, 
as shown in Figure 22. The remaining PFAS concentration after equilibration was also plotted for each 
pH value.  

The surface charge of the Fe(OH)3 flocs formed without pollutants indeed decreased for higher pH, but 
only dropped below zero for a pH above 11. The pH in the PFOS removal experiments only increased 
from 5.6 to approximately 7. With the currently defined binding constants, the surface was negatively 
charged in the presence of PFOS and PFOA at all pH values exceeding 2. This was due to the binding of 
these compounds, which leads to a decreasing surface charge. Theoretically, PFOA binding was strongly 
favored at low pH, resulting in lower surface charges for decreasing pH. However, in practice Fe(OH)3 
dissolves at low pH, so this is of limited applicability. PFOS was fully removed at all pH values with the 
currently defined binding constants. Decreased binding constants lead to incomplete removal at 
increasing pH but could not represent the initial fast removal (data not shown).  



PFAS REMOVAL FROM LEACHATE WATER USING ELECTROCOAGULATION   S.J. SMITH 

 49 

 

Figure 22: (A) Final surface charge, (B) surface potential (y), (C) final PFOS concentration and (D) final PFOA concentration 
versus pH. y is the surface potential as used in Equation 5 for the calculation of the activity corrections.  

4.8 CHANGES IN THE LINEAR/BRANCHED PFOS RATIO DURING TREATMENT 

PFOS exists mostly in the linear form, where all non-terminal carbon atoms are attached to only 2 other 
carbons. However, branched isomers also exist and were detected in the artificial wastewater. The 
results so far were all summations of the branched and linear isomer concentrations. The ratio between 
these two isomers was expected to remain constant, unless one isomer is removed preferentially. For 
preferential removal of the linear isomer, the ratio linear/branched was expected to decrease over 
time. A decreasing ratio was observed in the experiments, but the trend was not entirely as expected 
from the concentration determinations. In all experiments, the total PFOS concentration decreased 
steeply in the first five minutes, as did the linear/branched ratio. Then, both the concentration and the 
ratio were relatively constant until 30 minutes. Whereas the concentration did not decrease 
significantly at 50 minutes, the ratio decreased further. 
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The decrease in linear/branched ratio was clearly not linearly related to treatment time, but neither 
was the removal. However, the ratio was also 
not merely correlated with the removal 
extent. Instead, the dilution factor of the 
samples seems to be important for the 
linear/branched ratio, as illustrated in Figure 
23. All samples at time 0 were diluted 20 
times, and all final samples were sent in 
undiluted. The samples at intermediate times 
were all diluted 10 times. The large difference 
between the initial ratio and that during 
treatment could be due to preferential 
removal of linear PFOS, but the difference 
between the intermediate and final samples 
remains unexplained. This could indicate that 
the integration of the mass spectrometry 
peaks corresponding to linear and branched 
PFOS is erroneous.  

For all wastewater samples, the UV absorption as well as the TOC concentration clearly decreased over 
time, as illustrated in Figure 24 and Appendix 19. The decrease in UV absorption is due to removal of 
other compounds than PFAS, as PFAS is not UV-active. Both results showed a high level of 
reproducibility between the runs, indicating that EC is a reliable treatment method for TOC and color 
removal. The UV absorption most likely originates from organic matter, as especially aromatic 
compounds are known to be highly colored.86 However, also the presence of metals may lead to UV 
absorption. PFAS were not UV active, so the decrease in UV absorption is not related to PFAS removal.   

The Nauerna influent and effluent as well as the Zeeasterweg 5 samples became a light orange 
suspension during treatment. The light orange color is probably explained due to the mixed formation 
of white CaCO3 (lime) and orange Fe(OH)3. The Zeeasterweg 8 sample turned black within the first five 
minutes of treatment, but the color decreased to a light brown over time. Lime formation was 
observed, and a dense foam formed on top of the liquid. The final precipitate was very difficult to 
remove from the reactor walls and the electrodes, possibly making EC a less useful treatment technique 
for this wastewater.    

Figure 23: Ratio of linear:branched PFOS. A dilution factor of 1 
corresponds to all final samples, a dilution factor of 10 to all samples 
at time 5, 10, 15 and 30 minutes, and a dilution factor of 20 to the 
initial concentration determinations. 
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Figure 24: UV absorption over time during EC treatment of real wastewater. All tests were performed at 25 mA/cm2, with all 
other conditions as before.  

All measurable PFAS concentrations over time during EC treatment of the real wastewater samples are 
given in Appendix 20a-d. Only the species that were present at a detectable concentration in at least 
one sample are shown. For PFOS and PFOA, it is likely that external pollution occurred during the 
treatment. Their concentrations fluctuated strongly and sometimes even increased with treatment 
time. PFAS are known to adsorb to glass, and although all material was thoroughly rinsed with 
demiwater before use, traces of PFOA and PFOS were probably still present in the reactor vessel or 
measurement equipment. Except for traces of PFBA in the Nauerna effluent, no other PFAS were 
detected at quantifiable levels in the Nauerna water samples, so no statements on PFAS removal can 
be made. 
 
Perfluorobutanesulfonylamide(N-methyl)acetate (MeFBSAA) was detected in both the Zee. 5 and Zee. 
8 wastewaters. Although the results are inconclusive, concentrations were seen to decrease in some of 
the runs, indicating that EC could be a suitable treatment technique for this compound. However, 
further tests are needed to achieve reproducibility and confirm the removal. Perfluoropentanoic acid 
(PFPeA) and PFBS were also detected in Zee. 8 water, but except for negligible concentrations in the 
final sample of run 1, no significant removal was detected for either.  

The results of the experiments with Zee 5. water spiked with PFOA, PFBS and PFBA (Appendix 21, Figure 
25) were clearer. Interestingly, Perfluoroheptanoic acid (PFHpA) and Perfluorohexanoic acid (PFHxA) 
were detected in these samples, although they were not in the unspiked Zee. 5 water.  These 
compounds were removed during treatment, but the variability between the runs was high. Conversely, 
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the results for the samples with added PFAS were relatively similar for both runs. For all compounds, 
the removal was highest after five minutes of treatment (23.3 %, 24.7 % and 26.0 % for PFBA, PFOA 
and PFBS, respectively), after which the concentration increased again. This is in accordance with the 
earlier results for PFOS removal, where most of the removal was reached in the first five minutes. The 
difference in pH results was partly due to the withdrawal of relatively high sample volumes, which 
skewed the results.  

 

Figure 25: (A) PFAS concentrations, (B) pH and (C) UV absorption versus time during the treatment of Zee. 5 leachate with 
PFOA, PFBS and PFBA added before treatment. The current density was 25 mA/cm2 and all other conditions were as defined 
previously. 

The final TOC concentrations were 66 and 68 mg/L. This was higher than the initial TOC concentration 
of the unspiked Zee. 5 water, which was 51 mg/L. Initial concentrations of the spiked water were not 
measured, and neither were the detected fractions of TOC originating from PFBS and PFBA. Based on 
a TOC content of 23.2, 16.0 and 22.5 % for PFOA, PFBS and PFBA, respectively, the expected final TOC 
concentrations originating from PFAS were 41.4 and 40.6 mg/L. As it is not certain what percentage of 
this TOC is detected by the measurement technique, no definite conclusions on the TOC removal can 
be drawn. Comparing Figure 24 to Figure 25 shows that the decrease in UV absorption is slightly less 
for the spiked Zee. 5 water, but also this difference is not significant.  
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4.9 MODEL UNCERTAINTIES 

4.9.1 Determination of CO2 and O2 dissolution rates 

Naturally, the determined kinetic constants depend heavily on experimental conditions such as stirring 
rate and the shape of the flask. The pressure of the aeration system was also an important variable, 
which was not controlled very accurately in the current research. Therefore, the determined values 
should be considered to give an order of magnitude only. Although the pH predicted by the final 
electrocoagulation model was sensitive to these values, the sensitivity of the removal prediction was 
lower. Hence, for the purpose of modelling removal efficiencies over time, these gas dissolution rates 
are not very relevant as long as oxygen is non-limiting.  

4.9.2 Equilibrium versus non-equilibrium processes 

PHREEQC is a very useful program for calculating equilibrium compositions of aqueous solutions, but 
including kinetic processes is less straightforward. All calculations in PHREEQC are based on equilibrium, 
except if kinetic rate laws are explicitly included. In the current model, kinetics were only included for 
the addition of iron based on Faradays law, the dissolution of CO2 and O2 and the oxidation of Fe(II) to 
Fe(III). Hence, processes like precipitation and adsorption were allowed to go to their equilibrium state 
immediately, without kinetic limitations. For precipitation, the kinetics were probably mostly relevant 
in the beginning of the treatment, when the supersaturation with respect to Fe(OH)3 was not extremely 
high yet.  

For adsorption, the relevance of kinetic limitations was less clear. The solution was continuously stirred 
and aerated, which minimized mass transfer limitations. Nonetheless, concentration gradients were 
expected to exist on the molecular scale near the Fe(OH)3 surfaces. Concentration differences were 
also expected in the vicinity of the electrodes. Continuous formation of Fe2+ and OH- takes place at the 
anode and the cathode, respectively. Although the solution was stirred, it remained probable that most 
Fe(OH)3 still precipitated in this region, where the PFAS concentration might be different than the bulk 
concentration. If generalizable adsorption parameters are required, exclusion of these effects from 
their calibration is necessary.  

The manually defined adsorption log(K) constants currently include these kinetic effects, as they were 
defined based on data that included kinetic processes. Hence, the adsorption constants are not 
expected to apply outside the currently defined system. Moreover, complexation of PFAS to iron in 
solution is ignored in the present model. As these molecules are oppositely charged, their complex 
formation is to be expected, but the extent of complex formation is unclear. Inclusion of accurate 
binding equations may lead to different adsorption constants that fit the data. The same holds for 
micelle formation of the PFAS molecules. Overall, more laboratory experiments under varying 
circumstances are needed to determine the log(K) values more accurately. 

4.10 EXPERIMENTAL UNCERTAINTIES 

4.10.1 Determination of Humate concentration 

Determination of the humic acid concentration based on the UV absorption could only be performed 
reliably after almost complete removal of the humic acid, because iron complexation changed the 
absorption curve. Nonetheless, these results proved equally valuable as the TOC measurements, 
because the variability of the TOC measurements was very high. The variability in UV absorption of the 
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samples outside the calibration range was actually very low, so this was most likely an analytical 
limitation. According to the NeN norms used for the determination of TOC, the standard intralaboratory 
variability is at most 5.5 %90. The current variability exceeded this uncertainty. However, both the TOC 
and the UV results indicated that the time needed for complete removal increases linearly for 
increasing initial concentration or decreasing current density, which was represented accurately by the 
model.  

4.10.2 Inconsistencies in PFAS concentration results 

An important limitation in the current research was the outsourcing of the PFAS- and TOC analyses to 
Eurofins laboratory. Although their professionalism is beyond dispute, in-house analyses remain 
preferable, since the time between sample collection and analysis can be minimized. The waiting time 
could currently reach up to four weeks, hence adapting the research methods to unexpected results 
was impossible. Finally, observing and managing inconsistencies during analysis was impossible with 
outsourced analyses, as was re-doing a certain analysis. Inconsistencies in the determined PFBS and 
PFBA concentrations were already outlined in section 4.5.3. The three most relevant remaining 
uncertainties related to the PFAS concentrations received from Eurofins will be elaborated upon below.  

First, the initial PFAS concentrations measured by Eurofins varied widely between some of the runs, 
even though the solutions were made by diluting the same stock solution. The stock solutions were 
stirred before the dilution, so concentration gradients within the stock should be negligible. The 
solubility of PFOA far exceeded the concentration in the stock solution, so the initial PFOA 
concentration was expected to be constant between the runs. This expectation was true for all runs, 
except for the tests with PFOA and HA. Since the PFOA concentration in the solution with PFOS and HA 
was negligible, the high PFOA level did not originate from the HA. Hence, it was deemed a measurement 
error and the removal was calculated based on the expected initial concentration. 

The PFOS potassium salt was very hygroscopic and thus difficult to dissolve, leading to the possibility of 
an inhomogeneous stock solution. The high variability in the measured initial concentrations could thus 
be accurate. Nonetheless, the model predictions and calculated removal rates were based on the 
expected initial concentration, as the initial concentrations remain uncertain. Moreover, the stock 
concentration exceeded the solubility of the PFOS potassium salt, so all PFOS should have been 
dissolved. The variability in concentration level of the treated samples between the runs was small in 
most cases. Nevertheless, these results should be treated with caution, as the removal might be higher 
or lower than stated if the initial concentration was in fact different. 

A second complication was the inconsistency between the TOC and PFAS concentration measurements. 
As mentioned in section 4.6.1, the TOC measurements did not include the TOC originating from PFAS 
completely, implying that either the TOC or the PFAS results were wrong. It is assumed that the TOC 
measurements were incomplete, since the measured TOC level of solutions with known PFAS 
concentration were also too low. The reasoning behind this assumption was discussed in more detail 
in section 4.6. However, it is also a remote possibility that all measured PFAS levels were incorrect. This 
hypothesis is less likely, because the initial concentrations measured for PFOS and PFOA were in the 
range of the expected values, as were the results of the diluted PFAS stock solution. 

Thirdly, the change in ratio between the branched and the linear form of PFOS was also difficult to 
explain, as discussed in section 4.8. A correlation between this ratio and the applied dilution factor was 
found, which indicated that the dilution steps may have introduced a significant uncertainty. However, 
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the effect of dilution on the linear/branched ratio was not observed for the results of the diluted stock 
solutions (Appendix 9). Possibly, the large change in ratio after 5 minutes of treatment was thus merely 
caused by a preferential removal of the linear isomer. Then, the change in ratio after 30 minutes of 
treatment was part of the natural fluctuations in this ratio, as no significant further removal was 
observed after this time.   

4.11 IMPLICATIONS OF RESULTS 

First of all, the presented results suggest that PFOS is removed more efficiently than PFOA under the 
examined conditions. PFOS is a slightly larger molecule than PFOA, as can be seen from Figure 1. This 
larger size could contribute to the improved removal, due to an increased attraction between the PFOS 
molecule and the flocs. However, as Yang et al. suggested electrostatic adsorption to be the main 
mechanism of removal4, it is more probable that the difference in removal efficiency originates from 
the lower pKa value of PFOS as compared to PFOA, caused by its different headgroup. It should be 
noted that Yang et al. also reported a significantly higher PFOA removal than was found in the current 
research4, so the lower pKa value may not be a complete explanation for the difference in removal. 

Another important implication of all aforementioned results is that the mechanism of PFOS removal is 
probably not strictly limited to electrostatic adsorption. Reproducing the fast initial removal was only 
possible with high equilibrium constants for adsorption on the Hfo surface. However, stagnation of the 
removal after five minutes indicates that these high binding constants cannot be accurate. 
Appropriately decreasing the log(K) values lead to an accurate prediction of the final concentration, but 
not of the initial removal. An alternative removal mechanism consists of coprecipitation of PFOS, e.g. it 
is incorporated in the initially formed Fe(OH)3 flocs. Alternatively, charge neutralization of PFOS 
molecules by the formed iron ions could lead to their aggregation and direct precipitation.  

The occurrence of a different mechanism of PFOS removal would also explain the low impact of humic 
acid as co-solute, since competition for the adsorption sites is irrelevant if PFOS is not electrostatically 
adsorbed. However, the humic acid removal fits the electrostatic adsorption model well, as shown by 
the linear decrease of the removal time for an increasing current or decreasing initial concentration. 
The retardation of humic acid removal in the presence of PFOS was fittingly explained by the 
involvement of competition for the adsorption sites. Accordingly, electrostatic adsorption of PFOS 
would be involved in the removal process. Alternatively, the presence of PFOS prohibits the removal of 
HA through another mechanism. 

Including different forms of precipitating iron-PFOS species in the model was possible and lead to the 
experimentally observed final equilibrium concentration remaining in solution. The level of this 
equilibrium concentration depended on the equilibrium constant, as well as on the exact definition of 
the species. However, the initial removal was still not as fast as observed in the laboratory data. 
Moreover, high equilibrium constants were again needed to overcome the dominance of Fe(OH)3 
precipitation. Combinations of the different removal mechanisms could also be incorporated but lead 
to many different unknown parameters for which optimization is necessary. As independent datasets 
were not available for the optimization of all parameters, this was excluded from the current research. 

An alternative explanation for the disagreement between the model and experimental results is the 
occurrence of a mass transfer limitation. As mentioned in section 2.7, the cell potential and current 
intensity suffice for accurate representation of the process rate in EC systems limited by overpotential. 
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Currently, the model only includes these variables in its parameterization of the EC procedure. The 
simulated results for EC without pollutants, EC with HA removal and EC with PFOA removal matched 
the experimental data well. Hence, it could be hypothesized that these systems were indeed limited by 
overpotential and mass transfer limitations were negligible.   

Conversely, the PFOS removal was not represented well by the model. Section 2.7 also described the 
necessity of including the Nernst-Planck equation (Equation 4) to parameterize EC limited by mass 
transfer in the boundary layers of the electrodes. Optionally, a detailed inclusion of this equation would 
indeed yield better model results. Most probably, the system was initially limited by overpotential, 
causing the fast initial removal phase. At a given moment hereafter, mass transfer limitations may have 
developed in the vicinity of the electrodes, thereby significantly slowing down any further removal. A 
detailed description of the ion flux near the electrodes would be needed to represent this 
phenomenon. Prior to complicating the model by the inclusion of this limiting equation, tests at lower 
current intensity could be carried out to decrease the overpotential and see if the limiting process is 
indeed altered.   
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5. CONCLUSION 
The first aim of the present research was to investigate the effect of organic co-solutes on the removal 
of PFAS using electrocoagulation with iron electrodes. The second objective was to simulate this 
process in a computational model. In this chapter, the core findings are briefly repeated and their 
implications are discussed. The chapter also serves to reflect on the position of the presented work 
within the current state-of-the-art. Moreover, for both research goals, the extent of their realization 
will be substantiated. Finally, suggestions for improvement and recommendations for further research 
are listed and discussed.   

One of the major results of this research was that it did not confirm the high PFAS removal efficiency 
as observed in previous studies. In general, therefore, the results opposed the high effectiveness of 
electrocoagulation as a treatment technology for PFAS removal.  Specifically, the robustness of the 
treatment was refuted, as the differences in experimental conditions between this work and the work 
of Yang et al.4 were small, but their results were not reproduced. These differences in results indicated 
that the treatment efficiency is sensitive to changes in certain process conditions, such as the aeration 
rate or the method of floc separation. Taken together, these findings have significant implications for 
the implementation of electrocoagulation aimed at PFAS removal on larger scales, where the process 
control is expected to be even more complex.  

Because the removal efficiency of PFAS with EC was lower than expected, an accurate determination 
of the effect of organic co-solutes was difficult. Nonetheless, a thorough literature search indicated this 
work to be the first that directly compared PFAS removal rates in the presence or absence of organic 
co-solutes under otherwise identical experimental conditions. PFOA removal was not significant with 
or without HA as additional solute. Conversely, this study identified a significant PFOS removal within 5 
minutes treatment time both with and without HA, and it revealed a decreased removal rate of HA in 
the presence of PFOS. These findings suggest that PFOS is removed preferentially to HA. However, more 
diverse experimental conditions must be tested to generalize this conclusion, such as other initial 
concentrations for PFOS and HA. 

This study was the first of its kind in its utilization of the PHREEQC software for modelling 
electrocoagulation as a treatment technique for PFAS removal. It showed that PHREEQC has a 
promising capability of reproducing experimental electrocoagulation data. The established model could 
represent electrocoagulation without pollutants accurately, as well as PO4

3- removal and humic acid 
removal. The results of the tests with PFOA were also simulated well. Another promising use of the 
model is the identification of the dominant mechanism in the removal of a specific pollutant. The results 
of the PFOS removal experiments could not be reproduced accurately by the model, which indicated 
that the mechanism of PFOS removal was not limited to electrostatic adsorption.     

The current study was limited by the absence of in-house analysis equipment for determining aqueous 
PFAS concentrations. This deficiency restricted the number of PFAS analyses that could be executed 
and weakened the reliability of the results. Consequently, the quality of the data was insufficient for 
irrefutable determination of all required model variables. An additional uncontrolled factor was the 
possibility of environmental PFAS contamination during sample handling or storage. Moreover, the 
model excluded the evaluation of aspects such as PFAS-iron binding, aqueous micelle formation and 
complexation of PFAS to humic acid. Finally, the generalizability of the results to other organic co-
solutes is disputable, as only one type of organic matter was tested. 
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Notwithstanding these limitations, this work enhanced the understanding of electrocoagulation as a 
means for PFAS removal from leachate water. The created PHREEQC model establishes a quantitative 
framework for detecting the interaction between different pollutants during electrocoagulation. This 
approach will prove useful in expanding the understanding of how the electrocoagulation process can 
be optimally controlled for removal of PFAS. Repetition of the current experiments with different 
combinations of process variables and in-house analysis of the PFAS samples could enable the 
determination of more accurate model parameters. Eventually, the current model could then be used 
to predict removal efficiencies from different wastewater compositions or to facilitate upscaling to an 
industrial size.  

More broadly, further experimental investigations are needed to determine the exact removal rate of 
PFOS in the first five minutes of treatment. Moreover, accurate determination of the HA concentration 
during its removal are required. Eventually, optimization of the initial pH, stirring rate, aeration pressure 
or other process variables for more efficient removal are recommended. The applicability of sorption 
constants determined under equilibrium conditions is to be assessed, such that co-solutes for which 
literature sorption constants exist can be included in the model. Finally, extensive optimization of all 
model parameters with CPU-intensive methods such as Monte Carlo could transform the current model 
into an extremely valuable research tool, for which the groundwork has been laid in the present work.  
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8. APPENDICES 

Appendix 1: PHREEQC Pseudocode and summarized actual code. PFAS.phr and EquilibriumPhases.phr determine the initial PFAS 
concentration and gas saturation, respectively. These files are controlled from the MATLAB environment.  
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Appendix 2: mySolutionSpecies.phr – Additional database file specifying manually included species and rates. 

 

Appendix 3: mySolution.phr – Included file that specifies the initial solution for all EC experiments.  
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Appendix 4: myKinetics.phr – Included file that specifies the kinetic calculation to be executed by PHREEQC. Rates are specified 
in mySolutionSpecies.phr, Appendix 2. The files rhoI.phr, myKCO2.phr and myKO2.phr are included from the MATLAB 
environment and specify the current density, kinetic constant for CO2 dissolution and kinetic constant for O2 dissolution, 
respectively. 

 

 

Appendix 5: mySurface.phr – Included file that specifies the surface used for the adsorption calculations. The surface is 
connected to the Fe(OH)3 equilibrium phase.  All values are at their default literature value, as obtained from Dzombak and 
Morel74.  

 



 74 

 

Appendix 6: Steel characteristics (Inspection certificate) 
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10:2 fluorotelomer sulfonic acid 
2H,2H,3H,3H-perfluoro-undecanoic acid 
4:2 fluorotelomer sulfonic acid 
6:2 fluorotelomer sulfonic acid 
7H-perfluoroheptanoic acid (HPFHpa) 
8:2 fluorotelomer phosphate diester (8:2 diPAP) 
8:2 fluorotelomer unsaturated carbonic acid 
8:2 fluorotelomer sulfonic acid (8:2) 
ADONA 
F53B (9Cl-PF3ONS) 
N-methyl perfluorooctanesulfonamide (MeFOSA) 
N-methyl perfluorooctanesulfonamide 
PFOA branched 
PFOS branched 
perfluoro-1-octanesulfonamide-Ethylacetate (PFOSAA) 
perfluoro-3,7-dimethyloctanoic acid 
perfluoro-n-butanoic acid (PFBA) 
perfluoro-n-decanoic acid (PFDeA) 
perfluoro-n-heptanoic acid (PFHpa) 
perfluoro-n-hexanoic acid (PFHxA) 
perfluoro-n-nonanoic acid (PFNA) 
perfluoro-n-octanoic acid (PFOA) 
perfluorobutane sulfonamide (PFBSA) 
perfluorobutanesulfonate (PFBS) 
perfluorodecanesulfonate (PFDS) 
perfluorododecanoic acid (PFDoDA) 
perfluoroheptanesulfonate (PFHpS) 
perfluorohexanesulfonate (PFHxS) 
perfluorooctanesulfonamide (EtFOSA) 
perfluorooctanesulfonamide (PFOSA) 
perfluorooctanesulfonic acid (PFOS) 
perfluoroohexadecanoic acid (PFHxDA) 
perfluoroooctadecanoic acid (PFODA) 
perfluoropentanesulfonate (PFPeS) 
perfluoropentanoic acid(PFPeA) 
perfluorotetradecanoic acid (PFTeDA) 
perfluorotridecanoic acid (PFTrDA) 
perfluoroundecanoic acid (PFUnDA) 
n-Methylperfluoro-1-butanesulfonamide (MePFBSA) 
perfluorobutanesulfonylamide(N-methyl)acetate (MeFBSAA) 
sum PFOA 
sum PFOS 

Appendix 7: List of analyzed PFAS species  
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Appendix 8: Process overview of the leachate water treatment plant (LWTP). The main goal of the treatment is nitrogen 
removal, but two runoff streams are also treated for heavy metal removal in an EC set-up. The influent and effluent from this 
treatment plant were tested for PFAS removal in the current research.  

 
PFAS type Conc. (mg/L) Conc. (mg/L) Conc. (mg/L) 

Dilution factor: 1 2 10 

 
PFOS 

Perfluorooctane sulfonic acid (PFOS) 93 95 48 48 8.8 9.3 
PFOS branched 18 18 8.7 9 1.7 1.7 
sum PFOS 110 110 57 57 10 11 

 
PFOA 

Perfluorooctanoic acid (PFOA) 85 81 40 39 7.2 7.5 
PFOA branched 0.14 0.12 0.12 0.12 <0.02 <0.02 
sum PFOA 85 81 40 39 7.2 7.5 

PFBS Perfluorobutane sulfonic acid (PFBS) 33 33 18 18 3.2 3.1 
PFBA Perfluorobutanoic acid (PFBA) 36 34 15 15 2.9 2.8 

Appendix 9: Measured concentrations of all PFAS species in diluted samples of a stock solution.  
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Measured concentration * dilution factor 
(mg/L) 

 
 

dilution 
factor 

sample 1 sample 2 mean  Deviation from 
undiluted (%) 

 
PFOS 
(sum) 

1 110 110 110  
2 114 114 114 3.64 

10 100 110 105 -4.55 
 
PFOA 
(sum) 

1 85 81 83  
2 80 78 79 -4.82 

10 72 75 73.5 -11.45 
 
PFBS 

1 33 33 33  
2 36 36 36 9.09 

10 32 31 31.5 -4.55 
 
PFBA 

1 36 34 35  
2 30 30 30 -14.29 

10 29 28 28.5 -18.57 
Appendix 10: Calculated deviations in the measured concentration due to dilution.  

 

 

Appendix 11: pH over time in the determination of the CO2 dissolution kinetics by addition of NaOH.  
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Appendix 12: pH vs time in FeSO4 oxidation, (A) with and (B) without O2 limitation, and the corresponding model fits with 
different kinetic constants (k2) for Fe(II) oxidation. 

 
Appendix 13: Literature prediction of the effect of pH on Fe(II) oxidation55 (solid black lines), as well as prediction found by the 
current model (dotted colored lines) with two different values for the kinetic constant k2.  
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Appendix 14: (A) pH and (B) PFOS concentration model predictions for different log(K) values for PFOS binding. A peak in pH 
occurs when log(K)2 is higher than log(K)3, and the magnitude of the peaks increases for a larger difference in values. The 
removal results are constant for all tested combinations of log(K) values. 

 

Appendix 15: pH vs time in EC experiments with removal of humic acid at different current densities and initial HA 
concentrations. 
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Appendix 16: (A) Average charge per surface site, (B) total number of surface sites and (C) total nr. of charged surface site over 
time during EC experiments with HA. 

 
Appendix 17: Calibration of TOC data with HA concentration by means of measurements of humic acid solutions with known 
concentrations 
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Appendix 18: Calibration curve for calculation of HA concentration from UV absorption at 254 nm. The Beer-Lambert law 
predicts a linear correlation between absorption and concentration, hence the dataset is fitted to a linear curve91. 

 

Appendix 19: Initial and final TOC concentration of the real wastewater samples.  
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a) Nauerna Influent – PFAS concentrations (µg/L) 0 min         5 min 
Run a       Run b 

         25 min 
Run a         Run b 

        50 min  
Run a        Run b  

PFOA branched <2 <20 <20 <20 <20 <20 <20 

PFOS branched <2 46 <20 97 <20 70 <20 

PFBA <2 <20 <20 <20 <20 <20 <20 

Perfluoroheptanoic acid (PFHpa) <2 <20 <20 <20 <20 <20 <20 

Perfluorohexanoic acid (PFHxA) <2 <20 <20 <20 <20 <20 <20 

Perfluoooctanoic acid (PFOA) 7.1 <20 <20 <20 <20 <20 <20 

Perfluorobutane sulfonamide (PFBSA) <2 <20 <20 <20 <20 <20 <20 

PFBS <2 <20 <20 <20 <20 <20 <20 

perfluoro-1-decane sulfonic acid (PFDS) <2 <20 <20 <20 <20 <20 <20 

perfluoro-1-octane sulfonic acid (PFOS) <2 230 82 430 110 350 <20 

perfluoro-1-hexane sulfonic acid (PFHxDA) 2.4 <20 <20 <20 <20 <20 <20 

Perfluoropentanoic acid (PFPeA) <2 <20 <20 <20 <20 <20 <20 

perfluorobutanesulfonylamide(N-methyl)acetate (MeFBSAA) <2 <20 <20 <20 <20 <20 <20 

sum PFOA 8 28 28 28 28 28 28 

sum PFOS 3 280 96 530 120 420 28 

 
b) Nauerna Effluent – PFAS concentrations (µg/L) 0 min         5 min 

Run a       Run b 
         25 min 
Run a         Run b 

        50 min  
Run a        Run b  

PFOA branched <20 <2 <2 <20 <2 <20 <2 

PFOS branched <20 <2 <2 <20 <2 <20 <2 

PFBA <20 <2 2.7 <20 2.8 23 3.6 

Perfluoroheptanoic acid (PFHpa) <20 <2 <2 <20 <2 <20 <2 

Perfluorohexanoic acid (PFHxA) <20 <2 <2 <20 <2 <20 2.7 

Perfluoooctanoic acid (PFOA) <20 <2 11 <20 37 <20 46 

Perfluorobutane sulfonamide (PFBSA) <20 <2 <2 <20 <2 <20 <2 

PFBS <20 <2 <2 <20 <2 <20 <2 

perfluoro-1-decane sulfonic acid (PFDS) <20 <2 <2 <20 <2 <20 <2 

perfluoro-1-octane sulfonic acid (PFOS) <20 <2 2.9 <20 5.8 <20 2.8 

perfluoro-1-hexane sulfonic acid (PFHxDA) <20 <2 <2 <20 <2 <20 2.2 

Perfluoropentanoic acid (PFPeA) <20 <2 <2 <20 <2 <20 <2 

perfluorobutanesulfonylamide(N-methyl)acetate (MeFBSAA) <20 <2 <2 <20 <2 <20 <2 

sum PFOA 28 3 12 28 38 28 47 

sum PFOS 28 3 4 28 7 28 4 

 
c) Zee. 5 – PFAS concentrations (µg/L) 0 min         5 min 

Run a       Run b 
         25 min 
Run a         Run b 

        50 min  
Run a        Run b  

PFOA branched <2 <2 <2 <2 <2 <2 <2 

PFOS branched <2 <2 <2 <2 <2 <2 <2 

PFBA <2 2.5 <2 <2 2 <2 2.2 

Perfluoroheptanoic acid (PFHpa) <2 <2 <2 <2 <2 <2 <2 

Perfluorohexanoic acid (PFHxA) <2 <2 <2 <2 <2 2.3 <2 

Perfluoooctanoic acid (PFOA) <2 <2 <2 <2 <2 <2 <2 

Perfluorobutane sulfonamide (PFBSA) <2 <2 <2 <2 <2 <2 <2 

PFBS <2 <2 <2 <2 <2 <2 <2 

perfluoro-1-decane sulfonic acid (PFDS) <2 <2 <2 <2 <2 <2 <2 

perfluoro-1-octane sulfonic acid (PFOS) <2 35 3 <2 <2 18 <2 
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perfluoro-1-hexane sulfonic acid (PFHxDA) <2 <2 <2 <2 <2 2.5 2.3 

Perfluoropentanoic acid (PFPeA) <2 <2 3.3 <2 <2 <2 <2 

perfluorobutanesulfonylamide(N-methyl)acetate (MeFBSAA) <2 6.6 8.9 <2 4 5.7 3.8 

sum PFOA 3 3 3 3 3 3 3 

sum PFOS 3 36 4 3 3 19 3 

 
d) Zee. 8 – PFAS concentrations (µg/L) 0 min         5 min 

Run a       Run b 
         25 min 
Run a         Run b 

        50 min  
Run a        Run b  

PFOA branched <2 <2 <2 <2 <2 <2 <2 

PFOS branched <2 <2 <2 <2 <2 <2 <2 

PFBA 8.2 8.5 13 12 12 <2 13 

Perfluoroheptanoic acid (PFHpa) 4.7 5.3 3.1 6.6 4.4 <2 3.5 

Perfluorohexanoic acid (PFHxA) 16 12 17 22 14 <2 14 

Perfluoooctanoic acid (PFOA) <2 <2 10 <2 42 <2 48 

Perfluorobutane sulfonamide (PFBSA) <2 <2 <2 2.2 <2 <2 <2 

PFBS 14 14 16 21 14 <2 13 

perfluoro-1-decane sulfonic acid (PFDS) <2 <2 <2 <2 <2 <2 <2 

perfluoro-1-octane sulfonic acid (PFOS) <2 <2 <2 <2 <2 <2 <2 

perfluoro-1-hexane sulfonic acid (PFHxDA) <2 <2 <2 <2 <2 <2 <2 

Perfluoropentanoic acid (PFPeA) 7.2 8.4 7.3 9.7 6.6 <2 6.3 

perfluorobutanesulfonylamide(N-methyl)acetate (MeFBSAA) 66 58 72 110 66 <2 79 

sum PFOA 3 3 11 3 43 3 49 

sum PFOS 3 3 3 3 3 3 3 

Appendix 20a-d: PFAS concentrations in EC-treated  real wastewater. a: Nauerna influent; b: Nauerna effluent; c: Zee. 5; d: 
Zee. 8. 

 

Zee. 5 spiked with PFAS - concentrations (µg/L) 0 min         5 min 
Run a       Run b 

         25 min 
Run a         Run b 

        50 min  
Run a        Run b  

PFBA  43000 33000 33000 43000 46000 42000 41000 
Perfluoroheptanoic acid (PFHpa)  

76 43 26 33 47 48 35 
Perfluorohexanoic acid (PFHxA)  

63 39 42 61 <20 40 36 

PFBS 77000 53000 61000 83000 84000 77000 73000 

sum PFOA  83000 60000 65000 91000 93000 84000 84000 

sum PFOS  28 67 240 77 610 100 730 

Appendix 21: PFAS concentrations during treatment of Zee 5 wastewater with PFOA, PFBA and PFBS added. 

 


