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If the journey of life resembles the march of rivers to the sea, at times meandering aimlessly,
at others purposeful and unswerving, the bend in the flow is where the story takes a sudden
turn, winding away from its predicted course into a fresh and unexpected direction

Elif Shafak — There are rivers in the sky
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Samenvatting

In Nederland hebben we extreem veel geluk met het veilige drinkwater dat op elk gewenst
moment uit de kraan komt. Dit drinkwater wordt voor een groot deel geproduceerd uit
grondwater: een betrouwbare bron van hoge kwaliteit die microbiologisch veilig is. Van
nature voorkomende stoffen in grondwater, zoals ijzer (Fe), mangaan (Mn) en ammonium
(NH,4), worden efficiént verwijderd tijdens de zuivering, dankzij twee belangrijke stappen:
beluchting en (zand)filtratie. Deze zuiveringstechnieken worden wereldwijd veel toegepast.

Eenrisico voor het produceren van veilig drinkwater is de aanwezigheid van arseen (As), een
zeer giftige stof waarvan de concentratie in grondwater sterk kan variéren. De
Wereldgezondheidsorganisatie (WHO) adviseert een maximale concentratie van 10 pg/l As
in drinkwater. In Bangladesh komt As veel voor in het grondwater, en miljoenen mensen
drinken water met concentraties boven de WHO-advieswaarde. In Nederland zijn de As-
concentraties doorgaans veel lager. Desondanks hebben de Nederlandse
drinkwaterbedrijven afgesproken de As concentratie in kraanwater te verlagen tot minder dan
1 pg/l, wat een technische uitdaging vormt voor drinkwatertechnologen.

Gebruikelijke methoden om de verwijdering van As te verbeteren zijn nu gebaseerd op het
toevoegen van chemicalién, waardoor de complexiteit van het proces en de operationele
kosten toenemen. Zowel in Nederland als in landen zoals Bangladesh is daarom een sterke
behoefte aan een robuuste, onderhoudsarme en natuurlijke oplossing. Om deze te kunnen
ontwikkelen, is er eerst een beter begrip nodig van het gedrag van As tijdens beluchting en
zandfiltratie in de huidige grondwaterzuivering.

Hoofdstuk 1 laat zien dat, hoewel =zandfiltratie al eeuwenlang de dominante
zuiveringstechnologie is, de complexe wisselwerking tussen de fysisch-chemische en
biologische processen die na beluchting optreden nog steeds onvoldoende wordt begrepen.
Een beter inzicht in deze processen is essentieel om de verwijdering van As verder te
optimaliseren. Het doel van dit proefschrift is dan ook: meer inzicht verkrijgen in de
verwijderingsmechanismen van As tijdens de zuivering van grondwater, met een
specifieke focus op de biologische oxidatie.

Biologie zou namelijk een sleutelrol kunnen spelen bij het oplossen van de uitdaging om As-
concentraties naar beneden te krijgen. Arseenoxiderende bacterién (AsOB) kunnen
ongeladen As(lll) oxideren tot het negatief geladen As(V), een cruciale stap omdat As(V) veel
sterker adsorbeert aan ijzer(hydr)oxiden, wat het belangrijkste verwijderingsmechanisme is
van As in zandfilters. Ondanks hun mogelijke sleutelrol is de aanwezigheid en rol van deze
bacterién in grootschalige grondwaterzuiveringsinstallaties nog nauwelijks onderzocht.

In Hoofdstuk 2 wordt de aanwezigheid van AsOB in grondwaterfilters in Bangladesh
onderzocht. Daarbij bepaalden we bij zes zuiveringen de verwijderingsefficiéntie van As, Fe,
Mn en NH,. Bij alle zuiveringen bestond het risico op As-concentraties boven de WHO-
advieswaarde van 10 ug/l in het gezuiverde water, ofwel door onvoldoende verwijdering,
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ofwel door uitspoeling van ijzervlokken waaraan As was geadsorbeerd. In de filters trad
oxidatie van As(lll) op. Door middel van ‘polymerase chain reaction’ (PCR) werd in alle filters
het aio-gen aangetoond, dat codeert voor het enzym dat As(lll) kan oxideren. Dit bevestigt dat
biologische processen bijdragen aan de oxidatie van As(lll). De beperkte verwijdering van As
was waarschijnlijk het gevolg van ongunstige omstandigheden voor adsorptie, waaronder
competitie met fosfaat, lage Fe/As-verhoudingen en een stijging van de pH tijdens de
zuivering.

Het vermogen van AsOB om As(lll) te oxideren in zandfilters is in hoofdstukken 3 en 4
onderzocht d.m.v. een labstudie. Hiervoor zijn kolommen gevuld met Fe- of Mn- gecoat
filterzand uit een bestaande zuivering. De kolommen ontvingen kraanwater waaraan As werd
toegevoegd, waarna zich binnen twee weken een efficiénte As-oxiderende biofilm
ontwikkelde. De oxidatiesnelheid werd gemeten over de hoogte van het filterbed. Inactivatie
van de microbiéle activiteit bevestigde dat de oxidatie biologisch van aard was.

De resultaten in Hoofdstuk 3 tonen aan dat op Mn-gecoat filterzand de biologische oxidatie
de bekende heterogene oxidatie van As(lll) op Mn-oxides overtreft: de oxidatiesnelheid nam
met een factor 14 toe. De samenstelling van de microbiéle gemeenschap veranderde slechts
beperkt na blootstelling aan As.

Hoofdstuk 4 behandelt de resultaten voor Fe-gecoat filterzand, het meest gebruikte
adsorbens voor As in grondwaterzuivering. Naast oxidatie werd ook de verwijdering van As
hier onderzocht. Door de transitie naar een biologisch oxiderend systeem, functioneert het
filter als een As(V)-adsorberend in plaats van een As(lll)-adsorberend filter. Dit verbeterde de
filterprestaties, omdat As(V) doorgaans sterker adsorbeert aan ijzer(hydr)oxiden dan As(lll).
Gezien de overeenkomsten tussen de laboratorium kolommen en volwaardige zuiveringen,
suggereren deze resultaten dat biologische As-oxidatie waarschijnlijk ook plaatsvindt in
bestaande drinkwaterzuiveringen.

In Hoofdstuk 5 wordt een karakterisatie van drinkwaterbiofilms beschreven op Mn-, Fe-, en
gemengd Mn/Fe -gecoat filterzand met behulp van sequencing, bioorthogonal noncanonical
amino acid tagging (BONCAT) en multimodale beeldvorming. Ondanks effectieve oxidatie
van As(lll) vertoonden de microbiéle samenstelling en biologische activiteit van de biofilm na
blootstelling aan As geen grote veranderingen. Dit suggereert dat de oxidatie van As(lll) wordt
uitgevoerd door een breed scala aan bacterién die van nature aanwezig zijn op filterzand. De
ontwikkeling van biofilms bleek sterker afhankelijk van de fysieke oppervlaktestructuur dan
van de chemische samenstelling van de coating. Op het ruwere Mn-gecoate filterzand bleek
een dichtere biofilm te groeien dan op het gladdere Fe-gecoate filterzand. De snelle aangroei
van Fe-coatings en het frequent terugspoelen van filters beperken mogelijk de ontwikkeling
van een biofilm.

Hoofdstuk 6 concludeert dat biologische As-oxidatie een belangrijk onderdeel is in
grondwaterzuivering, en raadt aan om hier expliciet rekening mee te houden bij het
ontwerpen van As-verwijderingsinstallaties. De oxidatie van As wordt uitgevoerd door een
standaard biofilm, die zich van nature in drinkwaterfilters ontwikkelt. Daarom wordt
2



voorgesteld om vervolgonderzoek te richten op regulatie en stimulering van deze biologische
oxidatie. Mogelijke strategieén om biologische oxidatie te stimuleren zijn minder intensieve
beluchting, milder terugspoelen en het gebruik van filtermaterialen met een hoge porositeit.
Om de verwijdering van As verder te stimuleren, zou oxidatie vooér of gelijktijdig met de
verwijdering van Fe moeten plaatsvinden, en hiervoor worden verschillende ontwerpopties
besproken. Daarnaast bleek de verwijdering van As in grootschalige biologische
functionerende Fe-verwijderingsfilters ongeveer twee keer zo snel te verlopen als in
overwegend chemisch gedomineerde Fe-verwijderingsfilters, wat aanleiding geeft tot verder
onderzoek. Tot slot wordt de mogelijkheid toegelicht om As terug te winnen als kritieke
grondstof uit Fe-gecoat filterzand, waarmee nieuwe perspectieven ontstaan voor een
duurzamere grondwaterzuivering.

In de Appendix van dit proefschrift wordt een tweede onderzoek gepresenteerd naar een
alternatieve, innovatieve methode voor de verwijdering van Fe uit grondwater. Hoofdstuk A1
introduceert deze aanpak; in plaats van de traditionele combinatie van beluchting en filtratie
wordt Fe onder zuurstofloze omstandigheden neergeslagen als Fe(ll)-mineraal door
toevoeging van een anion. Hiermee wordt de vorming van volumineus en waterig
Fe(hydr)oxideslib deels voorkomen, terwijl er een waardevol mineraal gevormd kan worden.

Hoofdstuk A2 beschrijft verkennende experimenten naar de terugwinning van Fe uit
anaeroob grondwater onder zuurstofloze omstandigheden. Door fosfaat te doseren werd het
Fe(ll)-fosfaatmineraal vivianiet (Fe;(PO,).*8 H,O) gevormd, wat resulteerde in een efficiénte
verwijdering van Fe en aanzienlijk minder slibvolume dan bij traditionele beluchting. De
efficiéntie van de neerslag nam toe bij hogere verzadigingsindices, en die condities zijn
kenmerkend voor concentraatstromen van membraanprocessen. Daarom is in Hoofdstuk
A3 de terugwinning van vivianiet uit dergelijke concentraatstromen onderzocht en de invloed
van andere tweewaardige ionen. Daarbij werden mangaanionen en in beperkte mate
magnesiumionen mee ingebouwd in het mineraal, zonder dat de Fe-verwijdering of de
kristalmorfologie nadelig werden beinvloed. Calciumionen daarentegen concurreerden met
Fe, waardoor de Fe-verwijdering afnam. In Hoofdstuk A4 wordt sulfide onderzocht als
alternatief neerslag-anion. Dit leidde tot de vorming van compacte deeltjes en maakte
tegelijkertijd een snelle verwijdering van Fe onder zuurstofloze omstandigheden mogelijk.
Hoofdstuk A5 beschrijft twee mogelijke ontwerpopties voor praktische toepassing van
zuurstofloze Fe-verwijdering: directe dosering van het anion aan de waterstroom of
toepassing van een pelletreactor waarin de kristallen gecontroleerd kunnen groeien.

Hetterugwinnen van Fe als mineraalis een innovatieve zuiveringsmethode die de circulariteit
van de drinkwatersector kan vergroten. Hierdoor wordt ijzerslib niet langer beschouwd als
afval, maar als een waardevolle grondstof.






Summary

In the Netherlands, we are extremely lucky to have safe drinking water flowing out of our taps
at any desired moment. This water is often produced from groundwater, a reliable, high-
quality, and microbiologically safe resource. Natural groundwater constituents, such as iron
(Fe), manganese (Mn), and ammonium (NH,), are efficiently removed by aeration followed by
sand filtration, a treatment strategy frequently applied worldwide. Yet, there is a risk: arsenic.

Arsenic (As) is a highly toxic substance, with concentrations in groundwater that vary
depending on geological and geochemical conditions. The World Health Organization (WHO)
has set a guideline value of 10 pg/L for As in drinking water. One of the worst affected
countries is Bangladesh, where millions of people are exposed to As concentrations
exceeding this limit. In the Netherlands, As concentrations are generally much lower.
However, the association of Dutch drinking water companies agreed to reduce the As
concentrations in tap water below 1 pg/L, creating a technical challenge for drinking water
engineers.

Conventional approaches to enhance As removal rely on chemical additions, increasing
process complexity and operation costs. Both in the Netherlands and in regions such as
Bangladesh, there is a strong demand for robust, low-maintenance and natural treatment
solutions. Achieving this requires a detailed understanding of As behavior during
groundwater treatment.

Chapter 1 shows that although sand filtration has been the dominant treatment technology
for centuries, the complex interplay between physicochemical and biological reactions
initiated by aeration remains poorly understood. A better understanding of the reactions is
essential for removal optimization. Therefore, the research aim of this thesis is: unravel the
removal pathways of arsenic in groundwater treatment, with a particular focus on the
biological processes.

Biology might play a key role in solving the challenge. Arsenic-oxidizing bacteria (AsOB) can
oxidize As(lll) to As(V), a crucial step since As(V) adsorbs more effectively to iron
(hydr)oxides, which is the primary removal mechanism in sand filters. Despite their potential
importance, the presence and role of AsOB in full-scale groundwater treatment systems
have remained poorly understood.

Chapter 2 evaluates the presence of AsOB in groundwater filters in Bangladesh. Six
household and community treatment filters were assessed for their removal performance of
As, Fe, Mn and NH,. All plants showed a risk of arsenic concentrations exceeding 10 pg/L in
the treated water, either due to insufficient removal or due to iron floc carryover with
adsorbed arsenic. As(lll) oxidation was observed in the filters. The gene aio, encoding for the
enzyme able to oxidize As(lll), was detected in all filters using PCR, confirming a biological
contribution. Complete As removal was likely limited due to unfavorable conditions for



adsorption, including competition with phosphate, low Fe/As ratios and pH increase during
treatment.

The potential of AsOB for As(lll) oxidation in filters was assessed in Chapters 3 and 4 using
laboratory-scale column experiments. Columns packed with Fe- and Mn-coated filter sand
from a full-scale treatment plant were fed with As-spiked tap water, resulting in the
development of an efficient arsenic-oxidizing biofilm in around two weeks. Oxidation kinetics
were quantified over the height of the filter bed, and microbial inactivation confirmed the
biological nature of arsenic oxidation.

Chapter 3 demonstrates that on Mn-coated sand, biological oxidation outcompetes the
acknowledged oxidizing power of surface-catalytic As(lll) oxidation by Mn oxides, resulting in
a 14-fold increase in oxidation kinetics. Only minor changes in microbial community
composition were observed before and after As dosing.

Chapter 4 presents the results of the Fe-coated sand, which is the most used As adsorbent
in groundwater treatment systems. In addition to oxidation, As removal was also studied. By
the shiftto a biological oxidizing system, the filter operated as an As(V)-adsorbing rather than
an As(lll)-adsorbing filter. This improves filter performance, since As(V) adsorption capacities
tend to be higher than for As(lll). Given the similarity between the column experiments and
full-scale conditions, these results suggest that biological arsenic oxidation is likely already
occurring in operational treatment plants.

Chapter 5 provides a detailed characterization of drinking water biofilms on Mn-, Fe- and
mixed-coated filter sands using sequencing, bioorthogonal noncanonical amino acid tagging
(BONCAT) activity measurements and multimodal imaging. No major shifts in community
composition or overall activity were observed pre- and post-As exposure, while effective
As(lll) oxidation was measured. This suggests that biological As(lll) oxidation is driven by a
broad range of bacteria naturally present on filter sand. Biofilm development was found to
depend more strongly on physical surface structure than on coating chemistry, with rougher
Mn-coated sand supporting denser biofilms than smoother Fe-coated sand. Rapid Fe-
coating growth and frequent backwashing are likely limiting biofilm development.

Chapter 6 concludes that biological arsenic oxidation is an important component of
groundwater treatment and recommends explicitly considering this when designing arsenic
removal plants. Oxidation of As is accommodated by a standard drinking water biofilm and it
is suggested to focus on how oxidation is regulated and stimulated by exposure to As.
Strategies to stimulate biological oxidation include reduced aeration, milder backwashing,
and the use of a high-porosity filter media. To optimize arsenic removal, oxidation should
occur before or simultaneously with iron removal and possible design options are given in
this chapter. Additionally, arsenic removal was found to be twice as fast in full-scale
biologically operated iron removalfilters compared to chemically dominated filters, requiring
further investigation. Finally, this chapter highlights the potential for recovering arsenic as a
critical raw material from Fe-coated filter sand, opening new perspectives for sustainable

groundwater treatment.
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In the Appendix of this thesis, a second study is presented that explores an alternative, novel
approach to iron removal from groundwater matrices. Chapter A1 introduces this topic;
instead of applying the conventional aeration-filtration method, iron is precipitated
anoxically as Fe(ll) minerals by dosing an anion, thereby avoiding the formation of
voluminous and watery iron (hydr)oxide sludge.

Chapter A2 describes initial exploratory experiments on the anoxic precipitation of vivianite
from anaerobic groundwater to recover iron. By dosing phosphate, the Fe(ll)-phosphate
mineral vivianite (Fes(PO,).*8 H.O) was successfully formed, resulting in efficient iron
removal kinetics and a reduced solid volume compared to conventional aeration.
Precipitation efficiency increases at higher saturation indices, conditions that are
characteristic of membrane concentrate streams. Consequently, Chapter A3 investigates
vivianite recovery from such concentrate streams, and the effect of other divalent ions
present in the stream. Co-removal of Mn?* and limited co-removal of Mg?* were found,
without hindering Fe removal efficiencies or altering morphological changes of the vivianite
crystal. In contrast, co-removal of Ca?" occurred at the expense of iron removal. In Chapter
A4, sulfide is evaluated as an alternative precipitating agent, forming compact particles while
enabling rapid iron removal under anoxic conditions. Chapter A5 describes two possible
design options for practical application of anoxic iron removal; either dosing the anion
directly to the stream, or installing a pellet reactor to grow the crystals.

Altogether, anoxic iron removal is an innovative treatment option, which could potentially
increase the circularity of the industry. This approach no longer considers iron sludge a
waste, but rather values it as a new resource.






Introduction

Part of this chapter is published as:

Corbera Rubio, F., Goedhart, R., Laureni, M., van Loosdrecht,
C. M. & van Halem, D. (2024) A biotechnological perspective on
sand filtration for drinking water production. Current Opinion in
Biotechnology, 90, 103221.






1.1 Access to safe drinking water is everything

A moment of appreciation

I would like to start this thesis by stating how lucky we are in the Netherlands that safe
drinking water flows from our taps every single second of the day. This has become so
extremely normal to us, that it is easily taken for granted. Yet, this is not the standard for
everyone. Worldwide, one in four people still lack access to safely managed drinking water
services. For hundreds of millions of people, obtaining drinking water is not a matter of
turning a tap on, but a daily task that requires more than thirty minutes of collection time.
Approximately four percent of the global population only has access to untreated wells or
surface waters, exposing them to significant health risks .

Water is everything

The philosopher Thales of Miletus, around 600 years BC, said the origin of everything is water.
| agree. Availability of clean drinking water forms the foundation upon which many other
aspects of society depend. It directly supports human health by reducing the spread of
water-borne diseases, both through drinking and the availability of water for basic hygiene
such as handwashing. Beyond health, water availability supports food production and
industrial activity, contributing to food security and employment. The importance of safe
drinking water extends even further: safe water access is a catalyst for gender equity and
women’s empowerment. Globally, women and girls spend more than three times as much
time fetching water when not available on premises than men and boys 2. A burden that
negatively impacts girls’ school attendance and can pose direct threats to their safety °.
Improved access to drinking water also contributes to poverty reduction and economic
growth; the economic benefits of achieving safely managed drinking water services are
estimated to be up to two times higher than the associated costs *°. In practice, a country
cannot sustainably develop without reliable access to safe drinking water, and it is its
inhabitants who bear the consequences of this absence most directly.

My activism rant

“Given this knowledge, why do so many people still lack access to this fundamental
resource? | believe this is a social challenge rather than a technical challenge. Engineering
solutions for water abstraction, treatment and distribution are widely available. Instead,
inequalities in water access often arise from social, political and infrastructural challenges,
caused by misaligned priorities within governing systems. Investments in basic water
infrastructure often compete with short-term economic or political interests, while at the
same time insufficient regulations and enforcements allow water sources to become
increasingly polluted by industrial and agricultural activities.

This might sound like a ‘far from home’ problem, but it is not. In the Netherlands in 2023
alone, 32 licenses were provided to discharge PFAS in our water bodies °, nitrogen pollution
from the excessive livestock industry in the Netherlands destroys aquatic systems and how
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is it possible that glyphosate is still legally used?! The failure of governments to protect our
waterbodies has direct consequences on the health of nature and its inhabitants, including
us. Regulations from the European Union are basically being ignored. 26 years after the
notice of the ‘Kaderrichtlijn Water’, not a single water body in the Netherlands complies with
the directive, resulting in yearly fines from 2027 onwards.”

The Netherlands is in a water crisis.

Engineers will fix it

| think we can all agree that source protection is more efficient than investing in more
technologies to properly treat the water. But as long as that is not happening, the engineers
will fix it. Because thankfully, we are really good at treating water.

To make drinking water, there are two main sources available: surface water and
groundwater. Surface water is all the water visible above ground, such as rivers and lakes.
Since it is ‘at the surface’, it is very susceptible to pollution. Animals live in and around it,
cleaned or raw municipal and industrial wastewater can end up in the water bodies,
(micro)plastics are present, transported via air or rainwater discharge, etc. However, even
severely polluted surface water can technically be turned into clean and safe drinking water,
and this happens in many areas around the world. This thesis, however, focuses on ‘the
better water source’’; groundwater.

Groundwater

Groundwater is the most widely used source of drinking water worldwide and is generally
considered a reliable and high-quality resource. Formed through the slow infiltration of
rainwater and surface water into the soil, groundwater undergoes a natural filtration process.

12



During this journey, harmful bacteria and viruses are effectively removed. Groundwater is
therefore often microbiologically safe to drink. In addition, being stored underground,
groundwater is relatively well protected from direct human-caused pollution compared to
surface water. As a result, groundwater treatment is often remarkably simple. Only two steps
are necessary to remove naturally containing contaminants: 1) expose the water to oxygen
and 2) filter the water over a bed with sand, called sand filters. In most cases, the water
leaving the filter meets drinking water standards without the need for further treatment. Its
effectiveness, robustness and simplicity make it the most widely applied water treatment
method in the world.

Yet, there is a risk. Arsenic.
Arsenic

Arsenic is widely recognized as a highly toxic substance. Notoriously known as an effective
rat poison, but also often used in medieval stories (that are probably partly real) to poison
anyone you want to get rid of; husbands, kings, mistresses... Arsenic’s lack of color, taste and
odor contributed to this reputation, making arsenic a silent and effective poison.

Arsenic is also a naturally occurring element and widely present in the Earth’s crust. It can
end up in the groundwater when it dissolves from arsenic-bearing sediments in the soil. As a
result, arsenic contamination of groundwater occurs in many areas in the world 8 When
groundwater is used as a source for drinking, there is a risk that arsenic ends up in the
drinking water. The World Health Organization (WHO) has set the guideline value for
maximum allowed arsenic concentrations in drinking water to 10 pg/L °. Figure 1 illustrates
the probability of finding higher concentrations in different areas in the world. It is estimated
that worldwide, around 94-220 million people are potentially exposed to high concentrations
of arsenic via their groundwater 8. Prolonged consumption of arsenic containing water can
result in severe health effects, including arsenicosis and increased cancer risks "°.

This research focuses specifically on two regions; the Netherlands and Bangladesh. Both
have their challenges with arsenic, albeit on a completely different scale.
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Global prediction of groundwater arsenic concentrations exceeding the WHO guideline for drinking water of 10 ug/L
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Figure 1: Image from Podgorski J, Berg M (2020) with permission of the authors. Global prediction of
groundwater arsenic exceeding 10 ug/L (WHO guideline value) for A) the entire globe and B)-F)
zoomed-in sections of the main more densely populated affected areas ®.

Challenge of arsenic in the Netherlands

In the Netherlands, low concentrations of arsenic are present in the groundwater. In total,
there are only nine groundwater abstraction locations where arsenic concentrations exceed
the WHO guideline value of 10 pg/L "'. The produced tap water always complies with the
WHO guideline.

The question therefore is not whether drinking water in the Netherlands is safe, but how safe
it should be. In 2016, the Association of Dutch Drinking Water Companies (Vewin) voluntarily
adopted a more stringent target than the WHO value, aiming to reduce arsenic
concentrations in tap water below 1 pg/L. This ambition is supported by a cost-benefit
analysis, which estimated that the cost associated for achieving the target level of <1 pg/L
are lower than the health related costs associated with arsenic consumption, and can lead
to an annual societal benefit of €7.2-14 million '2. Achieving such low concentrations
presents new challenges for existing treatment systems in the Netherlands.
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Challenge of arsenic in Bangladesh

In Bangladesh, arsenic contamination of groundwater occurs on a much bigger scale.
Historically, surface water was the primary source of drinking water. Increasing pollution of
the surface waters led to a large-scale transition towards groundwater as a safer alternative,
initiated by international organizations in the 1970s. This shift successfully reduced
waterborne diseases. However, the water was not tested for arsenic.

It was only in 1993, that elevated arsenic concentrations in groundwater were discovered.
Around two-thirds of the wells turned out to contain arsenic concentrations above the WHO
guideline of 10 pg/L. By then, prolonged exposure had already occurred, resulting in severe
health effects, including arsenicosis and increased cancer risks °. As a result, this
unfortunate event is commonly referred to as ‘the largest mass poisoning in history’.

These high arsenic concentrations (as high as 1660 pg/L has been reported ') is pure bad
luck, caused by natural geochemical conditions. Bangladesh is formed by sediments
deposited from the Himalayas and happen to contain lots of arsenic-bearing sediments. The
reducing conditions present in the soil cause arsenic to mobilize from iron bearing minerals
into the groundwater . Hence, this largest mass poisoning in history is a result of an
unfortunate combination of geology, geochemistry and well-intended interventions.

How to solve these challenges?

Conventional approaches to enhance arsenic removal currently rely on the addition of
chemicals to the groundwater treatment process. These strategies share a common
drawback: they depend on additional chemical dosing and thereby increase operational
complexity. In Bangladesh, the infrastructure and monitoring necessary for chemical dosing
is often simply not available. Therefore, there is a worldwide growing support to find simple
and natural solutions.

Biology might be the key to solving the challenges. Arsenic-oxidizing bacteria (AsOB) are
bacteria that are able to convert the form of arsenic present in groundwater, called arsenite
(As(llN)), into arsenate (As(V)), which promotes removal efficiencies in groundwater filters.
Despite the widespread application of these filters, the role of AsOB remains poorly
understood, limiting our ability to predict, optimize and control arsenic removal in
groundwater treatment systems.

Research aim: Unravel the removal pathways of arsenic in groundwater treatment, with a

particular focus on the biological processes.
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1.2 Theoretical background

Black box of groundwater sand filters

Treating groundwater by aeration followed by sand filtration has been the dominant
groundwater treatment technology for centuries. Relatively simple designs and operational
conditions vyield reliable and robust systems for the removal of the main groundwater
contaminants, namely iron, manganese and ammonium. However, behind its seemingly
trivial working principles, sand filters harbor a high degree of complexity. Groundwater has
been stored deep in the ground and does not contain any oxygen anymore. Upon the first
step, aeration, the introduction of oxygen onsets a sophisticated network of simultaneous,
interconnected and uncontrolled physicochemical and biological reactions. Additionally,
the continuous accumulation of iron and manganese particles within sand filters clogs the
filters and forces practitioners to backwash the sand filter. During backwashing, the water
flow is inverted and accelerated to fluidize the sand, which removes the particles.
Backwashing disturbs the steady-state processes over the height of the filter and creates a
dynamic system. This inherent complexity makes both research and process optimization
challenging. As a result, sand filters have traditionally been considered as a black box:
groundwater goes in, clean drinking water comes out — but we do not fully understand what
happens in between.

Itis precisely this complexity that makes the research to sand filtration both challenging and
intriguing. Opening the black box is essential for improving treatment efficiency and
robustness. Motivated by this challenge, my colleagues and | aim to deepen our
understanding of the mechanisms that control the removal of contaminants within
groundwater sand filtration systems.

Opening the black box

Figure 2 shows an overview of the chemical and biological reactions known to possibly take
place within a sandfilter, focusing on the four main ionic groundwater contaminantsiron (Fe),
manganese (Mn), ammonium (NH,), and arsenic (As). Although this thesis focuses on arsenic
removal, Figure 2 illustrates that all these processes are interconnected, and changes in one
pathway will influence others. To place arsenic removal in context, the removal mechanisms
of each constituent are briefly discussed below.
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Figure 2: Biological and physicochemical reactions involved in the transformation of the main
groundwater contaminants, namely, iron, arsenic, manganese, and nitrogen. Oxidation processes are
divided into chemical (homogeneous, surface-catalytic) and biological. Homogeneous reactions
take place when both reactants are in the same phase, in this case, the water phase, and are
especially relevant for iron (with O2) and As (with ROS that are generated from iron oxidation and, to a
lesser extent, with O2). Surface-catalytic reactions take place when the reactants are in two different
phases, in this case, water and solid. Surface-catalytic oxidation is relevant for iron (catalyzed by Fe
oxides), manganese (commonly known as autocatalytic, by Mn oxides), and arsenic (by Mn oxides).
Biological reactions are driven by microorganisms. Nitrogen transformations are exclusively
biological, either as the canonical two-step nitrification carried out by AOB and NOB or as the one-
step comammox. The (by)products of all these simultaneous reactions interact with each other, and
these interactions play a critical role in determining the fate of each contaminant. Our current
understanding is that ROS produced during homogeneous iron oxidation oxidize As(lll), while iron
flocs and iron oxides adsorb As(V) and As(lll). Iron flocs inhibit nitrifying bacteria, and Fe(ll) oxidizes
to Fe(lll), while Mn oxides are reduced. Mn oxides are also reduced by nitrite, which is oxidized to
nitrate. All the depicted reactions are feasible and proved to occur in sand filters. The inhibition of
nitrifying bacteria by iron flocs and the chemical oxidation of nitrite couple of reduction of Mn oxides
are the only exceptions still awaiting experimental confirmation in full-scale filters.. Abbreviations:
MnOx, manganese oxides; FeOx, iron oxides; ROS, reactive oxygen species; AOB, ammonia-oxidizing
bacteria; AOA, ammonia-oxidizing archaea; comammox, complete ammonia-oxidizing (bacteria);
NOB, nitrite-oxidizing bacteria. Figure from Corbera-Rubio F et al. (2024) '°.
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Iron in anaerobic groundwater is present as dissolved ferrous iron (Fe(ll)). In the first
treatment step, aeration, Fe(ll) is oxidized to ferric iron (Fe(lll)), which is poorly soluble and
immediately precipitates. Iron flocs are formed and physically retained in the filter bed
(homogeneous removal, Figure 2 red). Alternatively, iron can precipitate directly onto the
sand grains, forming an iron oxide coating around the filter sand (surface-catalytic, Figure 2
red). A third pathway involved iron-oxidizing bacteria (FeOB), which catalyze the oxidation of
Fe(ll) and produce characteristic stalk-like Fe(lll) structures (biological, Figure 2 red). Muller
et al. (2024) demonstrated that shifting towards biological iron oxidation results in up to four
times more treated water before backwashing is necessary, showing the potential of
biological driven reactions in sand filters '®.

Manganese removal also proceeds via both chemical and biological pathways (Figure 2,
grey). Chemically, Mn(ll) can be removed through surface-catalytic oxidation: dissolved
Mn(ll) adsorbs onto pre-existing Mn-oxides, where it is oxidized to Mn(lll) or Mn(lV) and
incorporated into the Mn-oxide coating. This process is autocatalytic; in absence of Mn-
oxides, manganese removal does not readily occur. Consequently, new filters often require
extended start-up periods before effective manganese removal is achieved. To accelerate
this process, filters are nowadays often inoculated with Mn-coated sand grains'. This also
promotes biological manganese oxidation, as Mn-oxidizing bacteria (MnOB) will be
transported as well.

Ammonium removal is exclusively biological (Figure 2, green). Ammonium is oxidized to
nitrite by ammonium-oxidizing bacteria (AOB), after which nitrite is further oxidized to nitrate
by nitrite-oxidizing bacteria (NOB). Microorganisms capable of performing both steps are
referred to as complete ammonia oxidizers (comammox). Ammonium removal further
illustrates the interconnected nature of filter processes: nitrification typically initiates only
after iron has been fully removed, as the precipitation of iron flocs can inhibit the
development of nitrifying biofilm on the sand grain surface ®.

Arsenic is the focus of this dissertation. Arsenic removal in sand filters primarily relies on
adsorption to iron-oxides. In anaerobic groundwater, arsenic predominantly occurs as
arsenite (As(lll), HsAsQOs3). Iron-oxides, however, exhibit a higher adsorption affinity for the
oxidized and negatively charged arsenate (As(V), H,AsO4, HAsO,?). Efficient arsenic removal
therefore depends critically on the oxidation of As(lll) to As(V). Homogeneous oxidation of
As(lll) is slow, occurring on timescales of days. Consequently, surface-catalytic oxidation by
Mn-oxides '® and catalyzed oxidation by reactive oxygen species 2° have long been considered
the dominant As(lll) oxidation pathways in sand filters (Figure 2, yellow section). Increasingly,
however, studies suggest that microorganisms can also mediate arsenic oxidation 2%,
Experimental proof of biologically driven arsenic oxidation in full-scale rapid sand filters is
still lacking. As a result, it remains unclear which of the processes depicted in Figure 2
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(yellow) dominates in arsenic oxidation. The first two research questions are defined to fill
this knowledge gap:

Research question 1: Can arsenic-oxidizing bacteria be found in full-scale groundwater
treatment plants and how does the microbial community composition relate to arsenic
oxidation and removal performance?

Research question 2: How does biological As(lll) oxidation influence arsenic oxidation

kinetics and removal efficiencies in groundwater sand filters compared to
physicochemical oxidation pathways?

Design of sand filters

The design of sand filters is relatively easy and based on the aeration, filtration principle. The
foundation is the same everywhere, but the actual design of the filter beds can vary. In the
Netherlands, we have centralized water treatment plants: one treatment plant provides
water to whole cities. In Bangladesh, decentralized treatment plants are much more
common, where a plant provides water for a few households or one village. Naturally, the
design parameters are completely different. The intensity of aeration and the type of filter
beds canvary too, which influences where and how removal processes occur within the filter
bed.

In most plants, filters are designed to remove iron first, followed by manganese and
ammonium. Simply following thermodynamic laws, oxidation of Fe(ll) is more favorable than
Mn(ll) 24, and this preference is further reinforced by the fact that iron concentrations in
groundwater are usually much higher than manganese concentrations. Based on these
principles, one would expect a vertically stratified filter bed as illustrated in Figure 3A %. Sand
grains in the upper part of the filter are predominantly coated with Fe-oxides, grains in the
lower part with Mn-oxides.

In practice, filter beds rarely behave in such sequential manner. Instead of distinct layers,
mixed Fe/Mn-coatings are commonly observed throughout the filter bed (Figure 3B). This
discrepancy is caused by backwashing. At each backwashing event, grains are fully mixed,
disrupting any vertical stratification that may have developed during filtration 2°. Over time,
this leads to the formation of mixed Fe/Mn-coatings on individual sand grains and enables
simultaneous iron and manganese removal within a single filter bed.

To better separate these processes, alternative filter designs can be employed. One
approach is the use of a dual-media filter bed, consisting of filter media with different grain
sizes within a single filter (Figure 3C). Because grains of different sizes mix less during
backwashing, a degree of stratification can be maintained. Another approach involves the
use of two filter beds in series, where iron is removed in the first filter and manganese in the
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second. In these filters, sand grains have a more homogeneous iron or manganese coating,
compared to a single filter bed, as illustrated in Figure 3.

0000000 98000000

A: Theoretical B: Single media filter C: Dual media filter D: Dualfilter in series

Il supernatant water @ Fe-coated sand @ Mn-coated sand @) Mixed-coated sand
Figure 3: Adapted from Kruisdijk et al. (2024) with permission from the authors #. Sequence of
oxidation and removal of iron (Fe) and manganese (Mn) in theory (A) and in practice (B-D). A:
Sequential Fe oxidation followed by Mn Oxidation. B: Simultaneous Fe and Mn oxidation. C:
Sequential Fe and Mn oxidation separated by using two different filter medias. D: Sequential Fe and
Mn oxidation by using two separate filter beds.

The coating isimportant for surface-catalytic reactions, but also for the biological conversion
in the filter bed. Bacteria colonize more efficiently in the filter bed when sand grains harbor a
porous mineral coating 2. However, it is unknown what the influence of the different mineral
coatings is on the growth of bacteria in sand filters.

Research question 3: What is the role of the filter sand coating on the growth of biofilms

in groundwater filters?

Influence of arsenic on biofilters

The central role of biology in sand filtration has become increasingly recognized, and sand
filters are now commonly referred to as biofilters. Attention towards the role of arsenic-
oxidizing bacteria is also growing and will be further explored in this thesis. But what about
the inverse relationship: the impact of arsenic itself on drinking water biofilms? The toxic
element arsenic can interfere with cellular metabolism and enzymatic activities. The
presence of arsenic may impose a pressure on the biofilm, and whether the presence of
arsenic affects the activity of co-occuring organisms essential for drinking water treatment,
is currently unknown. This lack of understanding limits our ability to assess the performance
and resilience of biofilters exposed to arsenic. Addressing this gap leads to the final research
question of this thesis:

Research question 4: What influence does toxic arsenic has on the activity and

composition of a standard drinking water biofilm on coated filter sand?




1.3 Outline

This thesis combines fieldwork and laboratory experiments to unravel the oxidation and
removal pathways of arsenic in groundwater sand filters. Each chapter addresses a specific
part of the puzzle and contributes to answering the research questions introduced earlier.

Chapter 2 evaluates the performance of decentralized groundwater treatment plants to
remove arsenic. Fieldwork was conducted at six arsenic iron removal plants in two districts
in Bangladesh. The contribution of each filter step to arsenic removal was assessed. Both
physicochemical and biological indicators were analyzed, including microbial community
composition and the presence of Fe- and As-oxidizing bacteria. This chapter addresses
Research Question 1 by examining how arsenic is oxidized and removed in full-scale
treatment systems.

Chapter 3 focuses on the kinetics of As(lll) oxidation on Mn-coated filter sand. Column
experiments were performed using mature reactive Mn-coated sand, known for its catalytic
properties towards As(lll) oxidation. By gradually shifting the system from physicochemical
towards biological As(lll) oxidation, this chapter investigates how the biology influences As(ll)
oxidation kinetics, addressing Research Question 2.

In Chapter 4, similar column experiments were conducted using Fe-coated sand, reflecting
the most common conditions in full-scale groundwater treatment. The kinetics of As(lll)
oxidation were followed over time and the effect of biological As(lll) oxidation on the removal
via iron-oxide coated sand is discussed, thereby offering a complementary perspective on
Research Question 2.

Chapter 5 explores the development and functioning of an arsenic-oxidizing biofilm on
metal-coated filter sand in greater detail. Using multimodal imaging, the distribution of both
the biofilm and the metals on Fe-, Mn- and mixed Fe/Mn-coated filter sand was visualized. In
addition, the impact of arsenic exposure on the drinking water biofilm was investigated by
assessing changes in microbial activity and community composition using bioorthogonal
non-canonical amino acid tagging (BONAT) and sequencing. This chapter addresses
Research Questions 3 and 4 and represents the first application of BONCAT to drinking water
biofilms.
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Abstract

Decentralized drinking water plants for iron (Fe) and arsenic (As) removal are widely applied
in Bangladesh to treat groundwater. These systems rely on aeration followed by sand
filtration. Removal of As relies on oxidation of As(lll) to As(V) and subsequent adsorption onto
Fe-(hydr)oxides formed during Fe(ll) oxidation. Besides the well-known physicochemical
pathways, microbial oxidation of As and Fe may contribute substantially to treatment
performance. This study investigates the presence of As- and Fe-oxidizing bacteria in the
plants, and the additional role of biology in the removal of NH, and Mn. All six treatment
plants monitored produced drinking water exceeding the guideline value of 10 ug/L As.
Community-scale plants achieved efficient Fe removal (>99%) and limited As removal (66-
79%). Household-scale plants showed substantial variability in treatment performance due
to inconsistent operation and showed a risk of Fe-floc breakthrough, potentially exposing
users to elevated concentrations of Fe-bound As in the filtrate. Incomplete NH, and Mn
removal was observed across multiple systems, partly attributed to insufficient dissolved
oxygen (DO) availability. By using PCR, markers associated with As- and Fe-oxidizing bacteria
were detected throughout the plants. 16S rRNA sequencing showed microbial communities
associated with the oxidation of NH4, CH4, Fe, and the need of proper aeration to suppress
undesirable pathogens. The results demonstrate that decentralized As-treating groundwater
plants in Bangladesh are biologically active rather than solely physicochemical treatment
systems. Optimization of oxygen supply, hydraulic retention time and biofilm-supporting
surface area may enhance the removal contaminants, thereby improving the reliability of
water treatment in Bangladesh.
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2.1 Introduction

Arsenic (As) is a naturally occurring contaminant in groundwater and poses severe health
risks upon prolonged exposure, even at ug/L concentrations 2. Worldwide, an estimated 94
to 220 million people are potentially exposed to groundwater As concentrations exceeding
the World Health Organization (WHO) guideline value of 10 ug/L, of whom approximately 94%
live in Asia ®. Within this region, Bangladesh is considered the most severely affected country
45 where groundwater As concentrations as high as 1670 ug/L have been reported 6. The
origin of As in Bangladeshi groundwater is primarily geogenic, associated with sediments
eroded from the Himalayan orogenic belt and deposited across the Bengal delta. Reductive
dissolution, partly mediated by microbes, and desorption drive As mobilization’.

The widespread exposure of As in Bangladesh is linked to a national shift in the 1970s of the
main drinking water source; from microbiologically unsafe surface water to groundwater. At
the time, As measurements were not performed, and its contamination was only identified
in 1993, after prolonged consumption had already occurred. Chronic exposure resulted in
widespread health effects, including arsenicosis and cancer, and has been described as ‘the
largest mass poisoning in history’ 8.

Following recognition of this problem, multiple strategies were developed to reduce As
exposure from groundwater. One implemented solution is the use of groundwater treatment
plants, which are considered robust, low-cost systems and are used worldwide, both in
centralized and decentralized treatment. These systems require minimal maintenance, no
chemical addition, and can be constructed from locally available materials. In Bangladesh,
these systems are commonly referred to as Arsenic Iron Removal Plants (AIRPs). AIRPs are
installed for communities or extended households by several different aid and development
organizations across Bangladesh. Despite the extensive use of AIRPs, studies have shown
that the removal efficiency varies from 50-98% °''. With removal efficiencies in this range,
many AIRPs remain unable to meet the WHO guideline of 10 pg/L.

The working principle of groundwater treatment plants is aeration followed by filtration.
Anaerobic groundwater is pumped through a well to the surface and is aerated through
cascade, spray or plate aeration. After aeration, the water flows through a (series of) filter
media, in which both physicochemical and biological removal processes take place '2. The
most commonly used filter media is sand.

Besides As, the filters are primarily designed to remove iron (Fe), manganese (Mn) and
ammonium (NH,). Fe is mainly removed to improve aesthetic water quality. Mn can be
neurotoxic, and the WHO set the guideline for Mn in drinking water to 0.08 mg/L 3. NH,
removal is mainly important to maintain microbial stability of the filtered water, to prevent
pathogen growth. In groundwater filters, Fe is typically removed first through homogeneous
oxidation during aeration, forming Fe-(hydr)oxides. Subsequently, heterogeneous oxidation
of Fe(ll) can take place on the formed Fe-(hydr)oxides s . Under low pH and low dissolved
oxygen (DO) conditions, biological Fe removal can also occur '® After Fe removal, Mn and NH,
removal typically takes place '®'7, either within the same filter bed or in sequential beds in
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series '®. Mn removal can happen both via surface-catalytic oxidation in the presence of Mn
oxides and biologically by manganese-oxidizing bacteria '°. Mn oxides are formed and
retained in the filter bed. NH, removal, by oxidation to nitrate (NQO3), is exclusively biological
and is mediated by ammonium-oxidizing bacteria (AOB) and/or comammox organisms 2%:2,
Complete conversion to NO; is essential; the WHO guideline for NO; is around 17 times
higher than for nitrite (NO,), as NO, poses a greater health risk '*22, Effective biological
removal requires porous filter media with a high surface area to support microbial
colonization %,

Removal of As in groundwater filters primarily occurs via adsorption to Fe-(hydr)oxides. In
anaerobic groundwater, As is predominantly present as arsenite (As(lll)), whereas under oxic
conditions, arsenate (As(V)) dominates ?4. Oxidation of As(lll) by air is slow (half-life of 4-9
days?®) and plays a minor role in filters with a hydraulic residence time of minutes. In
groundwater filters, As(lll) oxidation is catalyzed through three mechanisms: i) by reactive
oxygen species generated during Fe(ll) oxidation 2, ii) surface-catalytic oxidation by Mn
oxides present on filter coatings 2 and iii) biological oxidation by arsenic-oxidizing bacteria
(AsOB) %%, Since As(V) generally exhibits higher adsorption efficiencies for Fe-(hydr)oxides
and As(lll) oxidation is expected to occur via the three mentioned catalytic processes during
treatment, groundwater filters should be ideally designed to promote As(V) removal.

The role of microbial processes in groundwater filters for the removal of As, Fe and Mn has
gained increasing recognition "2, prompting a gradual shift from viewing these systems as
purely physicochemical filters to conceptualizing them as biofilters. The objective of this
study is to assess if As- and Fe-oxidizing bacteria are present in As-treating decentralized
groundwater plants in Bangladesh, and the additional role of biology in the removal of co-
contaminants such as NH; and Mn. Therefore, the biological and physicochemical
performance of groundwater treatment plants was evaluated in two different districts in
Bangladesh. In total, six plants were sampled, and the contribution of individual filter steps
was assessed for the removal of Fe, As, Mn and NH,. Microbial community composition was
analyzed using 16S rRNA gene sequencing, and PCR analyses were performed to detect the
markers for genes related to biological As- and Fe-oxidation.

2.2 Materials and Methods

2.2.1 Study area and design of treatment plants

Fieldwork was conducted in Bangladesh in March 2024, where two types of treatment plants
were investigated: three household- and three community-scale treatment plants. A
schematic overview of both systems is given in Figure 1. Pictures of the plants are given in
Figures S1 and S2.

The household-scale treatment plants were located in the Manikganj district and served one
to two households per plant. These household-scale treatment systems are hereafter
referred to as H1-H3. The community-scale treatment plants were located in the Satkhira
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district and served approximately 25-80 households per plant. These systems are hereafter
referred to as C1-C3.

H1-H3 were installed by NGO ‘The Society for People’s Action in Change and Equity’ (SPACE)
since 2009 *. Anaerobic groundwater was extracted using an electric pump and entered the
first tank. Originally, aeration occurred via an aeration tray. However, this tray was only
present at H3 at the time of sampling (Figure S1). At H1 and H2, water entered the system
without an aeration step. Next, the water flowed upwards through a filter bed consisting of
brick chips (~10 cm at H1-3), followed by charcoal (~6 cm at H1 and H3, ~10 cm for H2) and
sand (0-2 cm at H1, ~10 cm at H2 and ~20 cm at H3). Fine fishnets separated the different
filter materials to prevent mixing. Treated water was collected from the supernatant of the
second tank via a tap. The height of the aeration and filter tank was around 90 and 60 cm
respectively with a diameter of 65 cm . The system can hold about 350 L of water, typical use
is 150-200 L per day .

No user fee was charged for water consumption of the household-scale treatment plants.
Operation and maintenance was initially carried out by trained technicians, but responsibility
was transferred to the users in 2012. Subsequent maintenance difficulties may have
contributed to reduced As removal performance or, in some cases, complete
discontinuation of filter use *. Filters were typically drained and flushed upon clogging to
remove accumulated Fe flocs. At H1-H3, the filters were still in use and the last cleaning had
occurred several weeks prior to sampling.

C1-C3 were installed by the NGO WaterAid Bangladesh between 2013 and 2019. Anaerobic
groundwater was abstracted using a hand pump and aerated using three perforated platesin
series (Figure S2). Water then flowed upward through the first stone filter of approximately 50
cm (filter 1). Subsequently, water was aerated in an open gutter with air contact and then
passed upward through a second stone filter of around 30 cm (filter 2). A third aeration step
occurred via overflow onto an aeration tray above the final downflow sand filter of
approximately 30 cm (filter 3). Treated water was stored in a closed storage chamber, from
which users obtained water via a tap. The system can treat up to 1200 Liters per day ®'. The
height of the filter tanks was around 105 cm. The tanks of the filters had a dimension of 70 x
70, 100 x 70 and 100 x 100 cm for the three subsequent filters respectively.

Users of the community-scale treatment plants pay a monthly fee per household of
approximately BDT 50 (0.35 euro cents) 3'. A designated caretaker is responsible for fee
collection, regular monitoring including basic water quality checks, and coordination of
maintenance activities. Monthly cleaning is done by a trained and paid team. During
cleaning, the system was drained to remove accumulated Fe sludge, then flushed and
scrubbed with tap water mixed with bleach. The stones and the top of the sand layer were
removed, washed with bleach-containing water, and returned to the filter. C1-C3 were
cleaned around three weeks prior to sampling.
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Figure 1: Schematic overview of the A) household-scale treatment plants H1-H3 in Manikganj and B)
community-scale treatment plant C1-C3 in Satkhira. Yellow circles indicate samples points of water
samples, red circles indicate samples points of solid samples. IN = Inlet, AER = Aeration, SL = Sludge,
FIL = Filter, OUT = Outlet effluent

2.2.2 Water and solid samples collection

Figure 1 shows the sample collection points of the treatment systems. After collection, water
samples for water quality analysis were stored in 15 mL Falcon tubes, and for microbial
analysis in autoclaved glass bottles.

Water samples were taken from the influent raw groundwater and from the effluent drinking
water upon first arrival at the plants, without disturbing the filters. Subsequently, water
samples were taken after each distinct filter step, which allowed assessing the performance
of the individual filters and identifying in which filters removal took place.

At C1-C3, water samples were collected of the distinct filter steps without disturbing the
filters: after aeration, filter 1 and 2 (Figure 1B).

At H1-H3, the three filter layers are stacked within a single tank, preventing direct sampling
of water after each separate filter step. To enable sampling at different depths, mini-filters
with tubes attached were installed in the filter bed as follows. Prior to installation, the plants
were drained. The mini-filters were made by filling syringes with cotton, fitted with filter socks
and connected to 4 mm tubing were placed within each filter layer. The tanks were filled with
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water again and left overnight. The next day, the system was continuously operated for 1 hour,
replacing approximately 4 bed volumes. Subsequently, profiles were taken at two different
time points for H1-H3: one during continuous operation with the groundwater pump on, and
one after 2.5 hours of stagnation to determine the influence of retention time. Samples of the
distinct filter steps were extracted by applying suction with a second syringe connected to
the other end of the tubing. A picture of the sampling setup is provided in Figure S3. At C1-
C3, a removal profile during continuous operation was not feasible due to the large
dimensions of the plants and the use of a manual instead of electric pump.

Solid samples were taken for DNA extraction from the collection points as indicated in Figure
1. Filter media was collected from the top part of the filter bed. For C1-C3, media was simply
scooped from the bed. For H1-HS3, filter media as well as sludge samples were collected
while installing the mini-filters. Samples were stored at 4 °C before extraction in autoclaved
glass bottles or sterile Falcon tubes.

2.2.3 Water quality analysis

Dissolved oxygen (DO) and pH were measured immediately after sampling using a WTW
multimeter (3630 IDS), equipped with DO and pH probes. Aeration during sampling was
minimized as much as possible. This was particularly challenging for effluent samples from
the community-scale treatment plants, where water collection from taps inherently
introduced DO.

At each sampling point, both filtered (0.2 um) and unfiltered samples were collected. Fe in
the filtered samples is hereafter referred to as Fe dissolved and Fe in the unfiltered samples
as Fe(tot), as we expect that all formed Fe-(hydr)oxides are filtered 233, Speciation analysis
of As(lll) and As(V) was performed on the filtered samples immediately after sampling. A 10
mL syringe was filled with Amberlite IRA-400 chloride anion ion-exchange resin. Prior to
speciation analysis, the resin was washed twice with deionized water and conditioned with
one volume of filtered sample by passing the sample through the resin. Afterwards, 10 mL of
filtered sample was passed through the resin. The effluent contained As(lll), while As(V)
retained onthe resin. As(V) concentrations were calculated as the difference between As(tot)
and As(lll). Each resin cartridge was used to process a maximum of four samples.

NH, concentrations were measured directly in the field using a Lovibond MD 610 photometer
with the Ammonia T test. All remaining water quality parameters were analyzed after
completion of the field work. Concentrations of As, Fe and Mn were measured by inductively
coupled plasma mass spectrometry (ICP-MS, Analytikal Jena PlasmaQuant MS), total P was
determined by inductively coupled plasma optical emission spectrometry (ICP-OES, Agilent
5800 VDV). It is assumed that phosphate is the only P species present, and therefore total P
is referred to as phosphate (PO,) hereafter.

Sludge samples were imaged using Environmental SEM (Quanta FEG 650: FEI at 0.5°C and
6—-8 mbar H20 atmosphere).
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2.2.4 Oxygen demand calculations

The theoretical oxygen demand required for complete oxidation of Fe(ll), Mn(ll) and NH, was
calculated based on the following stoichiometric reactions:

Fe(II) + 0.25 0, + 2.5 H,0 —» Fe(OH)s(s) + 2H*
Mn(II) + 0.5 0, + H,0 - MnO,(s) + 2H™
NH,+ 20, - NO3 + 2H* + H,0

Among these constituents, NH, has the highest molar oxygen demand, requiring 2 mol O, per
mol of NH4, compared to Fe(ll) and Mn(ll), which require 0.25 and 0.5 mol O, per mol,
respectively.

2.2.5 DNA Extraction

DNA was extracted using the Qiagen DNeasy PowerSoil Pro Kit (Qiagen, Germany) following
the manufacturer’s protocol, with minor modifications depending on the sample type. For
water samples, 500 mL of each sample was filtered through sterile membrane filters (0.22
pm), after which the filter membrane was transferred into 5 mL tubes. Solution CD1 (800 pL)
and 0.5 mm glass beads were added, and samples were lysed using a bead beater (Mini-
BeadBeater, Biospecproducts), at 3000 rpm, for 30 s. The lysate was centrifuged at 15,000 x
g for 3 min, and the supernatant was transferred to a clean 2 mL microcentrifuge tube.
Subsequent purification steps were performed according to the manufacturer’sinstructions,
and DNA was eluted as recommended by the kit protocol.

For sand and sludge samples, 250 mg of material was processed directly following the
standard kit protocol. For stone and brick samples, 10 g of material was washed thoroughly
with 90 mL phosphate-buffered saline (PBS) to release the biomass from the surface of the
samples. The wash solution was filtered, and DNA extraction was performed using the same
procedure as described for water samples.

2.2.6 PCR for arsenic- and iron-oxidizing bacteria

PCR assays were performed to detect (i) bacterial DNA using universal 16S rRNA markers, (ii)
arsenite oxidase (aio) functional gene markers associated with As(lll)-oxidizing bacteria, and
(iii) Fe-oxidizing bacteria based on probes developed for Gallionella-like bacteria (Ga-FeOB).
‘Gallionella-like’ refers to Fe-oxidizing bacteria that are phylogenetically close to Gallionella,
but from distinct clades and often represent uncultured novel lineages 3.

A two-round strategy was applied: first-round PCR for broad detection/enrichment, followed
by second-round nested PCR for 16S- and Ga-FeOB-targeted assays and second-round re-
amplification (two-round/semi-nested PCR) for aioA. Primer sets and optimized annealing
temperatures are listed in Table 1.

All PCR reactions were carried out in 25 pL of total volume, containing 12.5 yL Hot-Start
GoTaq® Ready-to-Use Master Mix (Promega, USA), 0.4 pyL each of forward and reverse
primers, 2 pL of template, and nuclease-free water to volume. Thermal cycling consisted of
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an initial denaturation at 94 °C for 3 min, followed by 35 cycles of denaturation at 94 °C for 1
min 30 s, annealing at the primer-specific optimized temperature for 30 s, and extension at
72 °C for 1 min 30 s, with a final extension at 72 °C for 5 min.

In the first round, extracted DNA was used to amplify bacterial 16S rRNA with Fc27/RC1492
(annealing 60 °C) and arsenite oxidase gene markers with aioAF/aioAR (annealing 62 °C). In
the second round, first-round products diluted 1:10-1:50 were used as templates. Universal
16S rBRNA was amplified using Eub338F/Eub518R (annealing 60 °C) and Ga-FeOB was
targeted using 628F/998R (annealing 57 °C), both using the diluted Fc27/RC1492 first-round
amplicon as template. For arsenite oxidase detection, aoxBM1-2F/aoxBM2-1R (annealing 60
°C) was applied using the diluted aioAF/aioAR first-round product as template for second-
round re-amplification (semi-nested PCR) targeting aioA markers associated with arsenite-
oxidizing bacteria.

Table 1: The primers used in PCR experiments, with their corresponding sequence, target group and
annealing temperature

Primer Annealing
pair (F/R) [Sequence Target gene/group |(°C) Ref.
5'-AGA GTT TGATCC TGG CTC AG-3'
Fc27/  |5'-TAC GGC TAC CTT GTT ACG ACT T- 60 o
RC1492 |3 Bacterial 16S rRNA
Eub338F |5'-ACT CCT ACG GGA GGC AGC AG-
/ 3 60 o
Eub518R |5'-ATT ACC GCG GCT GCT GG-3' Universal 16S rRNA
5'-CCA CTT CTG CAT CGT GGG-3' Arsenite oxidase
aioAF/ gene, large subunit 62 e
aioAR 5'-TGT CGT TGC CCC AGA TGA-3' (aioA)
aoxBM1- [5'-CCA CTT CTG CAT CGT GGG NTG
2F/ YGG NTA-3' Arsenite oxidase 60 "
aoxBM2- |5'-GGA GTT GTAGGC GGG CCKRTT |gene, large subunit
1R RTG DAT-3' (aioA)
628F / 5'-GBM AGG CTA GAG TGT AGC-3' Gallionella-like 57 »
998R 5'-CTC TGG AAA CTT CCT GAC-3' bacteria

2.2.7 16S rRNA gene amplicon sequencing

Selected DNA extracts were subjected to 16S rRNA gene amplicon sequencing following the
Earth Microbiome Project (EMP) 16S Illumina Amplicon Protocol (v2) %, targeting the V4
region using the updated degenerate 515F-Y/806R-B primer pair with Illumina adapter and
barcode constructs *¢. DNA purity and concentration were assessed prior to library
preparation using NanoDrop (A260/280 ratio 1.8-2.0) and Qubit fluorometric quantification.

During library QC, fragment/library profiles were assessed using a LabChip GX Bioanalyzer.
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Amplicon PCR was performed in triplicate per sample, and replicate reactions were pooled
per sample before downstream processing, as recommended in the EMP protocol.
Amplicons were checked for expected size, then normalized and pooled in equal amounts
across samples to generate the final sequencing pool, followed by PCR clean-up according
to the EMP workflow.

Sequencing was carried out on an Illumina MiSeq platform using a MiSeq v2 (500-cycle)
cartridge, generating paired-end 2 x 250 bp reads. In line with EMP recommendations for
low-diversity amplicon libraries, PhiX spike-in (15%) was included in the run.

Demultiplexed paired-end reads generated on the Illumina MiSeq platform were imported
into QIIME 2 for quality control and downstream sequence processing *. Primer and adapter
sequences were removed prior to analysis. Reads were quality filtered, denoised, merged,
and screened for chimeras using DADA2 implemented in QIIME 2 #'42 High-quality
representative sequences were retained as amplicon sequence variants, and an ASV feature
table containing the abundance of each sequence variant per sample was generated for
downstream taxonomic profiling 4. Taxonomic classification was performed in QIIME 2 using
the SILVA reference database “%. The resulting taxonomy assignments were combined with
the ASV feature table to generate sample-wise taxonomic abundance tables. ASV counts
were collapsed to the class and family taxonomic ranks, and relative abundance (RA) was
calculated for each sample by dividing the number of reads assigned to each taxon by the
total number of reads in that sample and multiplying by 100. The final abundance tables were
exported from QIIME 2 and further processed in R.

For visualization, the top 15 most abundant taxa across all samples, based on mean RA, at
class and family levels were plotted individually. Remaining lower-abundance taxa were
grouped as “Others.” Relative-abundance profiles were visualized as stacked bar plots to
compare microbial community composition between influent and effluent samples for H3
and C1-C3. Duplicate samples were retained as separate observations to assess
consistency between replicates and sample-level variation.

2.3 Results

2.3.1 Water quality performance of community-scale treatment plants

Figure 2 presents the removal efficiencies of Fe, As, Mn, NH,, and PO, after the individual
treatment steps of the community-scale treatment plants, together with the profiles of DO,
pH and Fe/As Ratio. The three plants operated under relatively comparable conditions:
influent groundwater concentrations were of similar magnitude, and all plants were cleaned
and backwashed approximately three weeks prior to sampling.

Aeration was the first treatment step and increased DO concentrations to approximately 5
mg/L, accompanied by a pH increase due to CO, degassing. Fe(ll) oxidation initiated upon
aeration, while limited As(tot) was removed at this stage. In contrast, partial PO, removal
already occurred during aeration, likely through adsorption onto freshly formed Fe-
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(hydr)oxides. Partial oxidation of As(lll) to As(V) was observed at C2 during aeration, which
was not observed at C1 and C3.

Inthe first stone filter (filter 1), Fe(ll) oxidation continued and the formed Fe-(hydr)oxides were
partly retained within the filter bed. This resulted in approximately 94% PO, removal.
Similarly, filter 1 was the main step responsible for As removal, with total As efficiencies
ranging from 66-79%. The Fe/As ratio in filter 1 ranged between 25 and 38. Simultaneously,
DO concentrations decreased in this step due to Fe(ll) oxidation and partial NH, oxidation.

The second stone filter removed the remaining Fe flocs, resulting in total Fe removal
efficiencies of >99%. Despite the effective Fe removal, no further As(tot) removal was
observed. This demonstrates that efficient Fe removal does not necessarily result in
adequate As removal. A possible explanation of the lack of As removal is the combination of
decreasing Fe/As ratio (<10) and increasing pH values (~7.3 to ~7.8), both of which
substantially reduce the adsorption of As(V) to Fe-(hydr)oxides #4. Although Filter 2 did not
contribute to further As(tot) removal, continued oxidation of As(lll) to As(V) was observed,
and As(lll) represented only 4% of remaining As(tot) after this step. Mn and NH, removal also
initiated in Filter 2, consistent with other groundwater treatment plants where Mn and NH,
removal typically start only after Fe removal is completed 82,

An additional aeration step prior to the third sand filter further increased pH due to CO,
degassing, and further stimulated Mn and NH, oxidation. Nevertheless, complete removal of
Mn and NH, was not achieved within the sand filter bed. Effluent Mn concentrations ranged
from 6.9 — 22 pg/L, which is below the WHO guideline value of 80 pg/L. Effluent NH,
concentrations ranged from 0.3-2.0 mg/L. Although NH,does not have a set guideline by the
WHO, complete nitrification is important to ensure biological stability of the produces water
and to prevent the formation of undesired nitrite (Lytle et al., 2007). Notably higher NH,4
concentrations were observed in the groundwater of C2, despite the proximity of C1-C3.
Possibly, the groundwater was locally contaminated with manure, sewage or other (animal)
waste pollution.
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Figure 2: Community-scale treatment plants (C1-C3) profiles of DO, pH and Fe/As ratio and the
removal efficiencies of Fe, As, Mn, NH,4, and P in the raw groundwater (In), after aeration (Aer), after
filter 1 (Fil 1), after filter 2 (Fil 2) and in the effluent (Out).

2.3.2 Water quality performance of household-scale treatment plants

In contrast to the community-scale treatment plants, which operated triplo-like, the
household-scale treatment plants showed substantial variability in both design and
treatment performance. Figure 3 presents the concentrations of Fe, As, Mn, NH4 and PQO,,
together with the profiles of DO, pH and Fe/As ratio throughout the individual treatment steps
of H1-H3.

The large variability between household-scale systems is likely related to inconsistent
operation, cleaning and maintenance. A previous study reported that the absence of trained
operators and irregular maintence practices frequently result in non-ideal functional of As-
treating groundwater plants (Sorensen and McBean (2015). One clear example was the
absence of the aeration tray at H1 and H2. This appears to be a common issue for
decentralized groundwater plants in Bangladesh. Hossain and Ahmed (2025) reported that
approximately 38% of 310 evaluated plants lacked an aeration tray, Sorensen and McBean
(2015) observed the same problem in 4 out of 14 investigated plants. The low DO
concentrations measured atH1 and H2 (1.7 and 2.8 mg/L, respectively), compared to H3 (4.6
mg/L), clearly reflect the limited aeration in these systems.

Another inconsistency was observed in filter bed configuration. Especially the sand layer
thickness varied greatly, ranging from max 2 cm at H1 to 10 cm at H2 and 20 cm at H3. All
household-scale treatment plants showed the risk of Fe-floc breakthrough into the filtrate
water. Visible Fe-flocs were observed in the supernatant water of all sytems (Figure S4), from
which water is abstracted for usage. Insufficient retention of Fe is achieved in the filter bed.

Since As is removed through adsorption onto Fe-(hydr)oxides, Fe-floc carryover
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simultaneously increased the risk of elevated As concentrations in the produced water.
Consumers at H1 and H2 did not drink the the treated water and reported issues with Fe
staining during washing and cooking. Users at H3 did drink the water, but Table S1
demonstrates that effluent Fe and As concentrations varied strongly per sample moment.
Effluent concentrations can vary tremendously at the same location, especially with the risk
of Fe-floc carryover.

Hydraulic residence time further influenced treatment performance. Figure 3 presents
concentration profiles obtained after 2.5 hours of stagnation, while different profiles were
observed during continous operation (Figure S5). Longer hydraulic residence time
substantially lowered pH and increased removal of Fe, As, Mn and NH, during filtration,
although this removal was partly reversed in the last step, remobilizing the contaminants into
the water.

The variability in effluent concentrations in Table S1 is likely partly explained by fluctuating
residence times at time of sampling. Since the systems are operated intermittently, the exact
residence time can greatly vary per use. In addition, previous studies report that cleaning
frequency influences performance °%°. No regular cleaning schedule was in place for the
household-scale treatment plants, which is another inconsistency among plants.

Together, these findings demonstrate that the household-scale treatment plants operated
highly inconsistently, making it difficult to directly compare individual treatment steps or
removal mechanisms between systems. Therefore, the detailed removal pathways are not
further discussed for H1-H3. Nevertheless, the results show that users of these systems are
exposed to As, Fe, Mn and NH, in the produced filtrate and at risk of detrimental health
effects.
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Figure 3: Household-scale treatment plants (H1-H3) profiles of DO, pH and Fe/As ratio and the removal
efficiencies of Fe, As, Mn, NH,, and PO, in the raw groundwater (In), after aeration (Aer), in the brick chip
filter (Br), in the charcoal filter (Cc), in the sand filter (Snd) and in the effluent (out). * Data Mn H1 missing,
**PQ, for Br, Cc and Snd not measured

2.3.3 Oxygen limitation in treatment plants

Sufficient DO availability is essential for the oxidation and subsequent removal of Fe, Mn and
NH,. Figure 4 presents the DO balance for plants H1-H3 and filter 3 of C1-C3. For C1-C3, a
complete balance could not be made, due to the sequential aeration and filtration steps. In
these systems, the most oxygen-consuming process, NH4 oxidation, occurred in filter 3,
where DO was measured directly pre- and prior to filtration. Fe was almost completely
removed prior to filter 3, and Mn requires much less oxygen compared to NH4. Therefore, Fe
and Mn are not visible in C1-C3 of Figure 4. Oxygen demand was calculated based on the
theoretical requirement for complete oxidation of influent Fe, Mn and NH4 concentrations
(equations in section 2.4). Oxygen consumption was derived from the theoretical
requirement corresponding to the observed removal of these constituents.

Of all investigated systems, H3 was the only treatment plant where aeration supplied
sufficient DO to meet the calculated demand for complete oxidation of NH4, Fe and Mn. At
H3, incoming Fe(ll) indeed completely oxidized to Fe-(hydr)oxides. However, despite the
oxygen availability, incomplete NH4 and Mn removal was observed. In all other plants,
measured DO was lower than the calculated demand, consistent with the observed
incomplete NH4 and Mn removal observed.

At C1 and C2, calculated oxygen consumption closely resembled the measured DO
concentrations. At C3, calculated oxygen consumption slightly exceeded measured DO
concentrations. Partial nitrification to NO, requires less oxygen than complete oxidation to
NO3. The nitrite and nitrate concentrations were not measured, but this discrepancy
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suggests the formation of nitrite in C3. In contrast, at H1-H3, calculated oxygen consumption
was lower than the available DO, indicating that DO availability was not the primary limiting
factor in these systems.
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Figure 4: Oxygen balance for household-scale treatments plants H1-H3 and filter 3 (F3) of community-
scale treatment plants C1-C3. Dissolved oxygen (DO) was measured (M) at the influent of the
plant/filter during sampling. Oxygen demand (D) and consumed (C) was calculated based on NH,
(blue), Fe (yellow) and Mn (red) concentrations in the influent and effluent of the plant/filter.

2.3.4 Microbial performance of treatment plants

The taxonomic composition of the microbial communities in the influent water (IN) and
effluent water (OUT) of H3 and C1-C3 is presented in Figure 5. Communities are presented
in relative abundance (RA), expressed as the percentage of Operational Taxonomic Units
(OTUs) at the taxonomic ranks of class and family. The replicates showed relatively similar
patterns, except for the influent of C2 and C3. Samples from H1 and H2 were excluded from
sequencing, due to missing aeration step in these systems.

At class level, the communities were dominated by Gammaproteobacteria (8.9-85.9%), with
the exception of one C1 influent replicate, which showed markedly lower RA (1.1%).
Substantial contributions were additionally observed from Bacteroidia (1.3 - 26.3%),
Anaerolineae (0.1 - 37.2%) and Nanoarchaeia (0.16 - 11.6 %).

At family level, dominant taxa included Gallionellaceae (0.0 — 49.9%), a family that includes
Fe-oxidizing bacteria; Methylophilaceae (0.0-15.8%) and Methylomonadaceae (0.0-25.5%),
which include methane (CH,)-oxidizing taxa; and archaea Woesearchaeales (0.16-11.1%).
These families have previously been identified in groundwater and drinking water treatment
systems 4852,

Surprisingly, ammonium-oxidizing bacteria were not among the ten most abundant classes
or families. The RA of Nitrospiria ranged from 0.0 to 3.1%, while they are often found in much
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higher abundance in groundwater filters %34, In contrast Nitrososphaeria, a family including
ammonium-oxidizing archaea, were more abundant, ranging from 0.01 to 12.6%.

Spatial variability in influent community composition was observed across the four
locations. This variability is particularly notable for C1-C3, despite the close proximity of
these locations and their groundwater sources (<1.5 km). Additionally, shifts in community
composition were observed between influent and effluent samples at each location,
indicating selective enrichment and/or removal of taxa during treatment.

2.3.5 PCR detection of 16S rRNA, arsenic- and iron-oxidizing bacteria

PCR results are provided in Table S2. Universal bacterial 16S rRNA genes were detected in
nearly all water and filter media samples from both community- (C1-C3) and household- (H1-
H3) scale treatment plants, confirming the presence of amplifiable bacterial DNA throughout
the system. In C1, one of the two sand samples did not yield amplification; however, the
duplicate sample and the overlying water sample were positive. Similarly, in H2, one sand
sample was negative while its duplicate showed amplification. These isolated single-
replicate negatives are most likely caused by amplification error rather than the absence of
bacteria.

The arsenite oxidase gene was widely detected. In C1-C3, first-round amplification with
AioAF/AioAR vyielded positive signals in 39 out of 44 samples. Following semi-nested
reamplification with aoxBM1-2F/aoxBM2-1R, detection increased to 41 out of 44 samples. In
H1-H3, 23 out of 27 samples were positive for aioA, which increased to 24 after the second
amplification round. In all but one case where a sample scored negative, the duplicate
sample did show amplification. The sample of Filter 1 of H2, in which no aioA was detected,
did not have a duplicate since removing too many bricks would disturb the filter. No
amplification was observed in negative controls.

Nested amplification targeting Gallionella-like Fe-oxidizing bacteria also revealed
widespread occurrence in both treatment systems. At C1-C3, 40 out of 44 samples showed
a positive signal, and at H1-H3, 24 out of 27 gave a positive signal. No duplicate negatives
were found. Fe-oxidizing bacteria were present in the influent samples and subsequent filter
steps, even at treatment steps where no Fe(ll) oxidation was observed (e.g. filter 2 of C1-C3).
No amplification was observed in the negative controls.

Overall, genes encoding for arsenite-oxidizing and Gallionella-like Fe-oxidizing bacteria were
detected throughout the different treatment stages, including influent water, filter material,
and effluent samples.

40



Class

100
75
[}
o
c
©
ke]
c
2
2 50
[}
=
=
Kt
()
[a's
25
0
H3IN H3 OUT C1IN C10UT C2IN C20UT C3IN C30UT
m Others W Gammaproteobacteria W Bacteroidia M Anaerolineae m Nanoarchaeia
o Clostridia m Gracilibacteria H Alphaproteobacteria M Actinobacteria B Methanobacteria
B Nitrososphaeria B Omnitrophia B Verrucomicrobiae B Elusimicrobia W Bathyarchaeia
Family
100 I |
75
[}
o
c
©
ke)
c
2
2 50
[}
=
=
L
Q
[a's
25
0
H3 IN H3 OUT C1IN C10UT C2IN C20uUT C3IN C30UT
H Others M Gallionellaceae m Methylophilaceae B Woesearchaeales m Methylomonadaceae

H Anaerolineaceae
B Methylococcaceae

m Prevotellaceae
m Nitrosopumilaceae

m Candidatus_Peribacteria
M Lachnospiraceae

W Methanobacteriaceae

| Bifidobacteriaceae

m Comamonadaceae
= RBG-13-54-9

Figure 5: Distribution histogram of relative abundance of taxonomic rank Class (top) and Family
(Bottom) of the microbial community in duplicates of the influent (IN) and effluent (OUT) water of
household-scale treatment plant H3 and community-scale treatment plants C1-C3.
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2.4 Discussion

2.4.1 Arsenic iron removal plants are biofilters

The results obtained suggest that biological processes play a key role in As, Fe, and NH,4
removal in both household- and community-scale treatment plants. NH, oxidation in
groundwater treatment plants is inherently biological and, although incomplete, removal
was observed in all plants, confirming the presence of active nitrifying communities. Notably,
ammonium-oxidizing archaea (AOA) were detected in higher RA than ammonium-oxidizing
bacteria (AOB). This is unexpected, as AOA are generally associated with low (<0.18 mg/L)
NH, environments %%, whereas the groundwater in this study contained relatively high
ammonium concentrations (0.5-4.5 mg/L). A possible explanation is their higher adaptability
to low oxygen concentrations °°, which may provide a competitive advantage in these filters.
Given that AOB have typically higher NH, oxidation rates than AOA %3, these findings further
underline the importance of sufficient oxygen supply for optimal NH, removal.

Microorganisms associated with CH, oxidation, including Methylococcaceae,
Methylophilaceae and Methanobacteriaceae, were detected throughout the systems.
Although CH,4 concentrations were not measured in this study, their presence suggests that
the microbial community was involved in converting CH, into CO..

There are also strong indications of biological Fe(ll) oxidation in the filters. Low DO and pH
are favorable conditions for Fe-oxidizing bacteria to grow ' and PCR analysis detected
Gallionella-related genes in all treatment plants. In H3 and C3, Gallionellaceae was the
dominant family present in the influent, while lower RAs were observed in C1 and C2. These
differences cannot be explained by influent Fe concentrations, which were comparable
among C1-C3 (Figure 2). In all community-scale treatment plants, the RA of Gallionellaceae
decreased at least fivefold from influent to effluent, consistent with Fe being removed
predominantly in the early treatment stages. In contrast, Gallionellaceae remained abundant
in the effluent of H3, in agreement with the high residual Fe flocs observed in the effluent of
this plant (Figure S4). Other Fe-oxidizing bacteria, such as Ferrovibrionales, were also
detected. Additionally, tube-like structures characteristic of Leptothrix were observed in
sludge samples (Figure S6) ®¢, although they were not found with 16S rRNA sequencing.
Together, these findings support active biological Fe(ll) oxidation within the filters.
Nevertheless, abiotic oxidation likely occurred simultaneously, as visible Fe flocs throughout
the system (Figure S4) indicate homogeneous and heterogeneous Fe(ll) oxidation.

In contrast to NH4, CH,4 and Fe(ll) oxidation — each associated with specific microbial taxa -
As(lll) oxidation is not restricted to a distinct phylogenetic cluster. The arsenite oxidase
operoniswidely distributed among bacterial taxa and may spread by horizontal gene transfer
578 The aioA gene was detected by PCR throughout the treatment systems and was already
present in influent groundwater, suggesting continuous inoculation from the source water
and persistence within the treatment system. Although As speciation is difficult to track due
to rapid adsorption onto Fe-(hydr)oxides, direct evidence of As(lll) oxidation was observed in
Filter 2 of C1 and C3, where increases in As(V) exceeded the amount of total As removed.
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Furthermore, As(lll) oxidation occurred in the absence of detectable Fe(ll) oxidation in C3,
and with only minimal Fe(ll) oxidation (0.2 mg/L) in C1. These observations indicate that
As(lll) oxidation was unlikely to result from co-oxidation with Fe and suggests a contribution
of As- oxidizing bacteria.

While microbial activity enhances contaminant removal, the presence of pathogens must
also be considered. Bacteria associated with fecal contamination were detected in the
treatment systems. The class Clostridia is linked to manure *, and the families
Prevotellaceae and Bifidobacteriaceae are associated with fecal pollution €', Potential
contamination sources include nearby agricultural fields or septic systems. This might also
explain the variability in influent microbial community among C1-C3, despite their close
geographic proximity (<1.5 km). The most severely polluted plant, C2, exhibited 41% RA of
the Clostridia and 26.2% and 21.7% of the families Prevotellaceae and Bifidobacteriaceae,
respectively, in the influent. The strong variation between C2 replicates suggests that part of
the observed signal may be attributable to incidental contamination during or after sampling.
Nevertheless, members of these taxa were detected in all treatment plants, indicating that
their presence is widespread. These taxa are anaerobic, and oxygenation reduced their RAto
below 1%, providing an additional argument for adequate aeration to safeguard treatment
performance.

Overall, these findings demonstrate that the treatment plants function as biologically active
systems rather than purely physicochemical filters. Microbial communities contribute to the
removal of NH,, CH,4, Fe and As, and proper aeration is essential to suppress undesirable
anaerobic pathogens. These biological pathways should be explicitly considered in plant
design and maintenance. The community-scale treatment plants are monthly cleaned with
bleach, which likely inactivates beneficial microbial processes. Further research is
recommended to assess the impact of this practice on long-term treatment performance
and to come up with possible alternative cleaning practices.

2.4.2 Process conditions to improve arsenic removal

In As-affected regions in Bangladesh such as Manikganj and Satkhira, decentralized
groundwater treatment plants reduce exposure to As compared to direct consumption of
untreated groundwater. Nevertheless, the treatment plants investigated in this study did not
consistently achieve As removal below the WHO drinking water norm, meaning that health
risks remain.

An additional concern was observed in the household-scale treatment plants, where Fe-floc
breakthrough into the filtrate water increased the risk of elevated As concentrations in the
produced drinking water. The operational variability between household-scale systems
complicated robust interpretation of As removal pathways, because of differences in
aeration, filter bed thickness, residence time and cleaning practices.

At C1-C3, three factors likely limited As removal. First, influent concentrations of PO, were
several orders of magnitude higherthan As, and PO, competes with As(V) for adsorption sites
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on Fe-(hydr)oxides %2, Second, the Fe/As ratio dropped below commonly reported
thresholds of around 20-40 for effective As removal in the second filter (Leupin and Hug,
2005; Meng et al., 2002). Third, the gradual increase in pH from ~7 to ~8 likely reduced
arsenate adsorption capacity, as higher pH is known to decrease both arsenate and
phosphate binding to Fe-(hydr)oxides (Jain and Loeppert, 2000). This could also explain the
release of PO, and As(V) in the second and third filter bed, respectively.

A practical strategy to overcome these limitations is to ensure rapid and complete As(lll)
oxidation in the first filter bed. Filter 1 at the community-scale treatment plants provides the
most favorable conditions for As removal; freshly formed Fe-(hydr)oxides with unoccupied
sorption sites, high Fe/As ratios and relatively low pH. Accelerating As(lll) oxidation can be
achieved by enhancing surface-catalyzed oxidation through increased reactive surface area
6384 and/or by stimulating biological oxidation by AsOB 45,

Another possible solution to improve As removal is to slow down Fe(ll) oxidation in the first
filter bed. Lower pH and DO reduce the Fe(ll) oxidation kinetics . When Fe(ll) and As(lll)
oxidation occur simultaneously, freshly formed Fe-(hydr)oxides remain available for
adsorption of As(V). In the community-scale treatment plants, the DO entering filter 1
exceeds the oxygen demand for complete Fe(ll) oxidation, while the remaining oxygen is not
yet utilized for Mn or NH, oxidation. Reducing aeration prior to the first filter would lower both
DO and pH, thereby slowing Fe(ll) oxidation. Additionally, this shifts part of the Fe(ll) oxidation
to filter 2, where As(lll) oxidation continues to occur, increasing the overlap between Fe-
(hydr)oxides formation and As(lll) oxidation. Therefore, lowering the DO in filter 1 would likely
enhance the co-removal of As with Fe across the two filter beds. Such an approach would
require stronger aeration after the first filter bed to provide sufficient oxygen for subsequent
NH, and Mn oxidation. This strategy is not feasible with the current design of the household-
scale treatment plants, where only a single aeration step is present.

For the household-scale treatment plants, it remains difficult to directly relate process
conditions to As removal, due to the large operational variability among systems. A possible
explanation for this variability is the lack of a maintenance and cleaning structure for the
household-scale treatment plants, which has been shown to strongly affect treatment
performance 34766, Community-based systems involve committees responsible for tariff
collection, system monitoring, and maintenance scheduling, which has been shown to
improve sustainability compared to standalone household systems 3'. Future research
should therefore not only focus on optimizing physicochemical and biological removal
processes, but also on identifying operational strategies that ensure stable long-term
performance of decentralized treatment systems.

2.4.3 Process conditions to improve overall performance

Beyond As, incomplete removal of NH, and Mn is an additional concern for the plants
monitored. NH, was detected in the effluent of all filters after treatment. The presence of
residual NH, may promote microbial regrowth during transport and storage ¢, thereby
increasing the risk of recontamination with pathogenic bacteria such as E.coli 8. In addition,
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chronic exposure to elevated Mn concentrations in drinking water has been associated with
neurotoxic effects. The WHO guideline value for Mn was exceeded in the household-scale
treatment plants. Three operational conditions were identified with the potential to improve
treatment performance.

First and foremost, DO concentration was a critical limitation. While all plants received
sufficient oxygen to oxidize Fe(ll), DO concentrations were insufficient to fully oxidize NH, and
Mn (Figure 4). At household-scale treatment plants lacking the aeration tray, no NH, and Mn
removal was observed. The absence of functional aeration trays was not incidental; a survey
of 310 treatment plants in the same region showed that approximately 38% were equipped
with a broken aeration tray . Another disadvantage of anoxic conditions in the filter bed is
the destabilization of As removal, as it can cause reduction of adsorbed As(V) to dissolved
As(lll). Reimplementing and optimization of the aeration step at the household-scale
treatment plants is therefore essential. Similarly, despite multiple aeration steps at the
community-scale treatment plants, oxygen supply remained insufficient to oxidize all NH,
and Mn. Before filter 2 and filter 3 at the community-scale treatment plants, improved
aeration is needed to meet the oxygen demand.

However, in some filters, oxygen consumption remained below the available DO
concentration, suggesting that DO was not the sole limiting factor for removal. Hydraulic
retention time and/or adsorption surface area, likely also contributed to the observed
removal limitations.

The hydraulic retention time was indeed found to be a key controlling factor, influencing both
physicochemical and biological removal processes. Longer residence times in H3 enhanced
Fe(ll) oxidation and subsequent As adsorption onto freshly formed Fe flocs (Figure S5),
consistent with previous observations reported by Brennan and McBean, (2011). A higher
hydraulic retention time also promoted biological processes; increasing the residence time
from approximately 5 minutes to 2.5 hours resulted in a 2.5-fold increase in NH, removal
(Figure Sb5).

Finally, increasing the surface area in the filter beds could improve both biological and
physicochemical removal processes. Sand provides a large surface area for biofilm
development and surface-catalytic reactions, supporting biological oxidation of NH4, Mn and
As 2349 gs well as surface-catalyzed Mn oxidation 7. Additionally, it will reduce Fe floc
breakthrough due to adsorption to surfaces and particle retention. The limited thickness of
sand in the household-scale treatment plants (0-20 cm) and the use of stone beds with low
surface areain the first two filters of the community-scale treatment plants likely constrained
removal efficiency. Replacing stone beds with sand could enhance removal, although
potential impacts on hydraulic conductivity and backwashing requirements should be
evaluated.
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2.5 Conclusion

The community- and household- scale groundwater treatment plants in Satkhira and
Manikganj, installed to remove Fe and As, functioned as biologically active filtration systems
rather than purely physicochemical treatment units. Genes associated with As- and Fe-
oxidation were detected throughout the systems, and sequencing confirmed the presence of
characteristic groundwater treatment microorganisms, including the Fe-oxidizing family
Gallionellaceae.

The community-scale treatment plants achieved >99% Fe removal and 66-79% As removal.
The household-scale treatment plants showed substantial variability in treatment
performance due to inconsistent operation, with the risk of Fe-floc breakthroughs in the
produced filtrate.

Optimization of these treatment plants requires explicit consideration of the biological
removal pathways. Increasing oxygen availability, hydraulic retention time, and filter surface
area could potentially stimulate biofilm development and improve removal performance. For
As specifically, improved removal may be achieved by promoting rapid As(lll) oxidation while
delaying Fe(ll) oxidation, thereby increasing the availability of adsorption sites for As(V).
Overall, the findings show that biological processes are a central component of groundwater
treatment plants in Bangladesh and should be actively considered in the design, operation
and maintenance of the treatment plants to reduce health risks in As-effected regions.
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Supplementary Information

Figure S1: Pictures of sampled groundwater household-scale treatment plant in Manikganj. Left:
missing aeration tray. Right: aeration tray present

Figure S2: Pictures of sampled community-scale treatment plant in Satkhira. Top: overview picture of
the whole plant. Bottom left: Filter 2 (stones), bottom middle: Filter 3 (sand), bottom right: aeration
plate
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Figure S3: Pictures of the sampling setup of taking the vertical removal profile at household-scale
treatment plants H1-H3. Left: the syringe and filter sock which was placed in each different filter layer
(right top). Right bottom shows how the three tubes coming out of the bed after placing back the
layers.

GUIE

Figure S4: Pictures of Fe flocs present in the effluent of the tank at H1 (left two) H2 (middle two) and
H3 (right). Both flocs floating in the water (top pictures), as flocs precipitated on the top of the filter
bed (bottom and right pictures) are visible. Note: the filter is upflow, so the supernatant water is the
treated effluent.
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Table S1: Removal efficiencies in % of Fe(tot) and As(tot) for household-scale treatment plants H1-
H3 at 4 different time points; during Flushing, after 2.5 hours of stagnation (as shown in Figure S5),
and at 2 additional time points following variable periods of plant use stagnation. The variability in
removal efficiencies between sampling events demonstrates the inconsistent performance of the
household-scale treatment plants. At stagnant sample event 3 for H3, Fe flocs ended up in the
filtrate water resulting in negative removal.

Location Flush Stagnant1 Stagnant2 Stagnant3
H1 Fe (tot) | 22.3 28.8 72.2 96.3
As (tot) | 22.9 26.0 82.4 90.7
H2 Fe (tot) | 66.0 67.1 76.3 94.8
As (tot) | 36.1 41.8 57.3 81.4
H3 Fe(tot) | 90.3 92.6 97.9 -103.7
As(tot) | 34.5 36.2 78.2 -174.5
Dissolved Oxygen pH Iron Arsenic
0.1
6 7.40 8
0 7.35 =7 0.08
‘éo 7.30 E" 6
= 7.25 g 0.06
'(% 3 T 720 24
= ) T 715 % 3 0.04
3 7.10 32
g 1 c 0.02
3 7.05 81
0 * 7.00 0 0
In Aer Br Cc Snd Out In Aer Br Cc Snd Out In  Aer Br Cc  Snd Out In Aer Br Cc Snd Out
Manganese Ammonium Fe/As ratio
0.12 1.2 90
go o1 1 80
g 70
= 008 0.8 2 60
2 o006 0.6 & 0
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S 004 0.4 D 30
3 %20
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0 0 0
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B Flush Stagnant

Figure S5: H3 removal profiles during continuous flushing (left bars, blue) and after 2.5 hours of
stagnation (right bars, yellow) of DO, pH and Fe/As ratio and the removal efficiencies of Fe, As, Mn and
NH,, in the raw groundwater (In), after aeration (Aer), in the brick chip filter (Br), in the charcoal filter
(Cc), in the sand filter (snd) and in the effluent (out). *DO profile of flush is missing
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Table S2: PCR results for community- (C1-C3) and household- (H1-H3) scale treatment plants. “+”
means a positive signal and “-” a negative signal. Sample refers to the sample points as identified in
Figure 1. Type refers to sample form (water, stones, sand or Fe sludge). Conc DNA is is ng/uL. Details
about the primers is given in Table 1.

C1

PCR Results

aoxBM1-
Sample Type Conc 2F /
DNA
Eub338F/ | aoxBM2- aioAF / 628F /

FC27/RC1492 Eub518R 1R aioAR 998R
Influent Water 7.5 4 4 4 4 4
Influent Water 2.2 4 4 4 4 4
Aeration Water 10.02 | "+" Ea 4" Ea 4"
Aeration Water 3.4 4 4 4 4 4
Filter 1 Water 41.3 4 4 4 4 4
Filter 1 Water 239 | "+ " " " "
Filter 2 Stones 46.4 4 4 4 4 4
Filter 2 Stones 32.5 4 4 4 4 4
Filter 3 Sand 10.61 | "+" N i Ea 4"
Filter 3 Sand 12.04 | "-" N i N i
Filter 3 Water 13.6 4 4 4 4 4
Filter 3 Water 10.4 | "+" " " " "
Effluent Water 5.6 4 N i 4 4
Effluent Water 31.5 4 4 4 4 4
Cc2

PCR Results

aoxBM1-
Sample Type Cone 2F /
DNA
Eub338F/ | aoxBM2- aioAF / 628F /

FC27/RC1492 Eub518R 1R aioAR 998R
Influent Water 1.4 Ea Ea 4" N 4"
Influent Water 10.1 4 4 4 N 4
Aeration Water 5.4 4 4 4 4 4
Aeration Water 20.9 Ea Ea 4" Ea 4"
Filter 1 Water 42.5 4 4 4 4 4
Filter 1 Water 50.9 4 4 4 4 4
Filter 2 Stones 45.2 Ea Ea 4" Ea 4"
Filter 2 Stones 14.5 4 4 4 4 4
Filter 3 Sand 9.75 4 N i 4 i
Filter 3 Sand 6.56 Ea N i Ea 4"
Filter 3 Water 37.2 4 4 i 4 4
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Filter 3 Water 34.6 " "+ e " e
Effluent Water 4.6 4 N i 4 4
Effluent Water 15 N 4 i 4 4
Cc3
PCR Results
aoxBM1-
Sample Type Cone 2F/
DNA
Eub338F/ | aoxBM2- aioAF / 628F /
FC27/RC1492 Eub518R 1R aioAR 998R
Influent Water 1.8 4 4 4 4 4
Influent Water 2 Ea Ea 4" Ea 4"
Aeration Water 3.4 Ea Ea 4" Ea 4"
Aeration Water 2.3 N 4 i 4 4
Filter 1 Stones 15.6 Ea N i N 4"
Filter 1 Stones 21.8 Ea Ea 4" Ea 4"
Filter 1 Water 14.3 4 4 4 4 i
Filter 1 Water 40.7 | "+" " " " "
Filter 2 Stones 25.5 Ea Ea 4" Ea 4"
Filter 2 Stones 11.4 4 N i N 4
Filter 3 Sand 125.2 | "+" Ea 4" Ea 4"
Filter 3 Sand 39.4 Ea Ea 4" Ea 4"
Filter 3 Water 13.9 4 4 4 4 4
Filter 3 Water 129 | "+ " " " "
Effluent Water 9.6 Ea Ea 4" Ea 4"
Effluent Water 10.5 4 4 4 4 i
H1
PCR Results
aoxBM1-
Sample Type Conc 2F /
DNA
Eub338F / aoxBM2- aioAF / 628F /
FC27/RC1492 | Eub518R 1R aioAR 998R
Tank 1 Sludge 3.5 4 4 4 4 N
Tank 1 Sludge 195.3 Ea " " "+" "+"
Filter 1 Bricks 35.8 Ea Ea 4" Ea Ea
Filter 2 Charcoal | 21.7 4 4 4 4 4
Filter 3 Sand 32.6 Ea Ea 4" Ea Ea
H2
PCR Results
aoxBM1-
Sample Type Conc 2F /
DNA
Eub338F / aoxBM2- aioAF / 628F /
FC27/RC1492 | Eub518R 1R aioAR 998R
Tank 1 Sludge 12.5 4 4 4 4 4
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Filter 1 Bricks 109.3 N Ea i N N
Filter 2 Charcoal | 89.4 4 4 4 4 4
Filter 3 Sand 13.9 Ea Ea 4" N Ea
Filter 3 Sand 7 N Ea i Ea Ea
Filter 3 Sand 11 N e i N N
H3

PCR Results

aoxBM1-
Sample Type Conc 2F/
DNA
Eub338F / aoxBM2- | aioAF/ 628F /

FC27/RC1492 | Eub518R 1R aioAR 998R
Influent Water 4.3 4 4 4 4 4
Influent Water 6.4 4 4 4 4 4
Influent Water 4.2 Ea Ea 4" Ea Ea
Aeration Water 11.1 4 4 4 4 4
Aeration | Water 10.6 "+ "+ "+ "+ "+
Tank 1 Sludge 15 Ea Ea "+ 4" 4"
Tank 1 Sludge 11.7 4 4 "+ " 4
Filter 1 Bricks 19.8 4 4 4 4 4
Filter 1 Bricks 11.3 Ea Ea 4" Ea Ea
Filter 2 Charcoal | 6.2 4 4 4 4 4
Filter 2 Charcoal | 2.3 4 4 4 4 4
Filter 3 Sand 2.9 Ea Ea 4" N Ea
Filter 3 Sand 2.7 4 4 4 4 4
Effluent Water 2.4 4 4 4 4 4
Effluent Water 15.5 Ea Ea 4" Ea Ea
Effluent Water 29.6 4 4 4 4 4
Control

PCR Results

aoxBM1-
Sample Type Conc 2F /
DNA
Eub338F / | aoxBM2- | aioAF / | 628F /
FC27/RC1492 | Eub518R 1R aioAR 998R
Demi
Control 1 water 0.03 N . i N i
Demi

Control2 | water 0.01 N N i N i

S7



11 10/7/2024 | HV spot | det . mag [ 1 / _
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Figure S6: SEM Image of sludge sample from H2, taken from the bottom of the aeration tank.
Filamentous deposits probably from lepthothrix are indicated by the arrows.
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Abstract

Removal of carcinogenic arsenic (As) from groundwater is essential for safe drinking water.
Arsenate (As(V)) is more effectively removed in groundwater filters than arsenite (As(lll)),
making the oxidation of As(lll) to As(V) a key step in the treatment process. This study
distinguishes between surface catalytic and biological As(lll) oxidation on natural
manganese oxides (MnQO,) coated filter sand, since it is unknown which pathway dominates
in filters. The MnOy coated sand was collected from a full-scale groundwater filter and
consisted of a mixture of different abiotically and biologically formed Mn oxides, such as
Birnessite and Todorokite. A lab-scale filter setup was operated with As(lll)-containing water.
Within three weeks, a shift from surface catalytic to biological As(lll) oxidation was observed.
Initially, surface catalytic As(lll) oxidation (kcrem= 0.318 min™) was coupled to Mn(ll) release
at a ratio of 0.96, approximating the stoichiometric ratio of 1. This coupling disappeared over
time, indicating the biological nature of the reaction as confirmed by microbial inhibition. An
increase in relative abundance of the known As-oxidizing families Comamonadaceae, with
the genus Polaromonas as the dominant species, and Microscillaceae were found post
experiments. Except for these changes, the microbial community on the sand grains stayed
relatively similar prior and post experiments. No significant changes in the physical-chemical
properties of the MnOy coating were found post experiments. A first-order biological As(lll)
oxidation rate constant kgo of 4.64 min™ was found, yielding a half-life of 9 seconds. This
represents a 14-fold acceleration compared to surface catalytic oxidation, revealing that
kinetic limitations rather than surface passivation can be attributed to the loss of surface-
catalytic oxidation. Our study demonstrates that biological oxidation of As(lll) can outpace
the acknowledged oxidizing power of MnQy, offering a potential new pathway for the
development of effective As removal systems.
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3.1 Introduction

Elevated concentrations of arsenic (As) have been detected in groundwater in various
countries, including Bangladesh, Vietnam, Argentina, the Unites States of America, and India
'. An estimated 94 to 220 million people are potentially exposed to As concentrations above
10 pg/L in groundwater, from which the majority (94%) lives in Asia 2. Groundwater serves as
a common source for drinking water, and As, known for its carcinogenic properties, should
be removed to provide safe drinking water. This remains a challenge due to lack of
acceptable, affordable, robust, and sustainable arsenic-safe water alternatives and
treatment methods 3.

The most common treatment method for groundwater is aeration followed by rapid sand
filtration (RSF), primarily designed to target the removal of iron (as Fe?*), manganese (as
Mn?"), and ammonium (NH4*). Removal of As in the treatment chain takes place through
adsorption onto Fe oxides. The efficiencies of As removal vary strongly per location, caused
by different Fe/As ratio’s present and co-occurrence of competing anions (e.g., phosphate) *.
Several field studies report levels of >50 ug As/L in the treated water 5, which can be toxic at
lifelong consumption . More modern technologies such as membrane filtration or anion
exchange can also be ineffective in removing As ®°. In anaerobic groundwater, with typically
near-neutral pH, As occurs predominantly as As(lll) in the form of H;AsO; (pK1 =9.2). Under
oxidizing conditions the pentavalent As(V) dominates in the form of HAsO.* or H,AsO, (pKa
= 2.2, pKb = 6.9 respectively) '°. Fe oxides typically have a higher adsorption capacity for
As(V), underlining the importance of oxidizing As(lll) to As(V) in the treatment process .

Aeration alone is insufficient to oxidize As (half-life of 4-9 days '?) within the time scale typical
for RSF (residence time approx. 10 min). However, in aerobic full-scale filters, As(lll) oxidation
has been observed to occur within minutes, indicating the crucial role of the filter bed in this
oxidation process 3. The acceleration of As(lll) oxidation has been attributed to three
possible mechanisms: 1) generation of reactive oxygen species (ROS) during oxidation of
Fe(ll) ' 2) surface catalytic oxidation by Mn oxides on the filter coating '>'® or 3) biological
oxidation by arsenic oxidizing bacteria (AsOB) °2'. The current research studies As(lll)
oxidation on Mn oxides coated filter sand, examining the contribution of the surface catalytic
and biological mechanism. Itis currently unknown which pathway dominates in filters.

The reactive Mn oxides coating on sand grains forms through oxidation of dissolved Mn(ll)
present in the influent water, facilitated by manganese oxidizing bacteria (MnOB) 2. The
formed amorphous biogenic Mn(lll/1V)-oxides (called MnOyhereafter) acts as strong oxidants
that can further enhance surface catalytic Mn(ll) oxidation 2324 and As(lll) oxidation '’. The
coating can also harbor a biofilm and thereby supporting biological oxidation. Figure 1
provides a schematic overview of the relevant As(lll) oxidation processes on MnOy coated
sand.
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Figure 1: Schematic overview of surface catalytic and biological As(lll) oxidation on MnOy coated filter
sand

During surface catalytic oxidation, the Mn(lll/IV)-oxide coating serves as the elector
acceptor, releasing Mn(ll) while oxidizing As(lll) at a stoichiometric ratio of 1 (equation 1).
Scott and Morgan (1995) showed that synthetic MnO., is able to oxidize As(lll) with a half-life
of 10-20 minutes, which is also reported for MnOx powder scraped from a mature filter sand
coating "’. A reduction in As(lll) oxidation rates over time have been observed, caused by
surface passivation of the reactive MnOy coating 7. Other constituents in the water such
as Fe and Mn can hinder As(lll) oxidation on the MnO, surface in pH neutral water 7, so the
availability of a MnO, coated surface does not necessarily mean that As(lll) gets oxidized,
emphasizing the complex and currently unpredictable system.

Groundwater native bacteria are able to oxidize As(lll) in biofilters %28, although only a few
studies applied biological As(lll) oxidation to treat groundwater 2'29%°, Note that the
aforementioned studies observed biological As(lll) oxidation in laboratory or pilot setups
only. The reaction equation of catalyzed As(lll) oxidation by arsenic oxidizing bacteria (AsOB)
is given in equation 2. Van Le et al. (2022) analyzed microbial communities within a
functioning household sand filter®'. While evidence of biological Fe and Mn oxidation was
observed, AsOB were not found. Hence, although biological oxidation of As(Ill) might occur
in filters, the question remains whether AsOB will thrive on a reactive and mature MnOx filter
coating.

Surface catalytic

H3AsO; + MnO, + 2H" — Mn** + H;3As0, (equation 1)
+ H,0
Biological

AsOB :
H3AsO; + 0, + 2H* % H,As0, + H,0 (equation 2)
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Achieving complete As(lll) oxidation by the MnO, coating eliminates the need for the addition
of oxidative agents in the treatment chain. In rural areas where groundwater contains
elevated concentrations of As, the addition of oxidative agents is often not an option because
of high chemical costs, maintenance difficulties, and inadequate infrastructure. Complete
As(lll) oxidation by the filter bed itself can also contribute to the aim of the Dutch drinking
water companies of lowering the As guideline to 1 ug/L, while maintaining a simple, robust
and economically viable system 32,

The objective of this study is to distinguish between biological and chemical surface catalytic
As(lll) oxidation on MnOy coated filter sand. Identifying the oxidation mechanisms can help
to determine which pathway dominates in rapid sand filters. A lab-scale filter study was
performed, using MnOy coated sand ripened in a functioning full-scale treatment plant. The
kinetics of both surface-catalytic and biological As(lll) oxidation were determined, by
collecting a time series of As speciated height profiles before and after the addition of a
microbial inhibitor.

3.2 Materials & Methods

3.2.1 Lab-scale filter study

Figure 2 shows a schematic overview of the laboratory column setup. The unchlorinated tap
water flowing through the column was spiked with 15 mg/L As stock solution, derived from a
0.05 M sodium arsenite solution (Merck). The pH of the stock solution was kept below 3 by
the addition of 37% HCLl (Fluka™). The column influent water had an average As
concentration of 494.6 (STD +- 47.2) pyg/L and a pH of 7.92 (STD +- 0.09). The As(lll)
concentration varied between 52% and 86% of the total arsenic concentration in the influent,
the remainder was As(V). The columns, made from transparent PE, were wrapped in
aluminum foil to avoid light intrusion. A second column was attached to the outflow of the
column, filled with GEH 102 adsorption media to remove residual arsenic before discharging.
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Figure 2: A schematic overview of the laboratory lab-scale filter set-up, consisting of an upflow
column filled with MnOx-coated sand collected at a full-scale groundwater filter.

The design details and operational settings of the column are given in Table 1. Compared to
groundwater filters (3-10 m/h), the column operated on a relatively high flow rate of 20 m/h.
The high flow rate facilitated the replacement of many pore volumes within a short duration,
saturating the adsorption sites and, consequently, establishing a sorption equilibrium. From
that moment on, adsorption could no longer mask potential occurrence of As(lll) oxidation,
which enabled monitoring the oxidation state of arsenic. In total, the column remained
operational for 66 days, corresponding to the treatment of 11.5 m® water and 41,000 pore
volumes. Pore volumes is the number of times the pores are completely flushed with water.
No clogging was observed during the experiment and therefore backwashing was not
applied.

Table 1: Design details and flow settings of the lab-scale filter.

Column design

Filter bed height 73 cm
Supernatant water level 7 cm
Column diameter 3.3 cm
Bed volume 624 cm?
Porosity 0.45 -

HRT 2.2 min
Total flow rate 20 m/h
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3.2.2 MnO, coated sand

The MnOy coated sand utilized in this study was collected from the secondary filter of a
treatment plant treating anaerobic groundwater in Belgium (Pidpa). At the treatment
location, the aim is to achieve biological iron removal in the primary filter bed by maintaining
a relatively low pH (6.9) and O, concentration (3.4 mg/L). Manganese is subsequently
removed in the secondary filter, resulting in a clear black coating on the sand, high in Mn
content. Also arsenic was present in the groundwater at this location (40 pg/L) and removed
to 0.5 pg/L in the primary filter. The aeration step after the primary filter raised the O,
concentration to 6.7 mg/L and the pH to 8.4. In the secondary filter, the Mn concentration of
34 pg/L lowered to <0.5 ug/L. For further details on the water quality data at this treatment
location, see Supplementary Table 1.

The composition of the coating of the sand is determined using different methods. The
coating was extracted as proposed by Claff et al. (2010)33. This extraction method allows for
the determination of the Mn, Fe and As concentrations, by dissolving the coating and using
inductively coupled plasma mass spectrometry (ICP-MS, Analytikal Jena PlasmaQuant MS).
Additionally, the coating’s properties were investigated using digital light microscope (VHX-
5000, Keyence), Environmental SEM (Quanta FEG 650: FEI at 0.5 °C and 6 — 8 mbar H,O
atmosphere), X-ray diffraction (Bruker D8 Advance-ECO diffractometer with Cu radiation and
Bragg-Brentano geometry), Raman spectroscopy (Renishaw Raman Invia Reflex: excitation
wavelength, 514 nm; dwell time, 10 s; iterations, 10; grating, 3000 lines per mm) and EPR
spectroscopy (Bruker EMX Bruker EMX plus X-band EPR spectrometer: microwave frequency,
9.797 GHz; Microwave power, 20 mW; modulation frequency, 100 kHz; modulation
amplitude, 10 G; room temperature). The Brunauer-Emmett-Teller (BET) theory was used to
determine the surface area of the sand grains in duplicate (Micromeritics Tristar Il at 77K).
Around two grams of sand was used for analysis, pretreated at 60 °C for 15h before
measurement. The original biofilm on the sand grain prior to experiments was prepared for
imaging using a Leica DM6 Stellaris 8 Confocal Scanning Laser Microscope using a 25x water
immersion objective (0.95 NA, WD 2.5 mm) (RRID: SCR_026519). The biofilm was fixed by
immersing the grain in a 4% paraformaldehyde solution for 90 minutes, followed by three
washing steps in a phosphate-buffered saline (PBS) solution and a sequential 10-minute
immersion in ethanol solutions of increasing concentration (20%, 50% and 80%). For
staining, 5 yL of a 10,000 x SYBR® Green solution in DMSO (Sigma Aldirch) was dissolved to
1 x in PBS. The granule was submerged in the staining solution for 30 minutes before
microscopic analysis.

3.2.3 Water quality analysis

To study the filter behaviour over time, height profiles were taken by sampling the influent,
the effluent, and at different depths of the column (Figure 2). The samples were collected at
a low velocity to minimize disturbing the system. The pH and Dissolved oxygen (DO) were
measured using SenTix® 980 and FDO® 925 probe, respectively (WTW, Germany). As(lll) was
speciated immediately by an Amberlite® IRA-400 chlorite form anion ion-exchange resin
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using a method similar to that described by Gude et al. (2016)%*. Around 8 mL of resin was
added to a 10 mL syringe. Initial preparation involved two washes of the resin with deionized
water, followed by flushing the resin with one volume of the sample itself. When empty, 10
mL of the sample was dosed and collected. The resin was discarded after treating 4 samples.
The gathered samples were preserved at 4°C until analysis.

Concentrations of As and Mn were quantified using inductively coupled plasma mass
spectrometry (ICP-MS, Analytikal Jena PlasmaQuant MS). Prior to analysis, the samples were
acidified (ROTIPURAN® Ultra 69%, 1% v/v) and filtered through a 0.20 pm non-sterile Millex®
Syringe filter with Durapore® membrane.

3.2.4 DNA extraction

DNA extraction is required to study the microbial composition of the biofilm on the sand
grains. However, extracting DNA from metal-coated sand with Qiagen DNeasy Powersoil Pro
Kit or Fast DNA Spin Kit for Soil, yielded DNA concentrations below 0.1 ng/ul, also after an
additional sonication step. These low yields, as often reported in metal rich environments
3536 "hinder downstream processes such as sequencing.

A new method was therefore developed to release the DNA from MnOy coated sand, by
dissolving the coating in ammonium oxalate. A 0.5 M ammonium oxalate monohydrate
(Sigma Aldrich, 299%) solution was brought to a pH of 3 by the addition of 37% HCL (Fluka™)
and was subsequently sterilized by autoclaving. Five times one gram of sand was sonicated
in 0.5 mL Tris+EDTA buffer solution (Sigma-Aldrich, BioUltra) with a VialTweeter (UP200St
Hielscher) for two times 10 seconds (in pulses), followed by a vortex step of 2 seconds. A
vacuum filter unit was used, holding a sterile 0.2 ym filter paper. The liquid (including
detached coating) of the five vials was transferred together on the filter paper. Subsequently,
10 mL of the ammonium oxalate solution was added, which dissolved the black manganese
coating. The filter paper was subsequently flushed with 5 mL of DNA-free water (VWR). The
filter paper was transferred to the PowerBead Pro Tube of the QlAamp powerfecal pro DNA
kit (Qiagen) and the manufacturer’s instructions were followed further onwards. The
concentration of extracted DNA was quantified using Qubit 4 Fluorometer and Qubit dsDNA
HS assay kit (Invitrogen, Waltham, MA, USA) following the manufacturer’s protocol.
Sequencing of the extracted DNA was carried out by Novogene Europe. The methods are
given in the Supplementary Information.

3.2.5 Sodium azide addition

After 36 days of operation (22,400 pore volumes), the microbial activity of the column was
suppressed with sodium azide (NaNg), since NaN; has no effect on the physico-chemical
properties of the MnO, coated filter material . NaN; was added to the As-spiked tap water,
with a final concentration of 25 mM NaNs. The column was immersed in this solution for a
duration of 12 hours. Subsequently, the column was flushed with 15 L of the NaN; - As
solution at a flow rate 2.5 m/h. Just before and after the inhibition, 2 gr of grains were removed
from the bottom of the column to determine the concentration of ATP (Luminultra®, DSA test
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kit). After inhibition, the column was returned to its original operational settings. After two
days, corresponding to 670 pore volumes, a height profile was taken again to assess the
impact of the NaN;dosing on the system. The system remained operational for 30 more days.

3.2.6 Simulation As and Mn concentrations

Based on the As(lll) concentrations measured, a first-order rate constant (k) was determined
via:

As(I111) = As(I1),, x e~*t (equation 3.0)

The simulated As(V) and Mn(ll) concentrations were calculated via the surface catalytic
reaction equation as given in eq. 1.0, meaning that oxidizing 1 mole As(lll) forms 1 mole of
As(V) and releases 1 mole Mn(ll). As(tot) was determined by summing the simulated As(V)
and As(lll) concentrations.

3.3. Results

3.3.1 As(lll) oxidation on MnOy coated sand

Figure 3 shows the As(lll) and As(V) concentrations in the effluent of the column for the first
36 operational days, corresponding with 22,400 pore volumes. The mean As influent
concentrations are indicated by the blue and yellow dashed lines, corresponding to 305.9
(STD +- 27.7) and 188.7 (STD +- 52.0) pg/L for As(lll) and As(V), respectively. The system
remained oxic (DO > 6.6 mg/L) over time. The average pH of the influent and effluent water
was 7.92 (STD +-0.087) and 7.86 (STD +- 0.054) respectively.

On day 1, both As(lll) and As(V) were found to adsorb in the column, resulting in a total As
removal of 440.6 ug/L (75%). This loss of total As in the column due to adsorption may mask
occurrence of oxidation mechanisms. On day 3, 16% of total As was removed, which further
decreased to below 6% for subsequent data points. Production of As(V) by oxidation of As(lll)
was observed starting from day 3 (1,400 pore volumes), corresponding to an effluent As(V)
concentration exceeding the As(V) influent concentration. The fraction of As(V) in the effluent
furtherincreased over time and on day 16 (9,600 pore volumes) As(lll) was no longer detected
in the effluent. In other words, a fully oxidizing system was reached in which all incoming
As(lll) was recovered in the effluent as As(V).
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Figure 3: The As(lll) and As(V) effluent concentrations of the columns over time (days) and over the
corresponding replacement of pore volumes (-). The dotted lines are the mean As(lll) (top) and As(V)
(bottom) influent concentrations. Adsorption of arsenic was 75% on day 1, 16% on day 3 and <6% on
the remaining days.

3.3.2 Oxidation over the height of the filter bed

Figure 4 shows the As(tot), As(lll), As(V) and Mn(ll) concentration profiles over the height of
the column for day 3, marking the first day of observable As(lll) oxidation (Figure 3), and for
day 29, which is close to the end of the experiment. The height profiles of the other days can
be foundin Supplementary Figure 1. Total Asremovalwas 82.1 pg/L (16%) and 4.8 pg/L (1.1%)
on day 3 and day 29, respectively. This illustrates that although a fraction of As was still
adsorbed in the column, the majority could be recovered in the effluent (84-99%).

On day 3, the As(lll) concentration lowered over the height of the column from 342 to 163
pg/L, of which 95 ug/L was identified as As(V) in the effluent (Figure 4). The simulated
concentrations for day 3 are also shown in Figure 4: a first-order As(lll) oxidation rate was
found (R? = 0.9291) with constant kasu of 0.318 min™. The As(tot) and As(V) concentration
measured were slightly lower than predicted by the simulation based on the As(lll)
concentration, likely because of the 16% adsorption of As onto the column. Assuming this
oxidation is surface-catalytic, the simulated Mn(ll) released based on kasuy and Mn:As(lll)
ratio of 1 predicted a Mn(lll) concentration of 129 pg/L Mn. The Mn(ll) concentration
measured in the effluent was 110 pg/L.
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On day 29, As(lll) concentrations were below detection limit (6 pg/L) after the first 30 cm in
the column. The first-order reaction constant increased to a kasuy of 4.64 min” (R? = 0.9750).
At this rate, the simulated surface-catalytic release of Mn(ll) should reach 241 pg/L in the
effluent; however the concentration of Mn(ll) observed was below detection limit (6 pg/L).
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Figure 4: Height profiles of As(tot), As(lll), As(V) and Mn(ll) at the start (day 3, blue squares) and the
end (day 29, yellow circles) of the experiment. The simulated concentrations with first-order kinetics
are also depicted (dotted lines).

3.3.3 Characteristics of mineral-microbe coating

The MnOy coating of the sand appears homogeneously black by eye and under the digital light
microscope (Figure 5A). The confocal microscope and SEM images (Figure 5B and
Supplementary Figure 2) reveal a more fractured morphology, with both rough and smoother
patches. The surface area found using the BET theory was 1.51 (+ 0.01) m?/g, which isin a
similar order of magnitude as found by Arora et al. (2025) 8. Figure 5B shows the biofilm grows
in patches on the MnOy coated sand grain. The surface morphology of the sand directly
collected from the sand filters is similar to that of the sand exposed to As in the columns
(Supplementary Figure 2. Table 2 provides an overview of the contribution of Mn (15.3%), Fe
(5.9%) and As (0.0032%) in the coating, measured by chemical extraction. The relatively high
levels of Fe in the coating contrast with the initial homogenous impression of the coating.
Additionally, the large deviation in Fe suggests that the amount of Fe precipitates varied
greatly among grains. The presence of Fe in the coating was confirmed by point EDS
measurements (Supplementary Table 2), which additionally showed presence of carbon and
oxygen, as well as calcium and silica.
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Figure 5: Representative digital light (A) and confocal (B) microscopy images of a sand grain prior to
experiments. In (B): Green = SYBR Green stained microbes, grey = reflection of the sediment

Powder X-Ray Diffraction (XRD) was performed on the grain coatings prior to and post
experiments. In both coatings the Mn mineral Todorokite was detected (Supplementary
Figure 3). In the spectra of the coating post experiments slightly higher crystallinity was
found, including crystallized Birnessite. Other typical Fe or Mn precipitates formed in
groundwater filters, such as poorly ordered ferrihydrite or amorphous Birnessite, cannot be
detected using XRD.

The Raman spectra of the sand prior and post experiments are shown in Figure 7A and 7B
respectively. Different regions of the same samples were measured, at different angles. The
spectra is dominated by the signal of the Quartz sand. All spectra show a peak around 625
cm?’, which is likely a signal from the Mn oxides. Some spectra, both prior and post
experiments, have an additional peak around 570 cm™. The variation in spectra among the
different angles suggest that the coating is a mixture of different Mn oxides. The single peak
around 625 cm™ could be attributed to either Todorokite or Ranciéite *. Birnessite is known
to have two Raman peaks between 575-585 cm™ and 625-646 cm™ %%, which could explain
the second peak at 570 cm™. The slightly lower wavenumbers could be caused by strain
effects.

Samples were measured by EPR to study the biotic or abiotic origin of the manganese oxides.
The spectra are dominated by a very broad signal of circa A2000 Gauss and a sharp peak of
A180 Gauss around 2400. In both spectra a small signal near 1600 Gauss was found, which
is consistent with mononuclear Fe*'.
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Table 2: Mn, Fe & As contentin the coating of the sand prior to experiments, measured by chemical
extraction. n = 3, SD = standard deviation

Element Average SD Average

(mg/g) (mg/g) (%)
Mn 153.4 24.96 15.3
Fe 58.6 30.79 5.9
As 0.03254 0.01537 0.0032

A: Prior experiments B: Post experiments
Z Z
é iE 570 625
é 570 625 E
£ 1S
& &
N ‘k Quartz \

0 200 400 600 800 0 200 400 600 800
Raman shift (cm™1) Raman shift (cm™)

Figure 6: Raman spectra of Mn coated sand prior (A) and post (B) experiments. The different spectra
represent different measurements of different regions and angles of the same sample. The bottom
spectrum (blue) is a reference spectrum of Quartz. The peaks likely caused by the MnO, coating are

labelled (570 and 625 cm).
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Figure 7: EPR Spectra of sand prior (top, solid) and post (bottom, dash) experiments. The differences

in Gauss of the spectra are given.
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3.3.4 Microbial community on mineral-microbe coating

The microbial community on MnO, coated sand grains prior and post experiments are given
in Figure 8. The communities are presented in relative abundance (RA) in percentage of OTUs
at the taxonomic ranks of Class and Family. At class level, no major shift in the microbial
community was observed when comparing prior and post experiment samples. Across all
samples, Gammaproteobacteria, Alphaproteobacteria, and Nitrospiria were the most
abundant classes with RAs ranging from 22-28%, 24-35%, and 22-27%, respectively. At
family level, Nitrospiraceae dominated all samples, but shifts were observed from prior to
post experiment. Comamonadaceae emerged post experiments, reaching a RA of 17% in
both samples. Within the family Comamonadaceae, Polaromonas was the main detected
genus, with a RA of 12% in both samples post experiment (data not shown). Additionally, the
family Microscillaceae increased to 4% and 2% in the duplicate samples (data not shown).
Comamonadaceae, Polaromonas and Microscillaceae are known arsenic oxidizing bacteria,
as shown by e.g. Crognale et al., (2019); Huang et al., (2024); Osborne et al., (2013); Roy et
al., (2021); Su et al., (2022)%°, Post experiment, the growth of Pseudonocardiaceae was
also observed till a RA of 5-6%, this family has previously been found in As-rich environments
%051 Gallionellaceae was no longer detected post experiments.

The addition of NaN; to the columns did not cause major shifts in the community
composition compared to post-experiment (Supplementary Figure 4). It is important to note
that the figures represent relative abundances, which do not reflect absolute microbial
concentrations.
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Figure 8: Distribution histogram of relative abundance of taxonomic rank Class (left) and Family (right)
of the microbial community on the sand grains prior & post experiments. Both samples in duplo.

3.3.5 Ratio Mn(ll) released over As(lll) oxidized

Figure 9A presents the Mn(ll) concentrations in the effluent of the column during the
experiment. In addition, the molar Mn(ll):As(lll) ratio is shown for released Mn(ll) over oxidized
As(lll). Atthe start, the released Mn(ll) (110 pg/L) aligned with the stoichiometry of the surface
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catalytic As(lll) oxidation reaction by reduction of Mn oxides (equation 1). However, the molar
ratio of 1 was temporary, because the ratio gradually decreased to 0.28 and 0.07 on day 8 and
16, respectively. By day 22, or 13,600 pore volumes, the Mn(ll):As(lll) ratio had reached 0, as
Mn(ll) effluent concentrations were below detection limit (6 pg/L). A ratio of 0 is expected
during biological As(lll) oxidation, as given in equation 2.
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Figure 9: A) Mn(ll) concentration in the effluent of the column and the ratio of Mn(ll) released over
As(lll) oxidized for different days and ) and the corresponding replacement of pore volumes (-). B)
As(lll) oxidized over the Mn(ll) concentration released at the different tap heights on day 3, 8. 16 and
29 (PV =pore volumes). The theoretical line depicts 1 mole of Mn(ll) release per mole of As(lll) oxidized
according to equation 1.

To investigate the Mn:As(lll) ratio over the height of the filter column, the fraction of oxidized
As(lll) versus the Mn(ll) concentration for the different taps in the column is depicted in Figure
9B. Particularly on day 3 and 8 a clear linear trend is visible (R>0.97, 0.99), with the ratio being
closest to the stoichiometric value of 1 for day 3. For the later days of the experiment, the
relationship between Mn(ll) release and As(lll) oxidation becomes less apparent. The As(lll)
oxidation increased over these days, while the amount of released Mn(ll) decreased over
time. The ratios found confirms that the pathway of As(lll) oxidation is driven by Mn oxide
reduction at the start of the experiment, but moves towards biological As(lll) oxidation over
time.

3.3.6 Inhibition of biological As(lll) oxidation

Figure 10A shows the As(V) and As(lll) concentrations in the effluent before and after
microbial inhibition by NaN;on day 36. Prior to inhibition, a completely oxidizing system was
obtained, as all incoming As(lll) was converted to As(V) in the top 30 cm (kasiy= 4.64 min™).
After exposure NaNs, As(lll) oxidation dropped by approximately 65%, with >200 pg/L As(llI)
in the effluent after inhibition (kasgy= 0.198 min™). The addition of NaN; decreased the ATP
concentration by two orders of magnitude (16 x10*to 66 x10% pg ATP/g sand).

This inhibition demonstrate that the arsenic oxidizing bacteria found on the MnOy coating
were responsible for the observed acceleration of As(lll) oxidation in the period prior to
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inhibition. After exposure to NaNs, these organisms could not oxidise As(lll) for several days.
On day 6 after inhibition, complete As(lll) oxidation was again observed in the column, yet at
a rate slower than prior to inhibition (kasgy= 1.55 min™).

The height profiles for As(lll) oxidation, either before or after microbial inhibition, on similar
operational days, show rather striking resemblance (Figure 10B). On day 3, kasuy was 0.318
and 0.198 for before and after inhibition, respectively. At the end of the experiment, on day
29, kasiny had reached 4.65 and 2.48 min”, before and after inhibition, respectively. This
indicates that biological As(lll) oxidation developed again in the days after inhibition. The rate
constants for the other experimental days are presented in Supplementary Figure 5.
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Figure 10: A) As(V) and As(lll) effluent concentrations before and after microbial inhibition by NaN3.
<DL = below detection limit. PV = pore volumes B) Height profile of As(lll) depletion on day 3 and day
29 before and after microbial inhibition by NaNs.

3.4 Discussion

3.4.1 Shift from surface catalytic to biological As(lll) oxidation on MnO, coated sand

At the start of the experiment (day 3 or 1,400 pore volumes), As(lll) oxidation was coupled to
the reduction of Mn oxides, with an Mn(ll):As(lll) ratio of 0.96, closely resembling the
stoichiometric ratio of 1. This shows that oxidation was chemical, according to the reaction
formula for surface catalytic As(lll) oxidation (equation 1). The column performed uniformly
over the height of the filter bed, with similar ratios observed at every tap height (Figure 9B).
By day 22 (13,600 pore volumes), Mn release dropped to below detection limit (6 pug/L), while
a completely oxidizing As(lll) system was obtained (Figure 9A). As(lll) oxidation without Mn
release indicates the reaction became biological, based on the reaction formula of equation
2. Additionally, known AsOB Comamonadaceae, Polaromonas and Microscillaceae
emerged on the MnO coating during experiments. Introducing NaNs;, a microbial inhibitor,
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resulted in a 65% decrease in the efficiency of the As oxidizing system. This further exhibits
the biological nature of the oxidation at the end of the experiment.

Surface catalytic oxidation by Mn oxides was inadequate to completely oxidize all incoming
As(lll). The incomplete oxidation is likely attributed to kinetic limitations rather than surface
passivation of the Mn oxides. Surface passivation of the reactive MnOy coating would
decrease the oxidation efficiency, yet in our system biological oxidation supplanted this
process before passivation could occur. This is further supported by the return to surface-
catalytic oxidation after microbial inhibition, demonstrating that passivation has not
occurred. Additionally, surface passivation would cause the reaction to have two different
kinetic regimes as described by Nielsen-Franco and Ginder-Vogel (2023)%, yet such a two-
phase pattern over the height of the filter column was not observed. A first-order model has
shown to describe the kinetics well in our system (Figure 4).

3.4.2 Characteristics of the stable MnO, coating

Exposing the MnOy coated sand to arsenic and the growth of an arsenic oxidizing biofilm on
the coating, had no major effects on the characteristics of the coating. The MnOy coating on
the sand grain is likely a mixture of different Mn oxides, in several oxidation states [Mn(ll),
Mn(lll) and Mn(IV)]. The Raman spectra showed variability over different areas of the coating,
detecting possibly Todorokite, Birnessite and Ranciéite both prior and post experiments
(Figure 6). XRD also revealed the presence of Todorokite (Supplementary Figure 3) both prior
and post experiments, but only detected Birnessite post experiments. However, the poor
crystallinity of MnOx and the presence of amorphous iron oxides make a proper
characterization of manganese oxides by XRD challenging *°.

The manganese minerals have likely both a biotic and abiotic origin; Kim et al. (2011)
concludes that in EPR a broad peak of AH>1200 can be attributed to abiogenic Birnessite,
while a sharp peak of AH<600 is typical for biologically formed Birnessite *. The spectra of
both coatings prior and post experiment show a clear broad and sharp peak (Figure 7).
However, the theory of distinguishing the biological nature of manganese minerals on the
linewidth of the narrow EPR spectra has been recently challenged *4. Furthermore iron oxide
minerals on sand have been shown to exhibit broad EPR spectra with some similarities of the
manganese oxide signals °°. In both spectra a small signal near 1600 Gauss was found, which
is consistent with mononuclear Fe®'.

3.4.3 Emerging AsOB in biofilm on MnOx coating

No major shifts in the microbial community were observed by exposing the drinking water
biofilm to arsenic (Figure 8). At Family level, Nitrospiraceae dominated all samples post and
prior experiments, despite the absence of nitrite and ammonium in the tap water supplied
during the experiments (<0.01 mg/L NO and <0.05 mg/L NH,). Comamonadaceae emerged
in the samples post experiment. Comamonadaceae contain known arsenite oxidizers and
are frequently found in As rich environments (Crognale et al., 2019; Huang et al., 2024; Roy
et al., 2021) 4448 The main genus found within Comamonadaceae was Polaromonas,
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capable of oxidizing arsenite 3. Similarly, an enrichment of Microscillaceae was found post
experiments, aligning with findings by Su et al. (2022), who reported their enrichment in an
arsenic contaminated rice terraces *°. Gallionellaceae, known iron oxidizers, disappeared by
exposure to As during the experiments. Apparently, Gallionellaceae cannot survive in the
dosed water matrix, in which iron is absent and arsenic is present. The presence of
Gallionallaceae on the sand grains prior experiments likely originates from flush out of the
primary treatment filter, where biological iron removal takes place.

Both Comamonadaceae and Microscillaceae likely played a role in the accelerated As
oxidationin the columns. However, it cannot be definitively concluded that they were the only
As oxidizing bacteria present. The minimal shifts in community composition after As
enrichment suggest that a typical sand filter microbial community can tolerate As
concentrations of 500 ug/L. Besides As, there are very little nutrients presentin the tap water.
However, whether the abundant families such as Nitrospiraceae is passively present or
actively contributing to As oxidation requires further investigation. It should be noted that 16s
sequencing detects also dead bacteria, although dead cells are more likely to detach from
the grains and end up in the water stream.

The addition of NaN; to the columns did not cause shifts in the community composition
(Supplementary Figure 4). It is important to note that the figures represent relative
abundances, which do notreflect absolute microbial concentrations. It can explain the faster
establishment of a fully As-oxidizing system following microbial inhibition compared to the
initial experimental stage. Although the activity was suppressed, the right community
composition was present for the task.

Sequencing the microbial community was only possible due to the successful DNA
extraction method as proposed in section 2.4. Dissolving the Mn mineral coating by
ammonium oxalate resulted in DNA concentrations of 26 — 83 ng/ul, while without this
additional step, the concentrations found were <0.1 ng/uL. This shows that standard DNA
extraction kits are not suitable for Mn-coated sand. However, these kits are commonly used
in drinking water research, which raises the question if certain colonies entangled in Mn
oxides are often overseen. This highlights the necessity for a reliable and standardized
method to extract DNA from filter sand.

3.4.4 Biological oxidation 14 times faster

The shift from a surface catalytic to a biological system enhanced the As(lll) oxidation rate by
14-fold. At the start of the experiment, the determined rate constant kcrem (Chemical) was
0.318 min™. By the end of the experiment, the constant increased to a kgio (biological) of 5.64
min” with a corresponding half-life of 9.0 seconds. The k values for the remaining days can
be found in Supplementary Figure 5.

The rate constants of As(lll) oxidation in manganese rich environments reported in literature
are summarized in Table 3. The range for chemical oxidation rates varies greatly, influenced
by factors such as pH, As:Mn ratio, other constituents present, and the type and crystallinity
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of the Mn oxides 827657 The oxidation and mobility of As will therefore vary in different Mn
rich environments, such as in soil, the deep sea or around mines. How other groundwater
constituents, such as Fe or NH4, influence As(lll) oxidation on MnOy coated filter sand should
be considered for future studies. Both kcrem and keio observed in this study notably exceed
values reported in earlier studies. An explanation could be that different Mn oxides are known
to have a wide range of surface properties %, e.g., naturally formed Mn oxides have a much
higher surface area compared to well-crystallized synthetic 3-Mn0O,*’,

The biological constant kgo is 8 times higher compared to the highest reported value thus far
in a manganese rich environment *°. One possible explanation for this disparity could be the
presence of Mn in the influent in the study of Yang et al. (2015) as it has been found that the
presence of Mn can hinder As(lll) oxidation . Another explanation might be the notably
higher flow rate (20 m/h) in our study, although it has also been argued that a higher flow rate
might limit As(lll) oxidation kinetics %%, Kruisdijk et al. (2024) found a similar kinetic constant
for biological As(lll) oxidation (2.94 min™) in an iron oxides coated sand filter ¢, which
indicates that the composition of the mineral coating might be of relatively little influence to
the oxidation kinetics. However, the influence of the mineral coating on the oxidation
efficiency would require further investigation.

Micro-organisms clearly played a vital role in the acceleration of As(lll) oxidation in the
experiment. This presents a potential new pathway for the development of effective As
removal systems. Poor removal of As is often attributed to the slow oxidation of As(lll) to
As(V), subsequently hampering the removal on Fe hydroxides 2. Practically promoting fast
biological As(lll) oxidation in existing water treatment plants could potentially overcome this
problem; to trigger As removal, As(V) should form before all Fe(ll) has been oxidized in the
system. This finding marks a paradigm shift: in filters, Mn oxides have traditionally been
demonstrated to be powerful oxidizers of As(lll) '8 or oxidation was attributed to
homogeneous oxidation by reactive oxygen species 4, but now it is demonstrated that
biological oxidation might well dominate in filters.
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Table 3: Kinetic constants for As(lll) oxidation in Mn containing systems found in literature (for relevant
conditions) and in this study

As(lll) oxidation Description Kinetic Ref
process exp. constant
(min™)

Chemical
Oxidation by dissolved Batch exp. As: 2.2x10* 12
oxygen 46-62 pg/L pH

7.6-8.5

Fe: 100-1130

pg/L, Mn: 9-16

pg/Lin

groundwater.
Synthetic Birnessite Batch exp. As: 0.035 8

7.5mg/LpH 6.8

Mn:As=12.4
Synthetic Birnessite Batch exp. As: 0.00445 56

100 mg/LpH 7.0

Mn:As=12.3
Kchem day 3 0.318 This study
kchem day 3 after 0.198 This study
inhibition
Biological
Mature biologically Batch. As: 1.2 0.068 27
formed Mn oxides mg/L. Mn:As=64
As(lll) oxidation during Column study. 0.23 57
biological Mn(ll) flow 7 m/h As:
oxidation 35-42 ug/L Mn:

400-500 pg/L
As(lll) oxidation in a Column study. 0.56 59
biological Mn(ll) removal flow 7 m/h
filter column As: 1986 ug/L.

Mn: 4.1 mg/L
Keio day 29 4.64 This study
keio day 29 after 2.48 This study
inhibition
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3.5 Conclusion

The presented research distinguished the contribution of surface catalytic and biological
As(lll) oxidation on reactive MnOy coated filter sand. Within three weeks, a shift from surface
catalytic to biological As(lll) oxidation was observed. Initially, surface catalytic As(lll)
oxidation (Kchem=0.318 min') dominated, coupled to Mn release at a ratio of 0.96
(approximating the stoichiometric ratio of 1). This coupling disappeared over time, indicating
the biological nature of the reaction as confirmed by microbial inhibition. Exposure to As
during experiments led to an increase in RA of Comamonadaceae, with the genus
Polaromonas as the dominant species, and Microscillaceae, which are known arsenic
oxidizing bacteria. A first order As(lll) oxidation rate constant kg0 of 4.64 min™* was found,
yielding a half-life of 9 seconds. This represents a 14-fold acceleration, revealing that kinetic
limitations rather than surface passivation can be attributed to the loss of surface-catalytic
oxidation. Our study demonstrated that biological oxidation of As(lll) can outpace the
acknowledged oxidizing power of MnQy, offering a potential new pathway to design effective
biological As(lll) oxidation and removal filters without the need for complex technologies or
the addition of oxidative chemicals.

Supplementary information

The Supplementary Information is available at
https://pubs.acs.org/doi/10.1021/acsestwater.5c01031.
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Abstract

Iron-based adsorbents are commonly used to remove arsenic (As) from water for drinking
water purposes. Here, we study the role of biological As(lll) oxidation on iron-based
adsorbents in filters and its effect on overall As uptake. A lab-scale filter with iron oxide
coated sand (IOCS), acommonly used adsorbent, was operated with water containing As(lll)
and As(V), while water samples were taken periodically over its height. As(lll) oxidation
initiated after approximately 10 days and increased to a first order rate constant of 0.09 s™
after 57 days resulting in full oxidation of As(lll) in <50 seconds. Consequently, the filter
shifted from an As(lll) to an As(V) adsorbing filter. Oxidation was not observed after inhibiting
the microbial activity using sodium azide confirming its biogenic nature. This implies that
As(lll) oxidizing biomass can grow on iron-based adsorbents in water filters without requiring
inoculation. As the experimental conditions were similar to full-scale As treatment plants,
we believe that biological As(lll) oxidation is widely overlooked in these systems. Occurrence
of biological oxidation is, however, beneficial for removal, as at pH <8 the adsorption capacity
for As(V) can be up to 10-fold higher than for As(lll). With these new insights, arsenic
treatment using iron-based adsorbents can be further optimized. We suggest a more robust
new design with a biological active As(lll) oxidizing top layer and an As(V) adsorbing bottom
layer.
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4.1 Introduction

Arsenic (As) is found in groundwaters around the world affecting the health of humans and
wildlife. It is classified as a human carcinogenic substance ', which increases the risk for skin
lesions and cancers. Podgorski and Berg (2020) estimated that 94 to 220 million people drink
or use groundwater with As concentrations exceeding the World Health Organization
guideline of 10 pg/L 22. It is generally observed in two redox states, as arsenite (As(lll) and
arsenate (As(V)). As(lll) is the reduced form, and exists as oxyanion [H3;AsOz] in natural waters
at circumneutral pH, while arsenate is the oxidized form found as [H.AsO4 or HAsO4*]. The
reduced form, As(lll), is most commonly found in anaerobic groundwaters.

Iron-based adsorbents represent a highly effective method to remove As from water #%. They
are environmentally friendly, highly abundant, and are, therefore, commonly used in
wastewater and drinking water treatment 7. Oxidation of As(lll) to As(V) before treatment is
often desired, as the negatively charged As(V) is more efficiently removed via adsorption &.
Full oxidation with O, takes tens of days °. Therefore, to accelerate this process, chemical
oxidants such as, ozone, chlorine, or permanganate are applied, but these oxidation
pathways are more costly, need extra chemicals, and increase the risk of unwanted by-
products °. Since the last decade, interest increased in another oxidation pathway:
biological As(lll) oxidation. Biological As(lll) oxidation has already been studied and observed
in lab-scale drinking water filters "2, and bioreactors *'°. The bioreactors were inoculated
with As-oxidizing bacteria, while in rapid sand filters biological As(lll) oxidation established
without any inoculation. To our knowledge, biological As(lll) oxidation on iron-based
adsorbents has not yet been studied. The latest review articles on iron-based adsorbents
highlight the importance of As(lll) oxidation for efficient removal, but only focus on chemical
oxidation 71618,

Gude et al. (2018) showed that biological As(lll) oxidation started after one week and really
accelerated after two weeks without inoculation on virgin sand in a column study 2. This and
the common occurrence of As(lll) oxidizing bacteria in aquatic environments '°, indicate that
As(lll) oxidizing bacteria are omnipresent. We therefore expect that As(lll) oxidizing bacteria
can also grow on iron-based adsorbents in water filters. Until now, research on iron-based
adsorbents is mostly performed using batch or column experiments, which most often did
not take longer than a couple of days +%2%2%, This could be the reason that As(lll) oxidation is
never observed, as the duration of these experiments were likely too short for the growth of
As-oxidizing bacteria. Driehaus (2002) and Petrusevski et al. (2007) studied full-scale
treatment plants in which As was removed by granular ferric hydroxide and iron oxide coated
sand, respectively 4%, The lifetime of the media was minimally a year, which we assume is
more than enough for the growth of As-oxidizing bacteria, but their presence was never
studied.

Based on this information, we hypothesize that biological As(lll) oxidation (pH<6.94:
H3AsO;+H,0 = H,AsO,+3H"+2e" pH >6.94: H3AsO3+H,O>HAsO,2>+4H*+2e°) is commonly
occurring when treating water for As using iron-based adsorbents. This novel perspective
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could be of great value for science and practice, as this would imply that treatment with iron-
based adsorbents is working differently than understood until now. Based on this knowledge,
treatmentwith iron-based adsorbents could be further optimised. To test this hypothesis, we
performed an 80-day lab-scale filter experiment and studied As adsorption and oxidation on
iron oxide coated sand with scenario modelling.

4.2 Methods
4.2.1 Adsorbent

In this research, iron oxide coated sand (IOCS) was used as adsorbent collected from a
groundwater-fed rapid sand filter used for drinking water treatment. In this filter, the pH (6.9)
and O concentration (3.4 mg/L) are kept low to aim for biological Fe(ll) oxidation and to
prevent Mn(ll)-oxidation. Similar IOCS from drinking water filters are commonly used in full-
scale As treatment 2426

4.2.2 Lab-scale filter desigh and operation

A PE column with a diameter of 3.3 cm and a height of 1 m was used during the experiment
(Figure 1). I0CS grains were washed and used to fill the column, after which the column was
wrapped in aluminium foil. The column was extensively backwashed before the start of the
experiment. A salt tracer test was performed in the column to obtain the porosity (=0.28).
During the experiment, unchlorinated tap water (for water quality parameter see appendix 1
(A.1)) was pumped, upflow, into the column (Watson Marlow 300 series, 314D pump head)
without any nutrient additions. A small flow of a 15 mg/L As stock was added (Watson Marlow
300 series, 318MC pump head) resulting in a total flow of 146 mL/min, an influent
concentration of ~400 pg/L As, a pH between 7.8-8.1, and an O, concentration between 9.2-
10.0 mg/L. The As stock solution was prepared from a 0.05 M NaAsO; solution (Merck), and
was acidified to about pH 3 by adding 37% HCI (Fluka) to prevent oxidation during storage,
and was refreshed every three days.

4.2.3 Microbial inhibition procedure

When the As(lll) oxidation rate stabilized, the IOCS in the column was flushed with a 25 mM
sodium azide (NaNs, Sigma Aldrich) solution, to inhibit microbial activity. We dosed 500 pg/L
As (0.05 M NaAsO,, Merck) to the solution to prevent desorption from the IOCS. The column
was saturated with this solution and kept stagnant for 12 hours, after which the column was
flushed with 15 Lfor 17 hours. ATP measurements were performed before and after microbial
inhibition to analyse microbial activity using the Deposit & Surface Analysis kit (LuminUltra
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Technologies Ltd.) following the protocol provided by the manufacturer. Afterwards, the
column was operated identically as at the start of the experiment.

3.3cm
<>

Discharge
N\

100 cm

NaN

Figure 1: Schematic overview of the experimental setup, where the P within the circle depict the
pumps. During the experiment the column was fed with tap water to which As was added. The tap
water and As(lll) stock pumps were stopped during microbial inhibition, and only a NaNs solution was
fed to the column.

4.2.4 Water sampling and analysis

Water samples were taken periodically from the nine taps on the column (here referred to as
height profiles) and more regularly from the influent and effluent water. They were acidified
(ROTIPURANE® Ultra 69%, 1% v/v) and filtered (0.45 um) before analysis. Inductively Coupled
Plasma Mass Spectrometry (ICP-MS, Analytikal Jena PlasmaQuant MS) was used to
determine As(lll), As(tot), Fe, and Mn concentrations. The Clifford method was performed to
separate As(lll) and As(V) using a similar method as described by Gude et al. (2018) 2.

4.2.5 Characterisation of iron oxide coated sand

IOCS was analysed after collection from the groundwater-fed rapid sand filter. The IOCS
coating was extracted following the method proposed by Claff et al. (2010)%, after which, Fe,
Mn and As was analysed using inductively coupled plasma mass spectrometry (ICP-MS,
AnalytikalJena Plasma Quant MS). Furthermore, the untouched grain coatings were analysed
using light microscopy (VHX-5000 series, Keyence) and Environmental SEM at 0.5 °C and 6 -
8 mbar H,O atmosphere (Quanta FEG 650, FEI). After the experiments, IOCS grains were
collected from close to the influent of the column and analysed using X-ray photoelectron
spectroscopy (XPS, for more information see A.2).
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4.2.6 Scenario modelling

The total mass of As adsorbed to the IOCS between two measurement dates was estimated
based on the influent and effluent concentrations and summed for the total period using the
following equation,

Mass adsorbed As = Z(Cl-n_x — Coutx) X (tx —ty_1) Xq Q)

where C;;, . is the influent concentration on day x (ug/L), Cpyt » the effluent concentration on
day x (pg/L), t, is the day since the start of the experiment (days) and t,_; the day since the
start of the experiment from the previous measuring round (days), and q is the flow in
(L/days).

The exact impact of oxidation and adsorption on the observed concentrations could not be
disentangled, which made determining a precise rate of adsorption and oxidation
impossible. Instead, two scenarios (“prevalently As(lll)” or “prevalently As(V)”, see Table 1)
were simulated and compared to the height profiles obtained during the column
experiments. We compared the scenarios and used the one that gave the best fit to estimate
the rate of adsorption and oxidation in the columns. When no good fits were obtained, As(lll)
and As(V) concentrations were not simulated. This only occurred when both As(lll) and As(V)
were presentin relatively high concentrations. We presented this data using a third scenario:
“As(lll)+As(V)” (Table 1).

Table 1: Scenarios used for fitting to height profiles to estimate oxidation and sorption kinetics.

Scenarioname | How is the scenario simulated
Prevalently As(V) | As(V) is prevalently available, thus, we assume that:
Only As(V) is sorbed — As(lll) concentrations are only depending on

oxidation

Prevalently As(lll) is prevalently available, thus, we assume that:

As(lll) Only As(lll) is sorbed — As(V) concentrations are only depending on
oxidation

As(lIN+As(V) Simulation is not possible, as both As(lll) and As(V) are dominantly

available. Therefore, sorption of both solutes is entangled.

For all scenarios except of As(lll)+As(V), sorption was fitted to the As(tot) concentrations,
based on afirst-order rate equation,

As(tot)sim = As(tot) iy, X e~ (ksorpxt) (2)

where As(tot)sm are the simulated concentrations (pg/L), As(tot)inthe influent concentrations
(ug/L), kson the first order rate constant (s™), and t the travel time until each tap (s).

Next, biological As(lll) oxidation was simulated. Depending on the scenario, we assumed that
As(lll) (Prevalently As(V); equation 3) or As(V) (Prevalently As(lll); equation 4) concentrations
were only relying on oxidation (and thus not on adsorption). Lastly, the residual As oxidation
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state was determined by combining the sorption and oxidation reaction, as
As(tot)=As(lll)+As(V).

Scenario AT gi = As(IID) i, X e~ FoxXt) (3)
Prevalently As(V):

Scenario As(V)sim = As(V)in + (AsUID i x (A —e~*eDy + 1) (4)
Prevalently As(lll): — As(I1D) )

4.3 Results

4.3.1 Arsenic adsorption

Figure 2 shows the As concentration in effluent (Cou) divided by the influent (Ci,) during the
column experiment (black dots), where a C../Cin=1 means that all As in the influent is also
observed in the effluent. The observed trend was similar as seen in prior research 8. Initially
almost all As was adsorbed to the IOCS (C,./Cin=0), after which adsorption decreased. The
50% breakthrough occurred after approximately 15,000 pore volumes and the trend
somewhat stabilised after 20,000 pore volumes. Note that still about 25% of the injected As
was adsorbed after more than 70,000 pore volumes, which shows that tailing was still
occurring 28, The observed tailing is consistent with recent research into phosphorus
adsorption to IOCS, where tailing was found to be caused by slower adsorption on sorption
sites in the inner porosity of the iron coating ?°. Figure 2 also shows the cumulative weight of
As sorbed to the IOCS (red triangles). Over the course of the experiment, approximately 2080
mg As was sorbed per kg of IOCS in the column (2.08 mgAs/gFe).
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Figure 2: Fraction of As influent concentrations (Ci,) divided by effluent concentration (Cou) (black
dots) and the cumulative weight of As adsorbed to IOCS (blue triangles) during the experiment.
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4.3.2. Arsenic speciation in produced water

Figure 3 shows the As(lll) and As(V) concentrations in the effluent during the column
experiment. The influent water contained between 211-346 pg/L As(lll), and between 69-151
pg/L As(V). During the first ~5 days of the experiment, As(lll) concentrations increased in the
effluent water, but always stayed substantially lower than in the influent water. This increase
in concentration corresponded to the simultaneous increase in total As concentrations
shown in Figure 2, which was a result of a decrease in sorption capacity. Beyond these initial
days, As(lll) concentrations stabilised and subsequently decreased after ~12 days. Observed
As(V) concentrations increased during this period, indicating a decreasing adsorption
capacity of the I0OCS. Beyond 12 days, the As(V) concentration in the effluent started to
exceed the mean As(V) concentration in the influent. From approximately Day 22, the effluent
water only contained As(V) (240 pg/L) and As(lll) remained below the detection limit. Clearly,
the IOCS column moved towards an almost stable condition where only As(V) was present
in the effluent in the course of 20 days.
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Figure 3: As(lll) (black triangles) and As(V) (blue squares) concentrations in effluent water during the
first 57 days of the experiment, where the grey and blue highlighted background depict the range of
influent As(lll) and As(V) concentrations, respectively.

4.3.3 Stratification of arsenic oxidation and adsorption

Figure 4 shows height profiles of the column taken at different days during the experiment. At
the start of the experiment (Day 1), As adsorption resulted in a quick decrease of As(tot),
As(lll), and As(V) over the height of the column. On Day 8, neither As(V) adsorption or
production was observed, and As(tot) removal followed the same trend as As(lll). From Day
22, As(lll) concentrations decreased faster than As(tot) concentrations. At the same time,
As(V) concentrations were found to increase over the height of the column. This marks the
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initiation of As(lll) oxidation in the column. On Day 57, As(lll) oxidation further accelerated,
while As(tot) adsorption remained somewhat stable.

The height profiles were used to estimate the kinetics of As(lll) oxidation and As(tot)
adsorption using scenario modelling. The scenarios were fitted to the observed
concentrations, and the best fitting scenario was used (and shown in Figure 4) to estimate
first order oxidation and sorption rate constants. A good fit was not observed on Day 1;
therefore, it was allocated to scenario As(l/])+As(V), as likely both As(lll) and As(V) sorption
occurred. Day 8 was simulated using scenario Prevalently As(lll), as oxidation and increasing
As(V) concentrations was not observed yet. We assume that biological As(lll) oxidation had
notyet developed sufficiently this early in the experiment. Furthermore, As(V) adsorption has
reached equilibrium, thus all observed removal was due to As(lll) adsorption. For Day 22 and
57, As(lll) is oxidizing, hence removal occurs primarily through As(V) adsorption, and
therefore, scenario Prevalently As(V) started to fit best. As(V) sorption became dominant,
due to faster As(lll) oxidation resulting in higher As(V) concentrations, shifting its earlier
adsorption equilibrium.

All days were simulated well using the different scenarios. The first order sorption rate
constant (Ksorn) decreased over time from 0.012 s on day 8 to 0.0035 s on day 57. The first
order oxidation rate constant (kox) increased over time from 0 s on day 8 t0 0.09 s on day 57.
On day 57, complete As(lll) oxidation occurred within <50 seconds.
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Figure 4: Height profiles of As(tot), As(lll), and As(V) concentrations observed over depth in the IOCS
column. The markers (yellow circle=As(tot), black triangle=As(lll), blue square=As(V)) represent the
observed concentrations, the dashed lines the simulated scenario fits.

4.3.4 As(V) and As(lll) sorbed to IOCS

Figure 5A shows a light microscopy image of the IOCS prior to the experiments. The grain
coating seemed to be equally distributed over the full surface of the quartz sand grain. The
brownish/reddish colour is characteristic for a ferrihydrite coating *°. Chemical extraction of
the coating showed that it contained 440-620 mg/g Fe (n=3) and 0.09-0.12 mg/g Mn (n=3).
Furthermore, the grain coating contained 0.16-0.17 (n=3) mg/g As, which corresponds with
the relatively high influent As concentrations (~40 pg/L) at the rapid sand filter from which the
IOCS were obtained. Figure 5B displays an ESEM image in which the grain coating is 20,000
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times magnified. The image shows that the surface of the grain was relatively porous.
Furthermore, twisted stalks were observed in the coating, which highlights the biogenic
nature of (a part of) the Fe-(hydr)oxides 332,

s

- 2

g twisted
o stalk

1000 pm

Figure 5: Images of surface of single IOCS grain taken using a light microscope (A) and ESEM (B).

Grains close to the influent of the column were analysed using XPS for the speciation of the
adsorbed As after the experiment. About 53% As(lll) and 47% As(V) was sorbed to the IOCS

(Figure 6).
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Figure 6: XPS analysis of As3d spectra of the coating of the grains collected close to the influent of the
column.

4.3.5 Arsenic oxidation is of biological nature

Microbial activity was inhibited in the column after approximately 50,000 pore flushes, by
dosing of NaNs. A 30-fold reduction of the total ATP, from 29,500-35,100 pg ATP/g (n=2) to
1,160-1,300 pg ATP/g (n=2), was observed after inhibition. Figure 7 shows that the effluent
water only contained As(V) before microbial inhibition, i.e., all As(lll) was oxidized in the
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column. After microbial inhibition, As(V) concentrations were lower in the effluent and As(lIl)
was observed again. Therefore, oxidation was successfully inhibited, which confirms that
oxidation was primarily biological. From Day 9, As(V) concentrations in the effluent water
exceeded the mean influent As(V) concentrations. Simultaneously, As(lll) concentrations
decreased in the effluent, suggesting that biological As(lll) oxidation was initiated again. After
~23 days, the effluent primarily contained As(V), which resembles the results prior to
microbial inhibition (Figure 3).
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Figure 7: As(lll) (black) and As(V) (blue hatched) concentrations in effluent of the column before and
after microbial inhibition. The grey and blue highlighted background depict the range of influent As(lll)
and As(V) concentrations, respectively.

On Day 1 and Day 2 after microbial inhibition, the height profile was best simulated using
scenario Prevalently As(lll), as oxidation was only limited (k=0 and 0.0047, respectively)
(Figure 8). This corresponds to the results of Day 8 prior to inhibition, as no As(V) adsorption
is being observed, while As(lll) is. The absence of biological oxidation allows for adsorption
of As(lll), but the consequent lower concentrations of As(V) are not taken up. Once the
column ran for a longer period (Day 8 and 16), scenario Prevalently As(V) started to fit best,
as more As(lll) oxidation occurred resulting in higher As(V) concentrations and thus As(V)
sorption resumed. This sequence of scenarios is similar to the experiment before microbial
inhibition.

The ko increased over time after microbial inhibition, and followed the same trend and order
as before microbial inhibition. A maximum k.x of 0.053 s was reached on the last day of the
experiment (Day 16), which is in the same order as observed on Day 22 (kox=0.049 s™) before
microbial inhibition.
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Figure 8: Height profiles of As concentrations of the IOCS column taken over time after microbial
inhibition. The markers (yellow circle=As(tot), black triangle=As(lll), blue square=As(V)) represent
the observed concentrations, the dashed lines the simulated scenario fits.

4.4 Discussion

4.4.1 Biological As(lll) oxidation results in higher adsorption capacity for adsorbent

At the end of the experiment (Day 57), biological As(lll) oxidation was fast (k= 0.09 s7).
Merely <50 seconds were needed to fully convert As(lll) and As(V) concentrations were higher
than As(lll) concentrations at almost all depths in the column (Figure 4). The XPS analysis
showed that As(lll) and As(V) was somewhat equally adsorbed close to the influent of the
column. We expect that the fraction As(lll) will only decrease with depth in the column, as (i)
at the start almost all As(lll) sorption occurred in the upper part of the filter and therefore not
much As(lll) was adsorbed deeper in the bed, and (ii) later a substantial fraction of As(lIl) was
oxidized to As(V). Consequently, As is primarily adsorbed as As(V), because of its dominant
presence and its higher affinity to sorb. This hypothesis is, furthermore, supported by the
scenario modelling, and the observed sorption behaviour after microbial inhibition. We did
not observe any evidence that As(lll) oxidizing biomass masked available adsorption sites on
the iron-coated sand. Casentini et al. (2019), similarly, found that arsenic adsorption
remained rapid on iron oxide nanoparticles covered with bacterial exopolysaccharide 3.

Table 2 gives an overview of the operating conditions and performance of three types of full-
scale As treatment filters using the Fe-based adsorbents; GEH and IOCS 2425, The life time of
the media is considerably longer (0.14-2 years) than the ripening time needed (~weeks) to
grow As-oxidizing bacteria observed in the current study and the study of Gude et al. (2018)
2. Furthermore, the contact time (3-120 minutes) is substantially longer compared to the <50
seconds needed for complete oxidation observed in the current experiments. Therefore, we
deem it likely that biological As(lll) oxidation is occurring in these filters, and instead of
adsorbing As(lll) the filters are adsorbing As(V). We strongly recommend to study one of the
existing As treatment plants based on GEH or IOCS over the height of the filter, in order to
assess As(lll) oxidation kinetics. When biological As(lll) oxidation is observed, the next step
for future research would be to identify which bacteria are executing this specific process,
and to study the effects of pH, water matrix, and temperature.
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Table 2: Overview of operational conditions of full-scale As treatment plants using iron-based
adsorbents.

Operational GEH % IHE-ADART %4 IHE As removal
conditions: family filter?®
As in influent water 10-40 20-295 180-480
(bg/L)
Flow rates (m3/h) 4-160 2.3 >0.004
Annual supply (m?3) 10,000-1,300,000 ~20,000 >36,5
Life time media ~2 >1 0.14->2.5
(years)
Contact time (min) 3-10 (mean=4.2 72 120

minutes)
Treatment capacities | 50,000-200,000 unknown unknown
(bed volumes)

Figure 9 depicts the adsorption capacity trends for a GEH filter where biological As(lll)
oxidation is occurring (=biotic filter) and not (=abiotic filter). For this analysis, we used the
adsorption capacity of As(lll) and As(V) on granular ferric hydroxide (GEH) as observed by
Driehaus and Dupont (2005) *4. The shown adsorption capacities are a rough estimate, as in
the study of Driehaus and Dupont (2005) the influent concentrations are a tenfold lower and
GEH is used instead of I0CS. However, note that similar trends for As(lll) and As(V)
adsorption capacity with pH are also observed for amorphous iron oxides and goethite *, and
IOCS 236, The adsorption capacity in the biotic filter, loaded with As(V), is substantially higher
than the abiotic filter loaded with As(lll) at a pH below 8. The lower the pH the higher the
adsorption capacity in the biotic filter. The adsorption capacity in the abiotic filter is relatively
stable from pH 6-9. At pH 6, the adsorption capacity is about an order of magnitude higher
for the biotic compared to the abiotic filter. This finding underlines the value of biological
As(lll) oxidation in Fe-based adsorbent reactors, as As-free water yields perfilter lifetime, i.e.,
before media replacement, might be up to 10-fold.
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Figure 9: Adsorption capacity of As(lll) as in an abiotic filter and As(V) as in a biotic filter under a range
of pH. The oxidation kinetics in the biotic and abiotic filter which regulate As speciation, are appointed
with a blue and black arrow, respectively. Adsorption capacity is estimated for GEH filters with a mean
residence time of 4.2 minutes, an influent concentration of 40 ug/L, and a first-order oxidation rate
constantof0.09s™. For the biotic GEH filter we assumed that only As(V) is present. Adsorption density
is based and adapted from Figure 2 in Driehaus and Dupont (2005) 4.

4.4.2 Leveraging biological As(lll) removal in new filter designs

The adsorbents in an As treatment plant need to be periodically exchanged, as the
adsorbents become exhausted. After the media is exchanged, a ripening period is again
needed for the microbiome in the new media to perform biological As(lll) oxidation. This
ripening period can be eliminated, when the upper layer of the filter, wherein all oxidation
occurs, is kept in place. A double-filter system, i.e., two filter tanks in sequence, or a dual
media filter, i.e., one tank with two layers of different density, could be suitable to achieve
this. In these systems, compartmentalisation of processes can be achieved ¥. In the case of
a dual media bed, this is due to density difference that allow for separation during
backwashing. Note that the sorption capacity of the upper layer of the filter will decrease over
time until sorption becomes negligible. Therefore, oxidation will occur in the upper layer and
sorption in the lower layer. The advantage of the dual media filter is that it takes up a smaller
area compared to a double-filter system. For the top layer suitable media should be chosen
to host the As(lll) oxidizing biofilm, which could be IOCS as in this study, but a lighter material
might be more appropriate (e.g., plastic biocarriers, anthracite). The bottom layer has the
function to adsorb As(V), so IOCS could be applied, but also activated alumina or ion
exchange resins. Frank and Clifford (1986) showed a comparison of an As(lll) and an As(V)
breakthrough curve of a laboratory experiment using activated alumina . The 50%
breakthrough for As(lll) already occurred after 300 pore volumes, while the 50% breakthrough
for As(V) only occurred after 23,400 pore volumes. Similarly, anion exchange is not efficient
to treat As(lll) (HsAsQOs), as it can only be applied to remove negatively charged ions. As(V)
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(H2AsO4 or HAsO,?) is negatively charged and can be removed by anion exchange 8. On top
of this, exchange resinis interesting because it can easily be regenerated in-situ; maintaining
its position below the biological layer. An additional advantage is that the As(V) can be
recovered in the regeneration brine, which is of interest, as since 2023, As is on the Critical
Raw Materials list of the EU *. This highlights the importance of As as a critical raw material
for economic growth, as well as its vulnerability to supply disruptions.

4.5 Conclusion

This study aimed to investigate the role of biological As(lll) oxidation in As removal
technologies based on adsorption to iron, e.g., iron oxide coated sand (IOCS), for drinking
water production. It was found that As(lll) oxidation initiated after approximately 10 days of
operating a lab-scale IOCS filter, eventually leading to a first order rate constant of 0.09 s
after 57 days. Consequently, the initial As(lll) adsorbing filter moved towards an As(V)
adsorbing filter in ~20 days. After microbial inhibition with NaNs;, As(lll) oxidation became
negligible, which confirms its biogenic nature. The naturally occurring biological As(lIl)
oxidation, caused by omnipresent bacteria, largely improves the overall performance of
filters, as As(V) adsorption capacities tend to be higher than for As(lll). We expect that
biological As(lll) oxidation is also a prevalent process within full-scale As treatment facilities
using iron-based adsorbents, as conditions are similar to the performed experiment. These
new insights enable further optimization of As treatment using iron based adsorbents. We
propose a new reactor design, with a biologically active top layer (i.e., biocarrier) and a
bottom layer for the adsorbent. Alternatively, to fully utilise the charge advantage of As(V) at
circumneutral pH, an anion exchange resin could be applied to recover As in the brine —since
As is recently listed as critical raw material.

Supplementary information

The Supplementary Information is available at
https://www.sciencedirect.com/science/article/pii/S0043135424010285
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Abstract

Poisonous arsenic (As) is sometimes still found in treated drinking water. In the groundwater
treatment process, As gets removed by oxidation from As(lll) to As(V) and subsequent
adsorption to iron (hydr)oxides. Incomplete As removal is often attributed to faster iron (Fe?*)
versus As(lll) oxidation, preventing effective uptake. Biological As(lll) oxidation has the
potential to increase the kinetics of oxidation compared to physicochemical oxidation;
however, the factors governing the growth and activity of arsenic-oxidizing biofilms in sand
filters remain insufficiently understood. This study investigated the composition and activity
of drinking water biofilms on sand grains with predominantly iron oxide (FeOx), manganese
oxide (MnOx) or mixed (FeMnOx) coating, prior and post As exposure. The mineral-microbe
distribution over the surface and cross section of the coating was visualized using
multimodal imaging, combining Confocal Laser Scanning Microscopy (CLSM) followed by
Scanning Electron Microscopy with Energy Dispersive X-ray Spectroscopy (SEM-EDS). The
activity and microbial composition prior- and post As exposure was assessed using
bioorthogonal non-canonical amino acid tagging (BONCAT) and 16s rRNA gene sequencing,
respectively. Biofilm development was found to depend more strongly on physical surface
structure than coating chemistry, with rougher MnOx-coated sand supporting denser
biofilms than smoother FeOx or FeMnOx-coated sand. Rapid coating growth in iron removal
filters and frequent backwashing are likely limiting biofilm development. Despite effective
As(lll) oxidation, no major shifts in microbial community composition or overall activity were
observed pre- and post- As exposure. These findings indicate that biological As(lll) oxidation
is an intrinsic function of drinking water biofilms, driven by a broad range of As-resilient
bacteria presentin the native filter biofilm.
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5.1 Introduction

Groundwater provides drinking water to more than 50% of the global population ', and is a
preferred source because of its microbiological safety and stable temperature and quality.
Anaerobic groundwater naturally contains iron (as Fe(ll)), manganese (as Mn(ll)) and
ammonium (NH,), which are removed via aeration and rapid sand filters (RSF) in treatment
plants. The carcinogenic substance arsenic (in the form of As(lll)) can be present in
groundwater as well. For effective removal, As(lll) should oxidize to the negatively charged
As(V), which can adsorb to iron (hydr)oxides. Poisonous As is still often observed in treated
drinking water, because of faster Fe(ll) versus As(lll) oxidation, preventing effective uptake.
Podgorski and Berg (2020) estimated that 94 to 220 million people are exposed to As in
groundwater above the World Health Organization guideline of 10 pg/L2. Increasing the As(lll)
oxidation kinetics would increase As uptake by iron (hydr)oxides.

Previous studies found that biological As(lIl) oxidation can increase the kinetics up to 14-fold
compared to surface catalytic oxidation . Bacteria oxidize As(lll) as detoxification
mechanism (heterotrophs) or for their energetic metabolism (chemolithoautotrophs) 5,
carried out by the enzyme arsenite oxidase®. Genes encoding for the large and small subunit
of arsenite oxidase were named aioA and aioB, respectively 7. Arsenic oxidizing bacteria
(AsOB) have been found in various environments, such as hot springs, mine sites, aquifers
and biofilters °.

Promoting biological As(lll) oxidation in sand filters aligns with the changing perspective in
the drinking water industry of switching from physicochemical towards biological removal
processes '°. The central role of biofilms growing on filter sand is gaining recognition - not
only for As, but also for Fe and Mn: shifting to biological Fe removal yielded four times more
water per run before backwashing ' and biological Mn oxidation can reduce filter start up
times by a third 2.

Microbes colonize more efficiently in the filter bed when the sand grains harbour a porous
mineral coating . Mineral coatings develop over time, by continuous oxidation and
precipitation of Fe and Mn on the grains. In regular, aerated sand filters, removal of Fe always
happens firstin RSFs, followed by removal of Mn. In a treatment plant with a single RSF, grains
harbour a coating of alternating layers of Fe and Mn caused by vertical grain movement during
backwashing '*. Another common treatment scheme is two RSFs in series; Fe removal takes
place in the first filter and Mn removal in the second, forming more uniform coatings. The
effect of different mineral coatings on biofilm distribution and activity and their morphology
to harbour micro-organisms, remains unknown.

Our study aims to assess the composition and activity of drinking water biofilms on different
mineral coatings before and after exposure to arsenic. Understanding and optimizing the
growth of AsOB in drinking water biofilms has the potential to increase arsenic removal
efficiencies while keeping regular, robust and low-cost sand filters and avoiding the need of
chemicals or complex technical solutions. Three different sand types are used, harbouring a
Fe-, Mn- or mixed mineral coating. The mineral-microbe distribution over the surface and
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cross section of the coating is examined, by analysing the exact same grains with Confocal
Laser Scanning Microscopy (CLSM) to visualize the biofilm, followed by Scanning Electron
Microscopy (SEM) with Energy Dispersive X-ray Spectroscopy (EDS) to map the minerals.
Subsequently, an As oxidizing biofilm is grown on the three different mineral coated grains in
a column experiment. The activity of the microbial community on the grains pre and post
exposure is determined using bioorthogonal non-canonical amino acid tagging (BONCAT), a
next-generation physiology approach ' that uses substrate analogue probing to visualize
protein synthesis in active cells. The composition was assessed with 16s sequencing.

5.2 Methods
5.2.1 Metal coated sand from rapid sand filters

Three different sand types were collected from rapid sand filter beds at two separate
treatment sites for use in this study. At the first location (Laren, the Netherlands),
groundwater was treated by aeration and a single filter that removed both Fe and Mn. The
silica sand harvested from this filter harbours a mixed metal coating of Fe- and Mn-oxides. At
the second location (Mol, Belgium), groundwater was treated using two aeration-filtration
set-ups in series. In the first filter, Fe was removed and partly precipitated as Fe-oxides onto
the coating. In the second filter, Mn was removed, resulting in a Mn-oxide coating. These
three sand types are hereafter referred to as FeMnOx, FeOx and MnOx, respectively. Images
of the different sand types are shown in Figure 1.

5.2.2 Column study to expose biofilm to As

To assess the impact of As on drinking water biofilms, a laboratory column experiment was
performed (Figure 1). Columns were constructed of disposable 60 mL syringes (BD
Plastipak), with triplicate columns run for each sand type (FeMnOx, FeOx, MnOx). Prior to
placing into columns, the sand was gently washed with tap water until the rinsing water ran
clear. The empty bed volume of the columns was 55 cm?® with a supernatant level of 5 cm?.
Columns were operated in up flow mode (pump flow 1.2 mlU/min), with influent tubing
connected at the bottom of the column and effluent outflow at the top of the column via
tubing inserted through a rubber stopper. Each sand type had a porosity of approximately
0.45, resulting in a total flow rate of 0.24 m/h. The columns were wrapped in aluminium foil
to avoid impacts from lights.

Columns were fed with an As solution (~500 pg/L), derived from a 0.05 M sodium As(lll)
solution (Merck) in unchlorinated tap water (composition in Table 1 in supplementary info).
To compensate for partial oxidation of As (~30%), the stock solution was replenished twice a
week. Controls were run in triplicate and consisted of FeMnOx sand, operated with only tap
water as the influent.

From now on, sand directly harvested from the treatment plants is referred to as pre-
experiment, while sand exposed to As-spiked tap water is referred to as post-experiment. In
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total, seven conditions were studied: FeMnOx, FeOx and MnOx pre and post experiments,
and the control.

Samples of the influent and effluent of the columns were taken weekly to determine As(lll)
and As(V) concentrations. Speciation of As was done in the same way as described in
Goedhart et al. (2025) 3. Concentrations of As(tot) and As(lll) were measured using
inductively coupled plasma mass spectrometry (ICP-MS, Analytikal Jena PlasmaQuant MS).

Following 45 days of continuous operation, sand from the columns were sampled. The
bottom 50% of sand was collected for subsequent analysis, which included immediate
freezing at -20°C or preparation for BONCAT incubations.

I

Sand coating

FeOx

FeMnOx

Sampling
Point

all

Tap water +
~ 500 ug/L
As(lll)

Tap water

Figure 1: Schematic overview of the column experiment. Columns were 60 cm? in total with 5 cm? of
supernatant water.. Triplicate columns filled with iron coated sand (FeOx), manganese coated sand
(MnOx) and mixed coated sand (FeMnOx) were fed As-spiked tap water. A parallel control experiment
consisted of triplicate FeMnOx columns receiving only tap water. Photographs of a single coated sand
grain are included in the legend.

5.2.3 Sample incubation

Samples were incubated with the alkyne containing synthetic amino acid L-
Homopropargylglycine (HPG), which enables subsequent azide-alkyne click-staining
allowing fluorescent detection of newly synthesized proteins . In duplicates, 30 grams of
the seven sand types (FeMnOx, FeOx, MnOx (pre/post) and control) were transferred to
individual sterile 100 mL glass bottles, containing either 50 mL of 500 pg/L As(lll) in tap water
(post experiments samples) or only tap water (pre-experiments and control samples). To one
of the duplicate bottles, 50 uM of HPG (Vector Laboratories Click Chemistry Tools 1067) was
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added. The other bottle served as control. Samples were incubated with HPG for 6, 12, 24,
48 and 72 hours. One hour before each respective sampling time, samples were spiked with
10 mL of 2500 pg/L As(lll) to ensure sufficient substrate availability for microbial activity. Five
grams of sand were collected at each incubation time and immediately fixed with 3%
paraformaldehyde for 2 hours at room temperature, followed by three washes with 1x PBS.
Post fixation samples were stored at -20°C in a 50% ethanol:PBS solution until further
analysis. At the final sampling round, an additional 5 grams of sand was sampled and stored
directly at-20°C for subsequent DNA extraction, to study the effect of HPG incubation on the
microbial community.

5.2.4 Sample processing

Of each sand type, a few grains were embedded in epoxy. By slicing the epoxy-embedded
grains, the mineral and biofilm distribution over the cross-section of the grains could be
studied without breaking the grain. We used Buehler EpoxiCure® 2, hardened for 48 hours
and sliced using a low speed saw (11-1180 Buehler) with a Medium Grit Smart Cut™ Diamond
Blade and polished with CarbiMet PSA 600 [P1200], followed by MicroCut PSA 1200 [P2500].

BONCAT was only performed on the outer surface of the grains, since HPG does not
penetrate the inner coating. To attach the azide-containing fluorophore to the alkyne group
of HPG-labelled proteins, click staining is required. Prior to click staining, fixed samples were
thawed and dehydrated by sequentially submerging samples for 3 min in a 50%, 80%, and
96% ethanol series followed by a 10 min drying step. A bulk click reaction solution was made
following Hatzenpichler and Orphan (2015) "’. Briefly, the solution consisted of 5mM amino
guanidine hydrochloride (Sigma Aldrich), 5mM sodium L-ascorbate (Sigma Aldrich), 100 pM
copper sulfate pentahydrate (Sigma Aldrich), 500uM THPTA (Click Chemistry Tools), and 6uM
Cyb5 picolyl-azide dye (Click Chemistry Tools) in 1x PBS. The grains were submerged in click
solution and incubated for 45 minutes in the dark, followed by three washes with 1x PBS.
Following click staining, all cells were stained with 100x SYBR® Green for ten minutes, after
which samples were washed three times with 1X PBS. To ensure maximum fluorescent
signals, click and SYBR® Green staining was done on the same day as the microscopic
analyses. Experimental controls, i.e., sand grains not incubated with HPG, underwent the
same click and SYBR® Green staining.

Given limitations with achieving a fluorescent click signal for Mn-coated sand grains, cells
were detached form the surface of the sand particles prior to click staining. Briefly,
detachment consisted of the sonication of 1.5 grams of sand grains in 1 mL of 1X PBS for 1
min (Qsonica LLC XL-2000 probe, power 20, continuously, + 0.08 W). Post sonication
samples were centrifuged at 500 x g for 5 min, and the cell containing supernatant was
transferred to a clean Eppendorf and centrifuged again to precipitate any remaining minerals.
Detached cells underwent the same click staining described above. To compare the results
between staining planktonic cells and staining the whole biofilm, cells from FeMnOx were
also detached and stained.
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5.2.5 DNA Extractions and sequencing

To study the microbial composition of the drinking water biofilms pre and post experiments,
DNA was extracted from the sand grains. DNA was also extracted from grains incubated with
HPG to compare with non-incubated controls. Because standard extraction kits do not yield
sufficient DNA from metal-coated sand, ammonium oxalate was used to dissolve the
coatings prior to extraction ''. The DNA extraction and sequencing procedures followed the
method described in Goedhart et al. (2025) 2.

5.2.6. Fluorescence microscopy

Fluorescence imaging of fully hydrated sand grains was performed using an Upright Leica
DM6 Stellaris 8 Confocal Scanning Laser Microscope (CLSM) equipped with an ELWD 25x
water immersion objective (0.95 NA, WD 2.5mm). For each grain, 3D fluorescent images
were acquired for three channels. Fluorophore excitation lasers and emissions bandwidths
are as follow: SYBR® Green (ex 502/em 568) 492 nm excitation, Cy5 (ex 651/em 710) 641 nm;
and reflection imaging 488 nm excitation. LAS X Stellaris Version 4.8.1 was used for imaging.
Pixel frames of 1024 x 1024 or 2048 x 2048 were acquired, with two line-based scans
averaged perimage. Z-stacks were collected using a 0.8 um step size in the Z-dimension, and
a pixel size of 0.22 pmin both X and Y dimensions. Gain and intensity settings were manually
adjusted to avoid saturation and minimize background and non-specific signals. To enable
direct comparisons, image collection settings were kept constant for all grains within the
same sample group. Between seven and eleven grains were imaged per sample group, with
images collected for two different control conditions per sample type (i.) grains not incubated
with HPG but subjected to the click reaction and SYBR staining, and (ii.) unstained grains.

Fluorescence imaging of cross section of the sand grains was performed using a DMI8
Inverted CSLM equipped with a HC PL APO CS2 63x oilimmersion objective (1.4 NA, WD 0.14
mm). SYBR® Green excitation laser was 502 nm and emissions bandwidth 569 nm; and
reflection imaging had a 488 nm excitation. Tilescan was used to image over the whole
thickness of the coating, with a scan speed of 700 Hz and a LineAverage of 1. Z-stacks were
collected using a 0.5 ym step size in the Z-dimension, and a pixel size of 0.07 pm in both X
and Y dimensions. Gain and intensity settings were manually adjusted to avoid saturation
and minimize background and non-specific signals.

5.2.7 Image processing and BONCAT active cells calculation

Fluorescence microscopy images were processed in IMARIS V10.2.0 (Zurich, Switzerland).
Total and active biovolume were quantified by surface creation with absolute intensity
thresholding on the SYBR® Green and Cy5 (BONCAT) channels, respectively. Images were
smoothed with surface area detail level of 1.15 pm, and thresholds were manually adjusted

to ensure accurate correspondence between the generated surfaces and the imaged cells.

. active biovolume
Percentage of active cells was calculated as: - * 100%.
total biovolume
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Cell coverage of the surface was quantified using object-to-object statistics. The reflective
channel was used to generate the sand-grain surface volume, with a smoothing surface area
detail level of 0.7 um. The ratio of SYBR® Green volume versus total surface volume gave the
percentage of overlap between cells and surface, used as a measure for cell coverage.

Differences in BONCAT activity among sample types were evaluated using linear mixed-
effects models in R (R core Team, 2025), implemented with the package lme4 8. The model
included condition (sand type and treatment) as a fixed effect and random intercepts for
collection date at the treatment plants and imaging date at the microscope. Pairwise
comparisons of estimated marginal means were performed with a family-wise confidence
level of 95% using the single-step correction method in the R package multcomp .

5.2.8 Scanning electron microscopy

To study the spatial distribution of the biofilm compared to the metals on the sand grains,
Field Emission Scanning Electron Microscope (FE-SEM) equipped with Energy Dispersion X-
Ray Spectroscopy (EDS) was used (ZEISS SUPRA 66VP). Samples were coated with iridium
before analyses. To analyze the biofilm and metal distribution over the surface of the grains,
SEM stubs with carbon tape were used as a carrier. For both the whole grains and embedded
grains, first CLSM images were made, after which the exact same grains were analyzed using
SEM-EDS.

5.3 Results & Discussion

5.3.1 Biofilm distribution over metal coated sand grains

Figure 2 shows the biofilm distribution and mineral composition of the different sand types,
both over the surface and the cross sections of the grains. FeOx has a homogeneous coating
of iron oxides (Figure 2.iB), containing 30.7% Fe (x5.0%, n=4), 37.4% O (x7.2%), and 16.0% C
(x4.7%). Bacteria grew scattered over the grain, covering 1.51% (+0.73%, n =18) of the
surface (Figure 2.iC). Over the cross section of the grain, biofilm formed distinct rings (Figure
2.iE) and SEM-EDS detected less Fe within these rings (Figure 2.iD). Stratified Fe and NH,
removal in the filter bed likely creates these rings. Grains vertically move in the bed because
of backwashing; if the grain is located at the top of the filter bed, Fe removal takes place,
while at the bottom (biological) NH, oxidation occurs, forming a dense biofilm. Additionally,
at the top of the filter bed the biofilm might get continuously disturbed by the formation of
Fe-flocs?, preventing an established biofilm to form.

MnOx has a much thinner coating (Figure 2.iiD), with an Mn-content of 11.7% (£7.7%, n=4),
32.3% O (6.6%) and 54.5% C (*1.1%). Biofilm formed in patches and covered 10.9%
(x0.92%, n=9) of the surface (Figure 2.1IC). Areas of bare silica, where Mn oxides had not
precipitated, did not host any biofilm (Figure 2.1IC&D. MnOx’s surface appears visually less
smooth compared to FeOx and the biofilm preferentially grows in the cavities of the grain, as
also observed in the cross section (Figure 2.iiE).
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FeMnOx outer coating is dominated by 28.1% Fe (+3.9%), compared to 7.3% Mn (+5.3%) and
also contains 43.8% O (+3.9%), and 18.3 C (£1.3%, n = 29) (Figure 2.iiiB). The grains were
harvested from the top of a filter bed, where Fe removal occurs. Backwashing moves grains
through the bed, causing the alternating Fe and Mn rings (Figure 2.iiiD), consistent with
observations by Haukelidsaeter et al. (2024) ™. Over the surface of the grain, biofilm grows in
a scattered pattern similar to FeOx, covering 3.6% (+0.65%, n = 7) of the surface (Figure
2.iiiC). Over the cross section of the grain, the biofilm also appeared scattered (Figure 2.iiiE).
Unlike the metal distribution, no rings of biofilm were observed.

Our results show that drinking water biofilms grow on both Fe- and Mn-coated filter sand; the
FeMnOx coating does not show a preference of the bacteria for either one of the metals. The
coating’s structure likely drives biofilm development: most cells grew in pores and biofilms
formed inside cavities of the grain. The particularly dense biofilm on MnOx illustrates this
effect well, as MnOx exhibits a more uneven surface than FeOx and FeMnOx.

Several factors may explain why biofilms grow more densely on MnOx. First, Fe-coatings
build up faster because of higher Fe concentrations in the influent compared to Mn. The
continuous precipitation of Fe reduces the chance for biofilms to establish. Second, Fe-
removal filters are subjected to more intense backwashing than Mn-removal filters, which
can wash away part of the biofilm 2", Finally, the combination of fast FeOx growth and
vigorous backwashing rounds Fe-coated grains, whereas Mn-coated grains retain cavities.
As shown in Figure 2, FeOx and FeMnOx grains have smooth, almost marble-like surfaces,
while MnOx grains contain more cavities. Rougher surfaces promote biofilm growth 2

Kruisdijk et al. (2024) and Goedhart et al. (2025) demonstrated that biofilters with FeOx and
MnOx oxidize As(lll) at different rates *4. MnOx showed a 1.6 times faster oxidation kinetics
than FeOx (4.8 and 2.9 min™ at ~20,000 pore volumes respectively). Our results indicate that
MnOx supports a denser biofilm, which may explain the kinetic advantage.

Biological oxidation processes are increasingly applied in groundwater treatment, and sand
is currently the most common filter material. However, our findings raise the question
whether sand is the most efficient material for biofilters. No biofilm growth was found on bare
silica (Figure 2.iiB), biofilms seem to only attach once a metal coating develops. Another
disadvantage of silicais the smooth structure. Alternative starting materials, particularly with
a porous structure, may enhance bioremediation efficiency. We therefore recommend
investigating more porous media in future studies.
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i. FeOX ii. MnOX iii. FeMnOX

A.LMImage

Surface

B. SEM-EDS

C.CLSM

Cross-
section

D.SEM-EDS
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Figure 2: Mineral and microbe distribution on sand grains coated with i) FeOx, ii) MnOx, or mixed iii)
FeMnOx. From top to bottom: A. Light microscopy (LM) image, B. SEM-EDS images and C. confocal
laser scanning microscope (CLSM) images of the surface. D. SEM-EDS images and E. CLSM images
over the cross section of the grains. The white arrows point to the same areas in the SEM-EDS and
CLSM images. Scale bars in each picture represents 250 um. In SEM-EDS Orange=Fe, Green=Mn,
Blue=Si. In CLSM, green is total biofilm stained with SYBR® Green.
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5.3.2 Biological arsenite oxidizing system

FeOx, MnOx and FeMnOx were exposed to As-spiked tap water to assess the effect on the
drinking water biofilm activity and composition. Table 1 shows As(tot) and As(lll)
concentrations in the column effluent after 45 days. At least 97% of the effluent As was
present as As(V). For MnOx and FeMnOx this confirms that As(lll) oxidation occurs. For FeOx,
the high As removal due to adsorption (97%) caused effluent levels to be too low to confirm
As(lll) oxidation in the column. However, Kruisdijk et al. (2024) showed that by using the same
FeOx sand a biological As(lll) oxidative system was obtained in a similar time span “.
Additionally, FeOx was found to have a stronger binding preference for As(V), implying that
As indeed got oxidized in our system.

Table 1; Total arsenic (As(tot)) and As(lll) concentration in the effluent on the last day of operation of
the columns, and the total oxidation of As(lll) and adsorption of As(tot) at that point.

Grain Exp As(tot) As(lll) Oxidation | Adsorption
type condition Effluent Effluent

FeMnOx | Post 394 +22.8 4.3+1.8 99% 30%

FeOx Post 19.0+8.4 0.3+0.27 97% 97%

MnOx Post 449.2 +7.5 3.2+0.12 99% 25%
FeMnOx | Control 1.19+0.40 X X X

5.3.3 Activity of biofilm under As rich conditions determined with BONCAT

The activity of the sand grains biofilm pre and post As exposure was tested using BONCAT,
which enables fluorescent labelling of active proteins. This study is the first to use BONCAT
on groundwater filter sand and we found that the method worked well when the outer coating
consisted of mainly Fe (FeOx and FeMnOx), but failed when the outer coating consisted of
mainly Mn (MnOx). The results of FeOx and FeMnOx are discussed first, followed by MnOx.
Samples incubated with HPG for 24 hours were used for the analyses; it was found that an
incubation of 12, 24 and 48 hours gave similar results, while 6 hours showed less activity and
72 hours incubation more activity.

Figure 3 shows the total and active biofilm on FeMnOx and FeOx pre and post experiments,
as well as the control. Activity was detected on all samples. Cells were dispersed across the
sand surface, and active cells showed a similar pattern, with no observable clustering or
localized areas of increased or decreased activity.
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e

FeOx post-exp

Control

Figure 3: Confocal laser scanning microscopy images of Mixed coated sand grains for growth
conditions Fresh, Tapwater and Arsenic. Left column; reflective images of the sand grain surface.
Middle column: total biofilm stained with SYBR® Green. Right Column: active biofilm stained with Cy5
using BONCAT.

Table 2 reports the mean percentages of active cells for the five conditions, which ranged
from 31.76% to 39.28%. No statistically significant differences were observed among
conditions (p=0.343). Thus, biofilm activity did not differ between sand coatings (FeOx,
FeMnOx) and was not affected by exposure to As-spiked tap water or tap water alone.

The linear mixed effect model indicated that most variation arose from actual differences of
activity between individual grains, and only 4% of variability was attributed to collection date
and none to imaging date. Experimental controls, grains not incubated with HPG but click
stained, showed a maximum stained biovolume of 2% relative to SYBR® Green, indicating
that unspecific clicking was limited.
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Table 2: The percentage of active cells (mean activity), and the corresponding standard deviation (SD)
and 95% Confidence Interval (Cl), of sand types FeOx and FeMnOx pre- and post- experiments and
the control. Activity = Biovolume BONCAT/Biovolume SYBR x 100%. The linear mixed effect model
showed no significant difference between groups, p value = 0.343.

Grain Exp condition | Sample Mean Activity (%) | SD (%) | 95% CI (%)
type size

FeOx Pre-exp 11 39.28 8.31 [28.17, 50.39]
FeOx Post-exp 7 33.68 7.50 [24.22, 43.14]
FeMnOx Pre-exp 7 38.36 8.49 [27.25, 49.47]
FeMnOx Post-exp 12 31.76 7.10 [22.56, 40.95]
FeMnOx Control 12 39.19 14.78 | [30.00, 48.39]

MnOx grains were analyzed using detached cells instead of whole grains, because the non-
HPG-incubated experimental controls produced a fluorescent click signal comparable to the
HPG-incubated grains. Unstained MnOx grains showed no fluorescence; the background
signal likely arose from interactions between the click reagents and the Mn coating, rather
than the coating itself. FeMnOx samples were processed in the same way, to enable
comparison between whole grain and detached cell analysis. No fluorescent click signal was
found in the detached cells of the non-HPG-incubated samples.

Table 3 presents the mean percentages of active cells detached from the MnOx and FeMnOx
grains. For MnOx, the mean activity pre and post experiments was 53.79% and 47.21%,
respectively. Detached FeMnOx cells showed a mean activity of 42.84% post experiment. In
comparison, whole grain FeMnOx samples showed 31.76% active cells post experiment
(Table 1). No significant differences were observed among MnOx (pre/post) and FeMnOx
(post) detached cell samples (p=0.335). However, activity in detached FeMnOx cells was
significantly higher than in FeMnOx whole grain samples (p=0.0055). As a result, detached
cells and whole grain data cannot be directly compared.

Table 3: The percentage of active cells (mean activity), and the corresponding standard deviation (SD)
and 95% Confidence Interval (Cl), from planktonic cells sonicated from sand types MnOx pre- and
post- experiments and FeMnOx post experiments and the control. Activity = Biovolume
BONCAT/Biovolume SYBR x 100%. The linear mixed effect model showed no significant difference
between groups, p value = 0.335.

Grain type Exp Sample Mean Activity SD (%) | Cl (%)
condition size (%)

MnOx Pre-exp 10 53.79 18.24 [40.96, 66.62]

MnOx Post-exp 9 47.21 18.25 [29.31, 56.37]

FeMnOx Post-exp 9 42.84 9.16 [33.68, 60.75]
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5.3.4 Sequence results

Figure 3 presents the relative abundance of the 15 most abundant families across all
samples. The communities were dominated by Sphingomonadaceae, Methylomonadaceae,
Nitrospiraceae and Hyphomicrobiaceae. Differences in community composition among the
different sand types FeMnOx-, FeOx-, MnOx-Pre reflect the function of the different filter
beds. Methylomonadaceae was most abundant on FeMnOx and FeOx compared to MnOx,
since aerobic methane oxidation takes place in the first filter bed alongside Fe removal. In
contrast, Nitrospiraceae were more abundant on MnOx, since ammonium oxidation occurs
alongside Mn removal in the second filter. The largest difference observed was
Gallionellaceae on FeOx Pre. This family includes known Fe-oxidizing bacteria and are
therefore expected in Fe removing sand filters (FeMnOx and FeOx). At the FeOx treatment
location, oxygen and pH are kept low to promote biological Fe removal (alike Muller et al.
(2024); Van Beek et al. (2016))'%), which explains the higher abundance of the micro-
aerophilic Gallionellaceae compared to the one step FeMnOx filter, where full aeration was
applied prior to the filter.

Comparing sand pre and post arsenic exposure, and with the tap water control, shifts were
associated with tap water addition rather than As addition. Only four genera increased more
than two-fold in FeMnOx-post (fed with As-spiked tap water) compared to FeMnOx-control
(fed with only tap water): Acinetobacter (3.2% f;Moraxellaceae) Sphingobium (3.5%),
Sphingopyxis  (2.4%, f; sphingomonadaceae) and Polaromonas (1.3%, f;
Comamonadaceae). These genera were also enriched in As-fed samples FeOx-post (2.8, 2.8,
0.8, 2.4% respectively) and MnOx-post (2.9, 0.8, 3.6 , 4.8% respectively), while their pre-
experiment abundances were at least an order of magnitude lower. These four elevated
genera are likely to be involved in arsenic cycling in the columns. Members of
Comamonadaceae, particularly Polaromonas, include known As(lll) oxidizing bacteria 2425,
Both Polaromonas sp. GM1 and Acinetobacter carry the arsenite oxidizing gene aioA 2%27:2
and have been found in As(lll) rich environments 262%%, |n contrast, Sphingobium and
Sphingopyxis are associated with arsenate reduction via arsC *. The biofilm in the column
experiments was exposed to both As(lll) and As(V), due to oxidation happening in the stock
solution and in the column itself. The growth of these As(V) reducers suggests active As
cycling in the columns. However, >97% of the effluent As was in the form of As(V), indicating
that the system had a higher oxidation than reduction capacity.

While As cycling has been studied extensively in subsurface environments 3%, it has not
been examined in rapid sand filters. Assessing the As-concentrations and microbial
community over the height of the filter bed and over time is recommended to better resolve
As(ll)/As(V) dynamics and associated microbial processes.
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Figure 3: Distribution histogram of top 15 relative abundance of taxonomic rank family of the microbial
community on FeMnQOx, FeOx and MnOx sand pre- and post-experiment. The control fed with solely
tap water is given as well (TW). The families containing known arsenic oxidizers, Sphingomonadaceae
and Comamonadaceae, are framed.

5.3.5 Drinking water biofilm not altered by arsenic

Our results indicate that the drinking water biofilm was resilient to As exposure. Neither the
microbial community composition nor the proportion of active cells differed significantly
after 45 days of exposure to 500 pg/L As. The relative abundances of known As-oxidizing
genera remained low (<5%), which aligns with previous findings where efficient biological
As(lll) oxidation was observed despite limited representation of known AsOB 3. These
observations suggest that additional but yet unrecognhized community members may
contribute to As(lll) oxidation in drinking water biofilms. Future metagenomic and gqPCR
analyses targeting As transformation genes (e.g., aioA, arsC) could clarify which bacteria
mediate As(lll) oxidation and whether simultaneous As(V) reduction occurs.

The stable proportion of active cells determined by BONCAT pre and post experiments,
demonstrates that the biofilm remained metabolically active throughout As exposure.
Although 500 pg/L As exceeds concentrations considered safe for human consumption ¥/,
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biofilm activity was unaffected, showing the robustness of drinking water filter communities
under high As concentrations.

The unchanged community composition and activity support the feasibility of applying
biological As(lll) oxidation in rapid sand filters. AsOB can substantially accelerate overall As
removal kinetics *4 without disrupting the biofilm composition, which suggests that it won’t
alter other biological processes. Nevertheless, the effect of biological As(lll) oxidation on Fe,
Mn, or NH, removal needs further investigation.

Our findings additionally highlight the role of filter media properties in shaping biofilms. Mn-
coated sand carried a denser biofilm compared to the smoother Fe-coated grains, consistent
with earlier findings showing that more porous surfaces enhance microbial colonization 3.
For optimal biofilters, smooth silica sand might not be the most efficient material.

Overall, this study fits the changing perspective of rapid sand filters as biologically driven
systems rather than physicochemical. Understanding how microbial communities respond
to contaminants such as arsenic will be essential for integrating biological As removal into
drinking water treatment.
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5.4 Conclusion

The potential of arsenic oxidizing bacteria to treat contaminated groundwater is getting more
acknowledged nowadays, but the effect of As on the drinking water biofilm and how these
biofilms grow related to the minerals present on the sand grains were unknown. This study
aimed to assess the composition and activity of a drinking water biofilm before and after
exposure to high concentrations of As (500 pg/L), using bioortogonal nhoncanonical amino
acid tagging (BONCAT). Biofilms growing on Fe-, Mn- and Mixed-coated filter sand have been
investigated, and the spatial distribution of the minerals and biofilm were visualized
combining scanning electron microscopy and confocal laser scanning microscopy.

No major shifts were found in the community composition by exposing the biofilm to As.
Additionally, no difference in metabolic activity was found when biofilm treated high As
containing water. Although known arsenic oxidizing bacteria were detected, their relative
abundance stayed low (<5%), suggesting that biological As(lll) oxidation might be driven by a
broader range of community members than currently known. Arsenic reducing bacteria were
also found, suggesting that As(ll1)/(V) cycling might occur in the system. However, the system
has a stronger oxidizing power and only As(V) is detected in the effluent.

The mineral-microbe distribution revealed that biofilm growth was independent of the metal
content of the coating. Instead, physical surface structure seemed to play a more important
role. Mn-coated sand, found to have a rougher, more irregular surface, colonized a denser
biofilm compared to the smoother Fe- and mixed-coated sands. The faster growth of Fe-
coatings and the vigorous backwashing necessary, makes it more difficult for bacteria to
colonize.

This is the first application of BONCAT to drinking water biofilms. The combined imaging
approach provides a more complete understanding of biofilm growth on different mineral
coatings and their resilience under elevated As conditions. Our study highlights the potential
of arsenic oxidizing bacteria to produce safe drinking water and calls for action to further
optimize bioremediation by studying the effect of rougher, porous filter material as an
alternative for smooth sand grains.
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Supplementary Information

Table S1: Water quality parameters of tap water used for column experiments

Parameter Value Unit
pH 7.99 -

EC 0.12 mS/m
HCO; 120 mg/L
SO, 56 mg/L
Na 45 mg/L
Turbidity 0.48 FTE
Fe 7.8 pg/L
0, 9.1 mg/L
Hardness 1.45 mmol/L
DOC 2.0 mg/LC
F 0.16 mg/L
Br 0.12 mg/L
ClOg 27 pg/L
ClO, 37 pg/L
NH, <0.05 mg/L
NO, <0.01 mg/L
NO3 6.9 mg/L
K 7.2 mg/L
Ca 45 mg/L
Mg 8.1 mg/L
Mn <0.5 pg/L
Al <3 pg/L
Sb <0.5 pg/L
As <0.5 pg/L
Ba 16 pg/L
B 47 pg/L
Cd <0.05 pg/L
Cr <0.2 pg/L
Ni 3.1 pg/L
Se <0.5 pg/L
Sr 160 pg/L
U 0.20 pg/L
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The overall aim of this thesis was to unravel the removal pathways of arsenic in groundwater
treatment systems, with a particular focus on the contribution of biological processes. We
found that biology has a central role in oxidizing arsenic and can outcompete surface
catalytic oxidation (Chapter 3). Arsenic oxidizing bacteria were widely detected in
groundwater treatment filters in rural Bangladesh (Chapter 2), indicating that biological
arsenic oxidation is widespread rather than incidental. Arsenic oxidizing bacteria did not
appear to be a distinct or specialized microbial group: neither biofilm composition nor
biological activity was affected by exposing the drinking water biofilm to arsenic, while
efficient As oxidation was observed (Chapter 5). These findings show that biological arsenic
oxidation is an important component of groundwater treatment and should be explicitly
considered when designing arsenic removal plants. This aligns with the broader paradigm
shift in which sand filters are increasingly recognized as biofilters.

Resolving questions inevitably raises new ones. In this final chapter, directions for future
research are outlined, including considerations for applying these findings in practice and a
reflection on the limitations of the work presented in this thesis. Ultimately, advancing this
understanding is essential to further reduce arsenic concentrations in drinking water, here in
the Netherlands, in Bangladesh and in every other affected region in the world.

6.1 Arsenic oxidation done by a standard drinking water biofilm

Both in literature and throughout this thesis, the term arsenic-oxidizing bacteria (AsOB) is
commonly used. This terminology implicitly suggests that arsenic oxidation is carried out by
a distinct and specialized microbial group, similar to ammonium being predominantly
oxidized by Nitrospira or iron oxidation often associated with Gallionella. For these
processes, clear shifts in microbial community composition are observed when filters are
exposed to ammonium or iron "2,

In contrast, such clear shifts were not observed for arsenic. Although a modest increase in
the relative abundance of the family Comamonadaceae — previously associated with arsenic
oxidation — was detected, this group remained a minor fraction of the total community. The
overall taxonomic composition of the biofilm remained remarkably stable, and BONCAT
analyses showed no differences in microbial activity between biofilms exposed to arsenic
and those that were not (Chapter 5).

These findings indicate that arsenic oxidation is not restricted to a single functional group of
bacteria, but can be accommodated by a standard drinking water biofilm. Arsenic oxidation
appears to be a broadly distributed metabolic capability. This hypothesis is supported by
genomic surveys showing that the arsenite oxidase operon (aio) is found widespread across
bacterial groups *%. Although arsenic oxidation in heterotrophs has traditionally been
regarded as a detoxification mechanism, it is also shown that energy conservation from
As(lll) oxidation in heterotrophs may occurS.

Interestingly, an increased arsenic-oxidation capacity was observed in this study without a
convincing shift in community composition. This suggests that the functional potential for
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arsenic oxidation was already present within the biofilm and became upregulated upon
As(lll) exposure. Future studies should therefore prioritize how arsenic oxidation is regulated
and stimulated, rather than focusing exclusively on who performs it. Functional adaptation
could be quantified by targeting arsenite-oxidation genes using gPCR before and after As(lll)
exposure. Metatranscriptomics or metaproteomics approaches could directly demonstrate
upregulations and expression of arsenic-oxidizing pathways.

6.2 Stimulate biological arsenic oxidation in sand filters

To fully utilize the potential of biological arsenic oxidation, treatment plants should be
optimized to support biofilm development and activity. Currently, sand filters are mainly
designed from a physicochemical perspective. Intense aeration introduces high dissolved
oxygen concentrations, favoring homogeneous and heterogeneous iron oxidation. This has
been shown to negatively affect biofilm activity ®. Rather than requiring major design
changes, relatively small adjustments in operational conditions may substantially influence
biological performance. My recommendation would be to study the effect of milder aeration,
hydraulic conditions and the choice of filter media on the efficiency of biological arsenic
oxidation in sand filters.

Mild aeration

Aeration in groundwater treatment is often applied to reach oxygen saturation, yet lowering
the oxygen concentration may create more favorable conditions for arsenic removal. First,
milder aeration limits CO, degassing, thereby maintaining a lower pH. Since the adsorption
capacity of iron-based adsorbents for As(V) increases substantially at lower pH -
approximately an order of magnitude higher at pH 6 than at pH 8 - this directly enhances
arsenic removal. Second, lower oxygen concentrations inhibit rapid homogeneous Fe(ll)
oxidation, while biological arsenic oxidation can proceed under anaerobic or low-oxygen
conditions using alternative electron acceptors ’. Miller et al. (2024) demonstrated that
lowering dissolved oxygen from ~10 to ~5 mg/L shifted iron oxidation from predominantly
chemical to biological pathways, thereby minimizing homogeneous iron-floc formation &.
This may create more favorable conditions for biofilm development, as it is known that
homogeneous Fe(ll) oxidation can negatively affect biological NH,* and Mn(ll) oxidation ©°.
Similar interference with biological arsenic oxidation is plausible and warrants further
investigation. Another benefit of forming fewer iron-flocs is the reduced filter clogging,
allowing substantially longer filter run times before backwashing is required 8. This brings us
to the second process condition recommended to study - hydraulic conditions.

Hydraulic conditions

Flow velocity and backwashing are two hydraulic parameters that are relatively easy to adjust
and can influence biofilm stability. We found that filter media from a Mn-removing bed
exhibited denser biofilms than from a Fe-removing bed. Lower backwash frequencies are
typically applied to Mn-removing filters. Backwashing can detach the biofilm, through high
shear forces caused by the water and air '°. Li et al. (2012) also found that milder but more
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frequent backwashing could better preserve biofilm growth "°. It is suggested to study this
effect on the efficiency of As(lll) oxidation. The effect of additional parameters, such as
water/air ratio during backwashing, should also be further investigated.

Filter media

Finally, the choice of filter media is an underexplored parameter, but can impact biological
activity. Conventional materials such as sand and anthracite have relatively smooth
surfaces, whereas biofilm development is favored in surface irregularities and cavities
(Chapter 5). Alternative media with higher surface roughness or porosity may therefore
stimulate biofilm growth and improve biological arsenic oxidation.

The parameters discussed above will not only affect arsenic oxidation, but a wide range of
interconnected chemical and biological processes as depicted in Figure 2 in the
introduction. The proposed adjustments may enhance biological pathways, and they will
simultaneously affect iron, manganese and ammonium removal. Consequently,
optimization strategies should be evaluated through pilot-scale studies using real
groundwater with varying compositions, as currently system behavior cannot be reliably
predicted from models or small-scale laboratory experiments alone.

6.3 Design optimization: Arsenic oxidation before Fe removal

Arsenic removal in groundwater treatment is intertwined with iron removal, as arsenic is
predominantly removed by adsorption to iron hydroxides in the filter bed. Consequently,
effective arsenic removal requires control of both processes. Sand filters should be designed
to remove As(V) rather than As(lll) for two reasons. First, biological arsenic oxidation is likely
to occur in any mature sand filter, ensuring that As(V) is formed during filtration. Second, at
pH <8 adsorption capacities of iron hydroxides for As(V) are higher than for As(lll), making
As(V) the preferred target species for removal (Chapter 4).

In practice, however, iron oxidation and removal often proceed faster than arsenic oxidation.
As aresult, iron is removed before arsenic has been fully oxidized, limiting the availability of
sorption sites and allowing dissolved As(V) to break through into the effluent. The challenge
is therefore to design systems in which arsenic oxidation occurs prior to, or simultaneously
with iron removal. Figure 1 A+B shows a schematic overview of conceptual strategies to
promote arsenic oxidation before or simultaneously with iron removal.
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Figure 1: Schematic overview of possible optimization of iron-arsenic removing treatment plants
(A+B) and iron-arsenic oxidation pathways in existing treatment plants (C-E). A: Stimulate arsenic
oxidation prior to iron removal B: Simultaneous As and Fe oxidation and removal. C: As removal
pathway in homogeneous iron oxidation plant. D: As removal pathway in heterogeneous iron oxidation
plants. E: Hypothetical As removal pathway in biological iron oxidation plants.

Arsenic oxidation before iron removal (Figure 1A)

A first strategy to promote arsenic oxidation prior to iron removalis to utilize the difference in
morphology between iron- and arsenic oxidizing bacteria. In a pre-treatment step, oxygen
concentrations should be kept low to suppress homogeneous and heterogeneous Fe(ll)
oxidation. Under such conditions, biological iron oxidation will occur and is primarily
performed by Gallionella and Leptothrix, excreting stalked or filamentous structures that
extend away from the surface. These morphologies make them sensitive to hydraulic shear.
By imposing high hydraulic shear, their growth could be reduced ". This is consistent with
observations during backwashing, which has minimal impact on overall microbial
community composition but selectively reduces the abundance of Gallionella '? In contrast,
arsenic oxidation is carried out by a phylogenetically diverse group of microorganisms and is
therefore expected to be more resilient under high-shear conditions. Reactor designs that
exploit this difference could selectively stimulate arsenic oxidation while preventing iron
oxidation and therefore deserve further investigation.
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A second option is to allow homogeneous iron oxidation under high oxidation conditions and
biological arsenic oxidation to occur simultaneously, while actively preventing iron removal
at this stage. This could be achieved by using bio-carriers that support the growth of arsenic-
oxidizing biofilms, but with pore sizes large enough to limit iron floc retention. The
subsequent carryover of iron flocs together with oxidized As(V) to the downstream sand filter
would facilitate efficient arsenic removal. These bio-carriers could be placed in a separate
reactor, or in the supernatant water above the sand filter bed.

Arsenic oxidation simultaneously with iron removal (Figure 1B and C-E)

Both approaches discussed above require the implementation of an additional treatment
step. More readily applicable are optimizations in the existing treatment designs, stimulating
simultaneous removal of iron and arsenic (Figure 1B). The expected arsenic removal
pathways during the three dominant iron oxidation pathways - homogeneous,
heterogeneous, and biological — are presented in Figure 1C-E respectively.

The effect of homogeneous versus heterogeneous iron oxidation on arsenic removal was
evaluated by Gude et al. (2018), who demonstrated that homogeneous iron oxidation can
enhance arsenic removal by allowing iron flocs to penetrate deeper into the filter bed (Figure
1C)'3. Heterogenous iron oxidation proceeds rapidly on sand grain surfaces (Figure 1D),
depleting dissolved iron at the top of the filter bed, limiting the capacity for subsequent As(V)
adsorption. Even though both pathways are frequently applied in practice, they often show
incomplete arsenic removal.

The third pathway to remove iron is via biological iron oxidation (Figure 1E), and the effect on
arsenic removal is yet unexplored. Biological iron oxidation is favored at low oxygen
concentrations, which limits CO. stripping and maintains a lower pH, suppressing
homogeneous and heterogeneous iron oxidation. Lower pH values enhance arsenic
adsorption; at pH 7 adsorption of As to iron (hydr)oxides can be around 3 times higher than
at pH 8 (Chapter 4).

My recommendation is to study the effect of biological iron oxidation on the removal
efficiencies of arsenic. Attwo drinking water treatment facilities operated by Pidpa (Belgium),
biologicaliron removalis applied, resulting in good As removal efficiencies. Two fully aerated
plants, stimulating homogeneous and heterogeneous oxidation, have a lower arsenic
removal performance (Table 1). Likewise, a pilot study by Mdller et al. (2024), comparing
chemical and biological iron removal, found arsenic removal kinetics that were
approximately twice as fast under biological iron oxidation conditions (BOX 1) é. Although the
high influent iron concentrations in these systems undoubtedly contributed to the observed
performance, the results do highlight the potential of biological iron oxidation to enhance
arsenic removal. Exploring this synergy offers a promising option towards more reliable
arsenic-removal filters.
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Table 1: Four groundwater treatment locations of drinking water company Pidpa (Belgium). The top
two operate at high O, and high pH conditions, stimulating chemical iron oxidation. The bottom two
operate at low O, and low pH conditions, stimulating biological iron oxidation. The concentrations of
Fe and As and the ratio Fe/As are given for the raw groundwater and the concentration of As and the
As removal (rem) percentage of the treated water are given.

Process conditions

Raw

Treated

02 (mg/D) pH Fe (mg/D) As(ug/l) Fe/As | As(ug/D) Asrem (%)
Chemical
Hoogstraten 7.5 7.61 2.2 11.6 190 2.7 77
Merksplas 10 7.48 2.8 6.8 412 1.8 74
Biological
Oud-Turnhout 6 7.14 16.4 45.5 360 0.9 98
Mol 3 6.93 16.7 41.7 400 1.2 97
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BOX 1: Arsenic removal efficiencies in chemical versus biological iron removal systems

Muller et al. (2024) operated two parallel full-scale rapid sand filters at different aeration
intensities to compare chemical and biological iron removal . One filter was operated under
high aeration (>10 mg/L O, pH 7.4), stimulating homogeneous and heterogeneous iron
oxidation (the chemicalfilter). The second filter was operated under low aeration (5 mg/L O,
pH 6.9), conditions that favor biological iron oxidation (the biological filter). They found that
biologicaliron removal caused less clogging. The biological filter could therefore be operated
at twice the filtration velocity of the chemical column and required lower backwash
frequencies, yielding four times more treated water per run.

In their study, arsenic was measured but not evaluated. Figure 2 shows the arsenic removal
profiles in both filters based on samples taken at two different time points (March and
November 2021, see Miiller et al. (2024) for experimental details). Arsenic was removed
approximately twice as fast in the biological filter compared to the chemical filter. In both
systems, effluentarsenic concentrations decreased to below 1 pg/L, as can be expected with
the high iron (26.7 mg/L) concentrations in the groundwater.

As concentrations (pg/L) As concentrations (pg/L)
0 2 4 6 8 2 4 6 8

Raw || Raw

Gas exchange Gas exchange

Supernatant Supernatant
-10 -20
-35 -45
-60 -70
-85 -95
Chemical Fe Ox -120 Biological Fe Ox
135 Profile March -145 Profile March
122 0, 10mg/lL gg 0, 5mglL
210 Flow 5m/h 220 Flow 10m/h
Effluent KAsg 0.0394s™ Effluent

Filter depth (cm)

KAs, 0.0739s"

4 6 8

Raw
Gas exchange Gas exchange

Supernatant Supernatant
-10 -20
-35 -45
-60 -70
-85 -95

-110 Chemical Fe Ox ) Biological Fe Ox
-135 Profile Nov -145 Profile Nov

-160 -1

0, 10mg/L 70 0, 5mg/L
185 Flow 5m/h 195 Flow 10m/h
210 220 ow m

p )
Effluent KAs;y 0.0242s Effluent KAs, 0.0523s”

Filter depth (cm)

[0 As dissolved M As particulate As dissolved m As particulate

Figure 2: Data from Mililler et al. (2024) with permission of the authors 8. Arsenic concentrations along
the depth of the chemical- (blue) and biological (yellow) iron-oxidation filter of the profiles taken in
March (top) and November (bottom). Note; chemical filters operated at twice the flow rate (10 m/h)
as biologicalfilters (5 m/h).
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6.4 Arsenic sludge handling

Throughout this thesis, the focus has been on removing arsenic from groundwater to
produce safe, arsenic-free drinking water. This removal is essential, but it does not
completely eliminate arsenic from the system. Instead, arsenic is transferred from the
water phase to the solid phase through adsorption onto iron (hydr)oxides. During
backwashing of the sand filters, part of this iron ends up in the backwash water, generating
an iron-arsenic rich waste stream. Appropriate management of this stream is required to
avoid secondary environmental contamination.

The handling of arsenic-containing waste streams is a major global challenge. In
decentralized treatment systems such as those studied in Bangladesh (Chapter 1),
backwash water is often discharged directly into the environment (Figure 3), resulting in
uncontrolled arsenic release and substantially higher toxicity risks compared to managed
disposal . Also in large-scale centralized treatment plants, disposal of iron sludge remains
problematic and is one of the highest operating costs '°. At the same time, these waste
streams contain valuable resources, and arsenic has been classified as a critical raw
material by the European Commission since 2024, shifting arsenic removal from
groundwater from a purely treatment necessity towards a potential opportunity for resource
recovery.

Motivated by this recognition, a new research field is emerging focusing on arsenic recovery
from water treatment residuals "®'8. An important, yet unexplored, opportunity lies in the
arsenic accumulated on iron-coated sand grains within filter beds. In systems dominated
by heterogeneous and biological iron removal, a substantial fraction of iron precipitates
onto grain surfaces rather than being washed out as flocs. Consequently, arsenic also
accumulates in the filter coating rather than ending

b 511

up in the diluted backwash water. The study of Wang
et al. (2023) has shown that biological iron removal
beds contain substantially less arsenic in the
backwash waste stream compared to fully aerated
systems, indicating enhanced retention within the
filter bed 7. The rapid growth of the iron coatings in
biological filters requires periodic removal of the top
filter layer, presenting a concentrated and accessible
arsenic source. Targeting arsenic recovery from iron-
coated filter media therefore offers a compelling and
efficient pathway, which should be investigated in
further research.

Figure 3: Backwashing procedure in Kolaroa, Bangladesh.
Arsenic containing iron sludge is directly disposed into

the environment.
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Groundwater is a major source of drinking water worldwide and serves approximately half
the world population . Its use is expected to increase further in the coming decades due to
population growth and rising water demand 2. The deep aquifers used for drinking water
production are typically anaerobic and contain elevated concentrations of reduced iron
(Fe?*). The World Health Organization sets a guideline of 0.3 mg/L for iron in drinking water,
while the concentrations in raw groundwater can be as high as 100 mg/L 3.

Aeration followed by sand filtration has been the standard groundwater treatment method
for centuries. This simple and robust technology is highly effective for the removal of iron, as
well as for other common groundwater constituents such as manganese and ammonium.
Iron is typically the first contaminant to be removed in the process: upon aeration, Fe?"
oxidizes to Fe*" and precipitates as iron (hydr)oxides. Accumulation of iron precipitates delay
the removal of other groundwater contaminants and clogs the filter bed 4, which causes the
need of periodically backwashing the filter bed.

Backwashing disrupts the steady state of the filter bed, creating a dynamic and complex
system 5. Additionally, the treatment process must be temporarily stopped, decreasing the
efficiency. A residual stream is created, referred to as ‘iron sludge’, which is the largest
byproduct of groundwater treatment. Inthe Netherlands alone, the volume is around 100.000
ton per year ©. The related disposal costs is a key driver behind the operational cost of water
treatment ’.

This research deliberately breaks with this centuries-old method. Supported by the NWO
Partnership program ‘Dunea-Vitens: Sand Filtration’ (project 17830) and an NWO Open Mind
grant (project 19541), we explore the novel alternative of retaining iron in its reduced state
and recover it anaerobically as a mineral. No longer considering iron as an inevitable
byproduct but rather treating it as a valuable resource. This fits the growing trend in the
drinking water industry, in which resource recovery and circularity are increasingly
recognized as an important strategy.

The first strategy tested focuses on recovery of iron via vivianite (Fes(PQO,).-8 H,0), an Fe(ll)-
phosphate mineral recognized in wastewater treatment for phosphorus recovery 2.
Chapter 1 addresses:

Chapter 2 extends this concept to concentrate streams — an increasingly relevant residual
stream in drinking water production. As membrane technologies are adopted to remove
emerging contaminants, managing the iron-rich concentrate becomes a challenge. Here we
investigate:

Al



Research Question 2: How effectively can iron be recovered from anaerobic reverse
osmosis (RO) concentrate streams through vivianite precipitation, and what is the

impact of co-removal of divalent cations (Mn**, Mg®*, and Ca®*) on the removal
efficiency and structure of the precipitated vivianite?

While vivianite recovery requires phosphate addition — a critical raw material — alternative
Fe(ll) minerals can offer a phosphate-free removal strategy. Therefore, Chapter 3 explores
anoxic iron sulfide formation as an alternative recover pathway:

Research Question 3: Can anoxic iron sulfides formation serve as an effective alternative
to conventional aeration-filtration methods for iron removal in groundwater treatment,

and what are the advantages compared to conventional iron removal?
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Ironin anaerobic groundwateris commonly removed by oxidation followed by sand filtration.
This produces large volumes of iron(lll)(hydr)oxide sludge with little value. Our research
investigates the novel concept of anaerobic iron(ll) recovery from groundwater as the
valuable mineral vivianite (Fes(PO.). - 8 H,0) by the addition of phosphate to the water. We
found that vivianite precipitated both in synthetic and natural groundwater when the
saturation index (Sl) was higher than 4. The Sl can be increased by elevating the pH, which
allows for iron removal at lower concentrations. Anaerobic iron removal reached 93.7% in
natural groundwater, which increased further to 99.9% after a subsequent aeration step.
Vivianite precipitation followed second order kinetics with a rate constant of 2.3 M's™" and
the sludge volume decreased by two third compared to iron oxidation. We therefore
conclude that anaerobic iron removal is a promising new approach towards sustainable
groundwater treatment.
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The deep aquifers used for the production of drinking water are typically anaerobic and
contain reduced iron (Fe?*). The World Health Organization (WHO) recommends a maximum
iron concentration of 0.3 mg/L in drinking water ', while concentrations in raw groundwater
of 15 mg/L are not exceptional %3, Iron removal is one of the major challenges in drinking
water production from anaerobic groundwater . The conventional method of iron oxidation
followed by granular filtration removes iron from the water, extensively discussed by
Chaturvedi and Dave (2012), Van Beek et al. (2012) and others. This produces large volumes
of watery iron(lll)(hydr)oxide sludge with little value; currently an inescapable by-product of
the groundwater treatment.

Backwashing the filter and disposing the sludge are cost-intensive steps in the production of
potable water 7. In water treatment plants around the globe, 10,000 tons of sludge are
estimated to be produced per day °. The reuse of waterworks sludge has been reported a key
step in increasing the economic and environmental sustainability of the industry "',
Although some reuse opportunities of the currently produced sludge (e.g. as coagulant in
wastewater treatment) are discussed by e.g. Ahmad et al. (2016), they come with several
disadvantages and the pressure to find more sustainable solutions to avoid landfill disposal
increases . The stringent regulations for waste disposal together with an ever-increasing
demand for clean and safe drinking water are the drivers to find a more efficient approach to
handle the iron sludge.

This research proposes a novel concept to remove iron from groundwater: anaerobic
precipitation with phosphate to form the mineral vivianite. Vivianite (Fe;(PO,). - 8 H,O) is an
iron(ll)-phosphate mineral commonly found in reducing environments rich in iron and
phosphate, such as sediments of lakes, swamps, waterlogged soils, wastewater sludge etc.
1314 The colourless mineral turns blue upon gradual oxidation of Fe(ll). Crystal growth can
occur when the mineral saturation state is above the solubility equilibrium value, the
solubility product constant (Ks,) of vivianite is reported to be 1026 'S, Al-Borno and Tomson
(1994) found that the temperature has very little effect on the K, of vivianite.

Iron recovery from groundwater via vivianite crystallisation could create a compact end-
productinstead of the watery and voluminous iron sludge. The removal of iron in the reduced
state contrasts the widely applied method of oxidation. Recently, the value of vivianite
precipitation has been recognized in wastewater treatment to recover phosphate (PO,) from
the water by dosingiron '*'7. The hypothesis of our study was thatiron can be recovered from
groundwater as vivianite when phosphate is dosed anaerobically. Vivianite can form from
Fe2" with either free ' or protonated phosphate '&:

3FeZ++ 2P04_+ 8H20 —>F63(P04)2'8H20 (11)
3 Fe?* + 2 HPO}™ + 8 H,0 — Fe3(P0,), -8 Hy O + 2H* (1.2)
3Fe?*t+ 2H,PO; + 8H,0 > Fe3(P0,),-8H,0 + 4H* (1.3)
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The speciation of phosphate (Figure S.1. in Supplementary Information) depends on pH. At
the pH of typical groundwater (pH 6.5-8.0), protonated phosphate dominates and the
formation of vivianite will release protons. The pH dependent speciation of phosphate and
iron and their total concentrations influence the saturation index (Sl) of vivianite, which
indicates if the mineral is supersaturated with respect to the solution. The expression of the
Slis:

IAP (1.5)

SI =log
sp

With the formula of vivianite Fe3(PO,). ® 8 H,O the ion activity product (IAP) becomes:

2
IAP = (ypez+ - Crez+)® (Ypoz- - Cpoz-) (1.6)
In which vy is the activity coefficient of the corresponding ion in the solution (mol/L).

Studies so far have primarily focused on understanding vivianite formation pathways where
microorganisms play a direct or indirect role, e.g., in sediments ' or wastewater treatment
2021 However, the proposed iron removal strategy for groundwater is strictly abiotic, which
makes the process conditions unique compared to previous research on vivianite formation.
Consequently, known factors to influence vivianite formation such as co-occurring
constituents or solution pH might be different. The main objective of this research was
therefore to investigate abiotic precipitation of vivianite from anaerobic groundwater, with a
particular focus on iron removal efficiencies, kinetics, and sludge volumes. To do so,
experiments were conducted with natural and synthetic groundwater, under strictly
anaerobic conditions. Produced solids were characterized by X-Ray Diffraction (XRD) to
determine presence of vivianite.

The experiments were conducted with two types of water: (i) a synthetic iron solution, where
50 mL of a 0.018 M FeCl; - 4 H,O (Sigma-Aldrich) stock solution was added to 400 mL
demineralised deoxygenated water, flushed with N, (impurity <200 vpm) for at least 45
minutes in advance, and (ii) natural groundwater collected at a groundwater treatment plant
in Loosdrecht, the Netherlands. In synthetic water, the iron removal efficiency was
measured for initial concentrations of 1, 10, 25, 50 and 100 mg Fe/L. In groundwater,
experiments were executed with the background iron concentration (around 3.8 mg Fe/L,
see Table 1). To ensure enough precipitate would form for further analysis, groundwater was
also spiked with FeCl; to reach an elevated concentration of 100 mg Fe/L. To prevent air
contamination of the natural groundwater samples, 1L glass bottles (Schott DURAN®) were
filled with a tube at the bottom and the water volume was replaced ten times before closing
them with bromobutyl rubber stoppers secured with an open topped cap. After
transportation, the bottles were stored in an anaerobic environment. Prior to the experiment,
the natural groundwater was vacuum filtered with a 0.45 um polyethersulfone membrane
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(Pall Supor®) in the anaerobic environment. The average composition and pH of the natural
groundwater are presented in Table 1.

Table 1: Composition of the natural groundwater, n=4. SD = Standard deviation

Parameter Fe P Mn Na Mg Si S Ca pH
Conc. 3.81 0.18 0.12 7.78 216 8.26 3.39 36.18 7.39
(mg/L)

SD 0.14 0.03 0.001 0.11 0.02 0.13 0.60 0.94 -

The phosphate and carbonate stock solutions used were prepared in the anaerobic
environment by dissolving respectively Na;HPO, and Na,CO; to obtain a 0.018 M PO,/CO;
solution, in oxygen free water. All chemicals met or exceeded ACS reagent grade.

Avinyl (PVC) anaerobic chamber (Coy Laboratory Products, USA) filled with a gas mixture of
5% hydrogen and 95% argon gas (impurity <200 vpm) was used for the anaerobic
experiments. The chamber had an airlock and weekly regenerated palladium catalysts to
secure anaerobic conditions. Water vapor was entrapped by silica beads to keep the
humidity < 70% (measured by a hygrometer). All experiments were performed at room
temperature of approximately 21 °C.

The approach of the experiments is presented in Figure 1. A glass reactor with 450 mL of
either the synthetic or natural groundwater was placed on a magnetic stirrer. While stirring
continuously, 50 mL of the phosphate stock solution was added to achieve a 1:1 molar ratio
(phosphate:iron) after which the solutions could react anaerobically. To track reaction
kinetics, water samples were taken during the reaction and when no additional iron removal
was observed, solids were collected for XRD. All water samples were immediately filtered
through a 0.45 pym non-sterile Millex® Syringe filter with Durapore® membrane and acidified
with HCl to bring the pH below 4 to prevent further reaction.

An aeration step was added (Figure 1, right) after the anaerobic reaction, the reactor was
removed from the anaerobic chamber and flushed with compressed air for 10 minutes. After
a 50 min period, the suspension was transferred to a plastic Imhoff cone of 1L. The volume
of the liquid and sludge was measured after one day of settling and solids were collected for
XRD. A set of reference experiment simulated the conventional treatment of oxidation and
filtration, in which no phosphate was dosed for anaerobic iron precipitation. To compare
sludge volumes, a set of experiments was conducted following the same procedure in which
carbonate was anaerobically dosed instead of phosphate.
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Figure 1: Graphical representation of the experimental setup, from anaerobic precipitation in the
anaerobic chamber (left) to aeration and sedimentation under ambient conditions (right). The
radiation icon indicates moments of solid sampling for analysis by XRD.

During the experiments, the pH, oxidation reduction potential (ORP), electrical conductivity
(EC) and temperature were measured with a Multi-parameter electrode (Sension+ 5048 with
MM150 multimeter, HACH) and the dissolved oxygen (DO) concentration with an optical DO
sensor (WTW, FDO® 925). The concentration of DO stayed below 0.05 mg O./L during all
experiments.

Iron concentrations and phosphate concentrations were measured with the standard
phenantroline method (LCK 320 kits, HACH) for iron(ll) and total iron and standard
molybdenum blue method (LCK 348 kits, HACH) respectively. A HACH DR 3900 VIS
spectrophotometer measured the absorbance and automatically calculated
concentrations.

In the experiments in which natural groundwater was used, total iron and phosphorus
concentrations were determined by inductively coupled plasma mass spectrometry (ICP-
MS). The samples for ICP-MS analysis were acidified by adding 65% ultrapure HNO; to 1%
vol.

XRD was applied to characterize the precipitates. The suspension was vacuum filtered with
a 0.45 pm polyethersulfone membrane (Pall Supor®). For the anaerobic samples, the filter
was covered in aluminium foil to prevent photo-oxidation and dried inside the anaerobic
chamber for a day. Afterwards, the filter was covered with a layer of glycerol to minimise
oxidation during XRD analysis open to the atmosphere. A Bruker D8 Advance diffractometer
with Cu-Ka radiation was used for the XRD analysis, with coupled p - 2 scan 10°- 120°, step
size 0.030 °2u, counting time per step 2 s. Bruker software DiffracSuite.Eva vs 5.2 was used
for the data evaluation.

The saturation index of vivianite was calculated using the program Spec8 of the
Geochemist’s Workbench ® (GWB®) model and the standard database. The input was the
measured iron and phosphate concentrations, pH and temperature.
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At initial iron concentrations above 25 mg/L, phosphate addition to the synthetic anaerobic
solution removed iron from the water with a maximum recovery of approximately 79% (Figure
2a). XRD analysis of the generated solid phases showed that only vivianite crystallised in the
samples (Figure 2b). At the lower initial concentration of 10 mg Fe/L, iron recovery remained
below 35%, and for 1 mg Fe/L no iron removal was observed. The pH of the system depended
onthe concentration of iron and phosphate; for 1 mg Fe/L the pH was around 7.7 while it was
6.9 for an initial concentration of 100 mg Fe/L.
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Figure 2 a) Iron removal by vivianite crystallisation at different initial iron concentrations in synthetic
groundwater. Reaction time 60 min, ratio PO, Fe 1:1. Data of duplo experiments given. Because of
measurementerror only one data point for 1 mg Fe/L. b) XRD pattern of the formed crystals (black line)
on the filter at an initial iron concentration of 100 mg/L with the reference pattern of vivianite (blue
bars).

Anaerobic phosphate addition to natural groundwater also resulted in iron removal by
vivianite crystallisation. With the background iron concentration of around 3.8 mg/L, the
anaerobic removal was 16.9%. For the spiked groundwater with an elevated iron
concentration of 100 mg/L, 93.7% of iron was recovered via vivianite crystallisation (Figure
3a). An additional oxidation step after the anaerobic reaction increased iron removal to
98.2% and 99.9% for the background and elevated iron concentrations, respectively. In both
waters the efficiencies were approximately 3.5% higher than in the reference experiment of
oxidation only; the addition of an anaerobic removal step improved the removal efficiencies.
Vivianite was the only solid phase detected by XRD in this experiment, also after oxidation
(Figure 3b). Pictures of the blue precipitate on the filter are presented in Figure 3¢ and 3d.
The mass of anaerobic precipitate formed with the background iron concentration was too
low to detect by XRD.
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It is worth noting that to protect the samples from oxidation during XRD analysis, the
anaerobic precipitates were covered with glycerol (see section 2.3). The background signal
in Figure 2b and in the lower diffractogram of Figure 3b are probably caused by the glycerol.
The glycerol was not added to the aerobic vivianite sample shown in the upper diffractogram
of Figure 3b.

Rouzies and Millet (1993) specified that vivianite alters to metavivianite
(Fe**Fe,**(PQ4)2(OH), - 6H,0) at 50% iron oxidation in vivianite, which can be distinguished via
its altered XRD spectrum 2°. No metavivianite is detected in the solids formed during the
executed experiments of iron removal in groundwater. Itis therefore concluded that the iron
inthe formed crystals were mainly presentinits reduced Fe(ll) form, even when an additional
oxidation step was applied.
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Figure 3 a) Iron removal in the reference (Ref) experiment of iron oxidation and via anaerobic (AN)
vivianite precipitation by phosphate (PO4) addition followed by an oxidation (OX) step in natural
groundwater with the background iron concentration (3.8 mg Fe/L) and in spiked groundwater (100
mg Fe/L). AN and OX reaction time 60 min, ratio PO, :Fe 1:1. Error bars are SD of n=2 b) XRD patterns
of the formed crystals during the anaerobic reaction in spiked natural groundwater to which
phosphate was added (bottom diffractogram) and of the same crystals after the oxidation step (upper
diffractogram) including the reference pattern of vivianite (blue bars). ¢) picture of formed anaerobic
precipitate on filter and d) precipitate after oxidation

In Figure 4, the removal kinetics (black circles) and calculated Sl (blue circles) are depicted
for the experiments with synthetic and natural groundwater containing an elevated initialiron
concentration of 100 mg Fe/L. Iron removal stopped after 10 minutes in the synthetic
solution, while in natural groundwater the removal continued for 60 minutes. A second order
removal rate was found for both the iron removal in synthetic and natural groundwater (black
lines). The rate constants were found to be 2.7 M's™'(95% confidence interval [1.7, 3.6]) and
2.3 M's™? (95% confidence interval [1.9, 2.7]) for synthetic and natural groundwater,
respectively. The half-life of iron when removed via vivianite precipitation in both synthetic
and natural groundwater is approximately 4 minutes for an initial concentration of 100 mg
Fe/L.

Al2



From Figure 4 it is apparent that the vivianite precipitation reaction stopped after reaching
the approximate Sl of 4 (blue dotted line in Figure 4). In the synthetic solution, an Sl <4 is
reached sooner (at minute 10) than in natural water (at minute 60), caused by stronger pH
changes in the system. A pH drop from 6.9 to 5.8 occurred during the experiment with
synthetic water, which was not observed in the natural groundwater due its higher alkalinity
(graph in Supplementary Information, Figure S.2).
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Figure 4: Dissolved iron concentration over time and the corresponding modelled Sl of vivianite in
synthetic (left) and natural groundwater (right) with an initial [Fe] of 100 mg/L. The kinetic relation is
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shown for points with a Sl higher than 4. Kinetic relation synthetic water: pra

relation natural groundwater: % = 2.3 [Fe]? . Error bars are SD of n=2, most [Fe] error bars too

small to see.

The calculated kinetics of both (homogeneous) iron oxidation with oxygen and anaerobic
removal via vivianite formation are plotted in Figure 5. The kinetics of homogeneous iron
oxidation follows first-order removal with respect to Fe?* at constant pH and DO. The rate law
used in Figure 5 was determined by Sung and Morgan (1980) with a rate constantof k=2.1
10"™*M2min™" as published by Schenk and Weber (1968). The rate of iron oxidation strongly
depends on pH, Figure 5 provides the rate at groundwater-relevant pH’s of 6.5, 7.0 and 7.5.
The rate of vivianite precipitation is determined at pH 7, at which the half-life of iron is four
times shorter than in iron oxidation at pH 7. This implies that iron recovery via vivianite
precipitation has the potential to make the groundwater treatment system more efficient.

Al3



100

80 -

60 |

Vivianite formation pH 7
Iron oxidation pH 6.5

Iron oxidation pH 7
Iron Oxidation pH 7.5

Fe(ll) (mg/L)

40 -

20 A

0 5 10 15 20 25 30 35 40 45 50 55 60
Time (min)

Figure 5: Kinetics of iron removal in natural groundwater by vivianite precipitation and by iron
oxidation at pH 6.5, 7.0 and 7.5. Integrated rate law iron oxidation: [Fe(ll)]=[Fe(ll)]e*", k1 = k
[OH Pepos k = 2.1 «10"*M2atm'min™ ?°. Integrated rate law vivianite precipitation: [Fe(ll)]=
1/kt +[Fe(ll)]ok =2.3 M"'s™

The removal kinetics for the experiment with natural groundwater (background iron
concentration of 3.8 mg Fe/L) are shown in Figure 6. As also seen in Figure 4, no additional
removal is obtained when the Sl dropped below the value of 4. The Sl dropped below 4 in the
first minute, while the pH of the system was around 7.7, which was higher than in the two
experiments with elevated iron concentrations (see section 3.3). It demonstrates that both
the pH and the initial iron concentration influence the Sl of Vivianite.

Since the pH was not controlled during the experiments, the relation between Sl and pH was
modelled for different initial iron concentrations (Figure 7) in synthetic water. The boundary
for vivianite crystallisation was found to be at a Sl of 4. For a low iron concentration of 1 mg/L
the model implies that vivianite crystallisation will only occur at a pH of 8.5. The higher iron
removal in natural groundwater compared to the synthetic water can also be explained by
this relationship. The alkalinity of the natural groundwater avoided a strong pH drop during
vivianite formation, maintaining a higher Sl.
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Figure 6: Dissolved iron concentration over time and the corresponding modelled Sl of vivianite in
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Figure 8a shows that anaerobic precipitation of ferrous iron with phosphate reduces the
sludge volume to a third compared to the conventional iron oxidation method. This
considerable reduction was both obtained in the synthetic as in the spiked natural
groundwater solution. The sludge volume formed in the groundwater withoutiron spiked was
too small to measure. As a comparison, anaerobic carbonate addition was also tested,
which increased the sludge volume approx. 6 times compared to the oxidation method. The
difference in appearance and volume of the formed sludge is visible in Figure 8b, which also
illustrates that vivianite settled better than the products of iron oxidation or carbonate
addition.
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Figure 8: a) Volume and b) appearance of sludge produced during iron oxidation (reference) and by
anaerobic addition of phosphate or carbonate followed by oxidation in synthetic and natural
groundwater. AN and OX reaction time 60 minutes, [Fe] initial 100 mg/L, ratio anion:Fe 1:1. Error bars
are SD of n=2.

The anaerobic groundwater conditions were shown to be feasible for abiotic vivianite
crystallisation. The removal efficiencies of iron in the experiments with anaerobic treatment
followed by oxidation were approximately 3.5% higher compared to iron oxidation only. The
kinetics at neutral pH are faster, the half time of iron with anaerobic precipitation is 4 times
shorter compared to iron oxidation. However, this is only applicable to conditions where the
Sl of vivianite crystallisation exceeds 4. This finding is in line with the outcome of Liu et al.
(2018), who determined that the supersaturation level at which efficient crystallisation can
take place is between 4 and 11. With the geochemical model it is shown that the Sl values of
vivianite in the executed experiments were within this range, in which heterogeneous
crystallisation is expected to take place 2.
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In groundwater with low to moderate iron concentrations (<25 mg/L) exceeding Sl 4 might be
particularly challenging. A possible solution to increase the Sl of vivianite is to elevate the
pH, whichis acommon procedure in groundwater treatment. Abase can be dosed alongside
the phosphate orthe pH can beincreased by stripping CO, with avacuum degasser. OH"ions
can however trap the free Fe?*, which makes the iron unavailable for vivianite precipitation
'8, A more attractive method might be to lower the supersaturation demand by the addition
of a seeding material, such as quartz grains ' or sponge iron ?’. Quartzis already a commonly
used seeding material in groundwater treatment, e.g. in (anaerobic) pellet softening %8. The
addition of quartz in an anaerobic reactor before the oxidation step to offer a seeding
material might therefore be a straightforward solution.

An alternative approach to increase the Sl is to concentrate the iron in groundwater prior to
the addition of phosphate. Anaerobic nano filtration and reverse osmosis are becoming
competitive options to the conventional groundwater treatment technologies, since the
quality of the produced water is high, the processes are easy to operate and a small footprint
is required ?°. However, the disposal of the concentrate is an important issue regarding
membrane processes (Van der Bruggen et al., 2003), which is expected to become more
difficult in the future because of stricter European legislation 3'. Anti-scalants containing
phosphate are often dosed during membrane filtration, which can cause eutrophication in
the receiving waterbodies 2. Controlled vivianite formation might be a suitable alternative to
remove both the iron and phosphate in the anaerobic concentrate while the resources are
recovered. The concentration of iron depends on the inlet concentration and the water
recovery, butthe concentrate typically contains 4 to 10 times higher concentrations than the
feedwater 2°, making it suitable for vivianite precipitation.

Although vivianite is known to have a market value, its end use will depend on the grade of
the vivianite obtained *. A knowledge gap in literature can be identified on the properties of
the formed vivianite in (waste) water systems 3. To investigate this will be a logical and
valuable next step, which can give clarity about the value of the recovered vivianite versus
the costs of the phosphate dosage and benefits of compactiron sludge. Recovery of vivianite
from the water can be achieved by conventional granular filtration and periodically
backwashing the filter bed. Vivianite is a paramagnetic mineral, which makes magnetic
separation an alternative recovery option 33,

Important to acknowledge is that phosphate is a limited resource, making recovery of
phosphate a key aspect of the approach. In the conducted experiments, phosphate was
always slightly overdosed (P/Fe ratio of 1 while theoretical ratio is 0.67). In practice, residual
phosphate in the produced drinking water is not desired. Identification of the optimal
phosphate dosage for scaling up is therefore required, which depends on the pH (and SI) of
the groundwater.

An alternative to phosphate dosage might be anaerobic iron precipitation by the addition of
another anion. For example, Fe?* can react with carbonate (log K 10.59 at 25°C) and sulphide
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(log K 3.6 at 25 °C) '8, which can control Fe?* concentrations in anaerobic aquifers 3. We
demonstrated that for anaerobic iron removal carbonate addition is possible, but this
resulted in a significantincrease in sludge volume. The iron-carbonate interaction might also
impact iron recovery via vivianite precipitation in groundwater systems that contain high
inorganic carbon concentrations. However, both Wu et al. (2019) and Liu et al. (2018)
showed that iron precipitation with phosphate favours over carbonate for alkalinity up to
1000 mg/L. For sulphide, competition becomes significant at concentrations of 1.5 mM and
the effect is neglectable up to 0.5 mM '8, Concentrations of sulphide in groundwater are not
common to transcend this value (thermal waters rich in H,S have a concentrations of around
0.5 mM).

The production of vivianite and the corresponding reduction in sludge volume can reduce the
costs of water treatment. The treatment of backwash water is currently a major contributor
to the total cost of drinking water production 8. Additionally, the production of compacter
sludge reduces the transport and processing costs of the sludge. Vivianite also has an
economic value in chemical and agricultural industries; it can be used as a pigment %, in
lithium ion batteries ¢, as a slow P-release fertilizer 3" and to replenish Fe-poor soils 8.

The above discussed advantages and possibilities make iron removal and recovery via
vivianite crystallisation an interesting approach for application in groundwater treatment
plants to increase the environmental and economical sustainability of the industry. The
concept is so far only tested in small batches. Given the promising results, scaling up this
technology will be tested in continuous flow by the addition of an anaerobic reactor prior to
the existing treatment system.

The current research successfully demonstrated the recovery of iron from anaerobic
groundwater via vivianite precipitation. No longer considering iron sludge a waste but rather
a new resource, our study offers a new approach in the drinking water industry. A follow up
question is how the vivianite can be recovered and reused from the stream, which can make
groundwater treatment a more sustainable industry. Our novel technique reduces the
volume of iron sludge produced to a third compared to the conventional technique of iron
oxidation, while reaching similar or higher removal efficiencies. The 4 times shorter halftime
found for anaerobic iron removal at pH 7 can lead to filters with a higher throughput rate and
requires less backwashing. This can contribute to the design of efficient systems, while
gaining economic savings.

The Supplementary Information is available at
https://www.sciencedirect.com/science/article/pii/S0043135422003086
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To meet the increasing drinking water demand, membrane technologies are used to treat
previously unavailable water sources. The waste stream of membrane technologies, called
concentrate, contains concentrated valuable resources and must be treated before
disposal. We studied the recovery of iron from different groundwater matrices and anaerobic
reverse osmosis (RO) concentrates via precipitation of vivianite and the co-removal of other
common groundwater divalent cations Mn?*, Mg?* and Ca?* during vivianite precipitation. The
formed precipitates were characterized using X-Ray Diffraction and Scanning Electron
Microscope. Vivianite precipitation removed a maximum of 89% of Fe?" in raw groundwater
and 52% Fe?* from RO concentrate. Substantial co-removal of Mn?* (max 91%) and limited
co-removal of Mg* (max 7%) were found, without hindering Fe removal efficiencies or
altering morphological changes of the vivianite crystal. In contrast, co-removal of Ca*
occurred at the expense of iron removal, forming amorphous calcium phosphate
precipitates. This study shows the potential of vivianite precipitation for iron recovery across
awide range of groundwater matrices and highlights the need for further research to optimize
this novel method to treat concentrate streams that are challenging to dispose of.

A24



Groundwater in deep anaerobic aquifers is recognized for its excellent quality, making it a
popular source for drinking water. A natural and common contaminant in anaerobic
groundwater is iron (Fe?*). Drinking water can contain a maximum concentration of 0.3 mg
Fe/L. The most common and ancient treatment method for groundwater is aeration followed
by sand filtration. In this process, Fe?* is oxidized to Fe®*, which precipitates immediately as
iron flocs (FEOH:) 2. The flocs are subsequently retained in the filter bed and thereby removed
from the water stream 3. Removal of iron comes with several challenges. The formed flocs
clog the filter bed, requiring frequent backwashing *. The water needed for backwashing and
the temporarily interruption of the treatment process decreases the overall efficiency of the
plant, makingit a cost-intensive step >. Moreover, backwashing generates a substantial waste
stream of iron sludge. In the Netherlands alone, this waste stream accounts for £ 100,000
ton/year®.

As an alternative to oxidation and filtration, Fe?* can be recovered from anaerobic
groundwater via vivianite (Fe;(PQO,).) precipitation ’. This is a novel approach in the industry:
iron is no longer considered a waste but a new resource. The sludge volume can be reduced
to a third, while the halftime for iron removal during vivianite precipitation was four times
lower compared to iron oxidation and filtration. This approach can contribute to the design
of more efficient filters, which results in fewer interruptions and water losses.

For groundwater-relevant iron concentrations (<25 mg/L), the saturation index (SI) for
vivianite requires a relatively high pH ’. Alternatively, elevating the iron concentration prior to
vivianite precipitation also increases the Sl. In reverse osmosis (RO) concentrate streams
increased concentrations of Fe?* are found. Therefore, we study vivianite precipitation to
remove iron from RO concentrate from anaerobic groundwater. Membrane technologies,
such as RO, are highly effective in removing iron, alongside other contaminants that are
increasingly found in groundwater sources due to increasing pressure of human activities
(e.g., pesticides ® and climate variabilities (e.g., salination °). However, membrane
technologies produce a waste stream called ‘concentrate’. Currently, the concentrate is
often discharged on surface waters or in wastewater treatment plants. With the increasing
use of membrane technologies, it is expected that legislation around concentrate disposal
will become stricter °. Additionally, the concentrate stream contains valuable resources .
Iron recovery via vivianite precipitation contributes to the growing implementation of
resource recovery strategies in water treatment.

This research studies if Fe?* can be recovered as vivianite from anaerobic groundwater RO
concentrate streams. The concentrate, however, will also contain elevated levels of other
cations. It is known that the iron in the vivianite crystal can be substituted by several other
divalent cations **3. Especially Mn?* and Mg?* are frequently present in the vivianite lattice in
natural environments 2% and Ca?* can compete with Fe?* for phosphate and inhibit vivianite
growth by covering its surface . The divalent cations Mn?*, Mg?* and Ca?* are common
groundwater constituents. This study therefore also examines how Mn?*, Mg?* and Ca?* are
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removed from groundwater alongside Fe?* during vivianite precipitation. To do so, Fe*
removal via vivianite precipitation was tested in different water matrices containing
groundwater and concentrate relevant concentrations of Mn?*, Mg?* and Ca?". The formed
precipitates were analyzed by X-Ray Diffractions (XRD) and visualized by a Scanning Electron
Microscope (SEM).

Vivianite precipitation was tested in different water matrices and under different conditions.
The composition of these different water matrices are given in Table 1. Experiments on site
were performed at two different drinking water treatment plants of drinking water company
Vitens (Netherlands): locations Witharen and Spannenburg. From now on we refer to these
sites as TP1 and TP2. Experiments were performed using both natural groundwater and
concentrate streams, produced by the anaerobic RO units. At TP1 the natural Fe?
concentration was 8.4 mg/L and the pH 6.8, at TP2 Fe was present at 12.8 mg/L and the pH
was 6.9.

At the third water treatment plant (Hammerflier), referred to as TP3 from now on, the natural
concentration of Fe?* in groundwater was the highest; 24.7 mg/L. The pH of the raw
groundwater of TP3 was 7.1. This treatment plant does not have an RO step and therefore
iron removal is solely tested in groundwater. The experiments with groundwater of TP3 were
not performed on-site, but the water was transported to the lab and experiments were
conducted in an anaerobic environment. The same was done with all experiments with
groundwater obtained from Loosdrecht (TP4). With this water the individual effect of divalent
ions Mn?, Mg?* and Ca? on vivianite precipitation was tested by dosing desired
concentrations of the required ions. This groundwater was chosen because it has relatively
low concentrations of divalent cations, and previous experiments in Goedhart et al. (2022)
have demonstrated that vivianite can indeed precipitate in this matrix '®. The water obtained
from TP4 was taken and handled in accordance with the description in Goedhartet al. (2022).

The recovery of Fe?* through vivianite precipitation was studied in batch experiments at TP1
and TP2. Both anaerobic groundwater and anaerobic concentrate were used in these
experiments. A bottle was filled from the bottom and overflown for 3 minutes before closing
it with an airtight rubber cap, to maintain anaerobic conditions in the bottle. A closed, empty
syringe was introduced as pressure release, such that the base and phosphate solutions
could be added to the completely full bottles. The bottles were placed on a magnetic mixer
plate. A picture of the setup is given in Figure 1. The pH was adjusted by dosing anaerobically
prepared 0.1M NaOH (Sigma Aldrich). Afterwards, phosphate was dosed in a 1:1 molar ratio
to Fe?, using an anaerobically prepared 0.1M Naz;PO, solution (Sigma Aldrich) of pH 8. Two
samples of 5 mL were taken during the experiment: directly after base dosing, and 30 minutes
after phosphate dosing. The samples were immediately filtered over a 0.2 um filter and
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acidified to 1-2% v/v HNO; (Carl Roth ROTIPURAN’Supra 69 %). The pH was measured at the
end of the experiment, by opening the bottle and using a HACH Sension+ MM150 portable
multimeter.

Table 1: Composition of raw groundwater and, if present, RO concentrate streams of Treatment plant
(TP) 1 (Witharen), TP2 (Spannenburg), TP3 (Hammerflier) and TP4 (Loosdrecht).

TP1 TP2 TP3 | TP4
Ra Con Con Ra
w c Raw ¢ Raw | w

Fe mg/l 12.8 62.6 |84 414|247 | 4.3
Mn mg/l 0.5 24 |03 1.6 [ 0.3 |0.2
Ca mg/l 124 609 | 93 461 | 73 38.5
Mg mg/l 10.5 48.0|6.5 30.0 4.3 |22

Con

d. mS/m | 68.5 214 |53.0 182 |[41.1 |23.3

pH pH 6.9 7.3 |6.8 7.3 |71 7.3

HCO 213 155

3 mg/l 437 O 335 6 247 | 120
mg

NH, NHs/l |33 14.8|1.3 6.0 |2.84 (0.3
mg

NO; NOs/l [1.7 3.7 |<0.2 <1.0|<0.2 |<0.2
Na mg/l 18.3 73.0 1229 106 |14.4 |9.0
Cl mg/l 36 171 | 31 143 | 23 15

Water from TP3 and TP4 were transported anaerobically to the laboratory, in which
experiments were performed in an anaerobic chamber (Coy Laboratory Products, USA),
containing a gas mixture of 5% hydrogen and 95% argon gas (impurity <200 vpm). The
chamber had an airlock and weekly regenerated palladium catalysts to secure anaerobic
conditions. Water vapor was entrapped by silica beads to keep the humidity below 70%. The
experiments using the water from TP3 were similar as described in 2.2, but then performed
inthe anaerobic chamberinstead of in the field, obviating the need for the airtight rubber cap.

The interaction of divalentions Mn?*, Mg?* and Ca?* on vivianite precipitation was studied with
water from TP4. Filtered anaerobic groundwater of TP4 was spiked with 2.5 mL of 0.179 M
Fe/L FeCl,-4 H,O (Sigma Aldrich), which makes the total Fe* concentration the sum of the
spiked 1.79 mM (100 mg Fe/L), and the naturally present 0.077 mM of Fe?* (see table 1). This
equals 104.3 mg/L. Additionally, the water was spiked with either Mn?* (MnCl,-4H,0), Mg*
(MgCl,-6H,0) or Ca?" (CaCl,-2H,0) to obtain concentrations as listed in table 2. The
concentrations spiked were chosen based on the concentrations present in natural
groundwater and RO concentrate streams. Note that the background concentrations of Mg?*,
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Mn? and Ca?" in water from TP4 are 2.2, 0.2 and 38.5 mg/L respectively (table 1). The
reactions were initialized by spiking the jar with 4.5 mL 0.1M NasPO,to obtain a 1:1 molar
ratio of Fe:PO,. Samples of 10 mL were taken just before, and 15 minutes after phosphate
dosing. The samples were immediately filtered over a 0.2 ym nanopore filter and acidified
using 1% v/v 65% HNO; upon removal from the anaerobic chamber. The pH was measured
using the HACH Sension+ MM150 multimeter. After the experiment, the water was vacuum
filtered over hydrophilic membrane filters (0.15-0.22 pum). These filters were covered in
aluminum foil and stored in the anaerobic chamber until analysis.

Table 2: Concentrations of Ca**, Mg* and Mn** dosed in the different experiments. Only one of these
three compounds was dosed in each experiment.

Ca?* Mg Mn?*

mg/l mM | mg/l mM | mg/l mM

I 0 0 10 0.4 | 0.5 0.009
(I {100 2.5 |40 1.6 |2 0.04
({200 5 80 3.3 |5 0.09

IV | 400 10
V |600 15
VI | 800 20
VIl | 1000 25

The concentrations of divalent ions and phosphorus in the water samples were measured
using ICP-OES (Optima 8000, PerkinElmer). The samples were diluted beforehand in 3%
HNO; to obtain concentrations in the range of 0.1 — 10 mg/L. A paired t-test was conducted
to evaluate whether the removal percentage of the divalent cations significantly increased
after adding either NaOH or Nas;PO,. A significance level of 0.05 was used to determine
statistical significance.

The precipitates formed were characterized by X-ray diffraction (XRD), using a Bruker D8
Advance with CuKa1 radiation (40 kV, 25 mA). A reference pattern from Morris et al. (1979)
was used to verify the presence of vivianite in different samples . From each experiment of
TP4, at least one of the precipitates was analyzed by scanning electron microscope (SEM)
(Novanano, FEI, Thermo Fischer) equipped with EDAX electron dispersive X-ray spectrometer
(EDX) for chemical elements investigation at an acceleration voltage of 7.00 kV.
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Figure 1: Picture of batch experiments using anaerobic concentrate (4 bottles left) and anaerobic
groundwater (four bottles right) as performed on site TP1 & TP2.

Vivianite precipitation to remove Fe?* was investigated in different groundwater matrices.
Figure 2 shows the Fe?* removal and co-removal of divalent ions Mg?*, Mn?" and Ca?" after
addition of a base and phosphate at TP1, TP2 and TP3. Phosphate addition to anaerobic
groundwater removed Fe? in all water matrices. The highest removal efficiency found was at
TP3, with 89% Fe* removal at pH 9. The initial Fe?* concentration at TP3 was 2-3 times higher
compared to TP2 and TP1. An increase in pH enhanced Fe?" removal, consistent with
previous findings'™. The experiments using TP3 water were performed in an anaerobic
chamber, preventing oxidation of the formed solids. These solids were analyzed by XRD: at
pH 7 and 8 only vivianite was detected, but an amorphous structure was found at pH 9 (Figure
S1). Figure 2a shows that at pH 9, the addition of the base NaOH already resulted in Fe?*
removal up to 53%, which likely precipitated into amorphous structures as detected by XRD.

The removal efficiencies of Mn?* were similar to Fe?*, showing a maximum removal of 87% at
pH 9 at TP3 (Figure 2b). The Mn?" concentrations in the groundwater were, however, 100
times lower compared to Fe?* (table 1). Ca?" was present in higher concentrations and a
maximum removal efficiency of 30% was found at pH 9, corresponding to 23 mg/L removed
(Figure 2c). No significant (p 0.05) removal of Mg?* by phosphate dosing was observed.
Addition of NaOH removed a maximum of 7% of Mg?*, at pH 9.
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Figure 2: Removal efficiencies of A) Fe?*, B) Mn**, C) Ca** & D) Mg* in anaerobic groundwater at
TP1 (circles) TP2 (crosses) TP3 (diamonds) after dosing different amounts of NaOH (blue) and
after dosing Nas(PO4), with Fe/PO, ratio of 1 (orange)

The addition of phosphate resulted in removal of Fe?*, Mn?* and Ca?" in anaerobic concentrate
(Figure 3). No significant (p > 0.05) Mg?* removal was obtained by phosphate addition (Figure
3d), aligning with our observations for groundwater (Figure 2). At elevated pH, higher removal
efficiencies were found for all divalent cations. For Fe?*, a maximum removal of 52% was
found, corresponding to a removal of 19 mg Fe/L. Addition of the base prior to phosphate
removal already removed 15% of Fe. For Mn?*, a maximum removal of 49% was found,
corresponding to 0.65 mg Mn/L. The maximum Ca?' removal was 13%, corresponding to 58
mg Ca/L.

The highest removal efficiencies were found at TP1, since the pH of the concentrate was
raised further compared to TP2. The initial concentrations of the divalent ions in the
concentrates varied, as presented in Table 1. Around pH 7.3, the removal percentages of Fe?",
Mn?" and Ca?" were higher at TP2 (24 mg Fe/L, 0.95 mg Mn/L, 48 mg Ca/L) compared to TP1
(12 mg Fe/L, 0.32 mg Mn/L, 28 mg Cal/lL).
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Figure 3: Removal efficiencies of A) Fe*, B) Mn*, C) Ca* & D) Mg*" in anaerobic groundwater
concentrate after dosing different amounts of NaOH (blue) and after dosing Nas(PO4), with Fe/PO,
ratio of 1 (orange) at TP1 (circles) &TP2 (crosses).

In the on-site experiments using anaerobic groundwater and RO concentrate, co-removal of
Mn?* was observed during vivianite precipitation. The influence of Mn?" on vivianite
precipitation was therefore further studied under controlled lab conditions. Figure 4 shows
the removal of Mn?* during vivianite precipitation at different concentrations, as presented in
Table 2. Inboth Mnland Mn I, 91% of Mn?* and 90% of Fe?* was removed. At Mn lll, the highest
Mn?* concentration tested, 74% Mn?* removal was obtained and 68% of Fe?* (120 mg Fe/L).
Under all investigated manganese concentrations partial Ca®* co-removal was found (4.0-5.5
mg/L), but no significant Mg* removal was observed.
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The removal of Ca?* during vivianite precipitation was tested under seven different conditions
(Figure 5). The average removal percentage was 10% and the maximum absolute removal
was found at Ca VI (61.5 mg Ca/L). Note that although the removal efficiencies were lower
compared to Mn?, the absolute concentrations removed were much higher, because the
concentration of Ca?" present in concentrate streams is around 250x higher compared to
Mn?*. The removal of Fe?* decreased at increasing Ca?* concentrations, while the phosphate
removal was unaffected. The dilution needed to measure Ca?* lowered the concentration of
Mg?* and Mn?" below detection limit of the ICP-MS and are thus notincluded in these results.

Figure 6 shows the removal of magnesium during vivianite precipitation at different
magnesium concentrations. The experiments Mg | and Mg Il, containing 10 and 40 mg Mg/L,
showed no significant removal of Mg?*, while 88% and 77% of Fe?* were removed respectively.
A significant (p > 0.05) decrease of 7.2% was only found for the highest tested Mg*
concentration of 80 mg Mg/L at which 84% of iron was removed. Partial Ca?* co-removal was
found (4.0-5.5 mg/L), which aligned with the removal found in the Mn?* experiments.
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Figure 7 shows SEM-EDS photos of vivianite formed in the experiments Mn Il and Mg lll. The
typical sheet-shape flowers of vivianite were observed in both environments. The addition of
Mn?* or Mg?* did not lead to observable morphological changes. The XRD pattern of the
precipitates formed in the presence of Mn?* or Mg?* all showed vivianite (Figure S2). However,
the presence of magnesium phosphate hydrate (Mgs;(PQO.)2(H.0)s) is difficult to exclude,
because the main peaks appear at similar 2theta values. The XRD pattern of Mg lll shows that
amorphous structures were present in the sample alongside vivianite. An element map was
made for the precipitated solids at Mn Illl and Mg |, which shows that the elements Fe, P and
O were evenly distrubuted (Figure S3). Mg? and Mn?* were not detected, because of the low

concentration precipitated compared to Fe? and P.

Figure 7: Scanning electron microscopy images of A) pure vivianite obtained from Joélle Kubeneck et
al., (2023) '8, B) experiment Mn 111 0 and C) experiment Mg Il

The XRD pattern of the precipitates formed in experiments Ca ll, Ca lll, Ca IV and Ca VIl all
show the presence of vivianite (Figure 8). At higher Ca?* concentrations, the peaks were
broadened, meaning that amorphous structures were present alongside the crystalline
vivianite. Calcium-phosphate precipitates have likely precipitated; Figure 5 shows that
phosphate removal was independent of the Ca?* concentration present, while Fe?* removal
decreased at higher Ca?* concentrations. Calcium outcompeted Fe? for precipitation with
phosphate. The presence of Fe?*, P, O and Ca? were evenly distributed over the precipitated
solid (Fig S3); no seperate clusters of Ca-P and Fe-P were found.
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Iron recovery via vivianite precipitation was not found to be limited by the co-occurrence of
divalent cations Mg or Mn?* in concentrations relevant to groundwater concentrates.
Vivianite precipitation additionally removed Mn% up to 91%, while similar Fe?* removal
efficiencies were maintained. Removal of Mg?* at 10 or 40 mg Mg/L was not significant
(p>0.05) and only 7% was removed at an initial Mg concentration of 80 mg/L. Again, this Mg
removal did not hinder the removal of Fe?*. Note that this 7% Mg? removal corresponds to
approx. 5.5 mg/L, which is higher than the total concentration of Mn?* added in the Mn-
experiments. In groundwater and many other aqueous environments, Mg? concentrations
are generally higher than Mn?%. Despite the higher concentrations of Mg* present, Mn*
substitution in vivianite was more successful in groundwater and concentrate. This aligns
with findings in literature, where favorable Mn?* substitution even at large Mg/Mn ratio is also
reported 141920,

Substitution of Mn?* in the vivianite crystal can result in pits and rosettes of a smaller size,
and substitution by Mg?* can lead to more platy globular structures and thicker crystals . In
our study, no structural changes of vivianite were identified in presence of Mn?* or Mg?* (Figure
7). The highest Mn/Fe ratio tested was 0.05, which is a 150 times lower ratio compared to the
study of Joélle Kubeneck et al., (2023)'®. The concentrations relevant to groundwater or RO
concentrate are probably too low to cause detectable morphological effects by the
substitution of Mn?* or Mg?".

Recovery of vivianite from the water stream can be achieved by magnetic separation 2*. For
application purposes, it should be taken into account that impurities like manganese and
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magnesium can decrease the extraction efficiency of iron and phosphate from the recovered
vivianite %2

While Mn?* and Mg?* did not disturb Fe?* removal during vivianite precipitation, the presence
of Ca?* did lower the Fe?* removal efficiency. However, the concentrations of phosphate
precipitated remained unaffected by the addition of Ca?". This indicates that Fe* and Ca?*
compete for phosphate, and Ca?" competes with Fe?* in the vivianite crystallization process,
thereby decreasing the purity of vivianite **. At increasing Ca?* concentrations, the Fe/P ratio
removed became significantly (p < 0.05) lower, as previously reported 2. In our study, at 1000
mg/L Ca?, the Fe/PQO, ratio dropped from the theoretical molar ratio of 1.5to 0.5. This ratio is
much lower compared to the Fe/PO, ratio of 1.24 (at 1280 mg Ca?* /L) as found by Chen et al.
(2022) 2%. Two mechanisms can be responsible for the inhibition of Fe?* removal when Ca?* is
present: i) Ca? replaces Fe?"in the vivianite crystal and/orii) Ca?* precipitates with phosphate
to form another mineral, most likely hydroxyapatite Ca5(P04);(HAP) or tricalcium phosphate
Cas(POy)2. Figure 9 shows the fractions of Fe, Ca and P removed in the experiments at
different Ca concentrations and the theoretical ratios of HAP, vivianite and tricalcium
phosphate. The ratio PO4/(Fe+PQ,) in vivianite and tricalcium phosphate is 0.4 and the ratio
PO./(Ca+P0Q,) in HAP is 0.375. These nearly identical ratios make it difficult to distinguish
which precipitate formed. Figure 9 shows that at different Ca?* concentrations the ratios were
indeed always around these values.
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Figure 9: Molar fraction of removed Fe, Ca, Mg and P in experiments Ca | — Ca VII. The theoretical
fraction of Phosphate in Vivianite, Tricalcium phosphate (TCP) and Hydroxyapatite HAP are also given.

XRD analysis showed the characteristic peaks of vivianite at all the different Ca?
concentration measured (Figure 8), while Cao et al. (2023) lost the vivianite signal at 100 mg
Cal/L and similar Fe?* concentration . At higher Ca?* concentrations we did see a decrease
of intensity of the main peaks and a broadened pattern, which indicates the presence of
amorphous structures. Cao et al. (2023) showed that this decrease in crystallinity is caused
by the formation of Cas(PO,), covering the surface of the vivianite crystals, which eventually
inhibits vivianite crystallization. They report that inhibition starts from 50 mg/L, while we
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detected crystalline vivianite even at concentration of 1000 mg/L of Ca?". Figure S3 shows
that Ca?* and Fe?* are evenly distributed, suggesting that indeed Ca-PQ, particles cover the
vivianite surface. In practice, a pre-treatment step removing Ca?* should be considered in
order to achieve effective iron recovery via vivianite precipitation from RO concentrates. This

will also result in better extraction efficiencies to eventually recover the iron and phosphate
22

This study shows evidence that vivianite can effectively precipitate across a wide range of
groundwater matrices. Iron recovery via vivianite precipitation is a novel solution to manage
streams such as membrane concentrate, that are currently difficult to treat due to high levels
of iron and calcium. Our results indicate that divalent ions manganese and calcium are co-
removed during the process, while magnesium removal was limited to only 7% removal at
high concentrations (80 mg Mg/L). The presence of manganese and magnesium did not
hinder the iron recovery or alter the crystalline structure of vivianite formed. The co-removal
of calcium during vivianite precipitation occurred at the expense of iron removal, with the
formation of amorphous calcium phosphate precipitates. Further investigation is required to
determine if the divalent ions are incorporated into the vivianite structure itself, or if other
precipitates form. This study underscores the potential of vivianite precipitation as a method
for treating anaerobic concentrate streams and highlights the need for further research to
optimize this novel treatment process.

The Supplementary Information is available at
https://www.sciencedirect.com/science/article/pii/S0043135425010097
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Groundwater is one of the major sources for drinking water supply worldwide. Conventional
iron removal via aeration-filtration produces about 72,802 tonnes of iron sludge annually in
the Netherlands alone. Iron sludge comprises low-density flocs of little to no commercial
value. The current study explored a novel concept for iron removal, hamely anoxic iron
sulfides formation in a fixed bed continuous flow reactor. Iron sulfides usually form dense
structures and offer a wider range of re-use applications. A packed bed up-flow column
reactor filled with pyrite granules was fed iron and sulfide containing solutions. Produced
solids were analyzed applying X-ray diffraction analysis, Raman spectroscopy, digital
microscopy, scanning electron microscopy and energy dispersive X-ray spectroscopy. Rapid
iron sulfides formation was observed after <10 minutes. The formed minerals were partially
retained by the pyrite granules. The molar ratio of removed Fe(ll) to removed S(-1l) equaled
upto 0.76 £0.16 mol Fe(ll)rem/(mol S(-Il)rem). Our results show thatiron sulfides formation can
present an interesting alternative to iron removal via aeration-filtration due to its compact
particle sizes and fast formation rates.
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Groundwater is one of the major sources of drinking water supply worldwide. One common
groundwater constituent which needs to be removed is iron. Iron concentrations in
groundwater can range from 0 to >50 mg/L. The limit set by the World Health Organization
for drinking water is 0.3 mg/L ', because elevated iron concentrations cause taste and
staining issues and clogging of pipes. Conventionally, iron is removed via aeration followed
by rapid sand filters. During this process Fe(ll) is oxidized to Fe(lll), which precipitates as
Fe(OH)s. Precipitated Fe(OH); is subsequently retained by the rapid sand filter 2.

The conventional method produces strong water binding and bulky iron flocs. The formation
of vast amounts of iron sludge leads to frequent energy intensive backwashing of the filters,
and high energy use for the transport of iron sludge. Other disadvantages of conventional
aeration-filtration are the water consumption required for backwashing and the temporary
interruption of the filter operation. About 72,802 tonnes of iron sludge are produced annually
in the Netherlands alone 3. Iron sludge is typically of little to no commercial value and only
has a few applications “.

Precipitating Fe(ll) anoxically before aeration has the potential to form a product that is
denser than the iron sludge currently obtained, as previously demonstrated for the
phosphate mineral vivianite °. The formation of valueless iron sludge and filter backwash
frequencies could be reduced, and the overall amount of backwash water to be treated
decreased. Sulfide might be an interesting alternative precipitant. Sulfide (S(-Il)) is a
groundwater-native compound known to readily precipitate Fe(ll) forming a wide range of
compact iron sulfides °. Additionally, sulfide as H,S can participate in redox reactions, with
protons acting as the oxidant reduced to H,, and sulfide serving as the reductant ’. One
commonly found iron sulfide is pyrite (FeS,), a dense crystal often formed in anoxic
sediments 8. Other prominent iron sulfides are greigite (FesSs), mackinawite (FeS.) and
marcasite (FeS,) the polymorph of pyrite. FeSn, is usually the first precipitate to formin anoxic
iron sulfide experiments at ambient temperatures °.

Previous investigations into the formation of iron sulfides, such as pyrite, typically aimed to
understand the fundamental formation pathways in natural systems such as marine
sediments &, to study iron sulfide scale formations in engineered systems '®"", or to produce
pyrite at high temperatures for technical applications '. To our knowledge, this study is the
first to explore the concept of S(-1l) dosing for iron removal using (i) a fixed bed continuous
flow reactor, (ii) a hydraulic retention time comparable to drinking water treatment plant
filters (19 min), and (iii) S(-1l) dosing via a dissolved sulfide containing solution. There has
been one previous study that explored S(-lIl) dosing by H,S purging for six hours in
groundwater batches, achieving iron removal efficiencies of 75 — 83 % 3. In addition, iron
sulfides are increasingly studied for their potential use in water treatment '*2°.This indicates
that iron removal through formation of iron sulfides may be a promising alternative to
conventional oxic removal, offering multiple benefits - not only removing iron but also

potentially targeting other contaminants.
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Figure 1 shows a schematic overview of the lab-scale up-flow column reactor. The column
reactor was filled with granular pyrite and fed with a sulfide and an Fe(ll) containing solution
which mixed just before entering the reactor. In- and effluent samples were analyzed foriron,
sulfide and pH. Electrical conductivity was measured inline.

Inflatable aluminum-laminate bags (3 & 10L, Unibrew Nederland, Netherlands) were used
for storing the influent media and collecting the effluent. One in- and effluent bag was
operated at atime. The second bag allowed for uninterrupted operation of the reactor during
replacement. The aluminum laminate provides an oxygen barrier to keep the liquid anoxic
and deflates and inflates as liquid enters or leaves, respectively. A glass cylinder (117 mL) of
40.0 cm length with a diameter of 1.9 cm was selected as reactor. It has a stainless-steel
mesh at the inlet and outlet. The reactor was operated in up-flow mode. Peristaltic pumps
(120U, Watson-Marlow Fluid Technology Solutions, UK) were used to feed the system and
Watson Marlow Marprene tubing was used for the pumps (902.0016.016, Watson Marlow,
UK). All remaining tubing were made of polyurethane (PUN-H-6X1-SW, Festo, Germany).
Experiments were performed in a fume hood.

The reactor was filled with granular pyrite (Mineraliengrosshandel Hausen GmbH, Austria)
sieved for a diameter range of 1.4 to 2.8 mm. Additionally, two polished cubic pyrite granules
(MIKON GmbH, Germany) were added for scanning electron microscopy analysis %. Pyrite
was added since it is known to catalyze the formation of new pyrite crystals '"?°, can provide
a surface area for pyrite crystal growth and, while other iron sulfides may also have catalytic
effects, pyrite is the most stable iron sulfide mineral. The pyrite was thoroughly dried and
rinsed using 0.5 M HCl and deionized water.
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Figure 1: Scheme of the lab-scale packed bed up-flow column reactor for iron sulfide formation. The
Rectangle labelled “EC & T” represents an electrical conductivity (EC) and temperature (T) probe. In-
and effluent sampling ports are indicated with “IN” and “EFF”, respectively.

Mohr’s salt ((NH4)2Fe(S04)2-6H20) was used as Fe(ll) source, as it is reported, that Fe(ll)
from this salt is more resistant to oxidation compared to other Fe(ll) salts . Na2S-9H20 was
utilized as sulfide source . There is little chemical difference between utilizing Na2S, NaHS
or H2S+ NaOH, with respect to iron sulfide formation studies . Sodium sulfite was utilized
as oxygen scavenger (79 mg/L) and NaHCOS3 was dosed as a pH buffer (235 mg/L). The pH
was adjustedto 6.1 = 0.1 using HCl (Honeywell, USA). Applied chemicals were of ACS Grade
or higher and if not stated differently, purchased from Merck Sigma (Germany). All media
were sparged using N2-gas until an oxygen concentration of <0.02 mg O2/L was reached.
Subsequently, solutions were prepared in a vinyl (PVC) anoxic chamber (Coy Laboratory
Products, USA). The anoxic chamber was filled with a gas mixture of 5% hydrogen and 95%
argon gas (impurity <200 vpm). Anoxic conditions in the chamber were secured, by an
airlock, weekly regenerated palladium catalysts and continuous O, measurements. The
humidity was kept <70% using silica beads (confirmed by hygrometer measurements).
Experiments were performed at room temperature of approximately 21°C.

For the experiment the reactor was fed Fe(ll) and sulfide containing solutions that mixed just
before entering the reactor. Two S(-1l) dosing ratios were investigated, henceforth referred to
as the low and high dosing ratio. These two ratios were used to derive a relationship between
dosed sulfide concentrations and respective iron removals. After dosing the high sulfide
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concentrations, the dose was decreased again to validate the relation between sulfide dose
and iron removal. The low sulfide dosing ratio equaled 0.4 = 0.1 mmol S(-1l)/mmol Fe(ll). The
high dosing ratio equaled 1.1 = 0.4 mmol S(-Il)/mmol Fe(ll). The incoming iron concentration
was constant at 19.8 £ 1.8 mg Fe(ll)/L, representing a typical level found in groundwater.

Phreeqc calculations indicate the principle feasibility of iron sulfide formation at the
experimental conditions '°. The calculated saturation indices were 2.1 and 17.3 for FeS., and
pyrite at the low dosing ratio and 2.2 and 17.5 for FeS,, and pyrite at the high dosing ratio,
respectively.

Prior to starting the experiments, anoxic conditions were confirmed by dissolved oxygen
measurements. The reactor inflow was adjusted to 185 mL/h leading to an average hydraulic
retention time (HRT) of 19 minutes. The HRT was chosen to reflect typical values in drinking
water treatment plant filters and because iron sulfide precipitation at the investigated
concentrations typically completes within minutes 6. The porosity used for calculating the
HRT was 0.49 (57 £ 1 mL) and was estimated using a salt tracer and physical considerations
(see SI1).

Priorto use, sampling syringes were flushed using N, gas. Media was drained for two minutes
through the sampling port before connecting the syringe to ensure anoxic conditions. The
iron concentration was quantified using Hach method LCK 320 & LCK321 (Hach Lange
GmbH, Germany). The pH was estimated using a sulfide resistant probe (InPro
3250i/SG/225, Mettler Toledo, Switzerland). An optical IDS sensor (FDO® 925, Xylem
Analytics, USA) was used for dissolved oxygen measurements and the electrical
conductivity was measured using a TetraCon® 925 (Xylem Analytics, USA).

S(-1l) concentrations were determined using the methylene blue method applying Hach tests
LCK653. S(-Il) samples were analyzed immediately. However, a few sulfide samples were
conserved by immediate addition of zinc acetate and NaOH for later analysis '°. They were
stored in the fridge prior to analysis. Conservation stabilizes the samples for at least seven
days . Successful conservation was confirmed by own measurements. If not otherwise
specified, all uncertainty ranges indicate the standard deviation.

Two kinds of solids were analyzed, namely, suspended solids in the effluent and the pyrite
granules. Effluent suspended solids were analyzed applying X-ray diffraction (XRD), and
Raman Spectroscopy. Pyrite granules were analyzed using a digital microscope, scanning
electron microscope (SEM) and SEM-energy-dispersive X-ray spectroscopy (EDX).

Collection

The effluent was collected in the aluminum laminate bags. The bags were first flushed using
N, gas and then evacuated before being connected to the system to ensure that the
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collected effluent remained free from oxygen. Subsequently, the effluent was filtered to
collect any formed solids on a filter paper disc. A Nalgene™ Reusable Filter Unit (Thermo
Fisher Scientific Inc., USA) with three openings ontop was used. After placingthe 0.Tum filter
paper discs (Cyclopore Track Etched Membrane, Whatman, USA) the headspace was
flushed using N, gas for five minutes. The effluent bag was directly connected to the top part
of the filter unit and the media was slowly added to the filter unit. The headspace of the filter
unit was flushed using N gas throughout the filtration process to keep the media anoxic.
After filtration, the filter papers discs were immediately moved to the anoxic chamber where
they were dried prior to analysis.

XRD

X-ray diffraction analysis was performed using a D8 Advance Eco (Bruker Corporation, USA)
to identify any formed crystallographic structure that flushed out from the up-flow column
reactor. Analysis was performed on the solids retained on the filter paper discs. XRD patterns
were collected in the range of 5-90° 20 using the following settings: 0.6mm receiving slit,
0.1s/0.0103° 26 counting time.

Raman Spectroscopy

Raman spectroscopy was carried out using a Renishaw Invia Reflex (Renishaw, UK). Solids
retained on the filter paper disc were analyzed under the following settings: 515 nm, 1% | of
50 mW, 20 acc, dwelltime 2 s, center range 1050 cm™.

Digital microscope

A digital microscope (VHX-500, Keyence Corporation, Japan) was used to take pictures of
the pyrite granules before and after the experiments. Pyrite granules were dried in an anoxic
chamber containing silica desiccants.

SEM-EDX

Scanning electron microscopy and energy dispersive X-Ray spectroscopy were performed
on two polished cubic pyrite granules to investigate whether any crystal growth, mineral
depositing or surface transformation had occurred. The polished pyrite cubes were analyzed
before and after the experiments. We used a NovaNano SEM (FEI, USA).

Before the experiments pyrite granules were immersed in 0.4 M HCL for ten minutes followed
by polishing using a wool felt and subsequent cleaning with deionized (DI) water. After the
experiments pyrite granules were taken from the reactor after draining the remaining anoxic
water by flushing the column using N,-gas. The column was then sealed and moved to the
anoxic chamber to withdraw the polished cubic pyrite granules.

One face of each cubic pyrite crystal was analyzed. Half of the analyzed face was gently
cleaned using acosmetic tissue followed by rinsing with DI water. Afterwards the cubes were
immediately freeze dried and Au-coated prior to analysis.
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A packed bed up-flow column reactor filled with pyrite granules was operated for the
treatment of anoxic Fe(ll) containing water (Figure 2). The average iron influent concentration
equaled 19.8 = 1.8 mg Fe(ll)/L and the average influent sulfide concentration was 5.3 + 1.6
mg S(-Il)/Land 11.3 £ 2.5 mg S(-IlI)/L for the low and high dosing ratio, respectively. During the
low dosing ratio, the effluent Fe(ll) concentration was relatively high, 18.4 = 0.5 mg Fe(ll)/L
(pore volume 0-240 and 900 onwards), removing an average of 2.4 = 0.4 mg Fe(ll)/L from the
water. Increasing the sulfide dose led to a 4-fold increase in Fe(ll) removal, reaching an
average of 9.9 £ 1.5 mg Fe(ll)/L in the effluent (between 500 and 730 pore volumes). The
average effluent sulfide concentration equaled 1.2 + 0.5 mg S(-1l)/L and 4.6 £ 1.6 mg S(-1l)/L
for the low and high sulfide dosing, respectively. Effluent sulfide includes FeS bound sulfide;
the methodology does not make it possible to distinguish free and bound sulfides. Thus, it
remains unclear whether the dosed sulfide had entirely reacted with the iron in the column.
A comparison between filtered (0.22um nanopore filter) and unfiltered effluent samples
indicated 55% lower sulfide concentrations for the filtered samples. Notably, part of the
sulfide oxidized in the influent bag before entering the reactor.

The pH for the low Fe/S dosing ratio was 6.1 = 0.1 for the in- and effluent. The pH for the high
Fe/S dosing ratio was 6.0 and 5.9, for the in- and effluent respectively. The effluent electrical
conductivity was 682 = 19 uS/cm and 723 * 49 uS/cm, for the low and high dosing ratio
respectively.
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Figure 2: Iron (A) and sulfide (B) concentrations in the influent (closed circles) and effluent (open
circles) in the up-flow packed bed reactor. Experiments were conducted at a low (0-240 and 900-960
pore volumes) and high (500 — 730 pore volumes) sulfide concentration in the influent. HRT = 19min.

The ratio of removed Fe(ll) over removed sulfide for the low and high dosing ratio is given in
Figure 3. Higher levels of removed Fe(ll) per removed sulfide were observed for the high
dosing ratio. The removed Fe(ll) and sulfide concentrations were calculated for each time
point by subtracting the respective effluent from the influent concentration. The absolute
standard deviation was approximately 0.15 for both dosing ratios. The dashed lines indicate
the theoretical molar Fe:S ratios for iron sulfide minerals pyrite (0.5) and mackinawite (1.0).
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Figure 3: Molar ratios of removed Fe(ll) to removed sulfide. Error bars indicate the standard deviation.
For reference, dashed lines are added indicating molar ratios of Fe:S for mackinawite (FeS,,) and
pyrite (FeS.).

A4.3.3 Deposits on pyrite granules

Figure 4 shows digital microscopy pictures of pristine and recovered pyrite granules after
reactor operation. Clear black deposits can be seen on the pyrite granule recovered after the
experiment (Figure 4 B) compared to the pristine one (Figure 4 A). The formed deposits could
easily be wiped off from the pyrite granule, which is illustrated in Figure 4 (C). Following a
gentle cleaning, the shiny area marked with the red frame regained its pre-experiment

appearance.

Figure 4: Digital microscope images of pyrite granules. Pristine pyrite granule (A). Pyrite granule
recovered at the end of reactor operation (B). Polished pyrite cube recovered at the end of reactor
operation; a part of the surface was gently wiped off using a cosmetic tissue and rinsed with anoxic
DI-water (red framed area) (C).
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To examine potential occurrences of crystal growth, mineral deposition, and surface
transformation, and to determine the elemental composition of the surface SEM and SEM-
EDX analyses were performed. Figure 5 shows the polished pyrite surface before and after
the experiment. SEM-EDX analysis revealed the presence of sulfur and iron minerals on the
pyrite cubes. No evidence of pyrite crystal growth was found. The white leaf-like shape in the
center of Figure 5-B is most likely an irregularity of the crystal itself, rather than a structure
which formed during the experiments.

The average ratio of Fe:S detected at the pyrite surface equaled 1.0:4.5 £ 0.6 (n=4) and was
estimated using SEM-EDX.
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Figure 5: SEM images of polished pyrite surface before the experiment (A). Images after the
experiment of gently wiped and rinsed surface (B) and solely rinsed surface (C). D shows an
amplification of C.
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Both influent and effluent visually contained black suspended solids (Figure 6). Raman
spectroscopy indicated the presence of rhombic sulfur (Figure 7 A and B) and pyrite (Figure
7 C) in the effluent filter residues collected during the high sulfide dosing . Note that most
analyzed samples did not result in any identifiable Raman spectra. No samples delivered an
interpretable Raman spectrum for the lower sulfide dose. XRD analysis could notidentify any
crystalline structures on the anoxic filter residues. Oxidized filter samples indicated the
presence of the iron oxyhydroxide lepidocrocite.

Figure 6: Syringe filled with an influent sample taken during the high sulfide dosing.
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Figure 7: Raman pattern of effluent suspended solids. A-C were retrieved from solids retained during
the high sulfide dose. A and B show peaks at 152, 218 and 472 cm™ indicating the presence of
rhombic sulfur. C shows peaks at 342 and 378 cm™ indicating the presence of pyrite.

The current investigation successfully demonstrated iron removal via sulfide dosing. One
possible mechanism for iron removal was the formation of mackinawite. FeS,, forms from
the reaction of HS", H,S and polysulfides with Fe(ll), becomes visible in solutions as black
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discoloration and usually is nanocrystalline ?'. In this study, the sampled influent clearly
showed a black discoloration (Figure 6).

Applying the rate equation for FeS, formation to the investigated conditions of about 19.8
mg Fe(ll)/L and 11.3 mg S(-Il)/L yields in initial formation rates that suggest a depletion of
reactants in approximately 6.6 minutes 8. This is a third of the applied HRT and matched well
with the observation that most of the black precipitates retained in the bottom half of the up-
flow-column reactor.

Several studies observed mackinawite formation under similar conditions. It is generally
mentioned as the first precipitate to form in anoxic iron sulfide formation experiments at
ambient temperatures 2°. Especially, in studies towards pyrite formation it has been
observed ¢ due toits rapid formation kinetics and low solubility ?2. In the current investigation
the SEM image in Figure 5 D shows similarities to images of mackinawite . Additionally,
lepidocrocite, an oxidation product of FeS, %4, was identified.

Mackinawite is difficult to detect applying XRD and Raman analysis. Firstly, the
nanocrystalline FeS,, is sensitive to oxidation®2?>2¢, Even though handled carefully, it cannot
be excluded that FeS,, oxidized before analysis. Secondly, the nanocrystalline size is too
small to be detected by XRD &. XRD therefore indicates it is an amorphous state, although it
is not ?/. Future investigation could utilize Mdssbauer spectroscopy. Mdssbauer
spectroscopy seems to overcome the issue of nano crystallinity, since it does not require
long-range ordering of the crystal structure 2°. The clear black discoloration of the influent
samples and comparison to similar studies suggest that mackinawite was the main iron
sulfide formed in this investigation. The molar ratios of removed Fe(ll) to S(-1l) do not equal
the mackinawite ratio (1:1) (Figure 3), suggesting that other reactions took place leading to
the removed Fe(ll) to S(-II) ratios.

Minor amounts of pyrite were detected in the suspended solids in the effluent. There are
three mechanisms that can explain pyrite formation in this investigation. These can be
categorized in nucleation and crystal growth 8. Nucleation can occur via the polysulfide 828
30 and H,S pathway &2831:32  crystal growth via the congruent dissolution reaction 8. All these
pathways are thermodynamically favorable at investigated conditions .

In this study, pyrite formed most likely via the H,S-paythway. H,S and Fe(ll) were presentin
sufficient concentrations for the Sl to exceed 11 and pyrite granules were present to catalyze
the reaction 8. Pyrite formation via the polysulfide pathway is unlikely, because polysulfides
only make up a minor fraction at the investigated pH of 6.0 = 0.2 3. Also, the polysulfide
pathway is about two magnitudes slower than the H,S-pathway 28. Lastly, crystal growth
likely did not occur, since FeS,, would form more rapidly than pyrite under the studied
experimental conditions 8. Thus, FeS,, would have depleted the reactants for crystal growth.

Itis assumed that rhombic sulfur accounts for the relatively low Fe:S ratio of 1.0:4.5 + 0.6 on
the pyrite cubes surface, measured by SEM-EDX. Therefore, also leading to the relatively low
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Fe(Il)em:S(-Il)em ratios (Figure 3). Note that, a ratio of 1:1 would be expected if pyrite formation
does not occur and S(-1l) would only be consumed by FeS,,formation. Rhombic sulfur likely
formed through the oxidation of sulfide by oxygen since millimolar sulfide solutions are
sensitive to oxidation 8. Part of the sulfide appears to have oxidized to rhombic sulfur prior to
entering the reactor. Moreover, Fe(lll) impurities could have caused S(-1l) oxidation '® and the
dosed sulfite could have oxidized part of the S(-1l) leading to rhombic sulfur formation 3. To
provide direct evidence of rhombic sulfur on the pyrite granules, a follow-up study could
employ X-ray photoelectron spectroscopy (XPS) or sulfur isotope analysis.

Impurities of Fe(lll) and the dosed sulfite likely also contributed to the differences in removed
Fe(ll) to removed S(-1l) ratios shown in Figure 3. For the low and high sulfide dosing the ratios
were 0.33 = 0.14 and 0.76 = 0.16 Fe(ll)rem:S(-1l)rem, respectively. Assuming the offset from
impurities is consistent across both conditions and that FeS,, is the primary iron sulfide
formed, this suggests that a greater fraction of sulfide at the low dosing level reacts with
sulfite and Fe(lll), leaving less available for Fe(ll) removal. As a result, the removed Fe(ll) to
removed S(-ll) ratio is lower at the lower sulfide dose. Note that the removed Fe(ll) to
removed S(-1l) ratios in Figure 3 do not directly represent the stoichiometry of formed solids.
This is due to the consumption of sulfide by Fe(lll) impurities and sulfite and because some
solids might have flushed out. Moreover, the applied analytical method did not allow
differentiation between bound and free sulfides in the effluent.

The pyrite granules led to the retention of iron sulfides in the reactor. This retention likely
occurred through two mechanisms: (i) filtration, where particulate iron sulfide aggregated
and got trapped based on size, and (ii) electrostatic interactions. The mechanism of
electrostatic interaction is illustrated by comparing the point of zero charges (PZC) for the
iron sulfide FeS,, and pyrite with the pH during the experiments. The PZC of FeS,, equals pH
=7.52'. Meaning the FeS,, surface is charged positively at a pH < 7.5 and negatively at a pH >
7.5. The PZC of pyrite is pH 2 in the absence of potential-determining ions and pH 5 in the
presence of potential-determining ions, specifically around 28 mg Fe(ll)/L %. This implies
that, at the measured pH of approximately 6.0 £ 0.1, the pyrite surface is negatively charged,
while the FeS,, surface is positively charged. The opposite surface charges probably led to
the retention of FeS, on the pyrite granules surface. The pyrite granule bed did not catalyze
pyrite formation nor served as a base for pyrite crystal growth, as reported elsewhere ''. One
possible explanation is that rhombic sulfur and iron sulfide deposits coated the surface of
the pyrite crystals, significantly reducing the available catalytic surface area.

This study has shown rapid anoxic iron sulfides formation in solution upon sulfide dose and
achieved a molar Fe(ll)rem:S(-lIl)rem of up to 0.76 £ 0.16 (Figure 3). Experimentally observed
iron sulfides formation characteristics indicated general applicability for typical
groundwater treatment settings for two reasons. Firstly, iron sulfides formed rapidly within a
timeframe of <10 minutes which allows for small reactor design. Secondly, iron sulfildes
could be retained. The design and operational parameters need to be optimized for the
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formation and retention of iron sulfides. Moreover, interactions with other ions commonly
found in groundwater, such as Mn?" and Ca?*, need to be investigated.

In a typical groundwater treatment scheme for drinking water production this technique
could be placed after groundwater extraction and before aeration and filtration. Therefore,
the number of backwashes is drastically reduced, while compactiron sulfides are produced
instead of low-value bulky iron sludge. Formed particulate iron sulfide would need to be
separated prior to aeration. A potential method to separate formed particles is filtration.
Additionally, the hypothesized electrostatic removal of FeSm particles could be further
investigated. FeS,, could potentially be removed via an oppositely charged surface. For
instance, an electrically charged surface, which allows for charge dependent adhesion and
detachment.

In-situ electrochemical sulfate reduction producing S(-IlI) could provide a viable solution for
iron sulfide formation. This approach would make chemical sulfide dosage redundant since
groundwater native sulfate could be reduced electrochemically to S(-Il) *¢%’. Fortunately,
sulfate concentrations often exceed iron concentrations to such an extent that in-situ
electrochemical S(-1l) formation could provide sufficient reactants even for pyrite (FeS,)
formation (groundwater data in 38). Aeration facilities can remove excess sulfide that might
escape from an iron-sulfide formation reactor. It is estimated that aeration removes H,S
concentrations up to 2 ppm *.

The estimated costs for electrochemical generation of sulfide to treat a groundwater
containing 10 mg Fe(ll)/L equal 0.012 €/m?, for the formation of the iron sulfide mackinawite
(see Sl 3 for details). These additional costs might be balanced by the sale of produced iron
sulfides, and lower transport and disposal costs. Additionally, filter backwash frequencies
and backwash water treatment can be reduced. The principle feasibility of in-situ
electrochemical sulfate reduction producing S(-1l) has been demonstrated 3¢:374°, A previous
investigation showed in-situ electrochemical generation of H2S for a fluidized bed reactor
reporting a precision of + 0.25% in concentration ranges of 0.06 and 1900 pmol L 4°,

The rapidly formed iron sulfides do not only remove iron, but have several properties that
allow to be employed for further treatment of water. For instance, FeS,, could be used for the
simultaneous treatment of As(lll). Although, As(lll) sorps better to ferrihydrites, also FeSr, can
be used as As(lll) adsorbent 4'.The adsorption capacity of As(lll) to FeS,, was estimated to
equal 0.012 mol As(lll) per mol FeS,, #2. Converting this to Fe(ll) equals a capacity of 16 ug
As(lll)/mg Fe(ll). Next to adsorption, also formation of minerals such as orpiment (As.S3),
realgar (AsS) and arsenopyrite (FEAsS) are proposed for arsenic immobilization #3. Yet, it
should be noted that As speciationinthe presence of sulfide is complex and requires applied
investigations. Other literature suggests iron sulfides have potential for co-removal of
metals, organic contaminants and nutrients, such as nitrogen and phosphate 264445, More
recently also removal of chromium ¢, PFOA 4’ and pharmaceuticals “® are linked to iron
sulfide formation, illustrating their potential wide range of interest.
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This study has provided a novel perspective on anoxic groundwater treatment for drinking
water production. It demonstrated the principal feasibility of iron removal via sulfide dosing
in a fixed bed continuous flow reactor. We have revealed that iron sulfides formation can
present an interesting alternative to conventional aerobic iron removal, due to its fast
formation rates (<10 minutes) and relatively compact particle sizes. The molar ratio of
removed Fe(ll) to removed S(-Il) equaled up to 0.76 = 0.16 mol Fe(ll)rem/(Mmol S(-1l)rem). Further
investigations are needed to optimize the design and operational parameters for the
formation and retention of iron sulfides in groundwater treatment.
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This study redefines iron removal from groundwater and concentrate streams by enabling the
recovery of Fe(ll) minerals under anoxic conditions. This novel finding marks a paradigm shift:
rather than relying on aeration followed by filtration, where iron is oxidized to poorly
crystalline iron (hydr)oxides, iron can be selectively converted into dense, crystalline
minerals. Across different water matrices and process conditions, the results consistently
show that deliberate control of redox chemistry enables efficient iron removal, both via
phosphate- and sulfide- induced precipitation. The overarching innovation of this work lies in
reframing iron removal from contaminant removal to resource recovery, thereby reducing the
volume of by-products, improving process efficiency, and creating opportunities for
secondary use of Fe(ll) minerals.

Two potential design options for anoxic iron removal proposed in this outlook. First,
phosphate, sulfide, or an alternative anion could be dosed directly into the anaerobic stream
or mixed in an anoxic reactor to induce mineral precipitation. The resulting solids could
subsequently be separated using common filtration. Although periodic backwashing would
remain necessary, the denser mineral product is expected to reduce backwash frequency.
Additionally, the paramagnetic properties of Fe(ll) minerals may offer alternative separation
strategies.

Second, installation of a pellet reactor upstream of filtration could facilitate controlled
precipitation. Seeding with pellets of the desired Fe(ll) mineral may promote rapid
crystallization and yield a concentrated, high purity product. Pellet reactors are already
widely applied in drinking water treatment for softening (e.g. lime dosing), and formed pellets
can be harvested from the reactor bottom while treated water exits at the top, simplifying
product separation.

The implementation of anoxic iron removal may be particularly attractive for membrane
concentrate streams, which currently lack robust and sustainable treatment solutions. With
increasingly stringent discharge regulations, solutions for these streams are urgently
necessary. In contrast, direct implementation in conventional groundwater treatment would
require a fundamental redesign of the established infrastructure, making short-term
adaptation less likely.

This study represents a first exploration of anoxic Fe(ll) removal from groundwater matrices.
Prior to implementation, pilot-scale validation and cost-benefit analyses are required to
assess technical feasibility and economic viability. Ultimately, by demonstrating that iron
removal does not require oxidation, this work challenges the oxygen-dependent dogma of
groundwater treatment and lays foundation for circular, redox-controlled process design.
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