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Summary

Water scarcity is impacting human society 
and is intensified in the last decades due 
to an increase in water consumption and 
climate change. Agricultural irrigation 
accounts for about 70% of the total 
freshwater use worldwide. Sufficient 
freshwater is often available on an annual 
basis, but seasonal variations result in 
dry and wet periods. Aquifer Storage 
and Recovery (ASR) is a promising 
technology, which enables storing water 
when abundantly available and re-using 
this water when needed during droughts. 
Water is stored in a suitable aquifer 
through a well and later recovered using 
the same well or via different wells. In 
this research, a new application of ASR 
is assessed, which makes freshwater 
available for agriculture on a local scale. 
Fresh water is collected from the tile 
drainage water system in the soil of 
agricultural fields. This water is injected 
and stored into the underlying aquifer, 
while it would be normally discharged to 
the surface water system. The stored water 
can be later abstracted and re-used for 
crop irrigation.

The composition of the collected water is 
affected by the agricultural land use. The 
farmer applies fertilizers and pesticides 
to enhance crop growth, from which a 
part ends up in the tile drainage water. 
In this research, nutrients (released from 

fertilizers) and pesticide concentrations 
exceeded the infiltration water standards 
in the two monitored agricultural ASR 
systems. Besides the high nutrient and 
pesticide concentrations, the collected 
water showed characteristics that are 
favourable for biological degradation, 
as it was oxic, rich in nutrients and 
dissolved organic carbon, and contained 
biodegrading bacteria. I, therefore, 
hypothesized that injection of tile drainage 
water would result in faster nutrient 
transformation and pesticide degradation 
compared to aquifers containing more 
oligotrophic groundwater. Validation 
of this hypothesis could attest that the 
collected tile drainage water does not 
need to be treated before injection, as 
these contaminants would transform or 
degrade in the aquifer. This would largely 
impact the feasibility of agricultural ASR 
systems, as this would simplify the systems 
and reduce the costs of construction and 
operation.

In this research, two ASR systems were 
monitored both situated in an agricultural 
area in Breezand, the Netherlands. Tile 
drainage water was injected in an anoxic 
semi-confined aquifer with brackish to 
saline groundwater for both systems. 
The target aquifer was characterized 
with depth by analysing geochemical 
parameters of sediment samples. Pesticide 
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and nutrient fate before and during ASR 
was studied high-frequently during 
several short (6-46 days) periods. Push-
pull tests were performed before and 
during operation at several depths in the 
aquifer. Additionally, the first injection 
phase and three subsequent storage phases 
(phases without injection or abstraction) 
were monitored at six depths during 
ASR operation. The obtained data was 
interpreted using analytical equations and 
reactive transport models. Furthermore, 
insights in the risks of well clogging were 
obtained by studying groundwater heads 
and clogging materials.

Nitrate and phosphate are two of the 
most commonly detected nutrients 
in groundwater. Nitrate is used as an 
electron acceptor by bacteria in their 
metabolic processes, which often results 
in the transformation to the non-polluting 
nitrogen gas in aquifers. This process 
is called denitrification. Denitrification 
was negligible during the onset of ASR 
operation, but increased after a lag-phase 
of about six days. Afterwards, nitrate 
was fully reduced in a relatively short 
timeframe (4-40 days). Model simulations 
showed that the main reductants were 
sedimentary organic matter, pyrite, 
and ferrous iron. The outcomes of this 
research show that denitrification in 
the aquifer results in negligible risks for 
nitrate contamination during ASR. 

Furthermore, the fate of the nutrient 
phosphate and the trace metal/
contaminant arsenic were studied. At 

the start of ASR operation, arsenic was 
mobilized by the oxidation of pyrite. 
Simultaneously, arsenic and phosphate 
were partly immobilized by sorption or 
co-precipitation to freshly formed iron-
oxides. At some depths, pyrite oxidation 
was dominant resulting in increasing 
concentrations, and at other depths 
sorption or co-precipitation to iron-oxides 
resulting in decreasing concentrations. 
During the storage phases, increasing 
arsenic and phosphate concentrations 
were related to the reductive dissolution 
of iron-oxides at some depths. At other 
depths, the formation of hydroxyapatite 
and Fe(III)-minerals resulted in decreasing 
concentrations. The observed arsenic and 
phosphate concentrations in groundwater 
entail a risk for contamination, but do not 
pose a risk for the crops during irrigation.

Sorption and degradation are the main 
processes controlling the fate of pesticides 
in aquifers. Pesticide sorption was studied 
of seven commonly applied pesticides 
and two frequently detected metabolites. 
I studied the arrival of injected water and 
the pesticides it contained at six depths 
at 2.5 m from the injection well during 
the first six days of ASR operation. The 
pesticides bentazon and cycloxydim were 
most mobile with retardation factors < 1.1 
at all depths. The pesticide imidacloprid 
and the chloridazon metabolites 
desphenyl chloridazon and methyl 
desphenyl chloridazon were less mobile 
with a maximum retardation factor of 
1.5. Boscalid, chloridazon, fluopyram, 
and flutolanil were least mobile with a 
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maximum retardation factor of > 2.0. 
Retardation factors varied considerably 
with depth, which seemed related to the 
organic carbon contents of the aquifer. 
Pesticide sorption was considerably lower 
than expected from a renowned database 
for pesticide sorption based mostly on 
laboratory experiments. This highlights 
the importance of pesticide sorption 
studies in the field.

Degradation was studied for almost the 
same set of pesticides and metabolites 
at the same six depths. Before ASR 
operation, degradation was negligible 
or insignificant during the push-pull 
tests. Monitoring of three storage phases 
resulted in a minimum half-live of 53 days 
for chloridazon at one depth, but half-
lives were substantially higher or even 
insignificant for the other depths and 
pesticides. Enhanced degradation was 
not observed resulting from microbial 
adaptation or bio augmentation during the 
subsequent storage phases. Operational 
monitoring resulted in a similar range of 
half-lives compared to the storage phases. 
I concluded that pesticides are relatively 
persistent in the aquifer. Therefore, 
ASR abstracted water will contain 
relatively high pesticide concentrations 
and pesticides not abstracted during 
ASR may form a risk for groundwater 
contamination.

Besides nutrient and pesticide fate, I 
also studied clogging of the injection 
wells. Clogging of wells is likely as the 
injected water composition exceeded 

most clogging mitigation standards. I 
researched three types of measures and 
their effect on well clogging. In the first 
injection period, treatment with 40 µm 
Klin disc-filters could not prevent well 
clogging. The clogging material showed 
evidence for chemical, biological, and 
physical clogging. A strong relation 
between well injectivity and injected 
turbidity load indicated that particles 
are the main cause of clogging. In the 
second and third injection period, the 
system was upgraded with automated 
periodic flushing of the injection wells 
and turbidity-regulation of the injected 
water. These measures improved ASR 
operation substantially. However, these 
measures reduced  the injected water 
volume with about 20-25%, which is a 
major disadvantage. Agricultural ASR 
is therefore only feasible when a large 
enough volume of water can be injected 
despite the clogging measures. 

In this research, I did not observe faster 
nutrient transformation and pesticide 
degradation during agricultural 
ASR compared to more oligotrophic 
groundwater’s. This suggests that our 
research hypothesis is not true. Therefore, 
injected water should be treated to reduce 
pesticide and nutrient concentrations 
below the infiltration water guidelines. 
Nitrate was fully depleted in the aquifer 
within 4-40 days. This makes us belief 
that treatment of nitrate before injection 
is unnecessary. Note, that this does not 
correspond with the current legislation in 
the Netherlands, where it is not allowed to 
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inject nitrate in concentrations above 50 
mg/L. I believe that the current infiltration 
guidelines are too strict, and harm the 
further development of agricultural ASR. 
Injecting tile drainage water poses a risk for 
groundwater contamination, but remind 
that during ASR the largest portion of 
water is later abstracted. Furthermore, 
ASR is often performed in brackish/saline 
groundwater with minimal value for our 
drinking water resources. Therefore, I 
plea for a more holistic assessment of the 
impacts of agricultural ASR, in which 
the advantages and the disadvantages are 
set side by side in order to determine the 
risks and opportunities.
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Samenvatting

De afgelopen decennia zijn, als gevolg van 
klimaatverandering en het toegenomen 
waterverbruik, de zoetwatertekorten 
wereldwijd toegenomen. Dit heeft 
grote impact op onze samenleving. De 
landbouwsector heeft hierin een groot 
aandeel: irrigatiewater is goed voor 70% 
van het totale waterverbruik. Over het 
gehele jaar genomen, is zoetwater vaak 
in voldoende mate beschikbaar, maar 
variaties van de seizoenen zorgen voor 
droge en natte periodes. Aquifer Storage 
and Recovery (ASR) is een veelbelovende 
technologie die optimaal gebruik maakt 
van de wisselende seizoenen. Gedurende 
natte periodes kan er via putten water 
worden opgeslagen in watervoerende 
pakketten in de ondergrond (aquifers). 
Het opgeslagen water kan vervolgens, in 
tijden van droogte, worden onttrokken 
via dezelfde put of door andere putten. 
In dit onderzoek is een nieuwe applicatie 
van ASR bestudeerd, die zorgt voor een 
betere, lokale zoetwaterbeschikbaarheid 
in de landbouw. Met deze applicatie 
wordt zoetwater verzameld uit het 
drainagesysteem dat in de bodem van 
het landbouwperceel ligt. Waar dit 
drainagewater normaliter wordt afgevoerd 
naar het oppervlaktewatersysteem, wordt 
dit nu via een injectieput geïnjecteerd 
in een dieper gesitueerde aquifer. Op 
een later gewenst moment kan dit water 
worden onttrokken en gebruikt voor de 
irrigatie van gewassen.

Landbouw is van invloed op de kwaliteit 
van drainagewater. Agrariërs gebruiken 
meststoffen en pesticiden voor een 
optimale groei van hun gewassen. Een deel 
van deze stoffen komt in het drainagewater 
terecht. In de twee ASR-systemen die 
ik onderzocht heb, overschreden de 
vrijgekomen nutriënten uit de meststoffen 
en de pesticiden de  geldende normen 
voor infiltratiewater. Tegelijkertijd heeft 
drainagewater bepaalde eigenschappen 
die passen bij een verhoogde kans op 
biologische afbraak in de aquifer: het 
water is oxisch, heeft hoge concentraties 
van nutriënten en opgelost organisch 
materiaal en bevat waarschijnlijk 
bacteriën die deze stoffen kunnen 
afbreken. Om die reden is onze hypothese 
dat het geïnjecteerde drainagewater zorgt 
voor een snellere afbraak of omzetting van 
nutriënten en pesticiden in vergelijking 
tot meer oligotrofe aquifers. Validatie van 
deze hypothese kan ertoe leiden dat het 
verzamelde drainagewater niet gezuiverd 
hoeft te worden voordat het in de 
ondergrond geïnjecteerd wordt, omdat de 
verontreinigende stoffen worden omgezet 
of afgebroken in de aquifer. Dit zou van 
grote impact zijn op de haalbaarheid 
van agrarische ASR-systemen, omdat dit 
de systemen een stuk simpeler en dus 
goedkoper maakt. 

In dit onderzoek zijn twee ASR-systemen 
bestudeerd. Deze bevinden zich in landelijk 
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gebied in Breezand, Nederland. Voor beide 
systemen is drainagewater geïnjecteerd in 
een anoxisch aquifer met brak tot zout 
grondwater. Deze aquifer bevindt zich 
onder een afsluitende klei- en veenlaag 
en is over de diepte gekarakteriseerd door 
middel van geochemische analyses van 
sedimentmonsters. Tijdens het onderzoek 
is, gedurende meerdere korte perioden 
(6-46 dagen), het gedrag van nutriënten 
en pesticiden bestudeerd. Dit werd 
gedaan door middel van het hoogfrequent 
monitoren van de waterkwaliteit. Er zijn 
meerdere push-pull testen uitgevoerd 
op verschillende diepten in de aquifer. 
Daarnaast is de eerste injectiefase en 
zijn de drie opvolgende opslagfases 
(fases zonder injectie en onttrekking) 
gemonitord op zes verschillende diepten. 
De verkregen data zijn geanalyseerd met 
behulp van analytische vergelijkingen en 
reactief transport modellen. Daarnaast 
zijn, gedurende het monitoren van 
grondwaterstanden en het analyseren 
van verstoppingsmateriaal, inzichten 
verkregen in de risico’s die putverstopping 
met zich meebrengt.

In dit onderzoek staan twee van de meest 
voorkomende nutriënten, namelijk nitraat 
en fosfaat, centraal. Nitraat wordt door 
bacteriën gebruikt als elektronacceptor 
in metabolische processen waarbij het 
wordt omgezet naar stikstofgas. Dit wordt 
denitrificatie genoemd. Tijdens de opstart 
van ASR was de mate van denitrificatie 
verwaarloosbaar. Na een ‘lag-phase’ 
van zes dagen veranderde dit, waarna 
nitraat in een relatief korte periode 

(4-40 dagen) werd gereduceerd. 
Simulaties met modellen toonden aan dat 
organisch materiaal, pyriet en Fe(II), de 
belangrijkste elektrondonoren gedurende 
dit proces waren. De uitkomsten van dit 
onderzoek tonen aan dat denitrificatie 
in de aquifer tot minimale risico’s van 
nitraatvervuiling leidt.

Naast nitraat, is het gedrag van het 
nutriënt fosfaat en het spoormetaal arseen 
onderzocht. Gedurende de opstart van 
ASR, kwam tijdens de oxidatie van pyriet 
arseen vrij. Tegelijkertijd sorbeerde arseen 
aan nieuw gevormde ijzer-oxides, net als 
fosfaat. Op bepaalde diepten vond er meer 
oxidatie van pyriet plaats en op andere 
meer binding aan ijzer-oxides. Hierdoor 
daalden arseen concentraties op sommige 
diepten terwijl deze op andere diepten 
stegen. Fosfaat concentraties daalden 
enkel. Tijdens de opslagfases werd op 
bepaalde diepten een stijging van fosfaat 
en arseen concentraties veroorzaakt 
door reductieve oplossing van ijzer-
oxides. Op andere diepten waren dalende 
concentraties het gevolg van sorptie of 
(co-)precipitatie met hydroxyapatiet en 
Fe(III)-mineralen. De gemeten arseen 
en fosfaat concentraties in grondwater, 
vormen een risico voor vervuiling tijdens 
ASR, maar niet voor de gewassen tijdens 
irrigatie. 

Sorptie en afbraak zijn de belangrijkste 
mechanismen die het gedrag van 
pesticiden in aquifers bepalen. Sorptie 
was onderzocht voor zeven vaak 
gebruikte pesticiden en twee regelmatig 
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gevonden metabolieten in grondwater. 
Tijdens de opstart van ASR werd op 2.5 
m van de injectieput de aankomst van 
het geïnjecteerde water, inclusief de 
pesticiden, bestudeerd. Dit werd gedaan 
op zes verschillende diepten. De pesticiden 
bentazon en cycloxydim verplaatsten 
zich het snelst, met retardatie factoren 
< 1.1 op alle diepten. Imidacloprid en 
de chloridazon metabolieten desphenyl 
chloridazon en methyl desphenyl 
chloridazon, waren minder mobiel met 
een maximum retardatie factor van 1.5. 
Boscalid, chloridazon, fluopyram en 
flutolanil waren het minst mobiel met 
een maximum retardatie factor van >2.0. 
Daarnaast verschilden de verkregen 
retardatie factoren behoorlijk op 
verschillende diepten. Dit leek gerelateerd 
aan de hoeveelheid organisch materiaal 
in de aquifer. Sorptie van pesticiden 
was aanzienlijk lager dan verwacht op 
basis van de data van een vaak gebruikte 
database voor pesticide sorptie. Deze 
database is voornamelijk gebaseerd 
op laboratorium experimenten. Dit 
benadrukt het belang van onderzoek naar 
pesticiden in veldstudies.

De afbraak van pesticiden was onderzocht 
voor nagenoeg dezelfde pesticiden 
en metabolieten op zes verschillende 
diepten. Tijdens de push-pull testen voor 
ASR was de afbraak verwaarloosbaar of 
insignificant. Uit de monitoring data van 
de drie opslagfases was een minimale 
halfwaardetijd, de tijd die nodig is om de 
concentratie van pesticiden te halveren, 
bepaald voor chloridazon van 53 dagen. 

Doorgaans waren de halfwaardetijden, 
op andere diepten en voor andere 
pesticides, echter substantieel hoger of 
zelfs insignificant. De afbraak versnelde 
niet tijdens de opeenvolgende opslagfases. 
Dit is een indicatie dat microbiële adaptie 
of bioaugmentatie van de aquifer niet 
of nauwelijks heeft plaatsgevonden. 
Vergelijkbare halfwaardetijden werden 
verkregen tijdens het langdurig monitoren 
van ASR. In dit onderzoek ben ik tot de 
conclusie gekomen dat de pesticiden 
en metabolieten relatief persistent zijn. 
Hierdoor kan het onttrokken water tijdens 
ASR, relatief hoge pesticiden concentraties 
bevatten. De pesticiden die vervolgens 
achterblijven in de aquifer vormen een 
risico voor grondwaterverontreiniging. 

Naast het gedrag van nutriënten en 
pesticiden, was in deze studie ook de 
verstopping van ASR injectieputten 
onderzocht. Tijdens agrarische ASR, 
is het aannemelijk dat putverstopping 
plaatsvindt. Dit komt doordat de 
samenstelling van het geïnjecteerde 
water de meeste standaarden voor 
putverstopping overschrijdt. In dit 
onderzoek waren drie verschillende 
maatregelen tegen putverstopping 
bestudeerd. Tijdens de eerste 
injectieperiode, was het geïnjecteerde 
water gezuiverd met 40 µm Klin disc-
filters. Deze maatregel kon verstopping 
niet voorkomen. Het aangetroffen 
materiaal toonde aan dat er sprake was 
van chemische, biologische en fysische 
verstopping. De sterke relatie tussen de 
injectiviteit van de put en de geïnjecteerde 
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turbiditeitbelasting, laat zien dat 
deeltjesverstopping het grootste probleem 
was. Voorafgaand aan de tweede en 
derde injectiepriode, was derhalve het 
systeem uitgebreid met een automatisch 
terugspoelsysteem en werd de turbiditeit 
van het geïnjecteerde water gereguleerd. 
Deze uitbreiding leidde tot substantiëel 
minder putverstopping. Een groot nadeel 
van deze maatregelen is echter dat er 
tussen de 20-25% minder water kan 
worden geïnjecteerd. Dit zorgt ervoor 
dat agrarische ASR uitsluitend rendabel 
is wanneer er, ondanks deze maatregelen, 
genoeg water voor gebruik kan worden 
geïnjecteerd.

De hypothese van dit onderzoek kon niet 
worden gevalideerd. Dit komt doordat er 
in de aquifers, vergeleken met oligotrofe 
aquifers, geen snellere transformatie of 
afbraak van nutriënten en pesticiden was 
geobserveerd. Om de concentraties van 
nutriënten en pesticiden te verlagen tot 
onder de standaarden die gelden voor 
infiltratiewater, is zuivering van ASR 
geïnjecteerd water nodig. Gedurende 
een periode van 4-40 dagen, was nitraat 
volledig getransformeerd in de aquifer. 
Ik denk daarom dat de verwijdering van 
nitraat voorafgaand aan injectie, onnodig 
is. Let op: dit komt niet overeen met de 
huidige wetgeving in Nederland, waar het 
niet is toegestaan om nitraatconcentraties 
boven 50 mg/L te injecteren. Naar mijn 
mening is de huidige wetgeving echter 
te streng en belemmert deze de verdere 
ontwikkeling van agrarische ASR. Het 
injecteren van drainage water vormt een 

risico voor grondwaterverontreiniging, 
maar tijdens ASR wordt het grootste deel 
van het geïnjecteerde water onttrokken. 
Daarnaast vindt ASR vaak plaats in brak/
zout grondwater, dat minimale waarde 
heeft voor onze drinkwatervoorziening. 
Derhalve pleit ik voor een meer holistische 
benadering, waarin de voor- en nadelen 
met elkaar worden vergeleken, om zo de 
risico’s en kansen van agrarische ASR te 
bepalen.
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Chapter 1: Introduction

Introduction

Water scarcity in the Netherlands and 
worldwide

Two-thirds of the world population face 
water scarcity for at least one month 
per year; sustainable development 
of the human society is therefore 
threatened (Mekonnen and Hoekstra, 
2016) accounting for environmental 
flow requirements. Freshwater scarcity 
is increasingly perceived as a global 
systemic risk. Previous global water 
scarcity assessments, measuring water 
scarcity annually, have underestimated 
experienced water scarcity by failing to 
capture the seasonal fluctuations in water 
consumption and availability. We assess 
blue water scarcity globally at a high spatial 
resolution on a monthly basis. We find 
that two-thirds of the global population 
(4.0 billion people. In the last decades, 
water scarcity intensified by a significant 
increase in human water consumption 
(Wada et al., 2013a). Further population 
growth, shifting lifestyles, and climate 
change will only further aggravate water 
scarcity in the near-future (Gosling and 
Arnell, 2016; Vanham et al., 2018; Wada 
et al., 2013b). Irrigation is the major water 
consumer accounting for about 70% of the 
total freshwater use worldwide (Siebert 
et al., 2010), which makes water scarcity 
also a major concern for food security. 
Therefore, innovative methods are needed 

to secure freshwater availability for 
irrigation and consequently food security.
The research presented in this PhD thesis 
was performed in the coastal region of the 
Netherlands. This region is characterized 
by: (i) a precipitation deficit during the 
growing season (April-September) of on 
average 120 mm (but in 2018 this was more 
than 300 mm), while the rest of the year is 
relatively wet (yearly precipitation about 
700-900 mm); (ii) widespread occurrence 
of brackish/saline groundwater; and (iii) 
a large area below sea level where seepage 
of saline groundwater threatens the water 
quality of the (polder) surface water 
system (de Louw et al., 2010; Stuyfzand 
and Stuurman, 1994). Salinization of the 
surface water system due to seepage is 
withstood by flushing it with fresh water 
from the nearby lake IJssel (IJsselmeer), 
which is fed mostly with water from the 
Rhine (Figure 1.1). The coastal region of 
the Netherlands is known as an important 
agricultural area for flower bulbs and 
(seed)potatoes among others. Crop 
irrigation is needed to obtain sufficient 
yields, especially during droughts in 
the growing season. Irrigation water 
is mostly taken from the surface water 
system, as groundwater is brackish/saline. 
However, the availability of surface water 
will become more limited during the 
growing season due to climate change 
(van den Hurk et al., 2007). Moreover, 
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surface water can carry plant pathogens 
(Eisfeld et al., 2021). The use of surface 
water (containing plant pathogens) for 
irrigation, therefore, induces risks for 
crop diseases and can consequently lower 
yields (Hong and Moorman, 2005). In 
some cases, an outbreak of a disease can 
even result in a temporal (order of years) 
mandatory ban on these agricultural lands 
(guideline 98/57/EG , appendix VI(4.1)). 
Delta regions worldwide cope with similar 
problems, as fresh water (of sufficient 

quality) is often scarce in these areas 
important for agriculture. Examples are 
the delta regions of Egypt, Bangladesh, 
and Vietnam (Schneider and Asch, 2020; 
Wolters et al., 2016).

Aquifer Storage and Recovery for 
freshwater availability

Aquifer Storage and Recovery (ASR) is 
defined as “the storage of water in a suitable 
aquifer through a well during times when 

Figure 1.1: Simplified overview of the water system of the Netherlands, where fresh water is displayed in blue and 
brackish/saline water in red.



27

1

Chapter 1: Introduction

water is available, and the recovery of 
water from the same well during times 
when it is needed” (Pyne, 1995). Aquifer 
Storage Transfer and Recovery (ASTR) is a 
similar technique, with the only difference 
that injection and abstraction wells are 
spatially separated, to enable aquifer 
passage and consequently improve the 
removal of e.g. plant pathogens. Sufficient 
water is often available on an annual basis, 
but seasonal variations result in wet and 
dry periods. ASR enables to store water 
when abundantly available and have 
it ready for use when needed during 
droughts. Storage of water in aquifers 
has some major advantages compared 
to traditional aboveground storage: (i) 
the space requirement above ground is 
limited, (ii) the absence of evaporation, 
and (iii) water is better protected against 
atmospheric, biologic, and anthropogenic 
contamination and natural hazards 
(Zuurbier, 2016). Disadvantages comprise 
the water loss in the aquifer due to mixing 
of the injected water with the native 
brackish/saline groundwater caused by 
dispersion. Generally, more than 70% 
of the injected water can be recovered 
from brackish aquifers (Maliva et al., 
2006). Further losses can be resulting 
from ‘bubble drift’, in which the injected 
water moves away from the abstraction 
well by the native groundwater flow. 
Moreover, density differences between 
the fresh injected water and brackish/
saline native groundwater result in an 
upward movement of the less dense fresh 
water, which can cause salinization of the 
abstracted water (Pyne, 1995; Ward et al., 

2008). Another disadvantage consists of 
the potential for undesired water quality 
changes, for instance by the mobilization 
of As (for more information see 1.4). 
Injected water can have different origins, 
for example, treated wastewater (e.g., 
Sheng, 2005; Vanderzalm et al., 2020), 
roofs of greenhouses (Zuurbier et al., 
2014), surface water (Jones and Pichler, 
2007), or as in the current study: tile 
drainage water (TDW) from agricultural 
land (Kruisdijk and van Breukelen, 
2021). This water can be later used for all 
purposes, depending on the abstracted 
water quality. ASR and ASTR techniques 
are part of an overarching principle, which 
is called Managed Aquifer Recharge 
(MAR). MAR describes all techniques 
in which groundwater is intentionally 
replenished. Its implementation is quickly 
becoming more popular, with every year a 
5% growth in the number of MAR systems 
worldwide (Dillon et al., 2019). Currently, 
about 10 km3/year of water is replenished 
in aquifers. This represents about 1% of 
the global groundwater extraction, which 
is likely to expand to more than 10% in 
the near future (Dillon et al., 2019).

Local Aquifer Storage and Recovery for 
irrigation purposes

In this research, a new application 
of AS(T)R is assessed, which makes 
freshwater available for agriculture on 
a local scale. The goal of this system is 
to make farmers self-sustainable for 
their own water needs. In these AS(T)
R systems, fresh water is collected from 
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the tile drainage system embedded in the 
soil of the agricultural field. Tile drainage 
is common in agricultural parcels in the 
Netherlands (Naudin-Ten Cate et al., 
2000). It diminishes risks of high phreatic 
groundwater levels and associated crop 
damages, as it fastens the discharge of 
water to the surface water system. In the 
new AS(T)R application, TDW is not 
discharged to the surface water system, 
but collected, treated, and subsequently 
injected into the underlying confined 
aquifer (Figure 1.2A). This water can later 
be abstracted and re-used as irrigation 
water during dry periods (Figure 1.2B). 
Besides the enhanced water security for 
the farmer, this also reduces the nutrient 
and pesticide loads to the surface water 
system and recycles the unused nutrients 
and pesticides. 
The first pilot systems of this application 
were designed, constructed, and studied 
by the company Acacia Water B.V. 

during the Spaarwater project (http://
www.spaarwater.com/). By the end of 
2013, two pilot systems were built in the 
Northern part of the coastal region of 
the Netherlands ( located in Breezand, 
Province of Noord-Holland, where TDW 
is collected from a 2.3 ha field; Borgsweer, 
Province of Groningen, TDW collected 
from a 1.5 ha field). During the next 
two years, ±15000 m3 was injected and 
±5700 m3 abstracted in the ASR system 
of Breezand, and ±5700 m3 and ±2000 
m3 in Borgsweer. The farmers’ needs for 
irrigation water did match the amount of 
water that could be abstracted by the ASR 
system (Tolk and Veldstra, 2016).
The ASR system in Breezand, built as part 
of the Spaarwater project (coordinates: 
52.8912, 4.8258), was used as the field 
site location for the research described 
in Chapter 2. Here, water was collected 
from a 2.3 ha agricultural field, pre-
treated by slow and rapid sand filtration, 

Figure 1.2: Overview of an agricultural Aquifer Storage Transfer and Recovery system in which tile drainage water is 
injected via wells. Panel (A) shows the collection of water from the drainage water system and injection into the aquifer 
via the injection well(s), and panel (B) depicts the later recovery from the aquifer via the abstraction well(s) and re-use 
for irrigation.
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stored in a sedimentation basin, injected 
into the confined aquifer, and abstracted 
using the same well when needed for 
irrigation. Early 2019, a new ASTR system 
was constructed, as a follow-up of the 
Spaarwater study and as part of the NWO 
“AGRIMAR” and the POP-3 EIP-Agri 
“MAR(kt)klaar” projects, at less than 500 
m distance from the previous ASR site in 
Breezand (coordinates: 52.8883, 4.8221). 
All data for the rest of the research 
(Chapters 3-7) were obtained from this 
field pilot, while the prior pilot system was 
shut down. The system was located at the 
other end of the same agricultural parcel. 
The main differences of the new with 
the old system were that now, (i) TDW 
was collected from a larger agricultural 
field (10 ha), (ii) TDW was injected 
through 2 injection wells and abstracted 
by 4 separate abstraction wells (i.e. ASTR 
instead of ASR), and (iii) TDW was pre-
treated by 40 μm disc-filters instead of 
rapid and slow sand filtration for reasons 
of space and cost reduction. Note that no 
abstraction took place during monitoring 
of the new field site.
An ASTR system has a minimal aquifer 
passage from injection well to abstraction 
well (in this case ±7 m), while in an ASR 
system the last water injected is the first 
water abstracted. Plant pathogen removal 
is expected during this aquifer passage, 
due to processes as die-off, attachment, 
filtration, and competition. This reduces 
the risk for crop diseases in case of the 
event that plant pathogens ended up 
in injection water, for example, when 
contaminanted surface water would 

enter the tile drainage network. An ASTR 
system is more suitable for the removal 
of plant pathogens than an ASR-system, 
as a minimum travel time and distance is 
guaranteed. Carina Eisfeld (the other PhD 
student within the NWO “AGRIMAR” 
project) conducted a study about the 
fate of plant pathogens during ASTR in 
parallel to this study.
The chemical composition of TDW is 
affected by the agricultural land use. 
Fertilizers and pesticides are applied 
by the farmer to enhance crop growth, 
from which a part ends up in the injected 
TDW. Table 1.1 shows a comparison of 
the composition of water sources used 
in previous AS(T)R studies: treated 
wastewater, surface water, potable 
water, and TDW in the current study. 
Nutrient and pesticide concentrations 
are considerably higher in TDW than 
in these other water types. Additionally, 
dissolved organic carbon (DOC), 
turbidity, and As concentrations are 
also higher. Mean TDW concentrations 
exceed the infiltration standards following 
the Dutch legislation for PO4, SO4, and 
pesticides (NO3 and As are barely below 
the standards). Clearly, TDW is not yet 
allowed by Dutch legislation as source of 
injection water, except when as part of a 
research pilot as in the current study. The 
favourable composition of TDW (oxic, 
rich in nutrients, DOC, and containing 
most likely biodegrading bacteria) raised 
the expectation that injection would 
stimulate the growth of biodegrading 
bacteria in the aquifer. This resulted in 
the following hypothesis: injection of 
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TDW results in faster denitrification 
and pesticide degradation in aquifers, 
compared to more aquifers containing 
oligotrophic groundwater. A permission 
for this research was granted to study the 
validity of this hypothesis. Validation of 
this hypothesis could attest that TDW does 
not have to be treated for all water quality 
parameters above the Dutch standards, 
but that part of these constituents like 
nitrate and pesticides would degrade/
transform quickly enough in the aquifer 
with negligible risks for groundwater 
contamination. In the current study, we 

want to improve our insights in the fate 
of nutrients, pesticides, and metals after 
injection in the aquifer, so that the risks 
of these systems to the groundwater 
environment can be better assessed. 

General water quality changes during 
Aquifer Storage and Recovery

During AS(T)R, a wide range of water 
quality changes can occur, caused by the 
geochemical dis-equilibrium between 
the injected water and the aquifer matrix 
(Pyne, 1995). This can result in an 

TDW
(current
study)

Urban storm
water

Treated
waste water

Surface
water

Potable water Clogging
mitigati on
guidelines

Dutch
legislation
standards

EC ( 1293±397 230±70(a) 2300±200(c) - -
pH (-) 7.21±0.33 7.1±0.5(a) 7.1±0.4(c) 7.6(d) 7.3-7.9(f) -
DOC (mg/L) 24.7±4.2 6.1±2.3(a) 1.4±0.2(c) - - <2(g)

NTU (-) 9.7±33.7 4.0±2.6(a) - - - <5(h)

Cl (mg/L) 160±61 27±8(a) 424.8±35.5(c) 28.7(d) 70.9-81.5(f) - <200(m)

O2 (mg/L) 6.4±1.9 - 4.2±5.1(c) 15.4(d) 7.36-10.88(f) -
NO3 (mg/L) 14.1±11.3 0.04±0.12(a) 6.2±6.2(c) - - Low(j) <50(l), <24.8(m)

PO4 (mg/L) 5.21±0.80 0.15±0.07(a) - - - Low(i) <1.2(m)

NH4 (mg/L) 0.13±0.11 0.03±0.05(a) - - - <0.5(k) <3.2(m)

SO4 (mg/L) 193±55 <150(m)

Fe (mg/L) 0.14±0.19 0.54±0.27(a) 2.8±5.0(c) 0.10(d) <0.03(f) <0.01(g)

Mn (mg/L) 0.43±0.14 0.04±0.04(a) 0.05±0.05(c) - - -
As (µg/L) 9.3±2.3 1±2(a) - - <3(f) - <10(m)

Max.
concentration
single pesticide
(µg/L)

25.4 0.063(b) - <0.014(e) - - <0.1(l)

Max. Sum.
Concentration
pesticides (µg/L)

32.5 0.10(b) - <0.050(e) - - <0.5(l,m)

(a)Page et al. (2010), (b)Page et al. (2014), (c)Vanderzalm et al. (2006, Cycle 1), (d)Jones and Pichler (2007), (e)Kuster et al. (2010), (f)Wallis et al.
(2011), (g)Zuurbier and van Dooren (2019), (h)Martin (2013a), (i)Stuyfzand and Osma (2019), (j)Eom et al. (2020), (k)Hubbs (2006), (l)Directive
2000/60/EC (Water Framework Directive), (m)Infiltrati ebesluit bodembescherming, Bijlage 1

Table 1.1: Composition of tile drainage water (this study) in comparison to the composition of urban storm water, 
treated wastewater, surface water, and potable water. Clogging mitigation guidelines and Dutch legislation standards 
to allow infiltration in groundwater are also provided. Parameters exceeding one or both guidelines or standards are 
indicated in bold.
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improved or deteriorated water quality. 
For example, half of the ASR wells were 
abandoned due to water quality issues in 
a survey of 204 ASR sites in the United 
States, (Bloetscher et al., 2014), mostly 
due to mobilization of arsenic (As) above 
the limits of drinking water. Contrarily, 
water quality improved at other ASR 
sites, due to removal of nutrients (e.g., 
Vanderzalm et al., 2020; Vanderzalm et 
al., 2018), metal(loid)s (Vanderzalm et 
al., 2016), dissolved organic carbon (e.g., 
Vanderzalm et al., 2006; Vanderzalm 
et al., 2018), organic compounds (e.g., 
Mille et al., 1993; Pavelic et al., 2005), and 
specific pharmaceuticals and pesticides 
(Stuyfzand et al., 2007). In the current 
study, the fate of nutrients and pesticides 
is studied in the aquifer after injection of 
TDW, as their concentrations in TDW are 
very high (Table 1.1). These compounds 
are known as risks for contamination 
of the environment and have adverse 
effects on human health (Rani et al., 2021; 
Srivastav, 2020).

Fate of nutrients

Both nitrate (NO3) and phosphate (PO4) 

are common groundwater pollutants 
(Huang et al., 2017; Korom, 1992), and are 
both regularly observed above legislative 
limits in TDW (Table 1.1). NH4 is another 
common nutrient and pollutant, although 
concentrations were relatively low and far 
below the guidelines in the current study 
(Table 1.1). Therefore, NH4 was studied to 
a lesser extent.
NO3 is characterized by its mobile 

behavior in aquifers and its potential to act 
as an electron acceptor in redox processes. 
The latter is named denitrification 
and can substantially decrease NO3 
concentrations in aquifers. Denitrification 
is generally occurring in aquifers when 
NO3 is available, although rates can vary 
substantially (Korom, 1992). NO3 is 
utilized as an electron acceptor by bacteria 
in their metabolic processes, which results 
in the transformation through different 
intermediate steps to the non-polluting 
N2 gas (Rivett et al., 2008). Denitrification 
in aquifers is often linked to the electron 
donors pyrite, sedimentary, or dissolved 
organic matter, and (released) iron or 
manganese from the aquifer matrix 
(Rivett et al., 2008). Nitrous oxide (N2O) 
is one of the intermediates formed during 
this transformation, and an important 
greenhouse gas. It could potentially 
accumulate in aquifers and be emitted 
into the atmosphere during abstraction 
(Jurado et al., 2017). Transformation 
of N2O to N2 gas is inhibited by high O2 
or NO3 concentrations and/or low pH 
values (Blackmer and Bremner, 1978; 
Brady et al., 2008). In the current study, 
this is not expected as injected TDW has 
intermediate to high pH values, and O2 
and NO3 in TDW is relatively quickly 
consumed in the aquifer. 
PO4 and As concentrations were both 
relatively high in TDW (PO4: 5.2 mg/L, 
As: 9.3 µg/L). Furthermore, Dutch 
sediments generally consist of traces of 
As, mostly as a co-precipitant in pyrite 
minerals (Griffioen et al., 2012). As 
and PO4 have similar physiochemical 
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properties and are known to compete 
for similar sorption sites (Sun et al., 
2017). Sorption and co-precipitation are 
processes that result in immobilization 
of PO4 and As from groundwater, as 
observed in previous studies (van der 
Grift et al., 2016; Vanderzalm et al., 
2011; Wright et al., 2011). Sorption of 
As and PO4 is often linked to Fe-(hydr)
oxides in aquifers (Meng et al., 2002; 
Wallis et al., 2011). Fe-(hydr)oxides are 
often found in aquifers, but can also be 
formed (additionally) by the oxidation 
and subsequent precipitation of Fe(II) 
when oxic water is injected (Appelo and 
Postma, 2004). Besides immobilization, 
also mobilization of As is often observed 
during MAR, which is related  to oxidation 
of As-bearing pyrite (Mirecki et al., 2013; 
Wallis et al., 2011).
Knowledge gap 1: Denitrification and 
(im)mobilization of PO4 and As have 
been studied before in aquifers, however, 
the effects of injection of TDW (oxic, rich 
in nutrients, DOC, and likely containing 
biodegrading bacteria) on the mechanisms, 
kinetics, and rate constants of these 
processes have not been studied to date.

Fate of pesticides

Well  injection of pesticide-rich water 
into aquifers is not standard practice as it 
is often prohibited by law. Therefore, this 
pilot study is an opportunity to observe 
pesticide fate in an aquifer. Pesticide fate 
in aquifers is largely controlled by two 
mechanisms: sorption and degradation. 
Sorption affects the mobility of pesticides 

in the aquifer, while degradation results 
in decreasing pesticide concentrations by 
transformation.
Pesticide sorption is often caused by 
attachment to sedimentary organic matter 
in aquifers (Delle Site, 2001; Fetter et al., 
1999). Besides the characteristics of the 
pesticide itself, the degree of sorption 
depends on physical and chemical 
aquifer characteristic (as pH, ionic 
strength, surface area etc.), temperature, 
competition with co-solvents, colloidal 
transport, and sorbent concentration/
content (Delle Site, 2001).  Most 
pesticide sorption studies for aquifers 
are performed in laboratory batch or 
column studies. Studies performed in-situ 
in aquifer sediments hold considerable 
advantages over laboratory experiments. 
They are more representative, as they are 
performed under field conditions in much 
larger volumes of aquifer, and disturbance 
or contamination of the sediments are 
substantially smaller. Only a few studies 
investigated pesticide sorption in-situ in 
an aquifer (Broholm et al., 2001a; Broholm 
et al., 2001b; Pang and Close, 2001; Rügge 
et al., 1999a; Rügge et al., 1999b; Springer 
and Bair, 1998; Widmer and Spalding, 
1995; Widmer et al., 1995; Živančev et al., 
2019). None of these studies were related 
to AS(T)R.  All these sorption studies were 
performed at least 20 years ago, except 
of Živančev et al. (2019). Pesticide use 
modernized greatly in the past 2 decades, 
which was stimulated by legislation (for 
example,  directive 2009/128/EC and EC 
1107/2009 in Europe). 
Pesticide degradation in aquifers is 
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often a microbially mediated process. 
Therefore, pesticide degradation is largely 
influenced by important physical and 
biogeochemical aquifer characteristics, 
as for example temperature (Munz et al., 
2019; Storck et al., 2012), redox conditions 
(Bertelkamp et al., 2016b; Greskowiak et 
al., 2006), microbial activity and diversity 
(Poursat et al., 2019; Regnery et al., 2017), 
microbial adaptation (Hoppe-Jones et al., 
2012; Tuxen et al., 2002) dissolved organic 
carbon concentration and composition 
(Bertelkamp et al., 2016a; Regnery et al., 
2015), and initial pesticide concentrations 
(Baumgarten et al., 2011; Oberleitner et 
al., 2020). Previous studies researched 
degradation of organic micro pollutants 
(pesticides and pharmaceuticals among 
others) during different types of MAR, for 
example, riverbank filtration (RBF) sites 
(e.g., Hamann et al., 2016; Oberleitner et 
al., 2020), basin recharge systems (Kuster 
et al., 2010), and Aquifer Storage and 
Recovery (ASR) sites (e.g., Page et al., 
2014; Stuyfzand et al., 2007). These studies 
showed that MAR is a valuable water 
technology for the removal of organic 
micro pollutants, although often a part 
of the pollutants showed to be persistent. 
Pesticide degradation could be favourable 
during ASTR with TDW, based on the 
hypothesis that the TDW composition 
results in more biodegrading bacteria in 
the aquifer and therefore in faster rates of 
pesticide degradation. 
Knowledge gap 2:  Not much is known 
about sorption of modern-day commonly 
applied pesticides in aquifers, and whether 
the specific biological and chemical 

composition of TDW stimulate pesticide 
degradation in aquifers.

Temporal variations in biogeochemical 
processes during ASTR

Injection of TDW during ASTR 
results in a geochemical and biological 
disequilibrium between injected water and 
the aquifer matrix. At the start of ASTR 
operation this likely results in temporal 
variations in the mechanisms, kinetics, 
and rates of biogeochemical processes. 
Microbial adaptation is the ability of 
the microbial population to adapt to the 
new conditions resulting after TDW 
injection during ASTR (Alexander, 1999). 
These new conditions may change the 
composition of the microbial community. 
This can result in the adaptation of the 
bacterial community to the newly injected 
chemicals, which were not available in 
native groundwater (for example NO3 

and pesticides), and therefore faster rates 
of transformation. The injection of TDW 
also results in bioaugmentation of the 
aquifer, if injected water introduces new 
bacteria to the aquifer (Vogel, 1996). These 
injected bacteria likely also influence 
the biogeochemical conditions (reaction 
rates) over time.
Biogeochemical processes can occur 
between the injected solutes and aquifer 
minerals or sedimentary organic matter. 
Over time, aquifer constituents get 
depleted, which can result in decreasing 
rates of these processes (Antoniou et 
al., 2013). An example is the depletion 
of pyrite by NO3-dependent pyrite 
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oxidation, which would result in lower 
rates of denitrification over time.
Knowledge gap 3: Temporal variations 
of denitrification, PO4 and As (im)
mobilization, and pesticide degradation 
during ASTR, due to microbial adaptation, 
bioaugmentation and depletion of aquifer 
constituents, are limitedly studied and 
therefore largely unknown.

Effects of aquifer heterogeneity

Hydraulic conductivity particularly varies 
with depth in aquifers, and, therefore, 
injected water will preferentially flow 
through the more permeable layers. This 
physical aquifer heterogeneity is also a 
major factor controlling water quality. 
Variations in aquifer permeability and 
grain size distribution affect travel times of 
solutes over certain distances and therefore 
also the time available for reactions to 
occur and thus the water composition 
(Brusseau, 1994). This is important for 
ASTR as physical aquifer heterogeneity 
results in varying water compositions 
with depth in the abstraction well, and 
thus affects the abstracted water quality.
The aquifer can also be geochemically 
heterogeneous, as, for example, aquifer 
minerals or sedimentary organic matter 
vary with depth. Geochemical and 
physical heterogeneity can be related, if 
aquifer constituents are more abundant in 
the less permeable layers, which is often 
the case. Geochemical variations  with 
depth are resulting from variations in 
genesis, such as depositional environment, 
sedimentation rate, post-depositional 

decalcification and extent of aerobic 
oxidation during deposition (e.g., Hartog 
et al., 2004; Kristensen and Holmer, 2001). 
Geochemical heterogeneity can result in 
variations in reaction rates with depth, 
as shown by Descourvieres et al. (2010) 
who performed incubation experiments 
with aquifer sediments from different 
depths, or by Antoniou et al. (2012) 
who investigated an ASR system in a 
geochemically stratified aquifer . Insights 
in aquifer heterogeneity obtained from 
field studies during ASTR are nevertheless 
limited.
A better understanding of physical and 
geochemical heterogeneity of aquifers 
can help our design of ASTR systems, 
particularly the positioning of well 
screens. For example, some aquifer layers 
can have an adverse effect on the stored 
water quality. The depth of these layers 
can be excluded from the well screen, so 
that water abstracted from these layers is 
minor.
Knowledge gap 4: Insights are limited 
on the effects of physical and geochemical 
aquifer heterogeneity obtained from field 
studies on denitrification, PO4 and As (im)
mobilization, and pesticide degradation 
and sorption during ASTR.

Risk of tile drainage water composition 
for well clogging

Besides the environmental risks, well 
clogging of ASTR-systems is also lurking. 
It results in decreasing injection rates, 
which reduce the performance of an 
ASTR system. Clogging can be induced 
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by particles (physical clogging), bacterial 
growth (biological clogging), mineral 
precipitation (chemical clogging), and 
air bubbles (mechanical clogging) 
(Martin, 2013b). Note that TDW exceeds 
almost all clogging mitigation guidelines 
(Table 1.1), which raises the chance 
of injection well clogging by TDW. 
TDW is relatively turbid and, therefore, 
likely contains a high concentration of 
suspended solids. Furthermore, it likely 
has an active microbiome stimulated 
by large concentrations of nutrients 
and dissolved organic carbon, and high 
solute concentrations which can cause 
mineral precipitation. To prevent well 
clogging, treatment of water to a quality 
that matches drinking water standards is 
generally recommended before injection 
(Bouwer, 2002). Such an extensive 
treatment is, however, economically not 
feasible/desired for small scale ASTR 
systems, such as those studied in the 
current study. 
Knowledge gap 5: Although clogging is 
expected based on the guidelines in Table 
1.1, the precise effects on well clogging, the 
related mechanisms, and approaches to 
deal with clogging are unknown during the 
injection of TDW.

Research questions

This study aims to acquire improved 
insights in the water quality changes in 
aquifers during ASTR of TDW, with focus 
on the fate of nutrients and pesticides. 
Furthermore, the effects of TDW on 
well clogging and potential solutions are 

assessed. The following research questions 
are addressed in this dissertation:

Research questions 1-2: What is the 
fate of agrochemicals within the aquifer 
during AS(T)R of TDW:
•	 Research question 1: Nutrients – 

What are the mechanisms and kinetics 
of particularly denitrification and PO4 
(im)mobilization, and how do these 
processes influence or relate to other 
biogeochemical processes like Fe(II)-
oxidation, Fe(III)-reduction, and As 
(im)mobilization? (Knowledge gap 1, 
3, and 4)

•	 Research question 2: Pesticides - What 
is the impact of sorption on pesticide 
mobility, and how does degradation 
affect pesticide concentrations in the 
aquifer? (Knowledge gap 2, 3, and 4)

Research question 3: Is ASTR with TDW 
susceptible to injection well clogging, 
and if so, how can this be prevented? 
(Knowledge gap 5)

Research approach

In this research, all data were obtained 
from two AS(T)R sites. The wells at both 
sites are situated in the same sandy anoxic 
semi-confined aquifer. Previous AS(T)
R or MAR sites were often studied by 
periodical operational monitoring, which 
means that every period (generally weeks 
to months) samples were taken of injected 
and recovered water and of groundwater 
at varying depths and distances from the 
injection well(s) (e.g., Antoniou et al., 
2012; Greskowiak et al., 2005; Vanderzalm 
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et al., 2006; Vanderzalm et al., 2020; 
Vanderzalm et al., 2013). In the current 
study, the research questions could 
not be addressed based on operational 
monitoring data, because injected water 
composition fluctuated considerably 
within days and therefore weekly or 
monthly samples do not sufficiently 
represent injected water composition over 
time. Furthermore, travel times during 
ASTR are too short (in the order of days 
to weeks) to assume homogenization of 
the injected water composition during 
aquifer transport, which is often assumed 
for MAR systems with travel times up to 
several years (Wiese et al., 2011). 
The current research focussed, therefore, 
on high frequency monitoring of several 
shorter periods (6-46 days) before and 
during AS(T)R operation. The assessment 
of several shorter periods also enabled us 
to assess the evolution of biogeochemical 
processes over time. 
At the 2.3 ha ASR site (Chapter 2), the 
main goal was to obtain insights in the 
fate of nutrients during ASR of TDW. 
The research approach contained several 
steps, to reach these goals:

i. High resolution measurements of 
geochemical parameters  in the 
target aquifer at 3 depths during 
ASTR operation

ii. Performance of PPTs at three 
depths during a storage phase of 
ASR operation

iii. Model-assisted interpretation 
of the PPT measurements using 
a 1-D radial reactive transport 
model

Subsequently, the research moved to the 
10 ha ASTR site, which supplied the data 
for Chapter 3-6. The research approach at 
this site was similar but more extensive, 
and can be split up in the following steps:

i. High resolution measurements 
of geochemical parameters of the 
target aquifer with depth before 
ASTR operation

ii. Performance of PPTs at 6 depths 
before ASTR operation

iii. High frequency monitoring of 
the first injection phase and of 
three subsequent storage phases 
at the same 6 depths during ASTR 
operation

iv. Model-assisted interpretation 
of the measurements generally 
using analytical equations

The research approach for Chapter 7 
varied from the other chapters. The main 
focus was to obtain insights in the risks of 
well clogging and the related mechanisms. 
Therefore, the observed groundwater 
heads were studied to assess the extent 
of clogging, and the clogging materials 
were analyzed to assess the clogging 
mechanisms.

Thesis outline

Chapter 2 discusses the performance 
of push-pull tests in combination with 
reactive transport modelling to better 
understand reaction networks controlling 
water quality changes, and their kinetics. 
Push-pull tests were performed at the first, 
smaller scale agricultural ASR site (2.3 ha) 
at three different depths, after which the 
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fate of NO3 and PO4 (among others) were 
studied with a reactive transport model. 
In Chapter 3, denitrification was assessed 
at the subsequent 10 ha agricultural 
ASTR site, based on PPTs performed 
before ASTR operation, the first 6 
days of ASTR operation, and 3 periods 
of storage monitored during ASTR 
operation. Insights were obtained in the 
evolution of denitrification kinetics and 
the corresponding influence of microbial 
adaptation and augmentation based on 
the acquired data.
The fate of PO4 and the trace element As 
were assessed during ASTR in Chapter 
4, based on high frequency monitoring 
of the first 6 days of ASTR operation and 
during the subsequent 3 storage periods. 
The mechanisms controlling PO4 and 
As fate were assessed together with the 
variations with depth within the aquifer.
Chapter 5 focuses on pesticide sorption 
during ASTR injection. The arrival of 
pesticides in injected TDW was monitored 
during the first 6 days of ASTR operation. 
Sorption parameters were determined for 
pesticides and metabolites by analytical 
equations simulating pesticide arrival. 
This was done at 6 different depths 
which span a wide range of soil organic 
carbon contents. Variations of sorption 
parameters with depth were studied and 
its effects and implications were described 
for groundwater pollution. 
Pesticide degradation was studied in 
Chapter 6. Degradation rates were 
obtained for several pesticides at 6 depths 
in the aquifer during the PPTs before 
ASTR operation and the subsequent three 

storage phases. Therefore, the evolution of 
degradation rates could be assessed over 
time and its potential link to microbial 
adaptation and bioaugmentation.
Chapter 7 evaluates well clogging which 
was observed during ASTR operation. We 
assessed the extent of clogging based on 
groundwater level measurements and the 
clogging mechanisms based on samples 
of clogging material. Furthermore, the 
ASTR system was adapted with several 
treatment methods and their performance 
was studied.
Finally, Chapter 8 concludes with a 
summary of the results, and the practical 
and scientific implications of this research 
are discussed. Furthermore, this chapter 
provides a broader perspective on the 
feasibility of agricultural ASTR in the 
near-future and gives recommendations 
for upcoming research.
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Reactive transport modelling of push-pull tests: 
a versatile approach to quantify aquifer reactivity

Introduction

Push-Pull Tests (PPTs) are performed 
to quantify in situ aquifer reactivity 
after introducing various reactants 

such as oxidants or organic pollutants 
(Istok et al., 1997). In the push-phase, a 
solution is injected comprising selected 
reactants and a conservative tracer in an 
aquifer by means of a groundwater well. 

ABSTRACT

Push-pull tests (PPTs) were evaluated with 1-D radially axisymmetric multi-component 
geochemical reactive transport modelling (RTM) to assess aquifer reactivity controlling 
groundwater quality. Nutrient fate and redox processes were investigated in an Aquifer 
Storage and Recovery (ASR) system, in which oxic tile drainage water (TDW; nitrate 
~ 14 mg/L; phosphate ~ 17 mg/L) was stored in an anoxic aquifer for later re-use as 
irrigation water. During the PPTs, the ASR system did not operate. PPTs were performed 
in two monitoring wells (MW2, MW3), with 1 m well screens in contrasting geochemical 
formations at different depths. In these wells, 300 L TDW was injected, and consecutively 
720 L was abstracted within 12 days, during which water quality changes were studied. 
The RTM simulated cation exchange, precipitation of Hydrous Ferric Oxides, Iron(III)-
phosphate and Calcium-phosphate minerals, and surface complexation as equilibrium 
processes. Oxidation of Pyrite, soil organic matter, and dissolved ferrous iron were 
simulated with kinetic rate expressions. Oxygen (within 2 days) and nitrate (within 
4-7 days) were fully reduced during the PPTs. The main reductants were ferrous iron 
(Monitoring Well (MW) 2: 2%, MW3: 13%), soil organic matter (MW2: 93%, MW3: 6%), 
and Pyrite (MW2: 5%, MW3: 81%). The intra aquifer differences in dominant reduction 
pathways are remarkable as higher reduction rates coincided with lower contents of soil 
organic matter and Pyrite, respectively. Phosphate was mostly re-abstracted (MW2: 73%, 
MW3: 64%) and partially immobilized due to precipitation of Iron-hydroxyphosphates 
(MW2: 4.6, MW3: 35%), Hydroxyapatite (MW2: 23%, MW3: 0%), and to a lesser extent 
by surface complexation on various minerals (MW2-3: <1%). The PPT-RTM approach 
enables a better understanding of reaction networks controlling water quality changes, 
and the reaction kinetics. PPT-RTM is a promising tool in exploratory studies or regular 
monitoring of water quality aspects of subsurface water technologies.

This chapter is based on:
Kruisdijk and van Breukelen (2021) Applied Geochemistry (131): 104998
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Subsequently, injected water is gradually 
abstracted from the same well and water 
samples are frequently taken for chemical 
analysis during the pull-phase. Water 
composition changes during the PPT 
contain highly valuable information on 
reactive processes. PPTs are widely used 
to quantify aquifer reactivity in relation 
to oxidants (e.g., McGuire et al., 2002; 
Vandenbohede et al., 2008), nutrients 
(e.g., Boisson et al., 2013; Eschenbach et 
al., 2015), and trace metals (e.g., Radloff 
et al., 2017; Ziegler et al., 2015). PPTs have 
substantial advantages over laboratory 
batch or column experiments: (i) aquifer 
volume investigated is typically larger 
and therefore more representative, and 
(ii) there is less potential disturbance and 
contamination of aquifer materials (Istok, 
2012).
In recent years, PPT results have been 
interpreted with various models. For 
example, in situ reaction rates, and 
retardation factors were estimated 
with simplified analytical models (e.g., 
Haggerty et al., 1998; Istok et al., 1997; 
Schroth et al., 2000). Furthermore, 
numerical models simulating 
groundwater flow and solute transport 
have been applied to fit reaction rate 
constants to observed data (Phanikumar 
& McGuire, 2010; Vandenbohede et al., 
2008). Both model types calculate the 
best-fit of a single-process rate equation to 
the observed PPT results. Therefore, they 
cannot interpret coupled processes, such 
as aqueous equilibria, mineral dissolution/
precipitation, cation exchange, surface 
complexation, and coupling specific 

oxidants to specific reductants.
Multi-component geochemical reactive 
transport models (RTMs) can simulate 
these coupled processes but have not 
yet been applied to simulate PPTs. They 
provide information about possible 
reaction networks, rates, and factors 
that control these rates. RTMs have 
successfully simulated aquifer reactivity 
in relation to, contamination by oxidants 
(Antoniou et al., 2013; Appelo et al., 1998), 
nutrients (Korom et al., 2012; Spiteri et 
al., 2007), and trace metals (Rahman et 
al., 2015; Wallis et al., 2011); subsurface 
water technologies such as Aquifer 
Thermal Energy Storage (ATES)(Bonte 
et al., 2014; Possemiers et al., 2016), 
Monitored Natural Attenuation (MNA)
(Bessinger & Hennet, 2019; Thouement et 
al., 2019), and Managed Aquifer Recharge 
(MAR)(Antoniou et al., 2013; Zuurbier 
et al., 2016). For the current study, RTM 
advantages compared to the before 
mentioned models are, (i) the opportunity 
to couple and quantify O2 and NO3  
consumption to their specific reductants, 
(ii) to assess PO4 immobilization coupled 
to precipitation processes and surface 
complexation, and (iii) to address 
secondary effects of redox processes and 
mineral precipitation/dissolution on pH, 
surface complexation, cation exchange 
and solute concentrations.
In this study, we illustrate the advantages 
of interpretation and simulation of PPTs 
with RTM. The PPT-RTM approach 
was used to study nutrient fate in an 
agricultural ASR system in which tile 
drainage water (TDW) was injected, 
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consisting of relatively high NO3 and 
PO4 concentrations. Nutrient fate during 
aquifer storage and recovery (ASR) needs 
to be understood: do they degrade/(im)
mobilize, do they induce other desired/
undesired processes, or can they be re-
used in irrigation water? The objectives 
of this study are (i) the development of 
a RTM to simulate PPT data, and (ii) 
application of the PPT-RTM approach at 
two depths to assess and quantify nutrient 
fate within the aquifer. Finally, we evaluate 
the role of PPT-RTM in subsurface water 
technology research, such as MAR, ATES, 
and MNA.

Methods

Description of the ASR system
The research site (coordinates: 52.891224, 
4.825781) is located approximately 1.3 km 
from the Wadden Sea, in a polder close 
to the village Breezand, in the Northwest 

of the Netherlands. The main land use in 
the polder is agriculture, more specificly 
flower bulb cultivation. The research set-
up consists of an Aquifer Storage and 
Recovery (ASR) system and 5 monitoring 
wells (MW) (see Figure 2.1).
The ASR system stores fresh tile drainage 
water (TDW) collected from a 2.3 ha 
parcel in a confined aquifer. Stored TDW 
can be abstracted for irrigation water use 
in dry summers. In February 2014, the 
system was taken into service, after which 
5055-7455 m3 TDW was injected per year 
for 2015-2016. This is 26-44 % of local 
precipitation. The collected TDW origins 
from drainage pipes below the parcel. 
They all end up in a collection drain that 
discharges in a reservoir (volume is ~ 1 
m3), in which the Electrical Conductivity 
(EC) is continuously sensed as a measure 
of salinity. TDW with an EC > 1700 μS/
cm is discharged to the surface water 
system. Suitable water is transported 

Figure 2.1: Site maps of the ASR system, showing the drained area of the agricultural field, the monitoring wells (MW 
1-5) and the ASR system in the left panel. The two panels at the right show the ASR system region.
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to a buffer tank (volume is ~ 32 m3). 
As the waterlevel exceeds a threshold 
in the buffer tank, water is pumped to 
a slow sand filter (surface area = 32 m2, 
thickness = 1.59 m, grainsize = 1.0-1.8 
mm, capacity = 240 m3/day), followed by 
a rapid sand filter (surface area = 0.30 m2, 
thickness = 0.69 m, capacity = 336 m3/
day) . Afterwards, the water is injected 
into the aquifer through all 4 ASR wells 
in equal proportions. These wells are 
constructed in one borehole, each with 
4 m well screens, separated by a 1 m gap, 
together ranging from a depth of 11-30 
m below ground surface (b.g.s.) (Figure 
2.2). Abstraction only occurred from the 
upper 3 wells, to prevent salinization. 
Injected and abstracted water volumes 
were monitored per well screen. At the 
time of the PPTs (June/July, 2015), 11,200 
m3  TDW was injected and approximately 
1,100 m3 abstracted.

Hydrogeology
Local hydrogeology has been derived from 
local bore hole sediment descriptions  
and the national database DINOloket 
(TNO-NITG). DINOloket estimates local 
hydrogeology by interpolating data from 
drilling descriptions and soundings around 
the target location (GEOTOP model). 
The top soil consists of an approximately 
1 m sand layer, wherein the drainage 
pipes are situated. The deeper subsurface 
consists of a Holocene confining top 
layer till 7.5 m-b.g.s., consisting mostly of 
clay and small peat layers. Thereunder, a 
late Holocene and Pleistocene aquifer is 
situated, built up from various geological 

formations. With at the top the Boxtel 
formation reaching to about 20 m-b.g.s, 
in which MW1 is positioned. It is 
formed by mostly fine eolian and fluvial 
sands deposited from early Holocene till 
middle-Pleistocene (Schokker, 2005). 
Below from 20 to 30 m-b.g.s, the Drenthe 
formation was formed by more coarse 
sands during the last glacial period of the 
middle-Pleistocene (Bakker, 2003). The 
well screen of MW2 is situated in this 
formation. MW3 is situated in the Urk 
formation which is observed underneath, 
consisting of mostly fluvial fine sands 
from about 30 until 45 m-b.g.s., which 
are deposited in the middle-Pleistocene 
(Bosch, 2003)).

Groundwater and sediment sampling and 
analysis
Three monitoring wells (MW1, 2, and 3) 
were installed in a bailer drilled borehole 
at approximately 1 m from the ASR well 
(see Figure 2.2). Before and during the 
PPTs, water samples were taken daily 
from these wells starting on 25-06-2015. 
Furthermore, water samples were taken 
outside the ASR system influence in MW4 
and 5 at 07-07-2015, to characterize native 
original groundwater. These monitoring 
wells were unaffected by injected TDW, 
which can be concluded from stable and 
relatively high EC sensed by CTD divers 
(van Essen Instruments, the Netherlands) 
(see Appendix 1 (A.1)). 
Water samples were collected with a 
peristaltic pump; sensed for EC, pH, 
temperature, and O2 in the field; filtered 
(0.45 µm sterilized membrane, PALL 
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corporation, U.S.A.); and stored in 10 
mL PE vials. Anions (Br, Cl, F, NO2, 
NO3, and SO4) were analysed with Ion 
Chromatography (IC; DX-120, Thermo  
Fisher Scientific, U.S.A.). Samples for 
Na, K, Ca, Mg, Fe, Mn, Al, Si, S, P and 
trace metals such as Ni, Zn, and As were 
acidified with HNO3 (1:100) and analysed 
with Inductively Coupled Plasma – 
Optical Emission Spectrometry (ICP-
OES; Varian 730-ES, Varian Inc., U.S.A.). 
The same samples were analysed for 
Alkalinity (filtrated) and NH4 (filtrated 
and acidified) with Discrete Analysis (DA; 
Aquakem 250, Labmedics, U.K.). 
Three sediment samples were taken 
with stainless steel thin-wall tubes (so-
called Ackermann tubes) at the well 
screen depths of MW1, 2, and 3. The clay 
fraction (<2 µm) was analysed by sieving. 
Sedimentary organic matter (SOM) and 
carbonate mineral content were analysed 
using thermogravimetric analysis (TGA; 
at 330, 550, and 1000°C). Total element 

contents were analysed using ICP-OES, 
after destruction with HNO3.
Deriving mineral contents from total 
element analysis
Various geochemical parameters were 
estimated from the total element analysis 
of the sediment samples. Total reactive 
iron (FeTR), Pyrite (FeS2), Pyrite bound 
iron (Fepy), and non-Pyrite reactive iron 
(Fereac) contents were obtained from S, 
Fe2O3, and Al2O3 contents. This method 
has been succesfully used for Dutch 
aquifer sediments in previous studies 
(Bonte et al., 2013; Griffioen et al., 2012; 
Zuurbier et al., 2016).
Total reactive iron was calculated using 
the following empirical equation: 

Figure 2.2: Cross-section presenting the confining top layer (dark brown) and the underlying confined aquifer divided 
in various geological formations, the ASR system consisting of 4 well screens, and the locations of monitoring wells 
(MW) 1-5. 

where FeTR is total reactive iron (% d.w.), 
Mi  is the molecular weight of i (g/mol), 
and Fe2O3 and Al2O3 are the total Fe and 

Fe =
2 × M
M

× (Fe O 0.225 × Al O ),  (2.1)
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Al content, respectively (% d.w.). The Fe 
content is assumed to be partly fixed in 
low reactive silicate structures (Canfield 
et al., 1992). This is adressed in an 
empirical relation, where silicate-bound 
Fe2O3 amounts to approximately 22.5% of 
total Al2O3 content (Dellwig et al., 2002; 
Dellwig et al., 2001; Huisman & Kiden, 
1998).
Pyrite and Pyrite bound iron contents 
were calculated from the total S content: 

where S  is the sulphur content (% d.w.). 
The total S content  of the sediment 
samples is assumed to originate from 
the mineral Pyrite, and thus not from 
organic S, Gypsum, or other Fe-sulphide 
minerals. This is justified as: (i) observed 
reaction stoichiometry during incubation 
experiments indicate that Pyrite is 
prevalently present as reductant in various 
Dutch sediments (Hartog et al., 2005; 
Hartog et al., 2002; van Helvoort et al., 
2005), and (ii) field studies on S speciation 
show that iron sulphide minerals other 
than Pyrite are minor in various kinds of 
sedimentary groundwater settings (Bates 
et al., 1998; Chambers & Pederson, 2006; 
Jakobsen & Cold, 2007; Massmann et al., 
2004; Schwientek et al., 2008).
Total non-Pyrite reactive Fe (Fereac) can 
be determined by subtracting the Pyrite-
bound Fe (Fepy) from the total reactive 
Fe (FeTR) (equation (2.4)). The calculated 
Fereac  mainly relates to Hydrous Ferric 
Oxides.

Cation exchange capacity
The cation exchange capacity (CEC) was 
calculated with an empirical formula 
(Appelo & Postma, 2005), which resulted 
in satisfying results for Dutch sediments 
in previous studies (Karlsen et al., 2012; 
Zuurbier et al., 2016). This formula relates 
CEC to clay and organic carbon content:

where % clay is the fraction of the grain 
size distribution <2 µm and %C is the 
organic carbon content.

Push-Pull Tests
Push-Pull Tests (PPT) involve injecting 
water of known chemical composition 
through a well screen into an aquifer, 
followed by gradual abstraction of this 
water, during which water samples are 
taken to assess water quality (Figure 2.3) 
(Istok et al., 1997). Initial groundwater 
samples were taken before the start of 
the PPTs. PPTs were conducted in MW1, 
2, and 3, from which the top of the 1 m 
well screens are at -11.0, -22.5, and -33.8 
m-b.g.s, respectively. During the PPTs, 
the ASR system was not operating.
TDW was collected from the ASR 
buffertank (see Section 2.1) and was 
stored in a 500 L tank. After adding the 
conservative tracer Br (as NaBr; final 
concentration 35-40 mg/L), water was 
manually mixed with a pole. Storage time 

FeS = 0.5M /M S, 

Fe = Fe Fe  

CEC 
meq
kg

= 7(%clay) + 35(%C) 
Fe = 0.5M /M S, 

 (2.2)

 (2.3)

 (2.4)

 (2.5)
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in the 500 L tank was under an hour, after 
which injection started. Approximately 
300 L TDW was injected (push-phase) 
with a steady flow rate of approximately 
2 L/min,  monitored with a flow and 
volume meter. During injection, we took 
4 water samples of the injection water at 
the exit of the 500 L tank, to verify that the 
tracer was well mixed within the TDW. In 
the abstraction phase (pull-phase), water 
samples were collected after abstracting 
60 L water with a 1-2 L/min flow rate every 
24 hours during 12 days. The abstracted 
60 L ensured that water residing in the 
aquifer was sampled as the maximum 
dead volume of the wells was  about 37 L. 
To recover most of the injected water, 2.5 
times the injected volume was abstracted 
(720 L). 
At the shallowest well screen (MW1), 
injected water was poorly retrieved during 
the abstraction phase, as demonstrated 
by the low tracer recovery (see A.6). We 
assume that injected water drifted away 
by unexpectedly high groundwater flow, 

which did not allow for further data 
interpretation and modelling. Therefore, 
the PPT at MW1 will not be discussed 
further in this article.

General model setup
For each PPT, an RTM was set up 
assuming purely lateral flow and a water 
flux corresponding to the pumping rate 
applied to the well screen. RTMs were 
developed using PHREEQC (version 
3.4.5; Parkhurst and Appelo (2013)). 
The WATEQ4F database was used for 
equilibrium constants for, acid-base, 
mineral dissolution and precipitation, 
cation exchange, and surface complexation 
reactions (Ball & Nordstrom, 1991). PPTs 
were conceptualized as axisymmetric 
one-dimensional flow paths (see A.2.1 for 
rationale). The radial axisymmetric one-
dimensional flow was simulated by cells 
of varying length (Antoniou et al., 2013; 
Appelo & Postma, 2005; Bonte et al., 
2014; Rahman et al., 2015). Each cell has 
the same volume, but due to radial flow 

Figure 2.3: Schematical overview of a single well push-pull test (PPT) to study in situ biogeochemical reactions. The 
grey rectangle shows the monitoring well, where the bottom striped rectangle represents the well screen. The top layer 
(dark brown) is the confining top layer, where under the aquifer is shown. The blue circle represents the water injected 
into the aquifer. The native groundwater is shown in red. The dashed lines indicate the changes in groundwater level 
during the 2 phases.
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cell lengths decrease further away from 
the injection/abstraction point. The flow 
path length is based on the maximum 
injected water radius during the PPT, 
which is approximately 1.0 m, assuming a 
300 L injection volume, a porosity of 0.3, 
horizontal flow, a homogeneous aquifer, 
and neglecting dispersion. This flow path 
was divided in 50 cells. The length of the 
first model cell was calculated according 
equation (2.6) (Appelo & Postma, 2005),
and the successive cell lengths were 
calculated according to equation (2.7),

where ntot is the total amount of cells and 
n is the cell number.
A part of the solutes transports further 
into the aquifer due to dispersion. 
To enable simulation of dispersion, 
additional cells were added to the RTMs 
in three steps. First, the longitudinal 
dispersivity was determined per RTM, by 
automatic parameter optimization (see 
Section 2.5.4) in a conservative transport 
model version with 300 cells. Second, the 
obtained longitudinal dispersivity was 
utilized in the RTMs and its results were 
used to assess the influence of dispersion. 
Cells in which the influence of dispersion 
was smaller than 1‰ (meaning that less 
than 1‰ of the injected water reached 
those cells) were removed from the 
model, to optimize run time. Third, one 
extra cell was added at the flow path 

start, which simulates the non-reactive 
monitoring well and gravel pack. No 
chemical processes were set to occur in 
this cell. A small cell length (0.001 m) was 
appointed to this cell, so that the impact 
on dispersion during the simulation was 
negligible. The final RTM cell length of 
MW2 was 121 cells, and of MW3 148 cells.
In both RTMs, the push-phase was 
simulated with 50 forward shifts of 
0.00208 days (51 together with the 
forward shift to the non-reactive first 
cell). During each shift, advection is 
simulated by moving the solution in each 
cell to the downstream neighbouring 
cell. Dispersion is simulated afterwards 
by mixing the solutions contained in 
neighbouring cells in certain proportions. 
For model simplicity, the 12 day pull-
phase was simulated as a continuous 
abstraction phase with a low steady flow, 
instead of the actual abstraction of max. 
1 hour with a high flow rate followed by a 
stagnant phase for the remainder of each 
day. This simplification did not result in 
significantly different RTM outcomes 
(A.9). The pull-phase was simulated with 
120 shifts in backward direction with a 
time step of 0.1 day.

Injection and initial groundwater 
composition adopted in RTM
Injection water composition (as applied in 
PHREEQC) was determined by averaging 
the four samples taken during injection. 
Concentration deviations over time were 
less than 5% for all solutes compared 
to the mean concentration, except for 
the low Fe(II) and NH4 concentrations 

length(cell 1) =  
length �low path

n
 

length(n) = length (cell 1)  × ( n  (n 1)) 

 (2.6)

 (2.7)
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(maximum deviation 20%) (see A.2.2). 
The last PPT sample composition (almost 
entirely initial groundwater) was selected 
to represent initial groundwater in the 
RTMs, instead of the initial groundwater 
composition for reasons explained in 
Appendix Section A.2.3.

Overall conceptual hydrogeochemical 
model and implemented reaction network
Figure 2.4 presents a simplified conceptual 
reaction network of the RTMs. Cation-
exchange reactions and pH effects are not 
visualized, and only a simplified version 
of surface complexation is presented. 
Oxic TDW (containing O2 and NO3) is 
injected in an anoxic aquifer containing 
various reductants that may subsequently 
oxidize. Aerobic respiration and 
denitrification are processes known to 
occur in aquifers by oxidation of organic 
matter, Pyrite, and dissolved Fe(II) 
(Antoniou et al., 2013; Griffioen et al., 
2012). In the RTMs, oxidation of dissolved 
Fe(II) was only assumed by O2 (see 
Section 2.5.3). Dissolved Fe(II) oxidation 
results in Fe(III), which will quickly form 
Fe(III)-precipitates under circumneutral 
pH conditions. 
Senn et al. (2015) investigated the 
interdependent effects of PO4, silicate and 
Ca on the composition and structure of 
Fe(III)-precipitates. They proposed that 
Fe(III)-precipitates should be described as 
a mixture of three types, whose proportions 
depend on formation conditions and 
physicochemical properties of the 
precipitates: (i) amorphous (Ca-)
Fe(III)-phosphate precipitates with 

varying compositions, which were 
simulated in the RTM as the minerals Fe-
hydroxyphosphate (Fe2.5PO4(OH)4.5) and 
Hydroxyapatite (HAP; Ca5(PO4)3OH) 
(ii) Fe-hydroxides, which was modelled 
as amorphous Fe(OH)3; and (iii) poorly-
crystalline lepidocrocite (FeO(OH)) 
and Goethite (FeO(OH)), which were 
simulated in the RTM as Goethite. Ca- 
and Fe(III)-precipitate hydroxide groups 
function as surface complexation sites 
which sorb ions such as PO4 (Dzombak & 
Morel, 1990).

Redox reactions
Pyrite, SOM, and dissolved ferrous iron 
oxidation were simulated as kinetically 
controlled processes. Abiotic Pyrite 
oxidation by O2 was simulated using 

Figure 2.4: Simplified conceptual reaction network of 
RTM simulated processes, where amorphous Fe(OH)3 is 
abbreviated to (a)Fe(OH)3. Colours and line types indi-
cate reaction types and state of matter. It does not present 
cation-exchange reactions, nor pH effects and shows a 
simplified version of surface complexation.
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the Williamson and Rimstidt (1994) rate 
equation. This equation was extended 
with the oxidation by NO3, using the 
modifications from Eckert and Appelo 
(2002):

where A/V is the initial surface area 
to solution volume ratio (m2 L-1), m/
m0 is a factor which accounts for initial 
surface area changes resulting from 
the progressing reaction, mi is the 
concentration of i (mol L-1), and f is a factor 
that is assumed to be 1, but which could 
be decreased to fit lower denitrification 
rates. The term (1-ΩFeS /51) accounts for 
possible dissolution or precipitation in 
the absence of oxidants, where   is the 
saturation ratio for Pyrite and the factor 
51 is used to obtain a smooth transition. 
Biological SOM oxidation was simulated 
using a Monod type reaction from Van 
Cappellen and Gaillard (1996): 

where mi is the concentration of i (mol 
L-1),  (m/m0)som is the current SOM 
content divided by the initial content, 
rmax(i)  is the maximum rate constant of i 
(d-1),  ki is the half-saturation constant, 
corresponding to the concentration of i 
which is equivalent to 0.5  (mol L-1). The 
term (kO2

in/kO2
in+mO2)  was included in 

this reaction to prohibit NO3 reduction 
if O2 is available, where  kO2

in = kO2  as 
suggested by Van Cappellen and Gaillard 
(1996). 

This reaction only simulates SOM 
oxidation related to aerobic respiration 
and denitrification. SO4 and Fe(III) 
reduction were assumed to be insignificant 
concerning the relatively short time span 
of the PPTs, and as the oxidized conditions 
impeded their occurrence.
A WATEQ4F database modification 
was required to simulate homogeneous 
ferrous iron oxidation by O2 to ferric iron. 
Ferrous and ferric iron valance states were 
decoupled, as was successfully performed 
before by Antoniou et al. (2013) and 
Rahman et al. (2015). This process was 
simulated kinetically using the rate 
expression from Singer and Stumm 
(1970): 

where kFe is the rate constant, [OH-]
represents the OH- activity,  PO2 is the O2 
partial pressure, and  mFe2+ is the ferrous 
iron concentration (mol L-1). A rate 
constant (kFe) was used of 2x1013 M-2 atm-

1 min-1, obtained from Davison and Seed 
(1983). This universal rate constant can 
be used in natural freshwaters with a pH 
range between 6.5-7.5 and a temperature 
range between 5-35°C. Smith et al. 
(2017) demonstrated that anoxic nitrate-
dependent iron oxidation can occur in 
groundwater. Nevertheless, it was not 
simulated in this study. We obtained 
satisfying fits by only simulating ferrous 
iron oxidation by O2, which indicates that 
simulation of ferrous iron oxidation by 
NO3 does not impact iron concentrations 

r = 10 . ×
A
V

×
m

m

.
× m .

× m . + fm . + (
1

51
) 

r = m × × (r  ( ) × +

r  ( ) × × ) 

 (2.8)

 (2.9)

r = (k [OH ] P ) ×  m   (2.10)
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significantly. Heterogeneous oxidation of 
adsorbed Fe(II) was simulated kinetically 
in an exploratory run using the rate 
equation provided by Tamura (1976). 
Effects on Fe(II) concentrations were 
negligible (see A.3) and therefore the 
process was excluded from the RTM.

Mineral precipitation
Hydrous Ferric Oxide (HFO) 
precipitation is a fast reaction and was 
therefore simulated as an equilibrium 
process, as performed before by Antoniou 
et al. (2013) and Rahman et al. (2015). 
In the RTMs, HFO were divided in 
three groups according to Section 
2.5.2.: freshly precipitated amorphous 
Fe(OH)3; amorphous (Ca-)Fe(II)-
phosphate precipitates, simulated as 
freshly precipitated Fe-hydroxyphosphate 
(Fe2.5PO4(OH)4.5)  and HAP 
(Ca5(PO4)3OH); and initially present aged 
crystalline Goethite minerals (FeO(OH)). 
Amorphous Fe(OH)3 precipitation/
dissolution was simulated in equilibrium 
using the chemical reaction below from 
the WATEQ4F database, with a log K of 
4.891: 

Fe-hydroxyphosphate precipitation/
dissolution was simulated using the 
reaction proposed by Luedecke et al. 
(1989), with a log K of -96.7:

Fe(OH) + 3H = Fe + 3H O 

HAP precipitation shown in equation 
(2.13) with a log K of -3.421, was modelled 
as a kinetic reaction: 

To our knowledge, rate equations for HAP 
precipitation in aquifers are not available. 
Therefore, the rate was modelled in 
the simplest way, as the product of the 
observed rate constant and the saturation 
state minus 1, as performed before by 
Nancollas (1979) and van Breukelen et al. 
(2004): 

5Ca  +  3HPO + H O = Ca (PO ) OH +  4H   

R = K ( 1) 

where R is the precipitation rate, Kobs is 
the observed rate constant and Ω is the 
saturation state. 
Crystalline iron oxides initially present 
in the aquifer were simulated as Goethite 
minerals. The Fereac content calculated 
with equation (2.4) was kept constant 
during the simulations.
Common reactive minerals observed 
in Dutch Pleistocene aquifers were 
not included in the RTMs e.g., Calcite 
(CaCO3), Dolomite (CaMg(CO3)), 
Gypsum (CaSO4), and Siderite (FeCO3)
(Griffioen et al., 2016), just as the mineral 
Vivianite (Fe3(PO4)2) which could 
influence PO4 concentrations. RTMs 
simulated the observed mineral saturation 
indices (SIs) of these minerals already well, 
without adding mineral precipitation/
dissolution processes (Figure A.4).

 (2.11)

 (2.13)

Fe . PO (OH) . = 2.5Fe + PO + 4.5 OH  

 (2.12)

 (2.14)
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Surface complexation
Surface complexation of Ca, Mg, 
Mn(II), Fe(II), HCO3, PO4, SO4, and F 
was modelled on amorphous Fe(OH)3, 
Goethite, Fe-hydroxyphosphate, and HAP. 
An extensive surface complexation model 
and associated database (electrostatic 
diffuse double layer model) is available 
on HFO (Dzombak & Morel, 1990), 
which is included in the WATEQ4F 
database. A surface area of 600 m2/g, site 
densities of 0.2 mol weak sites/mol and 
0.005 mol strong sites/mol were used for 
amorphous Fe(OH)3. The same model 
and database were also applied for surface 
complexation to Goethite, as executed 
before by Appelo et al. (2002); Bonte et al. 
(2014); Dixit and Hering (2003). Goethite 
is less reactive than HFO, therefore a lower 
surface area and site densities were used, 
which resulted in successful simulations 
in previous studies (Rahman et al., 2015; 
Stollenwerk et al., 2007). A surface area 
of 2.89 m2/g, and site densities of 1.02 x 
10-4 mol weak sites per mol, and 2.55x10-
6 mol strong sites per mol were adopted 
from Stollenwerk et al. (2007). 
Unfortunately, such a database is not 
available for Fe-hydroxyphosphate and 
HAP. These minerals were simulated 
adopting the same surface area and site 
densities as for amorphous Fe(OH)3. 
Therefore, the WATEQ4F database 
needed slight adjustments. The surface 
complexation part in the WATEQ4F 
database was copied, and amorphous 
Fe(OH)3 was replaced with the respective 
mineral names. Fe-hydroxyphosphate and 
HAP minerals were assumed not initially 

present.

Cation exchange
Cation exchange was simulated for Na, K, 
Ca, Mg, Fe, Mn, and NH4, using reaction 
equations from the WATEQ4F database. 
The CEC used in the model was calculated 
with equation (2.5).

Automatic model calibration and 
parameter estimation
Automatic model calibration and 
parameter estimation was performed 
with PEST (v.15) using the Gauss-
Marquardt-Levenberg method algorithm 
(Doherty, 1994), thereby following a 
similar procedure as previous studies (e.g. 
Antoniou et al., 2013; Karlsen et al., 2012; 
van Breukelen et al., 2004; Van Breukelen 
et al., 2017).  
In parameter optimization, weights 
appointed to observations play an 
important role. They were determined 
based on a method proposed by Hill 
(1998). A 5% accuracy was expected 
for the measured solutes. Therefore, the 
weights were calculated as:

w =
1.96

0.05 ×  C
 

where wi is the weight of observation i, and  
Ci is the concentration of observation i. 
Surface complexation, cation exchange, 
and Fe(II) oxidation parameters were 
not optimized, and instead adopted from 
the WATEQ4F database or literature. 
Parameter optimization was performed 
for each process in individual PEST 

 (2.15)
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runs. First, the dispersivity coefficient 
was optimized by fitting the RTMs to 
the observed tracer concentrations. 
Second, the initial surface area to 
solution volume ratio (A/V) for Pyrite 
oxidation was optimized by fitting the 
model to observed SO4 concentrations. 
Pyrite oxidation produces SO4, which 
can be used to quantify the oxidation 
rate (Korom, Schuh, Tesfay, & Spencer, 
2012). SO4 was assumed to behave 
conservatively after production, because 
(i) SO4 reduction is unlikely in the short 
time span and the oxidized conditions, 
(ii) surface complexation effects on SO4 
concentrations are little (see A.5), and 
(iii) SO4 minerals like gypsum were under 
saturated and therefore not present in the 
aquifer. Third, the  rmax(i)  and ki  (where i 
= O2 and NO3) terms of SOM oxidation 
were fit on observed O2 and NO3 
concentrations. 
For MW2, the last step was to optimize 
the HAP precipitation rate. Multiple RTM 
runs were performed manually (without 
PEST) with varying precipitation rate 
constants (Kobs: 0 – 1x10-8 mol/year), after 

which the best fit was visually examined 
after plotting RTM results.

Nutrient and redox mass balances
Two mass balances were made to identify 
governing processes controlling O2, NO3, 
and PO4 fate. The first, for O2 and NO3, 
depends on various redox processes. 
The second, for PO4, depends mostly on 
precipitation and surface complexation 
processes. Compound masses going in, 
going out, and remaining in the aquifer 
were determined based on the RTM 
results. Masses going in the aquifer were 
determined by multiplying compound 
concentration with the injection water 
volume during the push-phase. Masses 
going out of the aquifer were obtained by 
multiplying compound concentrations 
departing the aquifer during the pull-
phase with the cell volume, after which 
all masses of the time steps were summed. 
These solute concentrations were obtained 
from the first non-reactive model cell 
during simulation and adjusted for initial 
groundwater concentrations. During the 
pull-phase, 420 L initial groundwater was 

Reac�on Reac�on equa�on Electrons  

Pyrite oxida�on FeS +  8H O  Fe +  2SO + 14H + 14  +14  

Soil organic ma�er 
oxida�on 

CH O + 2H O  HCO + 5H + 4  +4  

Iron oxida�on Fe  Fe +  +  

Aerobic respira�on O + 4H +  4  2H O 4  

Denitrifica�on NO + 6H +  5  
1
2

N + 3H O 5  

Table 2.1: Modelled redox reactions and their electron equivalents.
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abstracted as part of the total volume of 
720 L. This initial groundwater volume 
was multiplied with initial groundwater 
concentrations and subtracted of the total 
abstracted compound masses. Masses 
remaining in the aquifer were determined 
from geochemical content changes, e.g., 
of Pyrite, SOM, Fe-hydroxyphosphate, 
and the sorbed PO4 on minerals by 
surface complexation. Initial content was 
deducted from the final content after 
RTM simulation for every cell, after which 
these content changes were summed.
An additional step was performed for 
the O2 and NO3 mass balance. Obtained 
masses were multiplied with the potential 
release or uptake of electrons, yielding 
electron mass balances. The number of 
electrons involved were obtained from 
the reaction equations in the WATEQ4F 
database (Table 2.1).

Results and disscusion

Composition of groundwater and injection 
water during push-pull tests
Table 2.2 presents the composition of 
injected tile drainage water (TDW), 
(initial) groundwater at the start of 
the push-pull tests (PPTs), and native 
groundwater composition not influenced 
by the aquifer storage and recovery (ASR) 
system.
TDW injected during the two PPTs was 
relatively fresh (EC = 1130-1180 µS/cm) 
and contained relatively high nutrient 
concentrations (NO3: 13.5-14.2 mg/L, 
PO4: 17.0-17.1 mg/L, SO4: 112-113 mg/L, 
K: 59.5-61.2 mg/L), which probably 

originate from agricultural fertilizers. The 
pH (=7.9) was relatively high compared 
to the native and initial groundwater. 
As and Ni concentrations were elevated 
compared to native groundwater. These 
compounds can originate from, (i) the 
natural Dutch subsurface, which contains 
these trace metals (Huisman et al., 1997) 
and TDW injection may have induced 
mobilization, and/or (ii) phosphate and 
organic fertilizers, which often contain 
trace metals (Atafar et al., 2008; Jiao 
et al., 2012). The redox state was oxic, 
as dissolved O2 and NO3 is present. 
Consequently, relatively low Fe(II) and 
Mn(II) concentrations were observed. 
Native groundwater was analysed from 
2 monitoring wells (MW4 and 5) that 
were not influenced by the ASR system. 
Groundwater was relatively fresh at MW4 
(EC = 2720 µS/cm) and more brackish 
deeper in the aquifer at MW5 (EC = 
9360 µS/cm), which indicates a salinity 
stratification from fresh to more saline 
with depth. The groundwater redox state 
is deeply anoxic, with a combination 
of Fe(III) reducing, as shown by the 
presence of Fe(II); SO4 reducing, as SO4 
concentrations are near zero, while the 
groundwater originates from sea water 
with higher Cl/SO4 ratios; and possibly 
methanogenic conditions. 
ASR injected water influenced the 
groundwater composition at MW1-3 
before the start of the PPTs.  At MW1-2, 
groundwater had a TDW signature, with 
lower EC and higher pH and nutrient 
concentrations (NO3, PO4, SO4 and K) 
than the native groundwater. The redox 
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Parameter TDW (Ini�al) groundwater at PPT well 
(1 m away from ASR system) 

Na�ve groundwater not 
influenced by ASR system 

(30 m away from ASR 
system) 

Code 
 

MW1 MW2 MW3 MW4 MW5         

Sample 
date 

 24-06-2015 24-06-2015 24-06-2015 24-06-2015 07-07-2015 07-07-2015 

Depth well 
screen 

m 
 

11.0-12.0 22.5-23.5 33.8-34.8 9.0-10.0 29.0-30.0 

        

temp ° C 14.4-16.8 9.3 8.4 8.8 9.1 9.2 

pH - 7.9-7.9 7.0 7.2 6.6 6.5 6.5 

EC µS/cm 1130-1180 1110 1160 9570 2720 9360         

O2 mg/L 5.75-5.78 0.00 0.00 0.00 0.00 0.00 

Cl mg/L 122-134 116 127 4190 648 3670 

Br mg/L 35.4-39.2 6.15 3.68 16.7 2.58 10.8 

NO3 mg/L 13.5-14.2 0.31 0.36 1.64 0.10 0.17 

PO4 mg/L 17.0-17.1 16.7 11.4 2.24 9.88 0 

SO4 mg/L 112-113 143 147 15.0 4.24 0.43 

Alkalinity mmol/L 6.28-6.34 6.13 6.07 5.18 8.51 5.33 

Na mg/L 85.6-89.2 84.7 88.2 730 295 473 

K mg/L 59.5-61.2 57.3 59.8 92.7 22.9 37.6 

Ca mg/L 115-124 108 122 1071 140 1100 

Mg mg/L 23.1-25.0 25.1 23.6 486 61.3 215 

NH4 mg/L 0.47-0.54 1.79 0.91 14.3 30.8 19.4 

Fe mg/L 0.026-0.066 0.78 0.13 19.2 1.08 22.5 

Mn mg/L 0.28-0.33 0.35 0.27 4.32 1.32 8.42 

As µg/L 17.4-17.7 12.3 20.7 11.0 <1 <1 

Ni µg/L 6.6-7.9 8.5 26 9.5 <1 <1 

Table 2.2: Concentration ranges of tile drainage water (TDW) injected during the PPTs; the initial groundwater 
composition at the start of the PPTs in monitoring wells MW1,2 and 3; and the native groundwater composition not 
influenced by the ASR system in MW4 and 5. 

state is anoxic, which implies that O2 and 
NO3 present in the injected TDW has 
been reduced. MW3 has a comparable 
EC to MW5, which are located roughly 
at the same depth. This indicates that 
ASR injected water did not influence the 
groundwater composition at this depth, 
because the top of the well screen is located 
approximately 3.5 m below the ASR 
well screens. Nonetheless, slight TDW 
influences can be seen in MW3, especially 
by higher nutrient concentrations (NO3: 

1.64 mg/L, PO4: 2.24 mg/L, K: 92.7 mg/L).

Aquifer geochemistry 
Table 2.3 presents the geochemical aquifer 
characteristics at the well screen depths 
of MW2 and 3, and the mean regional 
contents determined by the Geological 
Survey of the Netherlands (TNO) 
(Klein et al., 2015). TNO investigated 
geochemical characteristics of the first 
tens of meters subsurface in the Western 
part of the Netherlands (provinces Noord- 



Chapter 2: Reactive transport modelling of push-pull tests: A versatile approach to quantify aquifer reactivity

2

60

and Zuid-Holland), based on 47 drillings 
and 1191 soil samples. As the aquifer 
studied consists of sandy sediments, mean 
contents were determined based on 617 
soil samples of the lithology sand (here 
referred to as “mean regional contents”). 
More detailed information on specific 
geological formations have not been 
published.
Geochemical contents are the same 
order of magnitude as the mean regional 
contents for MW2-3.  MW2 has a lower 
clay and SOM content, and therefore also 
a lower CEC compared to MW3 and the 
mean regional contents. Contrary, MW3 
has a relative high CEC, compared to 
the mean regional content. The SOM 
content of MW3 is below the mean 
regional content. A ten-fold higher Pyrite 
content is observed in MW2 compared 
to MW3. The Pyrite content in MW2 is 
relatively high and in MW3 relatively low 
compared to the mean regional content. 
Carbonate contents of MW2 (5.4% d.w.), 
MW3 (6.7% d.w.), and the mean regional 

 MW2 
(Drenthe F.) 

MW3 
(Urk F.) 

Mean 
regional 
contents 

(TNO) 
CEC (meq/kg) 14 63 30 
Pyrite (% d.w.) 0.53 0.05 0.1 
SOM (% d.w.) 0.4 1.0 1.7 
Carbonate (% d.w.) 5.4 6.7 4.0 
Fe_react (% d.w.) 0.28 0.39 0.1 
Clay  
(% d.w.) 

<1 4 1.6 

Table 2.3: Geochemical aquifer properties at the well 
screen depths of MW2-3. The last column shows the 
mean regional geochemical contents in Western Neth-
erland (provinces Noord- and Zuid-Holland)  for the 
lithology sand at the first tens of meters of the subsurface 
(cf. Table 7.1 from Klein, van Gaans, & Griffioen, 2015).

contents (4.0% d.w.) are in about the same 
range. Reactive Fe content in MW2 and 
MW3 is relatively high compared to the 
mean regional contents.

Results PPT-RTM
Figures 2.5 and 2.7 present the PPT results 
and the associated RTM simulations for 
the well screen depths of MW2 and 3, 
respectively. The conservative tracer (Br) 
was fully recovered at both PPTs. Model 
results show generally an acceptable fit with 
the observed concentrations. Simulated 
and observed bromide concentrations 
match relatively well, which means that 
appropriate dispersivity coefficients are 
applied. The PPTs timescale is sufficiently 
long to study nutrient fate, as shown by 
the significant different trends of observed 
reactant concentrations compared to Br 
concentrations. Altogether, the reaction 
network for MW2 and MW3 seems well 
described, as for all solutes a sufficient fit 
was observed. An overview of all model 
parameters is shown in A.7.

Results PPT-RTM MW2
PPT results at MW2 show O2 and NO3 
concentrations decreasing with time, 
compared to their conservative mixing 
concentrations. Injected O2 is fully 
reduced after  about 2 days, and NO3 after   
about 7 days. Simulated O2 reduction 
fits observed concentrations relatively 
well. Observed and simulated NO3 
concentrations display a slower reduction 
rate in the first 3 days than afterwards, 
which reflects that O2 reduction was more 
favourable during this period. Remarkably, 
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Figure 2.5: PPT in MW 2 (shallow) – observed, conservative mixing, and simulated solute concentrations during the 
pull-phase of the PPT. Blue dots are the PPT observations, green dashed lines the simulated concentrations in the 
case only dispersion happened but reactions do not occur (here referred to as “conservative mixing concentrations”), 
and red lines are the final mode results. The dotted purple line shows the simulated concentrations simulated with the 
parameters used for the RTM of MW3. Concentrations of initial groundwater and TDW are indicated with horizontal 
dashed black and cyan lines, respectively. Concentrations are plotted against time after injection and the ratio between 
the volume abstracted and the total volume injected (Vabs/Vinj).

observed concentrations show that 
NO3 reduces simultaneously with O2. 
In previous studies, similar results were 
observed, which were attributed to, (i) 
grain-scale aquifer heterogeneity resulting 
in different redox regimes in pore spaces 
(Jakobsen, 2007; Jakobsen & Postma, 
1999), and (ii) aerobic denitrification 
by bacterial communities (Marchant et 
al., 2017). Simultaneous O2 and NO3 
reduction simulation was not possible 
with the PHREEQC database used. 
Therefore, simulated NO3 concentrations 

declined after O2 consumption, somewhat 
overshooting the first observations. Note 
that NO2 is formed and quickly reduced. 
O2 and NO3 reduction was mostly 
resulting from SOM oxidation. Pyrite 
oxidation and Fe(II) oxidation influences 
were only minor.
Observed SO4 concentrations indicate that 
mostly dispersion controls concentration 
variations, albeit the slight concentration 
increase observed in the first 3 water 
samples. This could not be explained 
by Pyrite oxidation, as this would have 
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resulted in continuous elevated SO4 
concentrations instead of only at the first 
three days. Furthermore, higher Pyrite 
oxidation rates would have resulted in 
higher Fe(II) concentrations. Observed 
Fe(II) concentrations are lower than the 
conservative mixing concentrations and 
are increasing slowly, pointing to Fe(II) 
oxidation. An appropriate Fe(II) oxidation 
rate was used as shown by the satisfying 
fit between simulated and observed 
Fe(II) concentrations (except for the last 
sample). Subsurface iron removal (SIR) is 
suggested by the low Fe(II) concentrations 
during the abstraction of solely 
groundwater towards the end of the PPT. 
Introduced O2 reacts with dissolved and 
desorbed Fe(II) whereby fresh Hydrous 
Ferric Oxides (HFO) is produced, which 
can sorb additional Fe(II) from initial 
groundwater during the pull-phase. The 
pH drops below the conservative pH in 
the first 3 days, which is mostly resulting 
from O2 reduction. Simulated pH fits the 
observed well.
Observed PO4 concentrations are 
lowered compared to conservative 
mixing concentrations. The largest 
PO4 decrease occurs within the first 
day. PO4 concentrations approach 
initial groundwater concentrations 
after approximately 4 days and stay 
stable afterwards. Notice that PO4 
concentrations never decrease below initial 
groundwater concentrations. Simulated 
PO4 concentrations fit the observed 
concentrations well for the first 2 days, 
after which the simulated concentrations 
are higher than the observed till day 8. This 

may point to stronger PO4 sorption than 
modelled. The equilibrium constants of 
surface complexation reactions are often 
calibrated in field studies by adjusting 
their values (e.g., Rahman et al., 2015). 
However, increasing surface complexation 
constants of PO4 did not result in better 
fits (results not shown). Hydroxyapatite 
precipitation (HAP: Ca5(PO4)3OH)  is the 
main process immobilizing PO4. Observed 
Hydroxyapatite SIs are supersaturated 
during the whole PPT, with decreasing SIs 
from the start. They show a comparable 
trend as pH, which could be explained 
by the pH dependency of the reaction 
(equation(2.13)). An acceptable fit was 
obtained for HAP during the first 2 days, 
after which simulated are slightly higher 
than observed SIs till day 6.
Observed alkalinity concentrations 
show slightly lowered concentrations 
compared to conservative mixing 
concentrations during the first 5 days 
of the PPT, afterwards concentrations 
are slightly higher. Simulated alkalinity 
concentrations are in the same range, 
but do not perfectly follow this trend. 
Observed Ca and NH4 concentrations 
show a similar trend. They show a mostly 
conservative behaviour till the bromide 
dispersion front, thereafter concentrations 
decrease below conservative mixing 
concentrations and increase later on to 
reach initial groundwater concentrations. 
Observed NH4 and Ca trends could not be 
explained by cation-exchange processes 
in the RTM.
Figure 2.6 shows observed concentrations 
for four trace metals during the PPT 
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in MW2. Mn concentrations are 
mostly below conservative mixing 
concentrations, which could indicate 
Mn(II) oxidation. Although, observed 
concentrations are scattered and show no 
clear trend. Pyrite oxidation can result 
in increasing As, Ni, Zn concentrations, 
as these trace metals may have co-
precipitated during formation (e.g., 
Larsen & Postma, 1997; Stuyfzand, 1998; 
Zhang et al., 2009). During this PPT, 
only Ni shows unambiguously elevated 
concentrations. As concentrations show 
mostly lowered concentrations during 
the first six days, and afterwards slightly 
increased concentrations compared to 
the conservative mixing concentrations. 
Possibly, As could have been sorbed to 
freshly precipitated minerals during the 
PPT. Increased concentrations afterwards 
could have been caused by displacement 
from sorption sites by competing anions 
in initial groundwater (Wallis et al., 2011).

Figure 2.6: Fate of trace metals during the PPT in MW2. Blue dots are the PPT observations, and green dashed lines 
the conservative mixing concentrations. Concentrations of initial groundwater and TDW are indicated with horizontal 
dashed black and cyan lines, respectively. Concentrations are plotted against time after injection.

Results PPT-RTM MW3
The PPT at MW3 shows similar trends 
for most solutes compared to MW2. 
Concentration differences are larger 
between TDW and initial groundwater for 
some parameters (particularly for Ca, Fe, 
NH4, pH, and SI HAP), due to more saline 
conditions of the initial groundwater 
at MW3. Simulated and observed Br 
concentrations do fit slightly poorer 
compared to MW2. Contrarily, simulated 
SO4, Ca, Fe, and NH4 concentrations show 
a remarkably better fit to the observed 
concentrations.
O2 reduced within   about 2 days, similar 
as in the PPT at MW2. Noteworthy, NO3 
reduction was faster at this depth. It reduced 
in   about 4 days, while this took about 7 
days at the PPT at MW2. The observed 
NO3 trend contrasts compared to MW2, 
as a fast reduction rate is observed directly 
from the start of the PPT. As a result of 
this faster rate, NO2 concentrations 
were twice higher compared to MW2. 
Simulated O2 and NO3 concentrations fit 
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Figure 2.7: PPT in MW 3 (deep) – observed, conservative mixing, and simulated solute concentrations during the 
pull-phase of the PPT. Blue dots are the PPT observations, green dashed lines the simulated concentrations in the 
case only dispersion happened but reactions do not occur (here referred to as “conservative mixing concentrations” ), 
and red lines are the final mode results. The dotted purple line shows the simulated concentrations simulated with the 
parameters used for the RTM of MW2. Concentrations of initial groundwater and TDW are indicated with horizontal 
dashed black and cyan lines, respectively. Concentrations are plotted against time after injection and the ratio between 
the volume abstracted and the total volume injected (Vabs/Vinj).

the observed concentrations well. O2 and 
NO3 reduction is mainly caused by Pyrite 
oxidation, and to lesser extent by SOM 
and Fe(II) oxidation. Pyrite oxidation was 
indicated by an increase of observed SO4 
concentrations, which showed a satisfying 
fit with the simulated concentrations. 
PO4 concentrations show a similar trend 
as observed during the PPT at MW2. 
Observed concentrations approach 
initial groundwater concentrations 

after approximately 9 days, instead of 
about 4 days at MW2. Simulated PO4 
concentrations fit the first observations 
fit relatively well and the observations 
afterwards poorer. Similar to MW2, 
the fit did not improve by increasing 
surface complexation constants of 
PO4 (results not shown). Observed 
HAP SIs were supersaturated before 
and during the mixing front but reach 
equilibrium afterwards. Simulated HAP 
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SIs did fit observed concentrations well, 
without simulating HAP precipitation. 
Remarkably, Fe(III)-hydroxyphosphate 
precipitation is the main process causing 
the lowered PO4 concentrations, instead 
of HAP precipitation at MW2. 
Simulated alkalinity concentrations show 
a slightly better fit compared to MW2, 
although the trend is similar: before the 
mixing front simulated concentrations 
are often higher than observed, and after 
the mixing front lower. Simulated pH fits 
observed concentrations well, except of 
one outlier after ±4 days. Ca and NH4 
show a more conservative breakthrough 
curve compared to MW2, probably 
because of the larger concentration 
differences between the injected and 
initial groundwater. 
Observed Mn(II) concentrations are 
slightly lower during the mixing front than 
the conservative mixing concentrations, 
indicating Mn(II) oxidation. As, Ni, and 
Zn seem to respond similarly at MW3 
and MW2. However, Ni concentrations 

Figure 2.8: Trace metal fate during the PPT in MW3. Blue dots are the PPT observations, and green dashed lines the 
conservative mixing concentrations. Concentrations of initial groundwater and TDW are indicated with horizontal 
dashed black and cyan lines, respectively. Concentrations are plotted against time after injection. 

increase less at MW3 compared to MW2 
(MW2:  max ± 0.35 µmol/L (±21 µg/L); 
MW3: max ± 0.075 µmol/L (±4.4 µg/L)).

Parameter optimization
Table 2.4 shows PEST optimized and 
adopted values of various parameters 
of the RTMs, and a literature range of 
parameter values. The two RTMs showed 
notable contrasts between Pyrite and 
SOM oxidation parameters, which were 
optimized with PEST. The Pyrite oxidation 
term (A/V) was fit to SO4 concentrations. 
In both PPTs, a slight increase (± 0.1 
mmol/L) of SO4 concentrations was 
observed in the first 3 observations. 
Nevertheless, a relatively low (A/V) 
term was obtained for the RTM of MW2 
compared to a high term for MW3. This 
contrast resulted from SO4 concentrations 
continuously exceeding the conservative 
mixing concentrations in MW3, compared 
to only the first 3 observations in MW2. 
Contrarily, average SOM oxidation values 
were obtained compared to the literature 
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range for the RTM of MW2, and low for 
MW3. Parameter optimization for HAP 
precipitation resulted in a Kobs of 2.8x10-
11 for the RTM of MW2. In MW3, adding 
HAP precipitation did not result in a 
better model fit, therefore this process was 
not further considered.

Model results and discussion: aerobic 
respiration and denitrification
Aerobic respiration and denitrification 
are coupled redox processes, which means 
that O2 or NO3 reduction will only occur 
when there is a reductant available. SOM, 
Pyrite, and Fe(II) were the simulated 
reductants in the RTMs. Electron mass 
balances were made to obtain quantitative 
insight in the most important reductants 
related to O2 and NO3 reduction. At 
MW2, 92% of O2 and 34% of NO3 was 
reduced, compared to 94% of O2 and 67% 
of NO3 at MW3. The part not reduced 
was retrieved in the abstracted water. 

Table 2.4: PEST or manually optimized parameter values for the RTMs of the PPTs at MW2 and 3. The last table col-
umn presents the parameter literature range.

Parameter Unit MW2 MW3 eq. Literature values 
dispersivity cm 0.84 1.6 - - 

Pyrite oxidation 

A/V m2 L-1 0.10 0.79 (8) 0.02-1.17 (1,4) 
SOM oxidation 

rmax(O2) s-1 1.0x10-7 1.60x10-9 (9) 1.6x10-9 - 1.2x10-4 (1,2,5,7,8,9) 

kO2 mol L-1 1.0x10-5 2.9x10-4 (9) 1.0x10-6 - 2.9x10-4 (1,2,5,8,9) 

rmax(NO3) s-1 1.0x10-9 1.7x10-11 (9) 1.7x10-11 - 1.2x10-4 (1,2,5,7,8,9) 

kNO3 mol L-1 1.0x10-5 1.6x10-4 (9) 1.0x10-6 - 1.6x10-4 (1,2,5,8,9) 
Hydroxyapatite Precipitation 

Kobs mol s-1 2.80x10-11 - (13) - 
References: Antoniou et al. (2013)1; Brun et al. (2002)2; Davison and Seed (1983)3; 
Descourvieres et al. (2010a)4; Greskowiak et al. (2005)5; Karlsen et al. (2012)6; MacQuarrie 
and Sudicky (2001)7;  D. Schafer et al. (1998)8; W. Schafer (2001)9. 

 

Figure 2.9 displays electron mass balances 
of O2 and NO3 coupled to Pyrite, SOM, 
and Fe(II). The accepted electrons by O2 
reduction are almost identical for MW2 
and 3, as similar TDW was used and 
almost all O2 was reduced. For NO3, less 
electrons were accepted at MW2, as less 
reduction occurred during this PPT. 
At MW2, the most important electron 
donor for O2 and NO3 reduction was 
SOM. SOM reduced 93% of the O2 and 
NO3, during this PPT. Pyrite and Fe(II) 
oxidation reduced only 5% and 2%, 
respectively. At MW3, pyrite oxidation 
reduced most of the O2 and NO3 
(81%). SOM and Fe(II) oxidation were 
responsible for only 6% and 13% of the 
reduction, respectively. MW3 showed 
more Fe(II) oxidation than MW2, which 
resulted from higher Fe(II) concentrations 
in the initial groundwater and a higher 
Pyrite oxidation rate.
Table 2.5 shows an overview of first-order 
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aerobic respiration and denitrification 
rate constants obtained in this study 
compared to previous studies. First-order 
rate constants were calculated with the 
well-mixed reactor model by Haggerty 
et al. (1998). Rate constants were 
estimated based on observations with 
a maximum mixing ratio of 30% TDW 
and 70% groundwater. The reliability of 
aerobic respiration rates is less compared 
to denitrification rates, as only 2 or 3 
observations could be used (A.8). Aerobic 
respiration rate constants were relatively 

Figure 2.9: Electron mass balance for the PPTs in MW2 and 3, split up in accepted electrons during O2 and NO3 
reduction, and released electrons during Pyrite, SOM, and Fe(II) oxidation.

low in comparison to previous studies. 
These studies were mostly determined in 
contaminated aquifers, except for the rate 
constant determined by Vandenbohede et 
al. (2008). Intermediate denitrification rate 
constants were obtained in comparison to 
previous studies. Literature studies show 
rate constants down to 10-1000x smaller 
and up to 10x larger. The large range of 
aerobic respiration and denitrification 
rates is probably caused by factors such 
as hydrogeological aquifer properties, pH, 
microbial activity, and the abundance and 

First-order degrada�on 
Aerobic 

respira�on 
(day-1) 

Denitrifica�on 
(day-1) 

SOM 
(%d.w.) 

Pyrite 
(%d.w.) 

Aquifer material 

Korom et al. (2012)  0.00049-0.0031 0.034-0.10 0.36-0.47 Sand and gravel 
Kölle et al. (1985)  and  
Bö�cher et al. (1989)  0.0013-0.0023   Sand and gravelly sand 

Cunningham et al. (2000)  0.1-0.6   
Silty fine sand; Contaminated 
with hydrocarbons 

this study 2.5-3.8 0.26-0.63 0.4-1.0 0.05-0.53  Fine to coarse sands 

Schroth et al. (1998) 3.6-40 2.2-10.1   
Clayey silt and silt; Petroleum 
contaminated 

McGuire et al. (2002) 14.4 5.0-7.4   
Sand; Contaminated with BTEX 
and chlorinated solvents  

Vandenbohede et al. (2008) 8.8 18   Fine sand 

 

Table 2.5: Overview of first-order degradation rate constants observed for aerobic respiration and denitrification in 
several studies (e.g. the review papers of McGuire (2002) and Korom (1992)). Empty cells indicate that data was not 
available. A factor 2 was assumed to convert total organic carbon to SOM when needed (Pribyl, 2010). Furthermore, 
pyrite contents were calculated from total S by equation (2). 
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reactivity of electron donors (Einsiedl & 
Mayer, 2006; Korom, 1992). 

Model results and discussion: Phosphate 
immobilization
Figure 2.10 presents the PO4 mass 
balance. Injected masses were similar 
in both monitoring wells (MW2: 64.3, 
MW3: 65.2 mmol). In MW2, the main 
PO4(out) component is abstracted PO4 
(73%). PO4 which remained in the 
aquifer is mainly immobilized by HAP 
precipitation (23%) and to a lesser extent 
by Fe-hydroxyphosphate precipitation 
(4.6%). PO4 immobilization by surface 
complexation occurred only slightly 
on HAP and Fe-hydroxyphosphate 
precipitates, respectively 0.60% and 
0.35%. In MW3,  abstracted PO4 is 
similarly the main PO4(out) component 
(64%). PO4 immobilization processes 
are notably different than in MW2. Fe-
hydroxyphosphate precipitation is the 
main cause of PO4 immobilization (35%). 
Furthermore, Fe-hydroxyphosphate 

precipitates are also the main component 
of surface complexation (0.87%). On 
other minerals, surface complexation of 
PO4 was smaller than 0.1%.
Main processes sequestering PO4 differ 
in both aquifer layers. HAP precipitation 
was only simulated in MW2, because 
adding this process to MW3 resulted in 
poorer HAP SI fits. It was ambiguous why 
HAP precipitation only occurred at MW2 
as the HAP SIs at both locations were 
similar. In the RTM, we assumed that the 
initial HAP content was 0. Nevertheless, 
the initial groundwater SI at MW2 was 
supersaturated for HAP (SI=3.2), which 
could indicate that HAP was initially 
present in the aquifer. This could explain 
HAP precipitation at MW2, as minerals 
do not often form by spontaneous 
formation from solution but mostly on 
pre-existing surfaces (Appelo & Postma, 
2005). In MW3, the main process for PO4 
immobilization is Fe-hydroxyphosphate 
precipitation. This process occurred 
more strongly at MW3 as, Fe(II) was 

Figure 2.10: PO4 mass balance for the PPTs at MW2 and 3, where PO4(in) is the total injected PO4 mass during the 
PPT, PO4(out) is the retrieved PO4 during the pull-phase and the precipitated or sorbed PO4  within the aquifer. SC in 
the legend is an abbreviation for surface complexation, and (a) Fe(OH)3 of amorphous Fe(OH)3
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more available, due to the higher Fe(II) 
concentrations in initial groundwater and 
due to more Pyrite oxidation. 

Contrasts between biogeochemical 
reactions at MW2 and MW3
PPTs were performed in two different 
geological formations, with different 
groundwater compositions (Table 2.2), 
geochemical characteristics (Table 2.3), 
and at different depths in relation to the 
ASR system (Figure 2.2). Model parameter 
sets used in the RTMs of MW2 and 3 are 
therefore significantly different (see A.7). 
Two model runs were performed, where 
kinetic parameters of MW2 were used 
for the PPT simulation at MW3, and vice 
versa. Kinetic parameters of MW3 used 
for the PPT simulation at MW2 resulted in 
faster NO3 reduction, due to higher Pyrite 
oxidation rates. Pyrite oxidation also 
resulted in an increase of SO4 and Fe(II) 
concentrations, which did not correspond 
to the observed concentrations. 
Additionally, this parameter set resulted 
in poorer PO4, pH, and SI HAP fits. 
Using the MW2 parameters for the 
MW3 simulation (Figure 2.7) resulted in 
acceptable fits for O2 and NO3, but lower 
Pyrite oxidation rates resulted in poor fits 
for SO4 and Fe(II) concentrations. Other 
solutes showed relatively sufficient fits. 
This shows that the different parameter 
sets are not exchangeable at the different 
well screen depths, and that intra aquifer 
variations require different parameter sets 
for an appropriate simulation. 
At MW2, ten-fold higher Pyrite contents 
did remarkably not result in more Pyrite 

oxidation compared to MW3. Variations 
between the A/V terms at MW2 and 
MW3 illustrate that surface area is a 
more important factor than content 
in controlling Pyrite oxidation rates. 
Surface areas are difficult to estimate from 
sediment samples and can vary multiple 
orders of magnitude (Beckingham et al., 
2016). Optimized A/V terms are within 
the literature range for each RTM, as 
shown in Table 2.4. Descourvieres et al. 
(2010b) deduced even larger A/V term 
variations within one aquifer, although 
the sediment samples were recovered 
from a wider range of depths (190-530 
m-b.g.s.). They observed that higher A/V 
terms correlated with finer sediments. 
This corresponds with our findings, as 
higher A/V terms were observed in the 
finer sediments of MW3.
Similarly, SOM oxidation rates were 
lower in MW3, despite the 2.5x higher 
SOM contents compared to MW2. This 
implies that SOM content is not the most 
important parameter for SOM reactivity 
in this aquifer. Massmann et al. (2004) 
studied redox processes in an aquifer and 
similarly concluded that SOM oxidation 
rates are defined by its reactivity rather 
than its content. Middelburg (1989) 
observed 8 orders of magnitude variation 
for first-order SOM decay rate constants 
in marine sediments, which displays 
the large variation possible in reactivity. 
SOM reactivity in marine sediments has 
been widely studied, but less is known 
about aquifer sediments. Nevertheless, 
Postma et al. (1991) stated that similar 
variations can be expected. SOM origin 
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and composition influences largely its 
reactivity (Kristensen & Holmer, 2001), 
but also the extent of past aerobic oxidation 
(Hartog et al., 2004). SOM depositional 
environments vary significantly at the well 
screen depths of MW2 (glacial deposits) 
and MW3 (fluvial deposits), which makes 
it probable that the past aerobic oxidation 
extent, origin, and composition of SOM 
vary significantly too. Another influence 
on SOM reactivity could be the extent 
of exposure to ASR injected water. As 
elaborated in Section 3.1, the aquifer at the 
well screen depth of MW2 is influenced 
more by the ASR system than at MW3. 
SOM oxidation is a biological process, 
which could be enhanced by ASR injected 
water consisting of nutrients and bacteria.

PPT-RTM for exploration and monitoring 
of subsurface water technologies
The PPT-RTM approach is useful to 
obtain insights in aquifer reactivity with 
respect to subsurface water technologies 
(SWTs). It can be used in support of, or 
as an alternative for, full-scale monitoring 
(e.g., Antoniou et al. (2013); Zuurbier 
et al. (2016)), laboratory incubation 
experiments (e.g., Descourvieres et 
al. (2010a), Hartog et al. (2002)), or 
surface area characterization of minerals 
(Beckingham et al., 2016). A PPT and a 
SWT differ in the spatial and temporal 
scales of application. As shown in this 
study, aquifer heterogeneity resulted in 
different PPT outcomes at different aquifer 
depths. Water quality insights at SWT 
scale can be obtained by performing PPTs 
at multiple depths, as performed in this 

study. PPT results can be extrapolated to 
SWT scale assuming limited heterogeneity 
in longitudinal direction. Furthermore, 
the temporal scale of a PPT is in the order 
of days-weeks, while an SWT system is 
constructed to operate for many years. 
The information gained from a PPT thus 
represents a snapshot of aquifer reactivity. 
PPTs are ideally repeated during SWT 
operation to obtain insights in evolution 
of chemical and biological processes. 
Regular full-scale SWT monitoring data 
can be challenging to interpret as temporal 
water quality variations in observation 
wells can relate to spatial variations in 
groundwater chemistry, or the (highly) 
variable composition of infiltrated water. 
PPT-RTM simplifies interpretation, as the 
injected solution composition is known 
and mixing between the injected water 
and initial groundwater can be assessed 
using a conservative tracer.

Conclusion

We proposed a versatile approach to 
assess in-situ aquifer reactivity, which 
combines Push-Pull Tests (PPTs) with 
Reactive Transport Modelling (RTM). 
This method was performed at an 
agricultural Aquifer Storage and Recovery 
(ASR) site, where nutrient rich tile 
drainage water (TDW) is injected in an 
aquifer during wet periods and abstracted 
during droughts for irrigation water use. 
PPTs were applied to 2 monitoring wells 
(MW2 and 3) with 1 m well screens in 
contrasting geochemical formations at 
different depths. The objective was to 
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assess nutrient fate and redox processes 
in this aquifer in a period without ASR 
operation. PPT results showed relatively 
fast O2 and NO3 reduction and PO4 
immobilization in both monitoring wells. 
For each monitoring well, PPT results 
were simulated with a 1-D radial RTM 
using PHREEQC-3, to obtain information 
about the reaction networks related to the 
observed water quality changes. In MW2, 
92% of injected O2 and 34% of NO3 was 
reduced. SOM reduced 93%, Pyrite 5% 
and Fe(II) oxidation 2% of O2 and NO3. 
The aquifer was more reactive at the well 
screen depth of MW3, which resulted in 
94% O2 and 67% NO3 reduction. Pyrite 
reduced 81% of O2 and NO3, and SOM and 
Fe(II) oxidation contributed to 6% and 
13% reduction, respectively. Reduction 
pathways vary remarkably in MW2 
and 3. Higher SOM (MW2) and Pyrite 
oxidation (MW3) rates were observed 
where their contents were lower. PO4 
immobilization was mainly induced by 
Fe-hydroxyphosphate and Hydroxyapatite 
precipitation. In MW2, 73% of the 
injected PO4 was abstracted during 
the pull-phase, 23% was immobilized 
by HAP precipitation and 4.6% by Fe-
hydroxyphosphate precipitation. In 
MW3, the main PO4 immobilization 
process was Fe-hydroxyphosphate 
precipitation, which immobilized 35% 
of injected PO4. Surface complexation 
on Fe-hydroxyphosphates and Goethite 
contributed to less than 1% of PO4 
immobilization and 64% of injected PO4 
did not immobilize and was abstracted. 
The PPT-RTM approach resulted in a 

better fundamental understanding of 
geochemical processes that determine 
aquifer reactivity. Insights were gained 
about linking oxidants to specific 
reductants, and PO4 immobilization to 
precipitation and surface complexation 
processes.

Appendix A. Supplementary data
Supplementary data to this article 
can be obtained online at https://doi.
org/10.1016/j.apgeochem.2021.104998.
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Denitrification kinetics during aquifer storage and 
recovery of drainage water from agricultural land

ABSTRACT

An aquifer storage transfer and recovery (ASTR) system was studied in which tile drain-
age water (TDW) was injected with relatively high NO3 (about 14 mg/L) concentrations 
originating from fertilizers. Here we present the evolution of denitrification kinetics at 6 
different depths in the aquifer before, and during ASTR operation. First-order denitrifica-
tion rate constants increased over time before and during the first days of ASTR operation, 
likely due to microbial adaptation of the native bacterial community and/or bioaugmen-
tation of the aquifer by denitrifying bacteria present in injected TDW. Push-pull tests were 
performed in the native aquifer before ASTR operation. Obtained first-order denitrifica-
tion rate constants were negligible (0.00 - 0.03 d-1) at the start, but increased to 0.17 - 0.83 
d-1 after a lag-phase of about 6 days. During the first days of ASTR operation in autumn 
2019, the arrival of injected TDW was studied at 2.5 m distance from the injection well. 
First-order denitrification rate constants increased again over time (maximum >1 d-1). 
Three storage periods without injection were monitored in winter 2019, fall 2020, and 
spring 2021 during ASTR operation. First-order rate constants ranged between 0.12 - 0.61 
d-1. Denitrification coupled to pyrite oxidation occurred at all depths, but other oxidation 
processes were indicated as well. NO3 concentration trends resembled Monod kinetics but 
were fitted also to a first-order decay rate model to facilitate comparison. Rate constants 
during the storage periods were substantially lower than during injection, probably due to 
a reduction in the exchange rate between aquifer solid phases and injected water during 
the stagnant conditions. Denitrification rate constants deviated maximally a factor 5 over 
time and depth for all in-situ measurement approaches after the lag-phase. The combina-
tion of these in-situ approaches enabled to obtain more detailed insights in the evolution of 
denitrification kinetics during AS(T)R.

Introduction

Nitrate (NO3) pollution is an environmental 
problem worldwide, to which agricultural 
fertilizers are contributing largely. 
Camargo and Alonso (2006) reviewed the 

ecological and toxicological hazards in 
aquatic environments. They summarized 
that NO3 contamination induces risks 
of acidification and eutrophication. 
Furthermore, toxic levels affect the 
survival, growth, and reproduction 

This chapter is based on:
Kruisdijk et al. (2022) Science of the Total Environment (849): 157791
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of animals. Human exposure to NO3 
polluted drinking water is linked to 
methemoglobinemia and cancers (Wolfe 
and Patz, 2002). 
In groundwater, NO3 is the most 
prevalent contaminant in the world 
(Korom, 1992). It is highly soluble and 
therefore spreads easily during advective 
transport. Fortunately, transformation 
can significantly decrease NO3 
concentrations in aquifers. Bacterial 
communities use NO3 as an electron 
acceptor within their metabolic processes, 
and thereby convert it through different 
steps to the non-polluting N2 gas 
(Appelo and Postma, 2004). The latter 
process, called denitrification, is largely 
depending on available electron donors 
and environmental conditions such as O2 
and NO3 concentrations (Antoniou et al., 
2012; Korom et al., 2005), nutrient and 
micro-nutrient availability (Hunter, 2003; 
Kowalenko, 1979), pH (Rust et al., 2000), 
temperature (Prommer and Stuyfzand, 
2005), salinity (Henze and Ucisik, 2004), 
inhibitory substances (Sáez et al., 2006), 
sediment pore size (Blakey and Towler, 
1988), microbial adaptation (Ghafari et 
al., 2009), and flow rate (Gorski et al., 
2020; Schmidt et al., 2011). Generally, 
denitrification is likely to occur in aquifers, 
if electron donors are present, although 
rates vary greatly (Korom, 1992). 
Aquifer Storage and Recovery (ASR) is 
a well injection technique used to store 
water in aquifers for later abstraction 
using the same well (Pyne, 1995). Aquifer 
Storage Transfer and Recovery (ASTR) is 
a similar technique, where different wells 

are used for injection and abstraction to 
create a minimum distance for aquifer 
passage. Injected and stored water can 
originate from, for example, treated 
wastewater (e.g., Sheng, 2005; Vanderzalm 
et al., 2020), surface water (Jones and 
Pichler, 2007), or as in the current study: 
tile drainage water (Kruisdijk and van 
Breukelen, 2021). These waters can 
have substantial NO3 concentrations. 
Therefore, understanding denitrification 
in AS(T)R systems is crucial to assess the 
risk of groundwater contamination, the 
water quality of the reused AS(T)R water, 
and potential emissions of the greenhouse 
gas N2O (which is a transformation by-
product during denitrification). 
Several methods have been used to 
study denitrification in AS(T)R systems. 
Mass balance approaches were used in 
various studies to calculate the percentage 
removal of NO3 (Antoniou et al., 2012; 
Vanderzalm et al., 2020; Vanderzalm 
et al., 2013). Reactive transport models 
were used to estimate reaction rates of 
processes, like pyrite and organic matter 
oxidation, which are partly responsible 
for denitrification (Antoniou et al., 2013; 
Greskowiak et al., 2005). In all above-
mentioned studies, NO3 fate was examined 
based on operational monitoring data, 
which generally consists of the injected 
and abstracted water composition and 
the composition observed in monitoring 
wells at different depths and distances 
from the injection well obtained at various 
moments in time. Therefore, the obtained 
insights on denitrification are based on 
relatively long periods (16-±800 days).
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In the current study, we focus on 3 
different approaches to determine in-situ 
denitrification rate constants performed 
during several shorter periods (6-46 
days) before and during ASTR, which 
were monitored with a high frequency. 
Monitoring at 6 different depths enabled 
us to assess intra-aquifer variations of 
denitrification kinetics and rate constants. 
First-order and Monod denitrification 
rate constants were obtained from 5 
periods (before operation, at the start of 
operation, and 3 times during operation) 
and were used to assess the evolution 
of denitrification rates over time. This 
is meaningful as a denitrification lag-
phase can occur at the start of ASTR 
operation until the aquifer sets to a new 
equilibrium, which is achieved after the 
aquifer is microbially adapted to the new 
water source (Korom, 1992; Rivett et al., 
2008) and bioaugmented by the bacteria 
in the injected water (Lyon and Vogel, 
2013). This is to our knowledge never 
studied before. Moreover, during ASTR 
operation denitrification can decrease due 
to depletion of electron donors like pyrite 
or sedimentary organic matter (Antoniou 
et al., 2013). Objectives of this research 
were to: (i) examine the lag-phase of 
denitrification related to microbial 
adaptation and bioaugmentation at the 
start of ASTR operation, (ii) assess the 
denitrification kinetics and rate constants 
before and during ASTR operation, and 
(iii) analyze the variation in denitrification 
rates over time and with depth and its 
relation to available electron donors. 
Finally, we describe the potential benefits 

of studying ASTR systems with the in-situ 
field methods proposed in this study.

Methods

Field site description
This study is performed at an agricultural 
Aquifer Storage Transfer and Recovery 
(ASTR) system located in an agricultural 
polder in the North-Western part of 
the Netherlands (coordinates: 52.8883, 
4.8221). The ASTR system collects 
water from a tile drainage network 
approximately 1  m below a 10  ha 
agricultural parcel. This drainage network 
normally discharges water to the surface 
water, but in this system all tile drains end 
up in a collection drain, which discharges 
the tile drainage water (TDW) to the 
ASTR system. As the TDW comprises 
nutrients and pesticides, the load of these 
agrochemicals to the surface water system 
is substantially reduced.
TDW is injected by 2 injection wells into 
a deeply anoxic, semiconfined sandy 
aquifer (11.5-33.0 m below surface level 
(b.s.l)) of late Holocene and Pleistocene 
age, below a confining Holocene clay/peat 
layer. In dry periods, water is abstracted 
by 4 abstraction wells (12.0 -23.0 m b.s.l.) 
for irrigation of the agricultural crops. 
During ASTR operation, injected volumes 
were monitored for each injection event. 
A set of 6 monitoring wells  is located 
at 2.5  m distance from injection well 
A (Figure 3.1), with well screens of 1 m 
located at different depths ranging from 
11.4 to 32.2 m-b.s.l. 
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Description of push-pull tests
Push-pull tests (PPTs) were performed 
at the 6 monitoring wells (MW1-MW6) 
located at 2.5 m distance from injection 
well A before the onset of ASTR operation, 
from 25 February 2019 till 18 March 2019. 
The method is similar to the one applied 
by Kruisdijk and van Breukelen (2021). 
Samples were taken from the native 
groundwater before the PPTs. During the 
PPTs, water with known composition is 
injected through a monitoring well into 
the aquifer (‘push’-phase), after which the 
injected water is gradually abstracted and 
sampled (‘pull’-phase). About 300 L TDW 
was used as injection water and stored in 
a 500 L tank. In this tank, a conservative 
tracer was added (0.1 mmol/L Br as 
NaBr) and a reactant (~50 mg/l NO3, 
as NaNO3), after which the water was 

thoroughly mixed manually with a pole. 
Per monitoring well, a storage tank was 
prepared for injection. Injection occurred 
with a steady flow of about 2 L/min for 
approximately 2.5 hours, during which 
four water samples were taken equally 
distributed over the injection time. 
Afterwards, the water was periodically 
abstracted, and water samples were 
taken. The first water sample was taken 
after about 4 hours of storage following 
injection. Subsequently, 11 more samples 
were taken, each after abstraction of 30 L 
(maximum standing volume of wells: 17 
L). The time in between sampling slowly 
increased from 4 hours to three days 
between the last two samples. Before taking 
the last two samples, 60 L was abstracted 
instead of 30 L. The total duration of the 
PPTs was 17-18 days and a total of 480 

Figure 3.1: Top view of the field site location in Breezand, the Netherlands. The orange dot in the left panel shows the 
ASTR system location in the NW Netherlands. The middle panel shows the agricultural field from which tile drainage 
water is collected in light blue. The ASTR system location is shown in dark blue. This part is shown in more detail in 
the right panel, where the blue dots represent injection well A and B, the green dots the 4 abstraction wells and the 
black dots the boreholes of the monitoring wells. The 3 boreholes at 2.5 m distance from the injection well, each consist 
of 2 monitoring wells (= 6 monitoring wells (MW1-6)). The black dot next to injection well A represent the monitoring 
well within the gravel pack of this injection well.
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L was abstracted. The concentrations 
obtained from the analyzed water samples 
were used to determine first-order 
denitrification rate constants, based on 
the well-mixed reactor model (Haggerty 
et al., 1998). 

Monitoring the onset of ASTR operation
The onset of ASTR operation was 
frequently monitored from 2 till 6 
November 2019. In this period, a total of 
440 m3 natural TDW was injected. Injected 
TDW contained NO3 from agricultural 
fertilizers. TDW arrival was monitored at 
the 6 MW at 2.5 m distance from injection 
well A. ASTR injection was set to only 
occur during daytime. Cl concentrations 
acted as a natural tracer, as concentrations 
in TDW were substantially lower than 
in native groundwater. Injected TDW 
composition was monitored by taking 
water samples from the monitoring well 
within the gravel pack of injection well 
A every 30 minutes. The internal volume 
of this monitoring well was purged at 
the start of each day (about 60 L was 
abstracted, standing well volume: ca. 11 
L). Simultaneously, each of the 6 MW was 
sampled with a time interval of 3 hours. 
Before each sample, the standing volume 
of the well (max. 17 L) was purged by 
abstracting 30 L using a diaphragm pump 
(Liquiport NF1.100, KNF Verder, the 
Netherlands).
First-order denitrification rate constants 
were examined using a 1-D radially 
axisymmetric solute transport model. 
A model was set up for each well screen 
depth, assuming horizontal flow only 

(neglecting regional lateral flow), as 
induced by injection. The model was 
developed using PHREEQC (Parkhurst 
and Appelo, 2013). It consisted of 300 
cells of varying lengths to simulate radial 
flow, as done before by, e.g., Bonte et al. 
(2014) and Antoniou et al. (2013). Every 
cell represents the same volume. As the 
injection flow is stable, the timestep is 
constant for each transport shift from 
one cell to the next. The timestep can 
therefore be determined by dividing 
the injection time till the arrival of the 
spreading front at the monitoring well by 
the number of cells. The injection periods 
were simulated as forward flow transport 
steps, from which the number of shifts 
were determined by dividing the hours of 
injection by the timestep. In the periods 
without injection, stagnant conditions 
were simulated without diffusion. In each 
model, denitrification was simulated with 
first-order rate constants of 0.0, 0.25, 0.5 
and 1.0 d-1. Simulated and observed NO3 

concentrations were plotted and visually 
compared to obtain insights in the first-
order rate constants at the different depths 
during the onset of ASTR operation. 
Furthermore, conservative concentrations 
(concentrations only affected by advection 
and dispersion) were simulated, plotted, 
and visually compared with observed 
NO3, SO4, Fe, and DOC concentrations.

Description of storage period monitoring
Injection did not occur continuously 
during ASTR operation, due to periods of 
droughts or system maintenance. Periods 
without injection are here referred to as 
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storage periods. In these periods injected 
TDW was assumed to be stagnant, 
which was considered acceptable as (i) 
background groundwater flow velocity is 
negligible at only max. 0.01 m/d, based 
on groundwater levels and hydraulic 
conductivity in the area (groundwater 
levels from www.grondwatertools.
nl; hydraulic conductivity from www.
dinoloket.nl), and (ii) natural tracer 
concentrations (Cl concentrations) 
were relatively stable during the storage 
periods  (Supplementary Information 
3.2 (S3.2)). Periodically, a storage period 
was monitored to assess denitrification. 
During the storage periods, water samples 
were taken repeatedly from different 
aquifer depths via the monitoring wells. 
Before every sample, 1.5 × the internal 
volume of the monitoring well was 
abstracted.
The aquifer volume (sediments + pores) 
investigated can be calculated by:

where Vabstracted is the volume abstracted 
(m3), Vinternal volume is the internal volume 
of the monitoring well (m3), and n is 
the porosity (dimensionless), which 
was assumed to be 0.3. If we assume a 
cylindrical portion of the aquifer for 
Vabstracted, a corresponding radius can be 
calculated by the equation proposed by 
Istok (2012):

where r is the radius (m), and h is the 
length of the monitoring well screen (m). 
Based on this calculation, the radius of 
the total abstracted water during storage 
period 1 (6 samples) was between 0.23-
0.37 m, for storage period 2 (12 samples) 
0.34-0.54 m, and for storage period 3 (8 
samples) between 0.27-0.44 m.

Obtaining rate constants
Observed concentrations were plotted 
versus the time elapsed since the first 
measurement of each storage period 
measurement. First-order rate constants 
were obtained by using a least-squares 
routine to fit a first-order expression 
regression line to the observed 
concentrations in python (Python v. 3.6.4). 
Monod kinetic parameters (Vmax and Ks) 
were obtained by fitting the observed 
concentration to an explicit expression 
proposed by Schnell and Mendoza (1997).

Hydrochemical and geochemical analysis
In the field, water quality was sensed 
for pH and temperature (PHEHT, 
Ponsel, France), and dissolved oxygen 
(OPTOD, Ponsel, France) using a flow 
cell. Furthermore, water samples were 
taken and on site filtered (0.45 μm, 
Chromafil Xtra PES-45/25, Macherey-
Nagel, Germany). They were analyzed 
for dissolved anions (Br, Cl, NO3, and 
SO4) with Ion Chromatography (IC; 
Compact IC pro, Metrohm, Switzerland). 
Fe was analyzed with Inductively Coupled 
Plasma – Mass Spectrometry (ICP-
MS; PlasmaQuant MS, Analytik-Jena, 
Germany). Alkalinity, and NH4 were 

=  (3.1)

=  (3.2)
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measured with a Discrete analyzer (DA; 
AQ400, Seal analytical, UK). Dissolved 
organic carbon (DOC) was determined 
with a TOC analyzer (TOC-V CPH, 
Shimadzu, Japan).
Prior to installation of MW1-6, sediment 
samples were obtained from the boreholes 
using a 2 m sonic drill aqualock system 
with a core catcher. The reader is referred 
to the Supplementary Information 
(S4) for more details on the sediment 
sampling. The sediment samples were 
analyzed by high temperature combustion 
with non-dispersive infrared detection 
for sedimentary organic carbon (SOC), 
thermogravimetric analysis for carbonate 
mineral content, and x-ray fluorescence 
after lithium borate fusion for S contents. 
The median grainsize (D50) was obtained 
by a HELOS/KR laser particle sizer 
(Sympatec GmbH, Germany) after 
removal of sedimentary organic matter 
and carbonates. Pyrite contents were 
estimated from the total S content:

where Mi  is the molecular weight of i (g/
mol),  S is the sulphur content (% d.w.). 
The total S content is assumed to be 
originating from pyrite, as done before for 
Dutch sediments by e.g., Zuurbier et al. 
(2016) and Bonte et al. (2013).

Analysis of bacterial community by 16S 
rRNA analysis
Samples were collected in autoclaved 
1 L bottles and filtered using Nalgene 

FeS = 0.5(M /M )S  (3.3)

Reusable Filter units (Thermo Scientific). 
Bacterial cells were collected onto 0.22 µm 
polycarbonate filters (Merck Millipore) 
and onto 0.45 µm filters in 2019. Samples 
were taken and analyzed for the bacterial 
community compositions of: (i) native 
groundwater in 2019 before ASTR 
operation, (ii) TDW, sampled weekly for 5 
weeks during the fall 2020 storage period, 
(iii) groundwater during the fall 2020 
storage periods. Groundwater samples 
were taken from MW1-6, after abstraction 
of 3× the standing well volume. The filters 
with biomass were stored at -20°C until 
DNA extraction. For DNA extraction, 
filters with the biomass were disintegrated 
using Powerbead tubes (Qiagen) and the 
environmental DNA was extracted with 
the DNeasy PowerLyzer PowerSoil Kit 
(Qiagen) following the manufacturer’s 
instructions. Extracted DNA was 
quantified in the Qubit 4 Fluorometer 
(Thermofisher), and the extracted DNA 
samples were sent to Novogene (Hong 
Kong) for 16S ribosomal RNA (rRNA) 
sequencing. The V3-V4 hypervariable 
region was targeted using the universal 
primers 341F (5'- CCT ACG CGA GGC 
AGC AG) (Miettinen et al., 2015; Muyzer 
et al., 1993; Shu et al., 2016) and sequenced 
with Illumina HiSeq paired-end platform 
to generate paired-end raw reads of 400-
450 bp. Data analysis was performed using 
the programming language R (version 
4.1.2) (team RC, 2013) and the Vegan 
package (Oksanen et al., 2013).
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Results

Aquifer Storage Transfer and Recovery 
operation
In total, about 10,000 m3 water was 
injected equally spread over injection 
well A and B during ASTR operation. No 
abstraction took place during the period 
of investigation. Before operation period 
1, push-pull tests (PPTs) were performed 
from 25 February 2019 till 18 March 
2019. From 2 till 6 November 2019, the 
onset of ASTR operation was monitored. 
The first storage period was performed in 
the winter of 2019 after operation period 
1, during which approximately 2,700 
m3 water was injected combined over 
both injection wells. The storage period 
was repeated after operation period 2 in 
fall 2020 and after operation period 3 in 
spring 2021, during which respectively 
2,900 m3 and 4,300 m3 water was injected. 
An overview of the Aquifer Storage 
Transfer and Recovery (ASTR) operation, 
injected volumes, and the different 
monitoring approaches and events is 
shown in Supporting Information 1 (S1). 
The mean NO3 concentration in injected 
tile drainage water (TDW) between 25 
February 2019 and 18 March 2021 was 
14.1±11.3 mg/L.

Push-pull tests
Observed conservative NaBr tracer 
concentrations show a gradual transition 
from TDW to native groundwater levels 
during the ‘pull’-phase (abstraction) 
of the push-pull tests (PPTs), due to 
hydrodynamic dispersion (S2.1). O2 

concentrations in the injected water 
were on average 6.8 mg/L ±1.4 mg/L, 
and were generally reduced to <0.2 mg/L 
within 1 day after injection. First-order 
aerobic respiration and denitrification 
rate constants were calculated using the 
well-mixed reactor model (Haggerty et 
al., 1998). Observations were only used 
for analysis when their solution contained 
more than 20% TDW, which was 
calculated based on tracer concentrations. 
The obtained aerobic respiration rate 
constants were substantially less reliable 
than those of denitrification, as they 
were only based on 2 measurements 
(the injected concentrations plus one 
observation) (S2.2). The first-order rate 
constants ranged from 1939 d-1. At MW1 
and MW3, O2 concentrations remained 
below the detection limit (0.2 mg/L), 
which resulted in a minimum first-order 
rate constants of  >83 and >44 d-1 for 
MW1 and MW3, respectively. 
Figure 3.2 displays the calculated first-
order denitrification rate constants. 
Denitrification was negligible or 
insignificant at all depths during the 
first 5-6 days (max. kA =0.06 d-1). The 
calculated k is denominated statistically 
significant if the confidence interval 
of the DT50 excludes k=0, which only 
applied for MW6. After the first 5-6 
days, denitrification was observed with 
rate constants between 0.17-0.83 d-1 (kB). 
Highest denitrification rate constants were 
observed at MW2 and MW3, respectively 
0.83 and 0.54 d-1. However, note that these 
rate constants are less accurate, as they are 
obtained from only 2 or 3 measurements 
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(injected concentrations not included). 
We expect that the remarkable change in 
denitrification rate constants after 5-6 days 
is resulting from microbial adaptation 
and/or bioaugmentation.

The onset of ASTR operation monitoring
Arrival of injected TDW was monitored at 
the well screen depths of MW1-6 during 
the first 6 days of ASTR operation (Figure 
3.3). Cl concentrations were lower in 
injected TDW than in the native brackish 
aquifer at all depths. Therefore, observed 
Cl concentrations decreased gradually 
as the ASTR injected TDW passed by 
the monitoring wells. ASTR operational 
data and Cl concentrations were used to 
determine the travel time and the injected 
volume of water needed for the arrival 

of the spreading front at the different 
depths (S4.1). Substantial variations 
were observed at the different depths, for 
example the earliest arrival occurred at 
MW4 after injection of 110 m3, and the 
latest at MW6 after injection of 423 m3.
The arriving TDW did not contain 
detectable O2 at all depths (results not 
shown). This indicates that O2 was fully 
depleted during aquifer transport, from 
injection well A to the monitoring wells, 
in less than 1 day. This agrees with the 
O2 consumption at the PPTs. NO3 was 
significantly reduced at MW1-5, as 
shown by the lower NO3 concentrations 
after arrival compared to the injected 
water, but not at MW6. A simplified 
1-D advection-dispersion model was set 
up in PHREEQC, which simulates the 

Figure 3.2: First-order denitrification rate constants calculated at the different well screen depths during the PPTs, with 
on the y-axis the natural logarithm of the observed NO3 concentrations divided by the tracer concentrations, and on 
the x-axis the days after injection. The dashed line presents the linear trendline for all samples till 6 days (kA), and the 
dotted line for samples after 5 days (kB). The slope of these lines represents the denitrification rate constants.The grey 
area behind the fitted line for the first 6 days represents the 95% confidence intervals, which is shown to assess the 
significancy of kA.  kA was set to 0.0 when insignificant. 
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onset of ASTR operation. Different first-
order denitrification rate constants were 
simulated in the model, which enabled us 
to compare observed and simulated NO3 
concentrations and relate the observed 
concentrations to the applicable first-
order rate constants. Figure 3.3 shows 
the observed Cl and NO3 concentrations 
and the simulated model fits. A good 
fit was observed between observed and 
simulated Cl concentrations at all depths, 
which indicates that the model simulates 
ASTR operation sufficiently well. During 
the first 4 days, the observed NO3 
concentrations correspond with first-
order denitrification rate constants of 

about 0.25-0.5 d-1 at the well screen depths 
of MW1-5. Afterwards, denitrification 
rate constants increase to more than 1.0 
d-1 at MW-1,2,3 and 5 in the following 2 
days. The increased denitrification rate 
constants caused most observed NO3 
concentrations to decrease below the 
detection limit. Microbial adaptation 
and bioaugmentation likely control the 
increased denitrification rate constants 
during the onset of ASTR operation.
After the first 6 days of ASTR operation, 
injection did not occur for two weeks, 
and water samples were taken after about 
2 and 12 days of the stagnant water at all 
depths (S3.1). NO3 concentrations were 

Figure 3.3: Observed and simulated NO3 and Cl concentrations during monitoring of the onset of ASTR operation. 
The black dots present the observed NO3 concentrations, and the grey dots the Cl concentrations. The grey line shows 
the simulated Cl concentrations. The different color lines present the simulated NO3 concentrations with various 
first-order denitrification rate constants. The dashed blue lines show the minimum, mean, and maximum observed 
NO3 concentrations in TDW.  The grey vertical bars in the background show the periods during which injection 
occurred.
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already depleted at most depths, except at 
MW4 and MW6. At MW4, an increased 
denitrification rate constant was observed 
(±1.0 d-1) compared to during injection 
(0.25 d-1), while denitrification eventually 
did kick in at MW 6 during this subsequent 
storage phase with a rate constant of ±0.1-
0.5 d-1.

Storage periods
Three storage periods were monitored after 
periods of injection wherein substantial 
volumes of TDW were injected (2700-
4300 m3). Figure 3.4 presents observed 
NO3 concentrations and the fitted first-
order decay rate models at the different 
depths during the three storage periods. 
NO3 concentrations decreased over time 
at all different depths during all storage 
periods, which indicated occurrence of 
ongoing denitrification. At the onset of 
the storage periods, NO3 concentrations 
varied at the different depths because 
of (i) the variations in travel times from 
injection well to the monitoring wells, 
(ii) the slightly varying denitrification 
rate constants at each depth, and (iii) the 
variation of NO3 concentrations in injected 
TDW over time.  Generally, highest NO3 
concentrations were observed during 
the fall 2020 storage period, and lowest 
during the spring 2021 storage period. 
NO3 was already fully reduced before 
arrival at MW6 (having the longest travel 
time), but also during the winter 2019 
storage period at MW3, and the spring 
2021 storage period at MW2.
NO3 concentration trends resembled 
Monod (or Michaelis-Menten) 

kinetics, where at high concentrations 
denitrification approaches pseudo zero-
order kinetics and at low concentrations 
pseudo first-order kinetics (Bekins 
et al., 1998; Breukelen and Prommer, 
2008). At concentrations >5 mg/L, NO3 
concentrations followed mostly zero-
order kinetics, as observed at MW1, 
4, and 5. Denitrification rates slowed 
down and followed pseudo first-order 
kinetics at concentrations <5 mg/L. 
Monod kinetic parameters (Vmax and Ks) 

were fitted to the data but often could 
not be accurately determined (S4.3). The 
measurements were unequally distributed 
over the pseudo zero- and first-order part, 
which resulted in an insufficient number 
of measurements for an accurate fit. 
Nevertheless, accurate Vmax (fitted on >3 
measurements on the pseudo zero-order 
part (>5 mg/L)) were determined at the 
screen depths of MW1, 4, and 5 for the 
fall 2020 storage period. A higher Vmax was 
observed at MW4, compared to MW1 
and 5 (MW1: 1.92; MW4: 3.21; MW5 1.21 
mg L-1 d-1). 
We also decided to fit simpler first-order 
kinetics (only 1 fitting parameter, instead 
of 2 by Monod kinetics) to the observed 
NO3 concentrations, as the obtained 
Monod kinetic parameters were often 
inaccurate. Better visual fits are observed, 
although the rate constants seem to 
generally underestimate denitrification at 
the lower concentrations in the fall 2020 
storage period (Figure 3.4). Obtained 
denitrification rate constants are similar, 
between 0.12 and 0.25 d-1, for fits with 
>2 NO3 measurements above detection 
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limit. At MW1 and MW3, higher rate 
constants are observed (0.61 and 0.56 
d-1, respectively), but these rate constants 
are fitted on only two measurements. We 
did not obtain a higher first-order rate 
constant at MW4 compared to MW1 
and 5 during the fall 2020 storage period, 
contrary to the obtained Vmax. 

Bacterial communities in native 
groundwater, TDW, and groundwater 
during ASTR operation
The bacterial communities of the native 
groundwater before ASTR, TDW, and 
groundwater during ASTR operation 
(during the fall 2020 storage period) were 
analysed using 16S rRNA analysis. A 
total of 1810 operational taxonomic units 
(OTU’s) were detected in all the collected 

samples. Genera were considered relevant 
that were on average >1% abundant 
or had a peak in relative abundance of 
> 5%. The bacterial community of the 
native groundwater (Figure 3.5B) was 
distinctively different compared to TDW 
(Figure 3.5A). The main genera in TDW 
remained rather constant and were 
composed of Gallionella, Sulfurimonas and 
Sulfuricurvum. Note, that the chemical 
and biological composition of the TDW 
can vary over the year, due to changing 
agricultural practices and influences of the 
weather. The native groundwater showed 
an overall similar bacterial community at 
the different depths, but slight variations 
between the communities were observed.  
Before the fall 2020 storage period, more 
than 5000 m3 TDW was injected. The 

Figure 3.4: Observed NO3 concentrations and the obtained first-order denitrification rate constants during the three 
storage periods at all well screen depths. The dots present the observed concentrations, the dashed lines the fitted 
first-order decay rate models.



3

Chapter 3: Denitrification kinetics during aquifer storage and recovery of drainage water from agricultural land 93

Discussion

Increasing rate constants during PPTs and 
during the onset of ASTR operation
First-order denitrification rate constants 
increased at almost all depths during the 
PPTs and during monitoring of the onset 
of ASTR operation. Denitrification rate 
constants in the PPTs increased from 
0.00-0.06 d-1 during the first 6 days to 
0.17-0.83 d-1 afterwards at the different 
depths (Table 3.2), while denitrification 
rate constants increased from 0.0-0.5 d-1 
at the start of the onset of ASTR operation 
to 0.1- >1 d-1 later on.
During the PPTs, denitrification rate 
constants likely increased as a result of 
microbial adaptation and bioaugmentation 
or anaerobic NO3 reduction coupled to 

aquifer community changed greatly 
(Figure 3.6C) and resembled more to the 
TDW community. 
Spearman rho statistics were applied to 
test the strength of association between the 
bacterial community of the groundwater 
during ASTR operation, TDW, and native 
groundwater samples (Table 3.1). This 
showed that the groundwater during 
ASTR operation was strongly influenced 
by the bacterial community of the TDW 
represented by high ρ=0.80-0.85. In 
contrast, the relation between native 
groundwater before injection and TDW 
was represented by lower ρ (0.38-0.49).

Figure 3.5: Relative abundance of the bacterial communities present >1% in (A) tile drainage water, (B) native ground-
water, and (C) groundwater at the onset of the fall 2020 storage period. The abbreviation C. = Candidatus, and Unc. 
=uncultured.

Sample (TDW) Sample (TDW) (Native aquifer)
Native
aquifer
(2019)
at:

MW1 0.49 Fall
2020
storage
period
at:

MW1 0.83 0.38
MW2 0.38 MW2 0.80 0.33
MW3 0.43 MW3 0.82 0.33
MW4 0.40 MW4 0.82 0.29
MW5 0.42 MW5 0.82 0.32
MW6 0.41 MW6 0.85 0.31

Table 3.1: Spearman correlation of the microbiomes from the native aquifer (left table) and the fall 2020 storage period 
(right table) at the different depths compared to the average TDW microbiome obtained during the fall 2020 storage 
period and the native aquifer microbiome. 
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Fe-oxidation (Smith et al., 2017). Rivett et 
al. (2008) defines microbial adaptation as 
the ‘lead time’ needed before a microbial 
population is adapted to the new 
environmental conditions, which in this 
case is the injection of TDW containing 
high concentrations of NO3: a new 
electron acceptor. Bioaugmentation refers 
to the addition of microbial cultures to 
enhance chemical transformations such 
as denitrification. Microbial adaptation 
and bioaugmentation are likely, as TDW 
(including microbiome) has not been 
injected before. Anaerobic NO3 reduction 
coupled to Fe-oxidation could be 
occurring with increasing rate constants, 
as later samples contain a larger fraction 
of Fe-rich groundwater (Fe ~ 9-27 mg/L) 
due to mixing. During the onset of ASTR 
operation, anoxic NO3 reduction coupled 
with Fe oxidation does not explain the 
increased denitrification rate constants, 
as Fe concentrations were substantially 
higher at the start of monitoring (8.4–
37.3 mg/L) compared to the end (0.2-14.5 
mg/L). Therefore, microbial adaptation 

and bioaugmentation seem the processes 
controlling the increased rate constants 
during the onset of ASTR operation, and 
this seems therefore also most likely to 
control rate constants during the PPTs. A 
similar quick adaptation of the microbial 
community was observed by Trudell et al. 
(1986), who performed a PPT with NO3-
rich water in a shallow unconfined sandy 
aquifer. Zero-order denitrification rate 
constants increased from 0.035 to 0.58 mg 
NO3/L/d during the experiment which 
took about 15 days. 
Deviating denitrification trends were 
observed at MW4 and MW6 during 
the onset of ASTR operation. At MW4, 
denitrification rate constants were high 
from the start and did not increase 
further, while a lower maximum rate 
constant was observed (0.25-0.5 d-1) than 
at most other depths (>1 d-1). No clear 
link was observed between electron donor 
contents/concentrations and the lower 
rate constant (S5). Microbial adaptation 
and bioaugmentation could have occurred 
faster here than at other depths, as (i) the 

PPT Onset of ASTR
operation

Storage Periods

Mean
Temp. (°C)

10.6 11.7 ~10 ~14 ~7

kstart kend kstart kend kwinter ‘19 kfall ‘20 Kspring ‘21

MW1 0.00 ~0.29 0.25-0.5 >1 0.13 0.2 0.61
MW2 0.03 ~0.83 0.25-0.5 >1 0.12 0.12 -
MW3 0.00 ~0.54 0.25-0.5 >1 - 0.25 0.56
MW4 0.01 ~0.22 0.25-0.5 0.25-0.5 0.15 0.12 0.12
MW5 0.01 ~0.17 0.25-0.5 >1 0.14 0.12 0.12
MW6 0.06 ~0.30 0 0.1-0.5 - - -

Table 3.2: First-order denitrification rate constants (d-1) obtained from the different monitoring approaches, and the 
mean temperature of the injected water.
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permeability and the flow were highest at 
this depth and/or (ii) the maximum rate 
constant is lower at MW4 compared to the 
other depths and therefore it would take 
less time to reach this rate. Denitrification 
did start at all depths after arrival of the 
spreading front (1 pore volume) but 
not at MW6, where denitrification rate 
constants were negligible. This may be 
caused by the more saline conditions. 
A high salinity is known to inhibit 
denitrification. For example, Henze and 
Ucisik (2004) observed a 90% reduction of 
the maximum denitrification rates when 
Cl concentrations were >5,000 mg/L. In 
the current study, native groundwater Cl 
concentrations were >2,500 mg/L at the 
start of operation and gradually decreased 
when the injected TDW was arriving. Cl 
concentrations decreased to <1,500 mg/L 
at the end of the monitoring period. 
Kruisdijk and van Breukelen (2021) 
presented an overview of first-order 
denitrification rate constants determined 
in aquifers. Rate constants varied from 
0.00049-18 d-1, whereas they seemed 
generally higher, ranging from 0.1-10.1 
d-1, at hydrocarbon contaminated aquifers. 
Variation in hydrogeological aquifer 
properties, pH,  microbial activity, and 
the abundance and reactivity of electron 
donors most likely cause the large range 
of observed denitrification rate constants 
(Einsiedl and Mayer, 2006; Korom, 1992). 
The rate constants as observed during 
operation in the current research are 
most comparable to those observed by 
Kruisdijk and van Breukelen (2021) (0.26-
0.63 d-1), who studied denitrification rate 

constants using PPTs at two depths during 
ASR operation at a research site less than 
500 m away from the current ASTR field 
site.

Microbial adaptation versus 
bioaugmentation
Bioaugmentation besides microbial 
adaptation may have played a role in the 
temporal increase of the denitrification 
rate constants. The bacterial community 
of the TDW is substantially different 
from the native aquifer community, 
as shown in Section 3.5. We expect 
denitrifying bacteria in TDW, as the NO3 
and DOC concentrations were high and 
denitrification is commonly observed in 
soils of agricultural parcels (Hofstra and 
Bouwman, 2005; Seitzinger et al., 2006). 
Therefore, new types of bacteria are added 
to the aquifer (i.e. bioaugmentation), 
which can promote denitrification. The 
genera Gallionella (Korom, 1992; Matějů 
et al., 1992), Sulfurimonas (Frey et al., 
2014; Zhang et al., 2009), Sulfuricurvum 
(Martínez-Santos et al., 2018; Saia et 
al., 2016), Pseudomonas (Carlson and 
Ingraham, 1983; Thomas et al., 1994), 
Rhodoferax (Jin et al., 2020; McIlroy et 
al., 2016), and Arcobacter (Heylen et al., 
2006; Pishgar et al., 2019) are known 
to contain denitrifying species, and all 
show a relative abundance of >1% in the 
TDW samples. Note that Gallionella, 
Sulfurimonas, and Rhodoferax appeared 
>1% abundance in the aquifer during the 
fall 2020 storage period (Figure 3.5C), 
while Sulfuricurvum, Pseudomonas, 
and Arcobacter were present >1% in the 
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native groundwater and in TDW, but were 
present below 1% in the aquifer during 
the storage period. 
Bioaugmentation is a proven practice for 
the degradation of chlorinated ethenes 
in groundwater (Lyon and Vogel, 2013; 
Steffan et al., 1999), but is also effective 
to enhance denitrification during water 
treatment (Shelly et al., 2021; Zhang et 
al., 2018). This implies that the microbial 
composition of the injected TDW can 
have a substantial influence on the 
denitrification rate constants. Injection of 
TDW, likely containing denitrifiers, may 
lead to a gradual built up of denitrifying 
biomass in the aquifer by attachment, and 
consequently increasing the estimated 
denitrification rate constants. From our 
results, a distinction between microbial 
adaptation and bioaugmentation cannot 
be made. A combination of both was 
likely responsible for the increased 
denitrification rate constants observed.

Lower rate constants during storage phases
The rate constants during storage periods 
were lower than those during the onset 
of ASTR operation. Rivett et al. (2008) 
stated that denitrification is largely 
depending on available electron donors 
and environmental conditions. The lower 
rate constants could suggest that electron 
donors are depleting over the course of 
ASTR operation. However, first-order 
rate constants are relatively stable during 
the different storage periods, which 
contradicts this. Another condition 
influencing denitrification is temperature 
(Rivett et al., 2008). Temperature did not 

cause the variation in denitrification rate 
constants, as the mean injected water 
temperature was 11.7°C during the onset 
of ASTR operation, which is similar to the 
temperature range observed during the 
storage periods (7-14°C). 
We suspect that the lower rate constants 
observed during the storage periods 
are related to the stagnant conditions, 
compared to the non-stagnant conditions 
generated by injection during ASTR 
operation. Stuyfzand et al. (2005) observed 
similarly that denitrification rates were 
higher during the injection phase than 
during stand-still at an ASR site in the 
southeast Netherlands. The induced flow 
likely enhances the exchange rate between 
the aquifer solid phase and injected TDW, 
which leads to higher denitrification rate 
constants. Note, that injection and storage 
alternate during ASTR operation, and 
therefore denitrification rate constants 
are likely changing between injection and 
storage periods.

Intra-aquifer variations of denitrification
Intra-aquifer variations of first-order 
denitrification rate constants were 
deviating maximally a factor 5 at all 
depths during all monitoring approaches 
(Table 3.2). S5 presents the geochemical 
characteristics of the aquifer at the 
different well screen depths. Sedimentary 
organic carbon (SOC) and pyrite contents 
vary more than one order of magnitude. 
Generally, MW1, 2, and 3 have relatively 
high contents compared to MW4, 5, and 
6. No clear associations between electron 
donor contents and denitrification 



3

Chapter 3: Denitrification kinetics during aquifer storage and recovery of drainage water from agricultural land 97

rate constants were observed among 
the different depths. Previous studies 
obtained similar results and stated that 
oxidation rates are influenced more by 
SOC and pyrite reactivity compared to 
content (Kruisdijk and van Breukelen, 
2021; Massmann et al., 2004).

Denitrification coupled to electron donors
Electron donors often related to 
denitrification are SOC and dissolved 
organic carbon (DOC), Fe2+, and pyrite. 
NH4 oxidation was not expected to be 
influential, as concentrations were low 
(0.13±0.11 mg/L). Kruisdijk and van 
Breukelen (2021) coupled denitrification 
to a combination of mostly pyrite and 
SOC oxidation at an ASR system at <500 
m distance from the current field site. 
Denitrification often results in distinctive 
water quality changes, which reflect the 
electron donors that oxidized (Korom et 
al., 2012; Kruisdijk and van Breukelen, 
2021). 
During the PPTs in the current study, 
water quality changes were not substantial 
enough to assess reductants coupled 
to denitrification, because only small 
concentrations of NO3 were reduced 
(S2.1). During the onset of ASTR 
operation, SO4 concentrations were 
substantially higher than those expected 
based on conservative mixing at all MWs 
(except of MW1), which indicates pyrite 
oxidation (S3.2; Figure S4). Furthermore, 
DOC degradation/oxidation was probably 
observed because concentrations after 
arrival of the spreading front were lower 
than those injected and fitted considerably 

better to simulated degradation than 
sorption (for more information see S6). 
Pyrite and DOC oxidation do not need 
to relate to denitrification because also 
O2 will oxidize them. Fe2+ oxidation was 
not observed during the onset of ASTR 
operation, because concentrations were 
instead mostly remarkably higher than 
expected based on conservative mixing 
(S3.2). This is probably related to reductive 
dissolution of Fe-hydroxides or the release 
of Fe2+ from cation exchange sites or pyrite 
oxidation. DOC and SOC oxidation 
results in an increased alkalinity. This is 
not clearly observed during the onset of 
ASTR operation (S3.2), although it could 
be that a potential increase in alkalinity is 
small and therefore hard to observe in the 
obtained data.
During the storage periods, SO4 
concentrations generally increased 
at all depths (S4.2), although at some 
depths decreasing or relatively stable 
concentrations were observed. At MW1, 
3, and 5, SO4 concentrations stabilized 
after NO3 was depleted, which indicates a 
clear association between denitrification 
and pyrite oxidation. DOC and Fe2+ 
oxidation are not suggested by the 
stable DOC concentrations, and the 
increase of Fe2+ concentrations probably 
results from reductive dissolution of Fe-
hydroxides or pyrite oxidation. Again, 
no clear increasing alkalinity is observed 
which could indicate DOC or/and SOC 
oxidation (S4.2). Figure 3.6 shows the 
electrons released by the formation of 
SO4 during pyrite oxidation versus the 
accepted electrons during denitrification. 
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This was estimated by multiplying the 
molar difference in concentration of 
SO4 and NO3 between the start and end 
of the storage period with the electrons 
released/accepted (for more information 
see Kruisdijk and van Breukelen (2021)). 
The black linear line indicates a 1:1 ratio 
of released and accepted electrons, which 
suggests that all denitrification is related 
to pyrite oxidation. Some number of 
datapoints plot relatively close to this 
line, but the majority plot below it. This 
indicates that other oxidation processes 
are occurring besides the pyrite oxidation, 
like SOC or DOC oxidation.

Figure 3.6: Electrons released by the formation of SO4 
during pyrite oxidation versus the electrons accepted 
during denitrification. The different colors present the 
depths in the aquifer, and the different marker types 
the period in which the storage period is performed. 
The linear black line indicates an 1:1 ratio of released 
and accepted electrons. NO3 concentration < 2 mg/L at 
the start of the storage period were discarded, as large 
uncertainties could result of small deviations in SO4 
concentrations.

Risks of NO3 contamination
This field study showed that denitrification 
occurred in the aquifer, and NO3 is 
fully depleted in the aquifer if given 
enough retention time. Groundwater 
contamination risks of NO3 are negligible 
in these circumstances, as (i) the lag-
phase at the onset of ASTR operation 
was relatively short (6 days), and (ii) 
rate constants were not declining over 
time. Although this could still occur due 
to depletion of reductants over longer 
timescales or more intensive operation 
(Antoniou et al., 2013).  Note that NO3 

in injection water is often not the only 
contamination risk. NO3 is an indicator of 
anthropogenic contamination, which can 
also consist of other contaminants, such 
as pesticides and PO4.
 
Risk of N2O emissions
Nitrous oxide (N2O) is an important 
greenhouse gas, which can accumulate 
in aquifers after denitrification (Jurado 
et al., 2017). In the current study, 
accumulated N2O could be emitted to the 
atmosphere during ASTR abstraction. 
However, N2O is generally transformed 
rapidly to nitrogen gas (N2) (Rivett et 
al., 2008). Tiedje et al. (1982) stated that 
most denitrifying bacteria can complete 
the total pathway of denitrification 
from NO3 to N2. Denitrifying bacteria 
are not expected to limit this process 
within the aquifer, as previous research 
showed that they tend to be ubiquitous 
in aquifer systems (Rivett et al., 2008 and 
references therein). Nevertheless, N2O 
transformation can be inhibited by high 
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O2 or NO3 concentrations and/or low 
pH values (Blackmer and Bremner, 1978; 
Brady et al., 2008). Injected TDW has 
intermediate to high pH values (mostly 
between 7.0-7.5), and relatively high 
O2 and NO3 concentrations. As shown 
in the current study, O2 and NO3 are 
consumed relatively quickly, after which 
N2O transformation will start. Boisson 
et al. (2013) studied the full reaction 
chain of denitrification reactions (NO3 -> 
NO2 -> NO -> N2O -> N2) in a fractured 
crystalline aquifer. They observed that 
the transformation of N2O to N2 is more 
than 200x faster than from NO3 to NO2 
under anaerobic conditions. Therefore, 
N2O accumulation and N2O emissions 
during abstraction events are expected to 
be negligible.

Benefits of short timeframe in-situ 
monitoring approaches
In the current study, we performed 
several short (6-46 days) high-frequency 
in-situ monitoring approaches to study 
denitrification in an ASTR system, instead 
of the commonly used interpretation of 
operational monitoring data obtained 
from lower-frequency periodical 
monitoring of injected and abstracted 
water composition and the groundwater 
composition observed at monitoring 
wells (e.g., Antoniou et al., 2013; Barkow 
et al., 2021; Greskowiak et al., 2005). 
The presented approach enabled us to 
obtain denitrification rate constants 
before and at several moments during 
ASTR operation, instead of a best fit rate 
constant for an entire monitoring period 

(e.g., Barkow et al., 2021; Greskowiak et 
al., 2005; Vanderzalm et al., 2013). The 
PPT and the monitoring of the onset 
of ASTR operation are useful to assess 
denitrification in AS(T)R systems in which 
injection water quality varies over time, 
because its composition is monitored. 
The method used to monitor the onset 
of ASTR operation could be repeated to 
validate the higher rate constants expected 
during injection. Note that natural tracer 
concentrations of the injected water 
should be distinctively varying from 
concentrations in groundwater, in order 
to assess the arrival of the injected water, 
or alternatively an artificial tracer could 
be added.
The injected TDW composition was not 
monitored before the storage periods, 
but we assumed that it is stable over time. 
This assumption is not 100% correct, 
as injected TDW composition changes 
slightly over time together with the NO3 
concentrations. This results in slightly 
heterogeneous NO3 concentrations in 
the aquifer, which had negligible effects 
on the results of this study as convincing 
denitrification trends are observed 
during all storage periods. Nevertheless, 
the effect of variations in injected TDW 
composition should be considered during 
future studies. Furthermore, monitoring 
wells should be relatively close to the 
injection well, so that travel times to these 
wells are not too long resulting in too 
low NO3 concentrations resulting from 
denitrification at the start of the storage 
periods. The proposed methods can be 
a welcome addition or replacement to 
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the standard operational monitoring 
and enables to assess the evolution of 
denitrification rate constants within the 
aquifer in more detail.

Conclusion

•	 A lag-phase was observed of 
approximately 6 days before 
denitrification started during 
the push-pull tests. First-order 
denitrification rate constants 
increased from 0.00 - 0.03 d-1 at 
the start to 0.17 - 0.83 d-1. Quicker 
microbial adaptation and/or 
bioaugmentation occurred during 
the onset of ASTR operation, where 
first-order rate constants increased 
from between 0 - 0.5 to 0.1 - >1 d-1 

at the six investigated depths in the 
aquifer.

•	 Obtained denitrification rate 
constants were substantially higher 
during injection, in comparison 
to the 3 storage periods with 
stagnant conditions. These 
variations probably result from a 
lower exchange rate between the 
aquifer solid phase and injected 
TDW during storage compared to 
injection.

•	 NO3 is fully reduced in maximum 
20 - 40 days at all different aquifer 
depths, and no decrease in rate 
constants was observed during 
the injection of ~10.000 m3 tile 
drainage water. Therefore, the 
risks of NO3 contamination during 
injection of TDW are very low 

at this location, also taking into 
account the relatively short lag-
phase initially observed. 

•	 The short timeframe, high 
frequency in-situ field monitoring 
approaches can be used to examine 
denitrification lag-phases and 
denitrification rate constants before 
and during AS(T)R operation. The 
obtained information can be used 
to assess the risk of groundwater 
contamination by NO3 during 
AS(T)R operation.

Appendix A. Supplementary data

Supplementary data to this article can be 
found online at https://doi.org/10.1016/j.
scitotenv.2022.157791.
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Intra aquifer phosphate and arsenic 
(im)mobilization dynamics during aquifer storage 
transfer and recovery of tile drainage water

ABSTRACT

An Aquifer Storage Transfer and Recovery (ASTR) system was studied, in which oxic tile 
drainage water (TDW) rich in PO4 (5.2 mg/L) and As (9.3 µg/L) was injected in a sandy 
anoxic brackish aquifer, for later use as irrigation water of the agricultural land. PO4 and 
As (im)mobilization and their mechanisms varied substantially within the aquifer as 
studied at 6 depths ranging from 11-32 m below surface level. During the first days of ASTR 
operation, As mobilization was observed at 2 depths and immobilization at the other 4, 
while PO4 was immobilized at all depths. As was mobilized by oxidation of As-bearing 
pyrite, and immobilized by sorption to native and freshly precipitated Fe-(hydr)oxides. 
The latter were formed by oxidation of Fe(II) released by pyrite oxidation, cation exchange, 
and surface complexation processes. Immobilization of As was limited by competition with 
PO4 and other ions. Depth variations in As and PO4 (im)mobilization are probably caused 
by differences in reactivity and perhaps contents of the reactive aquifer phases. Afterwards, 
we monitored 3 storage periods at 6 depths (resulting in 3x6=18 time series, from which 
15 were assessed) spread over 1.5 years of ASTR operation. As and PO4 concentrations 
decreased (n=3) or were stable or increased (n=12) and mostly correlated at all depths. 
These varying trends seemed to be caused by the redox conditions. During NO3-reducing 
conditions, pyrite oxidation could result in As mobilization, whereas Ca-PO4 and Fe(III)-
mineral precipitation caused immobilization of As and PO4 by co-precipitation and/or 
sorption. Increasing Fe, PO4, and As concentrations resulted from reductive dissolution of 
Fe-(hydr)oxides. No clear link was observed between geochemical properties and the extent 
of As and PO4 (im)mobilization. Although the As and PO4 concentrations in the stored 
water allow its use as irrigation water, they entail some risk for (brackish) groundwater 
contamination.

Introduction

Aquifer Storage Transfer and Recovery 
(ASTR) stores water during wet periods 
in an aquifer via well injection. The 

injected water can be abstracted again 
from another well, and re-used when 
needed (Pyne, 1995). In Aquifer Storage 
and Recovery (ASR), water is injected and 
abstracted via the same well. Water quality 
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issues are common during ASR and 
ASTR, as a geochemical disequilibrium 
between injected water and the aquifer 
matrix can result in (un)wanted processes 
(Prommer et al., 2018). Injected water 
is often oxygenated, which can result in 
oxidation processes with aquifer minerals 
and sedimentary organic matter (SOM) 
(Antoniou et al., 2013; Vanderzalm et al., 
2011). Bloetscher et al. (2014) did a survey 
of 204 ASR sites in the United States, 
and reported that water quality issues 
were the cause of half of the abandoned 
wells. The most common issue was As 
concentrations exceeding the standards 
for abstracted water.
As contents in unconsolidated sediments 
are globally ranging between 3-10 mg/kg 

(Smedley and Kinniburgh, 2002) and are 
mostly co-precipitated or sorbed to pyrite 
or Fe-(hydr)oxides. As mobilization 
is often observed during ASR, due to 
changing redox conditions, pH-dependent 
desorption, mineral dissolution, 
and competitive ligand exchange 
(Fakhreddine et al., 2021). Several ASR 
studies examined As dynamics during 
ASR (e.g., Jones and Pichler, 2007; Mirecki 
et al., 2013; Vanderzalm et al., 2011; Wallis 
et al., 2011). Wallis et al. (2011) developed 
a reactive transport model to simulate 
arsenic fate during ASR in a similar 
aquifer in the Netherlands as studied in 
the current research. They recognized 
the following steps: (i) release of As 
during pyrite oxidation resulting from 
the injection of oxygenated water, (ii) 
As is largely taken up by freshly formed 
Fe-(hydr)oxides, and (iii) As is released 

again due to reductive dissolution of the 
Fe-(hydr)oxides and displacement by 
competing anions.   
PO4 is a common fertilizer, and a 
known groundwater contaminant (e.g., 
Huang et al., 2017; Stollenwerk, 1996). 
PO4 and As (particularly As(V)) are 
relatively complementary based on their 
physiochemical properties (Sun et al., 
2017). Therefore, both solutes compete 
for the same adsorption sites (Meng et al., 
2002). Mineral precipitation is another 
process which can limit PO4 mobility, by 
formation of Fe(II)-phosphates (van der 
Grift et al., 2016; Voegelin et al., 2013) or 
Ca-phosphates (Chapter 2; Wright et al., 
2011). 
In the current study, we examine an ASTR 
system which stores fresh tile drainage 
water (TDW) for later re-use as irrigation 
water of the agricultural lands in the 
coastal region of the Netherlands where 
groundwater is generally brackish. The 
TDW is however relatively rich in As 
and PO4 (PO4: 5.2 mg/L, As: 9.3 µg/L), 
which as feed water for MAR systems 
is exceptional but not unique. As and 
PO4 fate was therefore studied during 
ASTR injection and storage phases to 
reveal (i) the underlying mechanisms 
controlling (im)mobilization, and (ii) 
the interrelations between both solutes. 
Furthermore, intra-aquifer variations 
in As and PO4 fate were investigated in 
the current study, including its potential 
impact on the abstracted water quality.
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Material and methods

Field site description
The studied ASTR system is located in 
Breezand, the Netherlands (coordinates: 
52.8883, 4.8221; Figure 4.1). Tile drainage 
water (TDW) is collected from the 
drainage system of a 10 ha agricultural 
parcel, at about 1 m below surface level 
(b.s.l.). Collected TDW is injected in an 
anoxic sandy aquifer (11.5-33.0 m b.s.l) 
by 2 wells in the center (A and B; Figure 
4.1), and can be later abstracted by 4 wells 
around it. Abstracted water will be re-
used for irrigation. The aquifer is situated 
below a confining Holocene clay/peat 
layer of approximately 10 m, and consists 
of sediments from three geological 
formations (based on the Dutch national 
database of subsurface information (TNO-
NITG)). From top to base: early Holocene 

and latePleistocene aeolian and fluvial 
sands belonging to the Boxtel formation 
(10-19 m bsl), Pleistocene marine sands 
from the Eem formation (20-29 m bsl), 
and middle-Pleistocene glacial sands of 
the Drenthe formation (29-34 m b.s.l.). 
The ASTR system was monitored using a 
piezometer nests with 6 monitoring wells 
at 2.5 m distance from injection well A 
(MW1-6). 

Monitoring the onset of ASTR operation
We monitored the first days of ASTR 
operation from 1 till 6 November 2019. In 
this timeframe, 440 m3 TDW was injected 
during daytime in injection well A. 
Injected TDW arrival was observed clearly, 
as Cl concentrations were notably higher 
in native groundwater compared to TDW. 
Water quality was monitored at MW1-
6, with screens at different depths in the 

Figure 4.1: Overview of the field site location in Breezand, in the North-Western part of The Netherlands. The left 
panel shows the ASTR pilot location. The drained agricultural field is shown in light blue in the middle panel, where 
the location of the ASTR system is displayed as a blue square. The right panel shows the ASTR system and monitoring 
wells in detail.
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aquifer (see Table 4.1). Sampling occurred 
every 3 hours in each monitoring well. 
Before sampling, 30 L was abstracted with 
a diaphragm pump  (Liquiport NF1.100, 
KNF Verder, the Netherlands), which 
is plenty more than the standing well 
volume (max. 17 L). TDW was sampled 
using a peristaltic pump (Eijkelkamp, the 
Netherlands) from a monitoring well in 
the gravel pack of the injection well every 
30 minutes. At the start of each day, about 
60 L was abstracted from this monitoring 
well, to remove the standing well volume 
(ca. 11 L).
In order to qualitatively assess the 
occurrence of reactions during infiltration, 
conservative concentrations of solutes 
(i.e. only the result of hydrodynamic 
dispersion) were simulated using 
PHREEQC (Parkhurst and Appelo, 2013) 
and compared to the actual observed 
concentrations. The applied longitudinal 
dispersivity values and the PHREEQC 
model set-up are elaborated in Chapter 2.

Groundwater monitoring and storage 
periods
MW1-6 were periodically sampled. 
Before sampling, three times the standing 
well volume was abstracted. During 
storage periods, we frequently monitored 
water quality changes at MW1-6. In total, 
three storage periods were examined: in 
winter 2019, fall 2020, and spring 2021. 
We assume that the injected TDW was 
stagnant during these periods, as Cl 
concentrations were relatively constant 
over time and background groundwater 
velocity is insignificant (<0.01 m/d, 

estimated based on groundwater levels 
from www.grondwatertools.nl and 
hydraulic conductivity from www.
dinoloket.nl). The degree of mixing with 
different water types (from variations in 
composition of injected TDW, or mixing 
with native groundwater) was assessed 
by the variations in Cl concentrations: 
(maximum concentration / minimum 
concentration-1) × 100 (see S2.1). 
Relatively stable Cl concentrations with 
deviations <5% were observed for 10 
out of 18 (6x3) storage periods at al 
depths. Deviations between 5-25% were 
observed for 5 out of 18 storage periods: 
winter 2019 and 2021 storage periods 
at MW2, winter 2019 storage period 
at MW3, and the spring 2021 storage 
period at MW5 and MW6. Variations 
>25% were observed in the winter 2019 
storage period at MW5 and 6, and the fall 
2020 storage period at MW6. We deem 
it likely that those deviations are caused 
by density driven flow, as (i) these are the 
deepest monitoring wells situated at the 
same depth as the bottom of the injection 
wells, and (ii) native groundwater at 
these depths were brackish/saline (EC: 
5090-8930 µS/cm). Therefore the storage 
periods with Cl deviation >25% were not 
further assessed.
The abstracted water radius can be 
calculated with equation 4.1, which 
assumes that the abstracted water be a 
perfect cylinder:

=  ,  

=   
 (4.1)
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where r is the abstracted water radius 
(m), h is the well screen interval (m),  the 
total abstracted water from the aquifer 
(m3),  the standing well volume (m3), and  
the porosity assumed to be 0.3 (-). The 
abstracted water radius increases with 
every subsequent sample collected. In the 
Fall 2020 storage period, most samples 
were taken (n=12), which resulted in 
a maximum abstracted water radius 
between 0.34-0.54 at the different well 
screen depths.

Analysis of water samples
EC (C4E, Ponsel, France), pH/
temperature/redox (PHEHT, Ponsel, 
France), and dissolved oxygen (OPTOD, 
Ponsel, France) were sensed using a 
flow cell in the field. Furthermore, water 
samples were filtered on site (0.45 μm, 
Chromafil Xtra PES-45/25, Macherey-
Nagel, Germany). Elementary and 
compound analysis was performed using 
Ion Chromatography for Br, Cl, F, NO2, 
NO3, and SO4; Inductively Coupled 
Plasma – Mass Spectrometry (ICP-
MS; PlasmaQuant MS, Analytik-Jena, 
Germany) for Na, K, Ca, Mg, Fe, Mn, Al, 
Si, S, P, and various trace metals such as 
Ni, Zn, and As; Discrete Analysis (DA; 
AQ400, Seal analytical, UK) for alkalinity, 
PO4, and NH4; and high temperature 
combustion with non-dispersive infrared 
detection (TOC-V CPH, Shimadzu, 
Japan) for dissolved organic carbon 
(DOC). 

Geochemical characterization of the aquifer
Sediment samples were taken using a 2 
m sonic drill aqualock system with a core 
catcher (Oele et al., 1983), from 2 m to 36 
m-b.s.l during the drilling for MW3 and 
6. More information about the sediment 
sampling can be found in Chapter 2. 
The top and bottom 20 cm of each 2 m 
sediment sample was discarded, due to 
potential contamination. Subsamples 
were taken of every 10 cm of the residual 
cores. Sediment samples were bulked 
for each meter interval of the aquifer. 
The fraction of these mixed samples 
overlapping with the well screens of 
MW1-6 were determined and multiplied 
with the geochemical contents of that 
sample. Finally, the fractions of the two 
neighbouring mixed samples were add up 
afterwards, to obtain the representative 
contents at the well screen depth.
Analysis of these samples was performed 
by high temperature combustion with 
non-dispersive infrared detection for 
sedimentary organic carbon (SOC), 
thermogravimetric analysis for carbonate 
mineral content, and x-ray fluorescence 
after lithium borate fusion for As, Fe and 
S contents among others. Furthermore, 
grain size analysis was performed by a 
HELOS/KR laser particle sizer (Sympatec 
GmbH, Germany) after elimination of 
carbonates and sedimentary organic 
matter (SOM).
Based on these parameters, pyrite 
contents, non-pyrite reactive iron 
contents, and cation exchange capacities 
(CEC) for each well screen depth were 
calculated. Pyrite ( and pyrite bound iron 
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contents (Fepy) were estimated based on 
the total S content:

where Mi is the molecular weight of i (g/
mol), and S is the sulphur content (% 
d.w.). We assume that the total S content 
is originating from pyrite. This was found 
to be a good approximation (Bonte et al. 
(2013); Chapter 2; Zuurbier et al. (2016)). 
Total reactive iron (FeTR) and non-pyrite 
reactive iron (Fereac) were estimated by the 
empirical equations below:

where Fe2O3 and Al2O3 are the total Fe and 
Al content, respectively (% d.w.). A part 
of the FeTR is assumd to be fixed in low 
reactive silicate structures (Canfield et al., 
1992). Previous studies showed that silicate 
bound FeTR amounts to about 22.5% of 
total Al2O3 content (Dellwig et al., 2002; 
Dellwig et al., 2001; Huisman and Kiden, 
1998). Lastly, the non-pyrite reactive iron 
(Fereac) was estimated by subtracting the 
Fepy from the FeTR (Griffioen et al., 2012).
Furthermore, CEC were estimated based 
on the method proposed by Appelo and 
Postma (2005):

FeS = 0.5M /M S, 

Fe = 0.5M /M S, 

 (4.2)

 (4.3)

Fe =
2 M
M

× (Fe O 0.225 × Al O ), 

Fe = Fe Fe , 

 (4.4)

 (4.5)

where %clay is the fraction <2 μm of the 
grain size distribution, and % is the organic 
carbon content. This empirical formula 
proved to be a good approximation 
(Chapter 2; Karlsen et al. (2012); Zuurbier 
et al. (2016)).

Results and discussion

Native Groundwater and Injected Water 
Composition
Table 4.1 presents the native groundwater 
and mean injected tile drainage water 
(TDW) composition. The native 
groundwater composition was examined 
at the well screen depths of monitoring 
well 1-6 (MW1-6). Groundwater salinity 
increases with depth, with an EC between 
1850-2000 μS/cm in MW1, 2, and 3, and 
ECs of 3280, 5090, 8930 μS/cm at MW4, 
5, and 6, respectively. pH ranged from 
6.5-6.8. The redox state of the native 
groundwater is deeply anoxic, showing Fe, 
Mn, and SO4-reducing, and methanogenic 
conditions (see S3). Fe(II) and Mn(II) 
concentrations in native groundwater 
are relatively high, increasing with depth 
(Fe(II): 9.5-32.1 mg/L; Mn(II): 1.1-8.2 
mg/L).  SO4 concentrations are about 1 
mg/L. SO4 reduction is indicated by the 
very low SO4:Cl  ratios of 0.002-0.0005 
(mg/mg), compared to groundwater 
originating from sea water (as in this 
case) with Cl/SO4 ratios of about 0.14 
(Stuyfzand, 1993). Arsenic concentrations 
are below the detection limit at all depths, 
only at MW3 it is just above the detection 
limit (1.4 μg/L). The detection limit 
for As changes at the different depths 

CEC 
meq
kg

= 7 × %clay + 35 × %C   (4.6)
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from <1.0 μg/L at MW1 to <5.0 μg/L at 
MW6, as the more saline water samples 
had to be diluted more before analysis. 
PO4 concentrations (0.63-1.44 mg/L) 
are observed in native groundwater, 
which is likely caused by degradation of 
sedimentary organic matter (Griffioen, 
2006). NH4 concentrations are low, ranging 
from 0.82-1.14 mg/L. Lastly, alkalinity 
(as HCO3) concentrations are relatively 
high in the shallow aquifer (340 mg/L at 
MW1) and decrease with depth to 100 
mg/L at MW6. The ambient groundwater 
shows clear signs of cation exchange due 
to salinization (Stuyfzand, 1993), which is 
due to upward groundwater flow driven 
by drainage of the surrounding polder 
area.
The mean injected TDW composition 
is based on 66 analyzed water samples 
(Table 4.1). The bulk of these samples 
was taken during the monitoring of the 
onset of ASTR operation (n=43), the rest 
was taken as part of regular monitoring 
(n=23). The TDW samples are therefore 
not equally spread over time, and can 
be biased to the first 6 days of ASTR 
operation. TDW is aerobic, relatively 
fresh (1293 μS/cm), nutrient rich with 
mean NO3, PO4 and NH4 concentrations 
of 14.1 mg/L, 5.2 mg/L, and 0.13 mg/L 
respectively, low Fe concentrations (0.14 
mg/L), and has a relatively high dissolved 
organic carbon (DOC) concentration 
(24.7 mg/L). Furthermore, injected TDW 
has remarkably high As concentrations 
(9.3±2.3 μg/L), which can origin from 
the sediments in the topsoil or from 
phosphate fertilizers (Jiao et al., 2012).  

Sediment composition
Highest contents of reactive aquifer 
constituents were observed at MW1 
and MW3. Sedimentary organic carbon 
(SOC) and pyrite contents were about 
an order of magnitude higher at MW1 
and MW3 (SOC: 0.91, 0.38 %d.w, pyrite:  
0.62, 0.31 %d.w., respectively), compared 
to the others (SOC: 0.066-0.14 %d.w., 
pyrite: 0.028-0.051 %d.w.) (Table 4.1). The 
high SOC and pyrite contents correlate 
with a higher clay content and lower D50 
observed at MW1 and 3. Fereac contents 
were relatively stable at all depths (0.46-
0.72 %d.w.).
Arsenic contents slightly varied from 
0.7-2.7 ppm d.w. at the different depths. 
We assume that As content is mostly 
related to pyrite, as (i) previous research 
showed us that pyrite is often the most 
important As source (Fakhreddine et al., 
2021; Jones and Pichler, 2007; Smedley 
and Kinniburgh, 2002), and (ii) Huisman 
et al. (1997) observed in Dutch sediments 
a clear correlation between As and pyrite 
contents and stated that pyrite is probably 
the major As-bearing mineral. If we 
assume that pyrite is the sole As containing 
constituent, than the As/Fe molar ratio is 
0.0007-0.0021 at the different depths. This 
is somewhat lower than the ratio of 0.0054 
estimated by Stuyfzand (1998) for similar 
sediments in the Netherlands.

ASTR operation and monitoring
In the current study, aquifer storage 
transfer and recovery (ASTR) operation 
can be divided into three periods, in which 
approximately 2700, 2900, and 4300 m3 
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was injected divided over injection well A 
and B (Figure 4.2). After injection period 
1, operation was stopped for a period of 
approximately 9 months. An increase in 

  
Mean. 
TDW 

MW1 MW2 MW3 MW4 MW5 MW6 

Sample 
date 

- 25-02-
2019: 
18-03-2021 

25-9-2019 

Depth 
filter 

m-b.s.l - 11.4-
12.4 

15.0-
16.0 

18.3-
19.3 

22.8-
23.8 

25.9-
26.9 

31.2-32.2 

                  
temp °C 10.1±2.6 10.6 10.6 12.7 10.7 9.9 12.2 
pH - 7.21±0.33 6.7 6.8 6.8 6.7 6.6 6.5 
EC  1293±397 1860 1910 1990 3280 5090 8930 
DOC  24.7±4.2 8.6 7.2 7.8 5.84 3.7 3.5 
Water composition 
Cl  160±61 441 456 498 1110 1810 2760 
Br  0.4±0.3 1.9 1.9 2.1 4.5 7.7 14.0 
O2  4.3±0.7 0 0 0 0 0 0 
NO3  14.1±11.3 0 0 0 0 0 0 
PO4  5.21±0.80 1.4 1.1 0.7 0.8 0.6 0.7 
NH4  0.13±0.11 1.1 0.8 0.9 1.0 1.2 1.1 
SO4  193±55 1.0 1.1 0.6 1.4 1.1 1.4 
Alkalinity 
(as HCO3) 

 367±13 340 290 233 177 114 100 

Na  90.4±37.8 201 191 157 233 204 564 
K  52.3±14.0 8.92 6.90 8.85 16.3 18.5 57.5 
Ca  172±42.9 201 215 255 524 835 1520 
Mg  31.1±7.4 30.5 33.6 38.9 75.5 144 205 
Fe  0.14±0.19 9.5 15.0 13.9 16.2 25.5 39.2 
Mn  0.43±0.14 2.0 1.1 1.1 2.0 4.1 8.2 
As  9.3±2.3 <1.0 <1.0 1.4 <2.5 <5.0 <5.0 
Sediment composition  
SOC %d.w. - 0.91 0.14 0.38 0.088 0.057 0.066 
Clay  %d.w. - 5.5 1.1 3.4 0.74 0.49 1.1 
Carbonates  %d.w. - 6.5 0.35 11 1.3 1 0.61 
Pyrite  %d.w. - 0.62 0.051 0.31 0.038 0.028 0.029 
Fereac %d.w. - 0.63 0.61 0.72 0.62 0.46 0.68 
As ppm d.w.  - 2.7 1.6 1.4 1.9 1.3 0.7 

 mol ra�o - 0.0014 0.0021 0.0007 0.0021 0.0020 0.0009 
CEC  - 70.4 12.6 37.1 8.3 5.4 10.0 
D50  - 132 200 148 321 287 352 
 

Table 4.1: Composition of mean injected TDW, native groundwater, and the sediments at the depth of the monitoring 
well screens.

Cl concentrations was observed especially 
at MW5 and MW6, which is attributed to 
density driven flow resulting from density 
differences between injected TDW and 
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native groundwater (Ward et al., 2008). 
The storage periods took place in between 
these injection periods. Abstraction 
was not done during our monitoring 
campaign.

Observed solute concentration trends 
during monitoring of the onset of ASTR 
operation
We analyzed the arrival of injected 
TDW at MW1-6 during the first 6 days 
of ASTR operation. The earliest arrival 
of fresh injected TDW was observed 
at MW4 after injection of 220 m3, and 
the latest at MW6 after injection of 
846 m3

 (S1.1). Figure 4.3 presents the 
observed solute concentrations at MW4. 
We present this depth, as it was most 
permeable and therefore most pore 
flushes occurred (S1.1). The grey line 
represents the simulated conservative 
solute concentrations in all panels, which 
are only the result of hydrodynamic 
dispersion. Processes occurring during 
injection can therefore be assessed by 

comparing the observed concentrations 
with the conservative concentrations.

Cation exchange and surface complexation 
processes
The hydrogeochemical equilibrium 
between the native groundwater and the 
aquifer matrix changed during injection 
towards equilibrium with TDW. For 
the major cations, this resulted in a 
temporary increase of NH4, Fe(II), and 
Mn(II) concentrations (Figure 4.3), and 
a decrease of K concentrations, compared 
to their expected concentrations due 
to dispersion only. Similar trends were 
also observed at the other depths, which 
are shown in S1.2. This indicates the 
occurrence of cation exchange and 
surface complexation processes (Appelo 
and Postma, 2005). 
Water quality changes due to cation 
exchange occur noticeably when injected 
TDW displaces native groundwater 
including the subsequent pore flushes 
(Stuyfzand, 1998).  Figure 4.4A shows the 

Figure 4.2: Overview of the injected TDW volumes and the different monitoring campaigns.. The blue dots show the 
injected volumes. In injection period 1, monitoring of injected volume was not performed: the blue dashed line shows 
a linear interpolation between the start and measured end volume. The red dots display the manual control readings. 
The grey vertical bars in the background show the periods during which injection occurred (period 2 and 3 only).
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simulated distribution of cations over the 
exchange sites when in equilibrium with 
TDW, and its deviations with the initial 
equilibria with native groundwater at 
MW1-6. For NH4, Fe(II), and Mn(II), a 
larger fraction is sorbed to the exchange 
sites during the native conditions. 
During the arrival of the injected TDW, 
the fraction of NH4, Fe(II), and Mn(II) 
sorbed to the exchange sites is partly 
released, which corresponds with our 
observations. Na and Ca is also released, 
but mobilization is not observed probably 
due to the overall higher concentrations 

Figure 4.3: Observed and simulated conservative solute concentrations during the arrival of injected TDW at MW4. 
Concentrations in mg/L except for As (ug/L) and pH (-). Concentrations of mean injected TDW and native groundwa-
ter are indicated with horizontal dashed green and red lines, respectively.

of these ions (order of hundreds of mg/L) 
(Figure 4.3). Immobilization is occurring 
for K and Mg, which is clearly observed 
for K at MW4 in Figure 4.3 and at the 
other depths (S1.2), and for Mg at MW1, 
2, and 3 (S1.2).
Figure 4.4B shows a similar plot but 
then for the distribution of solutes over 
the surface complexation sites for the 
aquifer in equilibrium with TDW and 
its deviations with the distribution 
during the native conditions. Largest 
variations are observed for HCO3, PO4, 
and Fe(II). The positive deviations show 
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Figure 4.4: Distribution of ions over the exchange sites (A) and surface complexation sites (B) of the aquifer when in 
equilibrium with mean injected TDW and the absolute deviations between the TDW distribution and the distributions 
in equilibrium with native groundwater at MW1-6. A positive number for MW1-6 displays that a larger quantity of the 
solute is sorbed to the cation exchange or surface sites compared to the situation in equilibrium with TDW, and that 
desorption can be expected. Vice versa, negative numbers indicate that adsorption can be expected during displace-
ment of native groundwater by TDW.

that surface complexation sites during the 
native conditions had more Fe(II) and 
HCO3 sorbed, which are released during 
the arrival of TDW. This is only clearly 
observed for Fe(II) during monitoring, 
although the release of Fe(II) due to 
cation exchange processes also seems to 
influence its concentrations. Contrarily, 
the higher PO4 concentration in TDW will 
be partly sorbed to the surface sites, as is 
clearly observed at all depths. This applies 
also for Ca, Mg, As, and SO4 to a smaller 
extent. Note that PO4 and As (particularly 
As(V)) are relatively similar in 
characteristics and are known to compete 
for the same sorption sites (Meng et al., 
2002). Immobilization of As is observed at 
MW1, 2, 5, and 6, whereas at MW3 and 4 
mobilization of As is observed (which is 
further elaborated below).

Redox conditions
Figure 4.3 also shows the behavior of 
the most important redox parameters 

(NO3, Fe, Mn, SO4, DOC) monitored 
at MW4. O2 is not shown, as it was 
already fully depleted before arrival (for 
all depths). The redox conditions were 
NO3-reducing, as NO3 concentrations 
after arrival were lower than injected 
but not fully depleted. Furthermore, SO4 
concentrations were higher than observed 
in injected TDW, which indicates pyrite 
oxidation. The slightly lower observed 
DOC concentrations after arrival indicate 
degradation (for more detail see S1.3). 
Results of redox parameters for the 
other depths can be found in S1.2. 
Similar trends were observed with NO3-
reducing conditions and increased 
SO4 concentrations suggesting pyrite 
oxidation. Contrarily to MW4, 
denitrification rates increased at all 
depths over time except for MW6. This 
resulted in the complete depletion of NO3 
at the end of the monitoring campaign. 
Fe(III)/Mn(IV)-reducing conditions are 
therefore potentially occurring at these 
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depths. However, the increasing Fe/
Mn concentrations observed are also 
caused by cation exchange and surface 
complexation processes. At MW6, no 
considerable denitrification was observed.

As and PO4 dynamics
At MW3 and 4, As concentration 
increased compared to the simulated 
conservative concentrations, which 
suggests mobilization by pyrite oxidation 
(Figure 4.3 for MW4, and Figure S4 in 
S1.2 for MW3) despite the expected 
concurrent immobilization due to surface 
complexation processes (Figure 4.4). 
This suggestion is strengthened by the 
increased SO4 concentrations. We do not 
know if the pyrite oxidation was linked to 
aerobic respiration or denitrification. 
At MW4, As increased by about 10 μg/L 
(1.33x10-4 mmol/L) and SO4 about 24.6 
mg/L (0.256 mmol/L). The As /Fe molar 
ratio of pyrite (FeS2) is 0.0021 at MW4 
(Table 4.1) and therefore the As/SO4 ratio 
is 0.00105. The As /SO4 ratio based on 
the increasing observed concentration at 
MW4 is 0.0005 (thus As/Fe ratio 0.0010), 
which is about half the As/SO4 ratio based 
on the geochemical analysis. It seems 
likely that the residual As is sorbed to 
the native Fe-minerals and/or the freshly 
formed Fe-(hydr)oxides due to pyrite 
oxidation or cation exchange. At MW3, As 
also increased by about 10 μg/L (1.33x10-4 
mmol/L) and SO4 about 12.4 mg/L (0.129 
mmol/L). An As/SO4 ratio was observed 
of 0.0010 compared to 0.00035 based on 
the geochemical analysis, which implies 
that more As is released than available 

in pyrite. This could be due to spatial 
variations in the contents of As bound to 
pyrite at this depth.
It is remarkable that As concentrations 
gradually decrease – after the initial rise 
– with the number of pore flushes at 
MW4. A similar observation was done 
by Stuyfzand (1998) and Wallis et al. 
(2010), which they stated was resulting 
from delayed As sorption due to the slow 
redox transformation of As(III) to As(V) 
(e.g., Cutter, 1992; Plant et al., 2005). The 
As(III) released during pyrite oxidation 
has a lower adsorption affinity than 
oxidized As(V). During the arrival of the 
injected TDW, more electron acceptors 
became available, and/or the microbiome 
of the TDW could have resulted in 
bioaugmentation of the aquifer with 
arsenic-oxidizing bacteria (AsOB). These 
processes could have resulted in more 
oxidation linked to aerobic respiration 
(Smedley and Kinniburgh, 2002) and 
denitrification (Sun et al., 2008) and, 
therefore, a larger abundance of As(V) 
over time.
Arsenic concentrations did not increase 
compared to the mean injected 
concentration at the other depths 
(MW1, 2, 5, and 6: S1.2), but decreased. 
This suggests sorption of As to freshly 
precipitated Fe-(hydr)oxides and/or 
the already present Fe-minerals. The 
estimated Fereac (Table 4.1)  represents 
the native Fe-minerals in the aquifer. 
The immobilization of As at MW1, 2, 3, 
5, and 6 does not relate to higher Fereac 
contents (0.46-0.68%d.w.) compared 
to the depths of MW3 and 4 (0.62 and 
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0.72%d.w., respectively). Similarly, the 
mobilization of As at MW3 and 4 does 
not relate to higher pyrite contents (0.31 
and 0.038%d.w., respectively), compared 
to the other depths (0.028 - 0.62%d.w.: 
Table 4.1). Note, that freshly precipitated 
amorphous Fe-(hydr)oxides have a 
higher surface area and site density than 
the already present Fe-minerals (Dixit 
and Hering, 2003; Ford et al., 1997), and 
therefore likely play an important role 
in As and PO4 immobilization. Fe(II) 
is released into the groundwater due to 
cation exchange and surface complexation 
processes, and oxidation of pyrite. This 
Fe(II) is quickly precipitated to fresh 
amorphous Fe-(hydr)oxides. 
We showed substantial variations in As 
(im)mobilization trends at the different 
depths in the aquifer. The injected TDW 
composition is similar at all depths, and 
groundwater compositions are much alike 
at MW1, 2, and 3, while (im)mobilization 
varies substantially over these depths. 
This suggests that native groundwater 

Figure 4.5: Conceptual model of the major processes related to the (im)mobilization of As and PO4 during the onset of 
ASTR operation at the different depths.

composition does not affect the fate of As 
and PO4 substantially. Therefore, variations 
of As and PO4 (im)mobilization are likely 
caused by the geochemistry (contents and 
reactivity) of the aquifer, and are probably 
related to three simultaneous geochemical 
processes and their kinetics: (i) the release 
of Fe(II) and As(III) by pyrite oxidation 
and for Fe(II) by cation exchange and 
surface complexation processes, (ii) the 
formation of As(V) and amorphous Fe-
(hydr)oxides by oxidation processes, 
and (iii) the competition of As and PO4 
and other ions on the freshly formed 
Fe-(hydr)oxides and native Fe-minerals 
(Figure 4.5).

Redox conditions during storage phases
TDW is depleted of O2 within hours 
after injection in the aquifer as observed 
with push-pull tests (Chapter 2; Chapter 
3). Therefore, O2 does not reach the 
monitoring wells and groundwater is 
anoxic during the storage periods. Redox 
conditions are mostly NO3-reducing 
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(S2.3). NO3 is fully depleted at all depths 
in the aquifer in maximally 20-40 days 
of storage. NO3 concentrations varied 
substantially with depth at the onset of 
the storage periods because of depth 
depending denitrification rates and 
different travel times from injection well 
(S1.1). 
Highest Fe(II) concentrations were 
observed at MW2, 3, and 6 (max. ±8, 
±5, and ±5 mg/L, respectively), while 
at the other depths concentrations were 
mostly between 0.1-3 mg/L. These higher 
Fe(II) concentrations were observed at 
the depths where NO3 concentrations 
were lowest and the quickest depleted. 
Therefore, we assume that Fe(III)-
reducing conditions initiated at low NO3 
levels are the cause of the increasing Fe(II) 
concentrations. Mn(II) concentration 
trends are mostly similar to those of Fe(II), 
although concentrations are lower and are 
in the same range at all depths (0.2-0.7 
mg/L). Fe(II) and Mn(II) concentrations 
increased less during the last storage 
period (spring 2021) than during the first 
two storage periods. This could imply that 
the reactive Mn- and Fe-(hydr)oxides are 
getting depleted in the aquifer or reducing 
conditions are becoming weaker.
SO4-reducing conditions were only 
observed during the fall 2020 storage 
period at MW2 and less distinctively at 
the winter 2019 storage period at MW2 
and 3 (S2.3 and S2.4). This could be due to 
more anaerobic conditions at the start of 
these storage periods, which was indicated 
by the lowest NO3 concentrations and 
highest Fe(II) concentrations compared 

to the other storage periods (S2.3).  SO4 

concentrations were slightly decreasing 
during the fall 2020 storage period at 
MW2, and concurrently also Fe(II) 
concentrations were decreasing due to 
Fe-S mineral precipitation.
It is often hard to separate specific 
redox conditions, as they can happen 
simultaneously in different micro niches 
on pore scale in the aquifer, due to a 
heterogeneous distribution of electron 
donors (Jakobsen, 2007). In the current 
study, this likely resulted in increasing 
Fe(II) and Mn(II) concentrations from 
reductive dissolution of Fe- and Mn-
(hydr)oxides, while NO3 was still present 
in the aquifer (Figure 4.6). 

Concentration trends of As and PO4

As and PO4 concentrations varied at all 
depths at the onset of the storage periods 
(As: 0.8-16.4 µg/L; PO4: <0.1 mg/L to 2.6 
mg/L). We monitored 3 storage periods 
at 6 depths (resulting in 3x6=18 time 
series, from which 15 were assessed) 
spread over 1.5 years of ASTR operation 
For As, 12 out of 15 storage periods have 
lower concentrations at the onset of the 
storage period compared to mean injected 
TDW (9.3 µg/L). PO4 concentrations are 
substantially lower for all storage periods 
than in mean injected TDW (5.2 mg/L). 
Figure 4.6 shows the observed NO3, Fe(II), 
PO4, and As concentrations at MW2 and 
MW4. Increasing trends were observed 
for Fe(II) (order of mg/L), PO4 (order of 
0.1 mg/L), and As (order of µg/L) at MW2, 
while decreasing trends, except for Fe(II), 
were observed at MW4 (except of winter 
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2019 storage period). The trends at MW2 
are somewhat similar to those at MW1 
and MW3, while the trends at MW4 are 
more comparable to those at MW5 (S2.2). 
Concentrations of all these parameters 
are mostly stable during the spring 2021 
storage period at MW6, which indicates 
that (im)mobilization processes at this 
depth are not substantial (S2.2). The 
varying trends observed at the different 
depths, indicate that different processes 
influence PO4 and As concentrations. 

As and PO4 immobilization processes 
during mostly NO3-reducing conditions
NO3 concentrations were relatively high 
(8-42 mg/L) at the start and gradually 
decreased over time during the storage 
periods of fall 2020 at MW4 and spring 
2021 at MW4 and 5 (later referred to 
as these 3 time series) (Figure 4.6 and 
S2.2). Start concentrations of PO4 were 

relatively high (between 0.8-3 mg/L) 
compared to the other storage periods, 
and a decreasing trend (a decrease of ±1 
mg/L) over time was observed in these 3 
time series. Arsenic concentrations also 
decreased over time (a decrease of ±3-10 
µg/L). Immobilization of As and PO4 was 
only observed for these 3 time series out 
of a total of 15 storage periods. As and PO4 

immobilization processes seem related, as 
a good correlation was observed between 
both parameters (R2=0.79-0.97: S2.5). 
Reductive dissolution of Fe-(hydr)oxides 
appeared minimal during these 3 time 
series because Fe(II) concentrations were 
initially low (<0.2 mg/L) and did only 
marginally increase over time (ΔFe<0.4 
mg/L).
During the first days of ASTR operation, 
As and SO4 concentration increased 
pointing to pyrite oxidation, although 
it was not possible to disentangle the 

Figure 4.6: Different trends of PO4 and As observed at MW2 and MW4 during the three storage periods. The colored 
dots show the observed concentrations during the storage periods in the winter 2019 (black), fall 2020 (blue), and 
spring 2021 (red).



Chapter 4: Intra aquifer phosphate and arsenic (im)mobilization dynamics during aquifer storage transfer and recovery of 
tile drainage water

4

122

contribution of aerobic respiration and 
denitrification to this process (Section 
3.3). The storage periods provide an 
opportunity to assess occurrence of pyrite 
oxidation linked to denitrification, as O2 
was already depleted. SO4 concentrations 
increased (±10-25 mg/L: S2.4) in these 3 
time series, which could indicate release 
after pyrite oxidation. Based on an As/Fe 
ratio of 0.0020 (Table 4.1; and thus a As/
SO4 ratio of 0.0010), this would imply that 
between 10-25 µg/L As would be released. 
Observed As concentrations decreased 
instead. It is probable that the released As 
during pyrite oxidation is immobilized, 
just as a part of the As already in the 
water-phase.
We deem it likely that these PO4 
and As immobilization trends were 
related to precipitation of Fe- or Ca-
minerals. Ca-PO4 or Ca-CO3 minerals 
can largely influence PO4 dynamics 
by co-precipitation or sorption during 
aeration of anoxic groundwater during 
seepage to surface water (Griffioen, 
2006), and in aquifers (Bingham et al., 
2020). Therefore, we calculated the SIs of 
several Ca-minerals. SIs of hydroxyapatite 
(Ca5(PO4)3OH) were slightly positive 
(0.4-0.8: S2.6) at the onset of these 3 
time series, while they were negative for 
the other storage periods and depths 
(except of fall 2020 MW5). The positive 
SIs for hydroxyapatite indicate potential 
occurrence of precipitation, although the 
magnitude of the positive SIs does not 
inform directly on the rates of precipitation. 
Bingham et al. (2020) and Wright et al. 
(2011) examined precipitation of Ca-PO4 

minerals under conditions representative 
of natural groundwater. Both studies 
observed decreasing PO4 concentrations 
in the order of hours/days. Therefore, 
it seems probable that the decreasing 
PO4 concentrations are resulting from 
hydroxyapatite precipitation at MW4 and 
5. These types of minerals (apatites) are 
also known to remove up to 1000 mg/kg 
As from water (Baur and Onishi, 1969; 
Boyle and Jonasson, 1973; Pai et al., 2020; 
Smedley and Kinniburgh, 2002). In these 
3 time series, we observed a maximum 
decrease in As concentration of about 
10 µg/L (not taking in account the 
potential As released by pyrite oxidation). 
This could already be resulting from 
precipitation of 10 mg of apatites, when 
this would be the sole immobilization 
mechanism. Furthermore, gypsum 
(CaSO4), vivianite (Fe3(PO4)2) and 
siderite (FeCO3) were under saturated at 
all depths (SI=-5.9 - -0.4: S2.6). The SIs for 
calcite (CaCO3) were around equilibrium 
(0.0-0.2: S2.6) indicating no occurrence of 
rapid dissolution/precipitation of calcite. 
Decreasing As and PO4 concentrations 
could also be resulting from the 
precipitation of Fe(III)-minerals, which 
precipitate rapidly after oxidation of 
Fe(II) to Fe(III) at circumneutral pH 
conditions. Fe(II)-oxidation would be 
NO3-dependent, as O2 is already depleted. 
Smith et al. (2017) stated that NO3-
dependent Fe(II)-oxidation likely occurs 
in groundwater and that the formation of 
Fe-(hydr)oxides can impact the mobility of 
PO4 and As. Sun et al. (2016) showed that 
the addition of both NO3 and Fe(II) in high 
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concentrations (NO3: 620 mg/L, Fe(II): 
220 mg/L) to aquifer sediments resulted in 
Fe-mineral precipitation and decreasing 
As concentrations (>90 µg/L decrease) in 
the water matrix. A substantial fraction 
of the precipitates consisted of magnetite, 
besides a fraction of amorphous Fe-(hydr)
oxides. Magnetite incorporates As and 
PO4 in its structure during precipitation, 
and is mostly persistent during Fe(III)-
reductive conditions. Therefore, As and 
PO4 is hardly mobilized from magnetite, 
while As will be released from the 
amorphous Fe-(hydr)oxides. In these 3 
time series, similarly both NO3 and Fe(II) 
are present in the groundwater, although 
in lower concentrations. Nevertheless, 
magnetite was supersaturated for these 3 
time series when the pe was >-3 (S2.7).  
We therefore expect that NO3-dependent 
Fe(II)-oxidation is likely and formation of 
magnetite could occur.

As and PO4 mobilization processes during 
Fe(III)-reducing conditions
During all other storage periods, redox 
conditions were partly to mostly Fe(III)-
reducing, as shown by the substantially 
lower NO3 concentrations (mostly below 
5 mg/L, except for the fall 2020 storage 
period at MW1 and MW5), and more 
substantial Fe(II) increases during the 
storage periods (ΔFe: ±0.4- 5 mg/L). 
As and PO4 are both oxyanions that are 
often co-precipitated or sorbed to Fe-
(hydr)oxides and are released during 
dissolution (Meng et al., 2002; Roberts et 
al., 2004; van der Grift et al., 2016; van der 
Grift et al., 2014; Voegelin et al., 2013). 
Therefore, the most apparent process 
related to the increase in Fe(II), PO4, 
and As concentrations is the reductive 
dissolution of freshly precipitated Fe-
(hydr)oxides. We expect that the Fe-
minerals which already existed in the 
aquifer before ASTR operation are less 
prone to reductive dissolution, as Fe-
minerals become more stable during 

Figure 4.7: Conceptual model of the processes which are expected to influence the (im)mobilization of As and PO4 
during the storage periods at the different depths.
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aging (Senn et al., 2017). Nevertheless, 
the contents of native Fe-minerals are 
relatively high (Fereac: 0.46-0.68%d.w.), 
and reductive dissolution of only a small 
part could already majorly influence As 
and PO4 immobilization.
Figure 4.7 presents a visual overview of the 
processes which are expected to influence 
the (im)mobilization of As and PO4 
during the storage periods. Variations in 
aquifer redox conditions and the kinetics 
of these processes are probably causing 
the intra-aquifer variations in As and PO4 
(im)mobilization.

Intra-aquifer variations of Fe(II), As, 
and PO4 dynamics linked to aquifer 
geochemistry
Our study presents substantial variations 
in Fe(II), As, and PO4 dynamics at different 
depths in an aquifer during injection 
and storage phases of ASTR. During 
injection at the onset of ASTR operation, 
mobilization of As was only observed at 
MW3 and 4 and was attributed to pyrite 
oxidation. These depths did not have 
the highest pyrite contents, as MW3 had 
relatively high (0.31%d.w.) but MW4 
relatively low (0.038%d.w.) contents 
compared to the other depths (Table 4.1). 
However, previous studies showed that 
the reactivity of constituents can be more 
important than the contents (Chapter 2; 
Massmann et al., 2004). 
During the storage periods, the aquifer 
can be roughly split up in three parts 
during the storage periods: the shallow 
part (MW1, 2, and 3) where As and 
PO4 concentrations mostly increased 

(mobilization), the middle part (MW4 
and 5) where concentrations mostly 
decreased (immobilization), and the 
deeper part (MW6) where concentrations 
remained relatively stable. Note that 
this does not correspond with the 
concentration trends over depth during 
the start of ASTR operation, which could 
be caused by different processes (e.g., 
surface complexation, cation exchange, 
and aerobic oxidation processes) related 
to As and PO4 (im)mobilization. At MW1, 
2, and 3, pyrite contents were substantially 
higher, compared to MW4, 5, and 6 (Table 
4.1). This could have resulted in more 
oxidation at MW1, 2, and 3, and thus the 
release of larger quantities of As(III).
Fakhreddine et al. (2020) studied As 
mobilization in multiple stacked aquifers 
(ranging from 160-365 m-b.s.l.) with 
confining layers in between, which were 
recharged via one well. They observed 
that As mobilization could be attributed 
to geochemical heterogeneity at these 
aquifers, where As mobilization occurred 
due to desorption from Fe-(hydr)oxides 
at aquifers where in the past oxidation 
occurred and due to oxidation of As-
bearing pyrite where not. Here, we show 
that geochemical mechanisms controlling 
As and PO4 concentrations similarly 
vary at 6 different depths over an almost 
ten-fold smaller depth interval (11-32 
m-b.s.l.) within an aquifer. The observed 
mechanisms were somewhat different 
to those observed by Fakhreddine et 
al. (2020), as besides mobilization also 
immobilization was observed due to the 
substantial PO4 and As concentrations in 
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injected TDW. Furthermore, this resulted 
also in competition between As and PO4 
for sorption sites, and the precipitation 
of Ca-PO4 (likely) and Fe(III)-minerals 
(very likely).

Considerations for groundwater risk 
management
Irrigation water standards have relatively 
high limits for As concentrations (0.1 
mg/L: Naudin-Ten Cate et al. (2000), 
Rowe (1995)) and, to our knowledge, 
no specific limit for PO4 concentrations. 
During ASTR operation, concentrations 
observed in the aquifer were maximally 
23 µg/L for As, and thus below the 
irrigation water standard, and about 3 
mg/L for PO4 (compared to 9.3 µg/L 
and 5.2 mg/L in mean injected TDW for 
As and PO4, respectively). As and PO4 
concentrations are a risk for groundwater 
contamination, as concentrations in 
injected TDW are higher than in native 
groundwater (As: <1.0-1.4 µg/L, PO4: 
0.6-1.4 mg/L). Mobilization of As 
during ASTR operation increases these 
risks. This is, for example, problematic 
according to the current European 
Water Framework Directive (2000/60/
EC) (Kallis and Butler, 2001), which 
requires that the quality of a waterbody 
should not deteriorate (Hochstrat et al., 
2010). The risk of large scale groundwater 
contamination is nevertheless low in this 
case, as (i) groundwater flow is negligible 
and therefore the potential As and PO4 
contamination is only local, (ii) when 
groundwater flow somehow becomes 
significant the local contamination will be 

diluted, and (iii) the native groundwater 
is brackish/saline and has limited value 
as a potable water source. In theory, 
deoxygenation of injected TDW together 
with the removal of NO3 would minimize 
the risks of As mobilization (Prommer et 
al., 2018), but this is technically difficult 
and surely economically not feasible. 

Conclusion

In the current study, we assessed As 
and PO4 (im)mobilization at 6 different 
depths (ranging from 11-32 m below 
surface level) in an aquifer during Aquifer 
Storage Transfer and Recovery (ASTR). 
In the studied ASTR system, injected tile 
drainage water (TDW) was oxic and rich 
in PO4 and As (mean concentrations PO4: 
5.2 mg/L, As: 9.3 μg/L), to be re-used as 
irrigation water of the agricultural land. 
The arrival of TDW at 2.5 m from the 
injection well was frequently monitored 
during the first 6 days of ASTR operation. 
Cation exchange processes resulted in 
release of mostly NH4, Fe(II), and Mn(II) 
during and after the arrival of TDW, 
while K was delayed by adsorption. 
Surface complexation to native Fe-(hydr)
oxides resulted in desorption of Fe(II) 
and HCO3, and sorption of mostly PO4 
and to a smaller extent Ca, Mg, As, and 
SO4. Immobilization of As and PO4 

also occurred by sorption to freshly 
precipitated Fe-(hydr)oxides formed by 
oxidation of the released Fe(II) from 
cation exchange, surface complexation, 
and pyrite oxidation processes. Overall, 
injected PO4 was partly immobilized at all 
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depths, while As was partly immobilized 
at 4 out of 6 depths and mobilized at the 
other depths. Mobilization of As resulted 
from oxidation of As-bearing pyrite, 
concurrently with the mobilization of 
SO4 and Fe(II). Where As mobilization 
occurred, As concentrations peaked 
after TDW arrival and increased slowly 
afterwards. This probably occurred 
due to the lower sorption affinity of the 
released As(III) compared to As(V), and 
the microbial adaptation of the aquifer 
needed for As oxidation. Differences in 
reactivity and perhaps contents of the 
aquifer geochemistry likely resulted in the 
varying (im)mobilization of As and PO4 
at the different depths. Afterwards, we 
monitored 3 storage periods at 6 depths 
(resulting in 3x6=18 time series, from 
which 15 were assessed) spread over 1.5 
years of ASTR operation. As and PO4 
concentrations were mostly correlated 
with each other during these time series. 
Concentrations increased at 3 time series 
and were relatively stable or decreased at 
the other 12. The concentration trends 
seemed related to the redox conditions. 
NO3-reducing conditions could result in 
NO3-dependent pyrite oxidation causing 
mobilization of As, and the precipitation 
of Ca-PO4 and Fe(III)-minerals causing 
immobilization of As and PO4 by co-
precipitation and sorption. Reductive 
dissolution of Fe-(hydr)oxides resulted 
in the mobilization of Fe(II), As and PO4 

during the storage periods. As and PO4 
(im)mobilization was not clearly linked to 
the geochemical properties of the aquifer. 
Observed concentrations of As and PO4 

in the stored water were not posing a risk 
for the use of irrigation, they however 
result in some risk of contamination of 
the brackish aquifer.

Appendix A. Supplementary data

Supplementary data to this article 
can be found at https://github.com/
emielkruisdijk/Supporting_information.
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Intra aquifer variations in pesticide sorption 
during a field injection experiment

ABSTRACT

A field injection experiment was performed in an anoxic sandy aquifer over 6 days to 
assess sorption characteristics of 7 commonly applied pesticides in agriculture and 2 
frequently detected metabolites. Pesticide use changed considerably in the last decades, 
and there is insufficient knowledge of the fate of currently used pesticides in aquifers. 
Injected water arrival was monitored at 6 depth intervals of 1 m ranging from 11.4 to 
32.2 m-below surface level with varying organic carbon contents (0.057-0.91%d.w.) to 
examine intra-aquifer variations in sorption. Observed pesticide concentrations were fit 
using a non-linear least squares routine to an advection-dispersion equation, from which 
retardation factors (R) were obtained. Pesticide degradation did not significantly influence 
the simulated R during the experiment. We observed that bentazon and cycloxydim 
were most mobile with R<1.1 at all depths. Desphenyl chloridazon, methyl desphenyl 
chloridazon, and imidacloprid were, on average, less mobile, with maximum R of 1.5. 
Boscalid, chloridazon, fluopyram, and flutolanil showed a larger range of R, and R>2.0 
were observed in the shallowest part of the aquifer. Largest R were observed at the top 
of the aquifer and decreased with depth. Koc values varied similarly, which indicates 
that sorption is not only influenced by sedimentary organic matter (SOM) content but 
also by its sorption reactivity. Obtained sorption parameters were substantially lower 
than reported in a widely used pesticide sorption database, which suggests that sorption 
parameters are influenced by methodological differences and variations in the sorption 
reactivity of SOM. The large intra-aquifer variations in pesticide sorption highlights that 
aquifer heterogeneity should be considered in groundwater risk assessments.

Introduction

Pesticides and their metabolites are 
increasingly detected in groundwater 
systems over the last decades (Arias-

Estevez et al., 2008; Burri et al., 2019). 
Heavy use of pesticides in agriculture 
adversely impacts groundwater resources. 
Understanding of pesticide transport 
processes is essential to assess the 

This chapter is based on:
Kruisdijk et al. (2022) Journal of Contaminant Hydrology (248): 104015
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pesticide spreading risk through aquifers. 
These insights are even more urgent 
as managed aquifer recharge (MAR) 
technologies become more common 
(Sprenger et al., 2017; Zhang et al., 2020). 
MAR systems store freshwater in aquifers, 
often for later re-use (Dillon et al., 2019; 
Sprenger et al., 2017). Using available 
surface water or stormwater in MAR 
can introduce pesticides directly into 
groundwater systems. Examples are: (i) 
riverbank filtration where surface water 
infiltrates and flows towards groundwater 
abstraction wells (Hiscock and Grischek, 
2002; Ray, 2008), and (ii) Aquifer Storage 
(Transfer) and Recovery (AS(T)R) in 
which for example, stormwater can be 
directly injected into an aquifer using 
wells (Page et al., 2010; Vanderzalm et al., 
2011).
Aquifer sorption parameters (retardation 
factors, partition coefficients (Kd), and 
organic carbon-water partition coefficients 
(Koc)) are commonly determined by batch 
experiments (Clausen et al., 2004; de 
Lipthay et al., 2007; Janniche et al., 2011; 
Kiecak et al., 2019; Madsen et al., 2000; 
Moreau and Mouvet, 1997; Rae et al., 
1998). Sediment, water, and pesticides 
are combined and mixed, after which the 
pesticide decrease in the liquid-phase is 
determined (OECD, 2000). Limousin et 
al. (2007) acknowledge the difficulty of 
translating batch experiment results to 
porous media, as the solid/solution ratio 
and the hydrodynamic conditions differ 
largely. Column experiments have the 
benefit that sorption during advective 
transport can be studied under controlled 

conditions, although obtained results 
are mostly limited to the experiment 
scale and are not directly transferable to 
aquifers (Banzhaf and Hebig, 2016). In-
situ experiments in aquifer sediments 
hold substantial advantages over column 
experiments: (i) experiments are done 
under field conditions and are therefore 
site specific, (ii) often larger volumes 
of aquifer sediments are studied, which 
make the results more representative, and 
(iii) risks of disturbance or contamination 
of aquifer materials are smaller, as no 
drilling and relocation of sediments is 
needed. 
In-situ pesticide sorption studies in 
aquifers are limited (Broholm et al., 
2001a; Broholm et al., 2001b; Pang and 
Close, 2001; Rügge et al., 1999a; Rügge 
et al., 1999b; Springer and Bair, 1998; 
Widmer and Spalding, 1995; Widmer et 
al., 1995; Živančev et al., 2019). All these 
studies conducted a (natural) gradient 
experiment, in which water (which 
contained pesticides) was injected into an 
aquifer after which the plume movement 
was monitored and analyzed. Aside of 
Živančev et al. (2019), the studies were 
all done more than 20 years ago,  and 
since then pesticide use changed greatly. 
In Europe, this can be partly related to 
directive 2009/128/EC and EC 1107/2009 
which both aim to achieve sustainable 
pesticide use. Of all pesticides examined 
in the previous in-situ pesticides sorption 
studies, only acetamiprid and bentazon 
are approved by the EC 1107/2009 
regulation. In our study, we focus on the 
sorption of 6 commonly used present-
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day approved agricultural pesticides 
(bentazon, boscalid, chloridazon, 
cycloxydim, fluopyram, flutolanil), 2 
regularly observed metabolites (desphenyl 
chloridazon and methyl desphenyl 
chloridazon), and the recently (2013) EU-
banned pesticide imidacloprid (Gross, 
2013).  
Pesticide mobility is affected by aquifer 
heterogeneity. During and after genesis, 
intra-aquifer variations are developed, for 
example, lithology, mineral content, and 
organic carbon content. These variations 
result in fluctuations in pesticide sorption, 
which can be crucial to assess potential 
groundwater contamination risks. MAR 
sites facilitate studying this heterogeneity 
during the injection of a new type of water 
into an aquifer. To our knowledge, only 
Broholm et al. (2001b) studied in-situ 
intra-aquifer variations of 2-methyl-4,6-
dinitrophenol (DNOC) sorption, which 
was done in a low organic carbon aquifer. 
During their field injection experiment, 
they studied a relatively small layer of 1 
m at 3 different depths. Furthermore, they 
assessed a 3.5 m aquifer layer at 12 depths 
using batch experiments. They observed 
spatially varying DNOC sorption related 
to variations in clay minerals and pH. 
Organic carbon content is often the most 
important factor related to pesticide 
sorption when available (Delle Site, 2001; 
Fetter et al., 1999). In the current research, 
we examine an aquifer from ~11-33 m 
below surface level, with a wide range 
of organic carbon contents (0.057-0.91 
%d.w) at the 6 depth intervals studied. 
This range is significantly larger than in 

the previous in-situ pesticide sorption 
studies together (Broholm et al., 2001a; 
Broholm et al., 2001b; Pang and Close, 
2001; Rügge et al., 1999a; Rügge et al., 
1999b; Springer and Bair, 1998; Widmer 
and Spalding, 1995; Widmer et al., 1995; 
Živančev et al., 2019), where the aquifers 
examined had organic carbon contents 
ranging from 0.007-0.16 %d.w.  
In the current study, we assess pesticide 
sorption during the first operation of 
an ASTR system, in which agricultural 
tile drainage water containing pesticides 
is injected in the aquifer for later re-use 
as irrigation water. We follow a similar 
set-up as the previous mentioned in-
situ pesticide sorption studies, with the 
key differences: (i) tile drainage water 
(TDW) from an agricultural field, 
was used as injection water, (ii) intra 
aquifer variations were examined with 
monitoring wells at 6 different depths, 
and (iii) an extensive sedimentological 
and geochemical characterization of the 
aquifer was performed. The objectives of 
this study are to, (i) determine sorption 
parameters of 7 commonly applied 
pesticides and 2 regularly detected 
metabolites injected during this in-situ 
experiment at 6 different depths with a 
wide range of organic carbon content, (ii) 
compare obtained sorption parameters 
to a widely used literature database, and 
(iii) assess the effects and implications 
of intra-aquifer variations with depth on 
sorption. 
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Material and methods

Field site description
The study site is located in an agricultural 
area in a polder in the North-Western part 
of the Netherlands (coordinates: 52.8883, 
4.8221). Here, an Aquifer Storage Transfer 
and Recovery (ASTR) system stores water 
during wet periods in the underlying 
confined aquifer using wells and re-
uses this water in dry periods to irrigate 
flower bulbs. For additional information 
about the field site see Supplementary 
Information 1 (S1). Tile drainage 
water (TDW) containing pesticides 
is collected from 10ha of agricultural 
land and injected via a vertical well in a 
sandy anoxic aquifer (11.5-33.0 m below 
surface level (b.s.l)) of late Holocene and 
Pleistocene origin, below a confining 
Holocene clay/peat layer. The aquifer 
studied consists of sediments from three 
different geological Formations, based on 
the Dutch national database of subsurface 
information (TNO-NITG). The Boxtel 
Formation extends from approximately 
8-19 m b.s.l., and consists mostly of 
aeolian and fluvial sands deposited from 
early Holocene untill middle-Pleistocene 
(Schokker, 2005). The Eem Formation 
is situated below, from about 20-28 m 
b.s.l., and consists mostly of marine sands 
deposited during the early-Pleistocene 
(Bosch et al., 2003). Below, the Drenthe 
Formation is situated from about 29-34 
m b.s.l. built up mostly from glacial sands 
in the middle-Pleistocene (Bakker, 2003). 
A monitoring well screen is situated in 
the gravel pack of the injection well. 

Furthermore, monitoring wells (MW1-
6) placed at 6 depths (from 11.4 to 32.2 
m-b.s.l, for specific depths see Table 5.1) 
are distributed over 3 boreholes at 2.5 m 
distance from the injection well. The three 
shallowest monitoring wells (MW1, 2, and 
3) are situated in the Boxtel Formation, 
MW4 and 5 in the Eem Formation, and 
MW6 in the Drenthe Formation.

Description field injection experiment
The field injection experiment took place 
from 1 to 6 November 2019, during which 
a total of about 440 m3 TDW was injected 
during ASTR operation. TDW contained 
pesticides originating from agriculture 
in environmental concentrations, rather 
than elevated concentrations often used 
in laboratory experiments. Furthermore, 
Cl concentrations were notably lower 
in TDW in comparison to the native 
brackish groundwater. Injection occurred 
continuously during daytime. Water 
quality was monitored before, during, and 
after the arrival of the injected TDW at 
MW1-6, and at the injection well. Injected 
TDW was sampled with a peristaltic 
pump (Eijkelkamp, the Netherlands) 
from the monitoring well in the gravel 
pack of this injection well, every 30 
minutes. At the start of each day, about 
60 L was abstracted from this monitoring 
well, to remove the standing volume of 
the well (ca. 11 L). Concurrently, every 
30 minutes a water sample was collected 
from a specific monitoring well, such that 
each monitoring well was sampled every 
3 hours (6 monitoring wells x 30 min = 3 
hours). The standing volume of the wells 



5

Chapter 5: Intra aquifer variations in pesticide sorption during a field injection experiment 137

(max. 17 L) was removed before sampling 
by abstracting 30 L using a diaphragm 
pump (Liquiport NF1.100, KNF Verder, 
the Netherlands).

Estimation of longitudinal dispersivity
Longitudinal dispersivities were estimated 
independently for each well screen depth 
interval of MW1-6. We assumed that the 
major flow path between the injection 
well and the monitoring wells was radial 
1 dimensional (1D), as (i) the aquifer 
studied is anisotropic, which means here 
that the horizontal hydraulic conductivity 
is significantly larger compared to the 
vertical, and most importantly (ii) the 
model did simulate conservative transport 
remarkably well at all different depths as 
shown in Figure 5.1.
Observed Cl concentrations were fit to the 
approximate 1D solution for dispersion 
in radially diverging flow to obtain 
longitudinal dispersivities (Eq. 7-163 in 
Bear (2012)): 

( , ) = +
2 4

3

 (5.1)

where  are the observed Cl concentrations 
(mg/m3) at MW1-6 observed at distance  
(2.5 m) at time t after the start of 
injection,  the Cl concentration of the 
initial groundwater (mg/m3),  the mean 
concentration of the injected TDW (mg/
m3),  the calculated 50% front position of 
the injected water at time t (see equation 
5.2) (m), and  the longitudinal dispersivity 
(m). Negligible dispersion was expected 
during periods without injection, as 

groundwater flow was expected to 
be negligible (<0.01 m/d) based on 
groundwater levels (obtained from 
www.grondwatertools.nl) and hydraulic 
conductivity in the proximity of the 
system (obtained from www.dinoloket.
nl). These periods were excluded from 
time t. Diffusion was not simulated, as the 
effects were expected to be minor on the 
timescale of this experiment.
Equation 5.2 was used to determine the 
50% front position at time t after the 
start of injection, assuming a cylindrical 
expansion of the infiltration water:

=  (5.2)

where Q is the mean injection rate (m3/d), 
t is the time since start of injection (d),   
the horizontal hydraulic conductivity of 
layer N (m/d),  the porosity of layer N (-), 
and KD the transmissivity of the target 
aquifer (m2/d). Kn, εn, and KD are not 
exactly known, but their combined value 
(Kn/εNKD) was determined at the arrival 
of the spreading front (breakthrough). At 
this moment, the r50 and Q are known, 
and t can be estimated via Equation 5.2. 
Dispersivities were estimated separately 
for MW1-6. Equation 5.1 was fit to 
observed chloride concentrations, using a 
non-linear least squares routine in python 
(Python v. 3.6.4).  Furthermore, the 
standard deviation of the dispersivity was 
calculated by taking the square root of the 
variance of the fit multiplied with 1.96.
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Estimation of retardation factors
A similar method was used to estimate 
retardation factors (R) of the pesticides, 
assuming 1D transport, and instantaneous 
equilibrium sorption. Periods without 
injection were disregarded, as no 
additional sorption would occur. Equation 
5.2 was adjusted to simulate retardation, 
by dividing t (time since start of injection) 
by R. R was estimated for the pesticides at 
the screen depths of MW1-6. The adjusted 
equation was fit to the observed pesticide 
concentrations to obtain R, using a non-
linear least squares routine in Python 
(Python v. 3.6.4).

Determination of Kd and Koc

R values obtained were converted 
to partition coefficients (Kd: L/kg) 
and organic carbon-water partition 
coefficients (Koc: L/kg) with equation 5.3 
(Appelo and Postma, 2004; Fetter et al., 
1999):

=
( 1)

,  =   (5.3)

where ρb is the bulk density of the aquifer 
matrix (kg L-1) calculated as (1-ε)/ρs, where 
ρs is the density of mainly quartz solids in 
the aquifer matrix (=2.65 kg L-1), and  foc 

is the fraction of organic carbon in the 
aquifer matrix at the well screen depths of 
MW1-6 (-). The porosity (ε) is assumed to 
vary between 0.2-0.35 (-), based on Table 
3.1 from Appelo and Postma (2004). A 
minimum and maximum Kd and Koc was 
calculated using ε=0.2 and 0.35.

Comparison obtained sorption parameters 
to literature data
Kd and Koc values obtained in the current 
study were compared to values from the 
pesticides properties database (PPDB). 
This database is evidence-based, and 
contains data of, for example, the 
chemical identity, physical chemistry, 
human health, and ecotoxicology of 
pesticides from regulatory dossiers, peer 
reviewed publications, and manufacturer 
datasheets. Therefore, it provides an 
extensive dataset, which can be used 
for pesticide risk assessments (Lewis et 
al., 2016). The PPDB database contains 
information on linear sorption isotherms, 
but most of the sorption parameters 
describes Freundlich sorption isotherms. 
The equation below shows the linear 
sorption isotherm:

= =  (5.4)

where S is the mass of solute sorbed per 
dry unit weight of solid (mg/mg), and C 
is the pesticide concentration in solution 
(mg/m3). The equation below presents the 
Freundlich sorption isotherm: 

=  (5.5)

where Kf is the Freundlich constant and n a 
constant which describes the nonlinearity 
of the Freundlich isotherm. The Kd value 
valid at a specific concentration can be 
derived from the Freundlich parameters, 
by combining equations 5.4 and 5.5:
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=  

log( ) = log + × log( ) log( )  
log( ) = log + ( 1) × log ( ) 

 (5.6)

We calculated ranges of Kd values for the 
concentration range in this study from 
Kf and n values using equation 5.6, in 
order to compare the Kd values obtained 
at our field site with the sorption data 
in the PPDB database. The Kd range was 
calculated for the pesticide concentration 
in TDW which represented the pesticide 
concentration after the full arrival of the 
injected TDW and the minimum Kd, to 
pesticide concentration is 0.005 μg/L 
which represented the lowest pesticide 
detection limit and the maximum Kd.

Hydrochemical analysis
Water quality was monitored in the field 
using a flow cell, for EC (C4E, Ponsel, 
France), pH/temperature/redox (PHEHT, 
Ponsel, France), and dissolved oxygen 
(OPTOD, Ponsel, France). Water samples 
were filtered (0.45 μm, Chromafil Xtra PES-
45/25, Macherey-Nagel, Germany) on 
site. Pesticides were analyzed with Liquid 
Chromatography – Mass Spectrometry 
(LC-MS; Xevo TQ-S micro, Waters, 
U.S.A.). For more information about the 
selection of pesticides for analysis and 
the analytical methods, see S2. Dissolved 
anions (Br, Cl, F, NO2, NO3, and SO4) were 
measured with Ion Chromatography (IC; 
Compact IC pro, Metrohm, Switzerland). 
Na, K, Ca, Mg, Fe, Mn, Al, Si, S, P, and 
various trace metals such as Ni, Zn, 

and As were analyzed with Inductively 
Coupled Plasma – Mass Spectrometry 
(ICP-MS; PlasmaQuant MS, Analytik-
Jena, Germany). Alkalinity, PO4, and 
NH4 were determined with a Discrete 
Analyzer (DA; AQ400, Seal analytical, 
UK). DOC contents were analyzed after 
high temperature combustion with a 
TOC analyzer (TOC-V CPH, Shimadzu, 
Japan).

Sediment Sampling and geochemical 
analysis
Sediment samples were obtained using 
a 2 m sonic drill aqualock system using 
a core catcher from 2 m to 36 m-b.s.l at 
the location of MW4 and 6 (S1) (Oele et 
al., 1983). Sediment was stored in PVC 
liners of 1 m length and 103 mm inner 
diameter. Slight variations in diameter 
of the thin-wall tubes (103 mm internal 
diameter (ID)) and the sonic drill 
aqualock system (97 mm ID) resulted in 
compaction of the sediment. A correction 
was applied to the core lengths and depths 
for this variation. The top and bottom 
20 cm of sediments were discarded, due 
to possible contamination. Subsamples 
were taken of every 10 cm of each core, 
from which a mixed sample was made, 
representing depth intervals of about 
1.0 m. The representative contents of 
geochemical parameters at well screen 
depth (screen length: 100 cm) were 
determined by multiplying the fraction 
of the well screen that overlapped the 
depth interval of a specific mixed sample 
with the geochemical content of that 
mixed sample. The contributions of the 
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two neighboring mixed samples were 
added together afterwards. Variations in 
the contents of reactive constituents are 
assumed to be small in lateral directions, 
as the aquifer sediments are all deposited 
horizontally, and the lateral scale of the 
experiment is limited (2.5 m).
Sedimentary organic carbon (SOC) 
was analyzed by high temperature 
combustion with non-dispersive infrared 
detection, carbonate mineral content 
by thermogravimetric analysis, and the 
Al and Fe content by x-ray fluorescence 
after lithium borate fusion. A HELOS/
KR laser particle sizer (Sympatec GmbH, 
Germany) determined the grain size 
distribution, including the clay size 
fraction (< 2 μm, called lutum fraction) 
and median diameter (D50) after removal 
of sedimentary organic matter and 
carbonates.

Results and discussion

Hydrochemical conditions field site
Most pesticide measurements (59%) were 
below the limit of quantification (LOQ) in 
ambient groundwater before infiltration 
(Table 5.1). Some pesticides were already 
observed in groundwater (max. 0.076 
μg/L), resulting from previous push-pull 
tests. These traces do not result from 
agricultural practice at ground level 
because infiltration of water is negligible 
at the land surface, as shown by the (i) 
groundwater seepage flux of about 4.7 
mm/year in the polder (Boekel et al., 2014), 
and (ii) the negative base exchange index 
(BEX) of the ambient groundwater, which 

indicates that salinization is occurring by 
inflow of groundwater from larger depths 
(Stuyfzand, 1993). Groundwater was 
relatively fresh at the well screen depths 
of MW1, 2, and 3 (EC between 1850-2000 
μS/cm), but got more saline deeper in the 
aquifer at MW4, 5, and 6 (EC=3280, 5090, 
8930 μS/cm respectively). The redox state 
is anoxic, with mostly Mn(IV) and Fe(III) 
reducing conditions.
Tile drainage water (TDW) contained 9 
pesticides above LOQ of the 20 pesticides 
in our measurement method (Table 
5.1): bentazon, boscalid, chloridazon, 
desphenyl chloridazon (D-chloridazon), 
methyl desphenyl chloridazon (MD-
chloridazon), cycloxydim, fluopyram, 
flutolanil, and imidacloprid. Boscalid, 
chloridazon, cycloxydim, and fluopyram 
were applied in 2018 and/or 2019 
by the flower bulb grower. Observed 
concentrations were relatively low, mostly 
in between 0.01 and 0.15 μg/L. Exceptions 
were observed for fluopyram, flutolanil, 
and the metabolites D-chloridazon and 
MD-chloridazon with concentrations 
between 0.15 and 12 μg/L. D-chloridazon 
and MD-chloridazon concentrations 
were about 100 times larger than their 
parent compound chloridazon. Most 
pesticide concentrations were relatively 
stable over time in the injected TDW. The 
10% and 90% percentiles of the temporal 
pesticide concentrations in TDW did not 
deviate more than 25% from the mean 
concentrations, except for boscalid and 
flutolanil. Boscalid showed a decreasing 
concentration during the first day of 
injection (from about 0.15 to 0.05 μg/L) 
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after which concentrations remained 
relatively stable in the following 4 days. 
Observed flutolanil concentrations were 
more scattered: the 10% and 90% quantile 
deviated about 55% from the mean 
concentration. TDW was relatively fresh 
(average EC is 1440 μS/cm), oxic, and had 
relatively high DOC concentrations (on 
average 26.3 mg/L).

The contents of reactive constituents 
were relatively high in sediment samples 
of MW-1 and 3 (Table 5.1). MW-1 had 
the highest SOC (=0.91 %d.w.) and clay 
contents (=5.5 %d.w.), and MW-3 the 
highest carbonate (=11.0 %d.w.) and 
Al+Fe contents (=4.5 %d.w.). Reactive 
constituents were relatively low in MW-2 
(e.g., SOC: 0.14 %d.w.; clay: 1.1 %d.w.), 

Mean.
TDW (n=43)

MW-1 MW-2 MW-3 MW-4 MW-5 MW-6

Sample date - 01 Nov 2019
–
06 Nov 2019

25 Sep
2019

25 Sep
2019

25 Sep
2019

25 Sep
2019

25 Sep
2019

25 Sep
2019

Depth
well screen

m-b.s.l - 11.4-12.4 15.0-16.0 18.3-19.3 22.8-23.8 25.9-26.9 31.2-32.2

Water composition
Temp °C 11.7±0.3 10.6 10.6 12.7 10.7 9.9 12.2
pH - 7.18±0.17 6.71 6.83 6.77 6.69 6.63 6.52
EC 1440±39 1860 1910 1990 3280 5090 8930
DOC 26.3±0.5 8.6 7.2 7.8 5.8 3.7 3.5
O2 2.48±2.03 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01
Cl 139±20 440 455 498 1110 1810 2760
Bentazon 0.062±0.010 0.022 0.009 <0.001 <0.001 <0.001 0.012
Boscalid 0.051±0.024 <0.01 <0.01 <0.01 <0.01 0.018 <0.01
Chloridazon 0.059±0.012 0.037 0.041 0.010 <0.005 <0.005 0.019
D-Chloridazon 11±0.8 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5
MD-Chloridazon 2.1±0.12 <0.05 <0.05 <0.05 <0.05 <0.05 <0.05
Cycloxydim 0.030±0.006 0.016 0.007 <0.005 <0.005 <0.005 0.007
Fluopyram 0.69±0.10 0.075 0.076 0.018 0.003 0.002 0.017
Flutolanil 0.25±0.09 0.035 0.042 0.012 <0.01 <0.01 <0.01
Imidacloprid 0.030±0.007 0.037 0.024 <0.005 <0.005 <0.005 <0.005

Sediment composition
SOC %d.w. - 0.91 0.14 0.38 0.088 0.057 0.066
Clay %d.w. - 5.5 1.1 3.4 0.74 0.49 1.1
Carbonate %d.w. - 6.5 0.35 11 1.3 1 0.61
Al+Fe %d.w. - 4 1.9 4.5 2.3 1.7 1.6
Median grainsize (D50) - 132 200 148 321 287 352
Longitudinal
disperstivity ( L)

cm - 6.53
±1.43

31.1
±6.39

10.8
±2.32

2.52
±0.32

16.6
±2.93

10.7
±1.80

Table 5.1. Composition of native groundwater in monitoring wells and injected TDW, and geochemical aquifer charac-
teristics, D50, and the calculated longitudinal dispersivities with their standard deviation at the depth of the monitor-
ing well screens. Mean TDW concentrations and their standard deviations have been determined from 43 analyzed 
water samples during the field injection experiment.
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and even lower in MW4, 5, and 6 (e.g., 
SOC: 0.057-0.066 %d.w.; clay: 0.49-1.1 
%d.w.).

Simulation of conservative transport 
TDW had significantly lower Cl 
concentrations compared to ambient 
groundwater from all monitoring wells 
at 2.5 m distance from the injection 
well (Table 5.1), which made Cl an ideal 
conservative tracer for the dispersivity 
estimations. 
The tracer curves showed that at least one 
pore volume had been injected at the well 

Figure 5.1. Arrival of the spreading front based on the observed Cl concentrations in the different monitoring wells. 
The colored dots show the observed Cl concentrations at each monitoring well. The black line presents the concen-
trations simulated (Sim) using the estimated dispersivity. The vertical grey bars in the background show the injection 
periods. The red dashed line shows the initial native groundwater Cl concentration and the blue colored dashed line 
the mean injection water (TDW) Cl concentration. The grey dotted line in the middle of the panels represents the Cl 
concentration related to the arrival of the spreading front.

screen depths of MW1-6 (Figure 5.1). The 
earliest arrival occurred in MW-4 after 
about 110 m3 injection and the latest in 
MW-6 after 420 m3 injection. Longitudinal 
dispersivities (αL) were estimated at all well 
screen depths (Table 5.1). Dispersivities fit 
well to the observed Cl concentrations for 
the different monitoring wells (Figure 5.1, 
minimum r2 = 0.945). The αL values are all 
within 1 order of magnitude, MW-2 and 4 
excluded. MW-4 shows the lowest αL (2.52 
cm), MW-2 the highest (31.1 cm). 
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Obtained retardation factors
Retardation factors were obtained by 
fitting the analytical equation to the 
observed pesticide concentrations. 
Generally, good fits were obtained, with 
~60% of the fits showing r2 > 0.7 and ~40% 
of the fits r2> 0.9. Fits with r2 <0.7 were 
discarded from further interpretation. 
The experimental duration was too short 
to observe the arrival of all pesticides. 
The delayed arrival of these pesticides is 
expected to be caused by sorption. For 
these cases, the minimum R was obtained 
(for example, see Figure 5.2: subplot MW-
1). In total, 37 R values were obtained 
for further analysis, with more than 80% 
below 2.0. 
Pesticide degradation can influence 
pesticide arrival, and consequently also 
the deduced R. Potential occurrence 
of degradation can most easily be 
determined in MW-3, 4, and 5, where 
mostly complete break-through curves 
were observed (S3). Note that sorption is 
not influencing observed concentrations 
after arrival and degradation is reflected 
by concentrations consistently lower 
than injected concentration levels. 
Degradation was only observed for 
chloridazon in MW-4 and probably also 
in MW-5. Chloridazon concentrations 
decreased during aquifer transport to 
about the 10% percentile of the injection 
water concentrations. The obtained R 
value was not significantly affected by 
degradation during the experiment, as the 
fit to the observed concentrations during 
arrival was good. 

Figure 5.2 shows the observed 
concentrations, the associated model 
fits, and the obtained R for fluopyram at 
the different depths in the aquifer. We 
show here only the results of fluopyram 
as example, as it shows an interesting 
variation of R within the aquifer. Figures 
for the other pesticides can be observed 
in the Supporting Information (S3). 
Observed concentrations gradually 
increase in all monitoring wells during 
the experiment, except for MW-1. The 
determined R values decrease with depth. 
Relatively high R values were observed 
at MW-1, 2, and 3 (>2.0, 1.64, and 1.52, 
respectively), and low values at MW-4 (R 
= 1.09), and at MW-5 and MW-6 (both 
close to 1).
The deduced R values are not influenced 
by non-equilibrium sorption, as the 
center of mass of a breakthrough curve 
is independent of kinetic constraints 
(Brusseau, 1994; Brusseau et al., 1989), 
whereas non-equilibrium sorption results 
in fronting and tailing during arrival of 
TDW (Bouchard et al., 1988; Burke et 
al., 2013). For fluopyram in Figure 5.2, 
observed pesticide concentrations show 
no distinct tailing and fronting. This 
suggests that retardation is resulting from 
equilibrium sorption. A similar trend 
is observed for most other pesticides 
(S3). Exceptions hold for chloridazon 
in MW-3, and imidacloprid in MW-3 
and 4. However, prior investigations did 
not detect non-equilibrium sorption 
of chloridazon (Sánchez-Martín 
and Sánchez-Camazano, 1991) and 
imidacloprid (Cox et al., 1998a; Cox et al., 



Chapter 5: Intra aquifer variations in pesticide sorption during a field injection experiment

5

144

Figure 5.2. Retardation factor (R) of fluopyram at different aquifer depths. The green dots show the normalized ob-
served concentrations. The black line shows the best fit to these concentrations, from which R was obtained. The mean 
injected concentration is shown with a dashed dark green line, its 10% and 90% percentiles with light green dashed 
lines. The dashed, grey, orange, pink, and cyan lines display breakthrough with indicated R values.

1997) and could simulate their sorption 
with equilibrium sorption isotherms.
Figure 5.3 shows the R values for all 
pesticides at all well screen depths. Large 
variations in R are observed between the 
different depths for most pesticides, with 
R generally being largest in MW-1 and 2, 
and lowest in MW-4, 5, and 6. Bentazon 
and cycloxydim were the most mobile 
pesticides with R< 1.2 at all depths. 
D-chloridazon, MD-chloridazon, and 
imidacloprid were slightly less mobile, 
with R ranging between 0.8 and 1.5. 
Boscalid, chloridazon, fluopyram, and 
flutolanil show a larger range of R, with 
maximum R >2.0 in MW-1. The largest 
R value was determined for boscalid in 
MW-2: R>3.5. R of all pesticides never 

exceeded R=1.2 in MW-4, 5, and 6, except 
for imidacloprid in MW-5.

Retardation versus intra aquifer variations 
in geochemical properties
Pesticides observed during the experiment 
can be divided in 3 groups (based on pKa 
and isoelectric point calculations (S2)): 
(i) anionic pesticides, which consists 
of bentazon and cycloxydim; (ii) non-
ionic hydrophilic pesticides (log Dow < 
2), which consist of chloridazon plus its 
metabolites, and imidacloprid; and (iii) 
non-ionic hydrophobic pesticides (log 
Dow between 2 and 4.5), which consist of 
boscalid, fluopyram, and flutolanil. 
As bentazon and cycloxydim retardation 
was not significant, Al3+ and Fe3+ hydroxide 
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Figure 5.3. Calculated pesticide retardation factors (R), partition coefficients (Kd), and organic carbon-water partition 
coefficients (Koc). Retardation factors are not shown for model fits with r2<0.7. The different colors and symbols 
present the data from the different well screen depths. The light and dark grey background indicates R>2.0 and R>3.5 
respectively, and the Kd and Koc that are determined based on this R. Kd=0 were set to 10-4 and Koc=0 were set to 10-
1. The minimum Kd and Koc is calculated based on ε=0.2, and the maximum based on ε=0.35, based on Table 3.1 from 
Appelo and Postma (2004). The ranges in black present the PPDB database ranges. The number in parenthesis behind 
the pesticide names show the number of studied soils which are reported in the PPDB database.

(Borggaard and Gimsing, 2008) or organic 
matter (Kah and Brown, 2006; Tülp et 
al., 2009) sorption of anionic pesticides 
appear subordinate mechanisms in the 
current study.
Several prior researches studied sorption 
of polar pesticides to different soil 
sorbents. Sánchez-Martín and Sánchez-
Camazano (1991) studied chloridazon 
adsorption in 18 different natural soils 
(SOC content ranging from 0.05 to 7.70 
%d.w., calculated from sedimentary 
organic matter (SOM) content with a 
conversion factor of 2.0 (Pribyl, 2010)). 
They observed that organic matter 
content accounted for 72% of the variance 
in adsorption. Effects of clay content on 
extent of adsorption were relatively small. 
Cox et al. (1997) studied imidacloprid 
sorption in soils. They discovered a 
strong correlation between Kf  (Freundlich 
partition coefficient) and SOC content 
(r2=0.995, 3 soils, SOC content ranged 

from 1.4-4.1 %d.w.). Cox et al. (1998b) 
observed a similar correlation between Kf 
and SOC content (r2=0.94) for 7 natural 
soils (SOC content ranged from 0.29-3.95 
%d.w.). These findings correspond with 
the higher R observed for chloridazon 
and imidacloprid in the current project 
at the depths with higher SOC contents. 
Therefore, we can assume that SOC is 
the major sorbent for the hydrophilic 
pesticide group. 
To our knowledge, no relevant sorption 
studies were performed on the sorption of 
the specific compounds in the hydrophobic 
pesticide group. SOC is generally the main 
sorbent for hydrophobic pesticides (Fetter 
et al., 1999; Wauchope et al., 2002). This 
corresponds with the observed R in this 
study, which mostly increase when SOC 
content increases.
In the current research, pesticide R at 
the different depths showed the strongest 
correlations with SOC contents, compared 
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to the other geochemical parameters 
(Table 5.2). Nonetheless, all observed 
geochemical parameters are positively 
correlated with pesticide R, and are also 
positively correlated with each other. We 
can safely assume that SOC is the major 
sorbent for most pesticides studied, as this 
corresponds with this and prior studies. 
Therefore, we converted R to organic 
carbon-water partition coefficients (Koc), 
which are presented in Figure 5.3. At 
shallow depths (MW-1, 2 and 3), Koc 
values are remarkably higher than at 
the depths of MW-4, 5, and 6, while Koc 
would be expected in the same range 
because SOC is the main soil sorption 
parameter. Therefore, we can conclude 
that the content of SOC is not the only 
factor controlling pesticide sorption; the 
sorption reactivity of SOC probably plays 
a role as well. 

Pesticide n SOC Clay Carbonates Al+Fe

Geo

SOC 6 1.00

Clay 6 0.98*** 1.00

Carbonate 6 0.64 0.76* 1.00

Al+Fe 6 0.78* 0.86* 0.97** 1.00

R

Bentazon 4 -0.72 -0.73 -0.76 -0.64

Boscalid 4 0.99*** 0.98** 0.99*** 0.96*

D- Chloridazon 6 0.87** 0.83** 0.53 0.71

MD-Chloridazon 6 0.87** 0.83** 0.51 0.69

Fluopyram 5 0.68 0.58 0.45 0.53

Flutolanil 4 0.99** 0.99** 0.99** 0.96*

*,** and *** indicate significance at P<0.1, 0.05 and 0.01, respectively

Table 5.2. Pearson correlation coefficients for the retardation factors of the different pesticides with the geochemical 
parameters, and between the geochemical parameters. The first part (Geo) shows the correlation between the different 
geochemical parameters, and the second (R) the correlation between the retardation factors and the geochemical 
parameters. The third column (n) shows the number of estimated sorption parameters used in the correlation. The 
asterisks behind the value shows the significance of the correlation.

In-situ field sorption parameters versus 
literature parameters
Literature sorption parameters were not 
available from aquifer studies (column or 
field studies) for the pesticides examined, 
except for bentazon (e.g., Tuxen et al. 
(2000): R=1.00, Madsen et al. (2000): 
R=1.00-1.25, Broholm et al. (2001a): 
R<1.1). Instead, obtained R values 
were compared to sorption parameters 
retrieved from the PPDB database 
(Lewis et al., 2016), which is often used 
in pesticide transport studies (e.g., 
Lefrancq et al., 2017; Rouzies et al., 2019). 
Freundlich sorption parameters were 
converted to linear Kd values applicable 
for a defined concentration range (lowest 
detection limit (0.005 μg/l to maximum 
concentration in TDW) based on equation 
5.6. These Freundlich sorption parameters 
have mostly been obtained from batch 
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experiments with topsoils, performed for 
regulatory purposes. Kd and Koc obtained 
in this study are both considerably lower 
for all pesticides than the range retrieved 
from the PPDB database (Figure 5.3). 

Explanations for low Kd and Koc and intra-
aquifer variations
Temperature, aquifer heterogeneity, and 
DOC-associated transport seem not the 
cause of the relatively low Kd and Koc 
observed as argued in the following. 
Sorption generally decreases with 
increasing temperature (Delle Site, 2001) 
while aquifer temperatures (10-12°C) 
were lower than applicable for standard 
batch experiments (room temperature: 
±20°C). 
Aquifer heterogeneity can cause lower 
sorption than expected. Clay and SOC 
contents are significantly correlated in this 
study (Table 5.2), which reflects that less 
permeable and more clayey aquifer section 
contain the most SOC. The SOC content 
in the more permeable parts of the aquifer 
is therefore probably lower than the 
average SOC content determined for these 
aquifer layers. Consequently, less sorption 
may be observed than expected based on 
the SOC content of the entire layer. We 
deem in unlikely that the lower sorption is 
caused by aquifer heterogeneity, as small 
clay layers were only observed at the well 
screen depth of MW-2 and MW-3 (for 
more information see S4) and relatively 
low Koc were observed at all depths.
DOC-associated transport is an 
additional, and often rapid, transport 
pathway for pesticides, which can result in 

an increased mobility (Fetter et al., 1999). 
It can be indicated by larger velocities 
of the pesticides than the average 
groundwater, which can result in R<1.0 
(Enfield et al., 1989; Fetter et al., 1999). 
The larger velocities are resulting from 
size-exclusion effects, which are observed 
as molecules or ions are restricted to travel 
through larger pores due to their size, 
where groundwater velocities are greater 
than average (Fetter et al., 1999). This is 
observed for bentazon, D-chloridazon, 
MD-chloridazon, and cycloxydim at MW-
5, 6 (and for cycloxydim at MW-3), which 
could suggest the occurrence of DOC-
associated transport. However, we deem 
it unlikely that DOC-associated transport 
has more than a minor control at this site. 
As first, DOC itself does not show R < 1.0, 
while pesticides sorbed to the DOC travel 
with the same speed (Figure 5.4). During 
the field injection experiment, sorption 
and/or degradation of DOC is suggested 
by the lower concentrations compared to 
the conservative concentrations during 
and after the breakthrough at all depths. 
Two analytical solutions were fitted to 
the observed DOC concentrations, one 
simulating only retardation and the other 
only degradation. A clearly better fit was 
observed for the solution simulating 
degradation only, which suggests that 
retardation of DOC is limited but not <1.0 
in this aquifer (for more information see 
S5). Second, DOC-associated transport is 
only likely when a substantial fraction of 
the pesticide is bound to DOC, which is 
unlikely as the pesticides with R<1.0 are 
the most hydrophilic of those pesticides 
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studied (S2). It is therefore unclear which 
mechanism caused the observed R<1.0.
Methodological differences and a low 
sedimentary organic matter (SOM) 
sorption reactivity probably caused the 
lower sorption observed in this study 
compared to the PPDB database. Batch 
experiments can result in outcomes 
unrealistic for aquifers, as they are often 
performed with different solid/solution 
ratios and/or dissimilar hydrodynamic 
conditions (Banzhaf and Hebig, 2016; 
Limousin et al., 2007). A low SOM 
sorption reactivity can also result in less 
sorption and can have different causes, 
such as the oxygen exposure extent 
of SOM during and after deposition 

Figure 5.4. Observed DOC concentrations (green dots) at different aquifer depths, and the best fit for solute transport 
including either retardation (dashed red line) or degradation (dotted blue line). The corresponding retardation factor 
(R) or first-order degradation rate constant (λ) are shown in the subplots. The grey lines show the conservative concen-
trations based on the 2 equations used to simulate retardation and degradation, with R=1 and λ=0. The mean injected 
concentration is shown with a dashed dark green line, its 10% and 90% percentiles with light green dashed lines. For 
more information see S5.

(Grathwohl, 1990; Hartog et al., 2004); 
SOM chemical composition (Ahmad 
et al., 2001; Karapanagioti et al., 2000); 
coating and masking of SOM (El Arfaoui 
et al., 2012); and SOM aging (Weber and 
Huang, 1996). It is therefore possible that 
the SOM sorption reactivity of the aquifer 
sediments is generally lower than from the 
experiments performed for the sorption 
parameters in the PPDB database. 
Furthermore, we observed remarkably 
lower Koc values at shallow depths 
(MW-4, 5 and 6) compared to MW-
1, 2, and 3. The higher Koc at shallower 
depths correspond to the aeolian and 
fluvial aquifer sediments of the Boxtel 
Formation. We assume that the higher Koc 
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at the shallow depths are mainly caused 
by a higher SOM sorption reactivity in 
these aquifer sediments, compared to the 
marine and glacial sediments from the 
other Formations (Eems and Drenthe) 
composing the aquifer.

Insights on MAR operation and 
groundwater risk management
Obtaining in-situ R is only possible while 
performing a field injection experiment, 
if there is a distinct difference in pesticide 
concentration between the infiltrated 
water and ambient groundwater, and if 
degradation can be ruled out. The easiest 
and often only possibility to perform 
this experiment is at the start of MAR 
operation, although R does not necessarily 
stay constant afterwards. Pesticides were 
more mobile in this aquifer than expected 
based on literature sorption parameters 
from the PPDB database. This shows the 
large uncertainty which is involved by 
using literature sorption parameters to 
assess pesticide transport in aquifers. The 
relatively low R observed in this study can 
both be a positive and negative outcome 
for AS(T)R operation at this location. Low 
R simplifies restoration of the aquifer to 
native conditions after AS(T)R operation 
is stopped, as it is easier to reclaim the 
injected pesticides. Contrarily, injected 
pesticides travel further within the aquifer, 
which increases the risk of groundwater 
contamination. In the current study, the 
pesticides examined were originating 
from agricultural use. Pesticide legislation 
changed considerably in the last decades, 
which resulted in a large group of new 

pesticides applied. There is insufficient 
knowledge of the fate of currently used 
pesticides in aquifers. More field pesticide 
sorption studies are needed to better 
understand transport of these present-day 
approved pesticides in aquifers.
We show the large impacts of aquifer 
heterogeneity on pesticide mobility in 
the current study. Intra-aquifer variations 
in hydraulic conductivity resulted in 
large variations in pesticide mobility, 
for example, in MW-6 almost 4x the 
water volume was injected before arrival 
occurred compared to MW-4. These 
variations in mobility were strengthened 
by pesticide sorption. A low permeability 
is related to a higher clay content, 
and clay content is here significantly 
positively correlated with SOC. Therefore, 
aquifer parts with high permeability 
show often less pesticide sorption than 
low permeability parts. Taking aquifer 
heterogeneity in account is essential 
for an appropriate groundwater risk 
assessment, as pesticide mobility can vary 
substantially within an aquifer.

Conclusion

In this study, we determined sorption 
parameters of 7 commonly applied 
pesticides and 2 regularly detected 
metabolites during a field injection 
experiment in an aquifer with a wide 
range of sedimentary organic carbon 
contents. This experiment was performed 
at 6 depths, which enabled us to assess the 
effects and implications of variations in 
sorption. Lastly, we compared the obtained 
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sorption parameters to a widely used 
literature database. Retardation factors 
(R) were obtained by fitting observed 
pesticide concentrations to an advection-
dispersion equation using a non-linear 
least squares routine at each depth. The 
results were not influenced by pesticide 
degradation during the experiment. The 
most mobile pesticides were bentazon and 
cycloxydim, with R<1.1 at all depths. The 
pesticides desphenyl chloridazon, methyl 
desphenyl chloridazon, and imidacloprid 
were generally less mobile, with a 
maximum R observed of 1.5. Least mobile 
were the pesticides boscalid, chloridazon, 
fluopyram, and flutolanil, which showed 
a larger range of R with a maximum of 
R>2.0. Pesticide retardation was largest 
in the shallow aquifer and decreased in 
the deeper aquifer. The comparison of the 
pesticide sorption parameters with the 
literature database showed that sorption 
in the currently researched aquifer was 
remarkably lower than expected based on 
the sorption parameters obtained mostly 
from batch experiments in the pesticide 
sorption database. The lower sorption 
observed in this research was most 
likely resulting from a lower sorption 
reactivity of sedimentary organic matter 
in the studied aquifer and/or a dissimilar 
solid/solution ratio and hydrodynamic 
conditions during the batch experiments 
compared to the aquifer studied. The 
relatively low R observed can be positive 
for aquifer storage (transfer) and recovery, 
as it is easier to reclaim all injected 
pesticides after operation. On the other 
hand, pesticides advance further into 

the aquifer, which increases the risk of 
groundwater contamination. Besides the 
decreasing R with depth, we also observed 
a decrease of Koc with depth. We think it 
is likely that the variation in Koc results 
from variations in sorption reactivity 
of the sedimentary organic matter. This 
study shows large intra-aquifer variations 
in pesticide sorption, which demonstrates 
the importance of taking aquifer 
heterogeneity in account for appropriate 
groundwater risk assessments.

Appendix A. Supplementary data

Supplementary data to this article can 
be found at https://doi.org/10.1016/j.
jconhyd.2022.104015.
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Degradation of seven pesticides and two 
metabolites before and during aquifer storage 
transfer and recovery operation

ABSTRACT

Degradation of 7 common pesticides (bentazon, boscalid, chloridazon, fluopyram, 
flutolanil, imidacloprid, and methoxyfenozide) and 2 metabolites of chloridazon 
(desphenyl-chloridazon, and methyl-desphenyl-chloridazon) was studied in an anoxic and 
brackish sandy aquifer before and during Aquifer Storage Transfer and Recovery (ASTR) 
operation. Fresh tile drainage water was injected and stored for later re-use as irrigation 
water. We hypothesized that electron acceptors (O2, NO3), dissolved organic carbon (~24.7 
mg/L), nutrients (NO3: ~14.1 mg/L , NH4: ~0.13 mg/L, PO4: ~5.2 mg/L), and biodegrading 
bacteria in tile drainage water could stimulate degradation of the pesticides and metabolites 
(ranging between 0.013- 10.8 μg/L) introduced in the aquifer. Pesticide degradation was 
studied at 6 depths in the aquifer using push-pull tests lasting ±18 days before the onset 
of ASTR operation. Degradation was too limited to quantify and/or could not be assessed 
because of the potential occurrence of pesticide retardation. Utilizing push-pull tests to 
obtain degradation constants should only be considered in future studies for non-retarding 
pesticides with relative low half-lives (here <20 days). During ASTR operation, pesticide 
degradation was studied at the same depths during 3 storage periods equally spread over 
1.5 years of ASTR operation. Overall, trends of degradation were observed, although 
with relatively high half-lives of at least 53 days. Microbial adaptation of the aquifer and/
or bioaugmentation by the injected biodegrading bacteria did not result in enhanced 
degradation during consecutive storage periods. Operational monitoring data over longer 
periods and distances yielded half-lives of at least 141 days. The slow degradation mostly 
agrees with previous studies. The injected tile drainage water composition did therefore 
not notably stimulate pesticide degradation. The relatively persistent behavior of the 
studied pesticides/metabolites implies that ASTR abstracted water will have generally high 
pesticide concentrations, and non-abstracted water may form a contamination risk for the 
surrounding native brackish groundwater.

Introduction

Managed Aquifer Recharge (MAR) is a 

quickly growing technique to intentionally 
replenish groundwater for later re-use 
(Dillon et al., 2019; Sprenger et al., 2017). 

This chapter is based on:
Kruisdijk et al. (2022) Journal of Contaminant Hydrology (251): 104094
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MAR application has been initially 
focused on natural waters from streams, 
lakes, and aquifers (Dillon et al., 2019), but 
nowadays injected water is increasingly 
originating from more polluted waters, 
such as treated wastewater (e.g., Sheng, 
2005; Vanderzalm et al., 2020), surface 
water (Jones and Pichler, 2007), or, as 
in the current study, tile drainage water 
from agricultural lands (Kruisdijk and 
van Breukelen, 2021). Tile drainage water 
originates from an agricultural drainage 
system, which is designed to remove 
excess water in agricultural fields via 
subsurface pipes. This system optimizes 
crop growth and prevents rotting and 
crop death. Residence and transport of 
infiltrated water in aquifers is known to 
often improve water quality during MAR 
(e.g., Bekele et al., 2018; Dillon et al., 
2003). In the current study, we assessed 
the degradation rates of pesticides and 
metabolites as introduced with tile 
drainage water during MAR operation, 
in order to better assess the risks for 
groundwater contamination. 
Pesticide degradation depends on 
the physicochemical characteristics 
of the pesticide (Arias-Estevez et al., 
2008; Fenner et al., 2013), its initial 
concentration (Baumgarten et al., 2011; 
Oberleitner et al., 2020), and aquifer 
conditions, such as temperature (Munz 
et al., 2019; Storck et al., 2012), pH 
(Arias-Estévez et al., 2008; Kah et al., 
2007), redox conditions (Bertelkamp 
et al., 2016c; Greskowiak et al., 2006), 
microbial activity and diversity (Poursat 
et al., 2019; Regnery et al., 2017), and 

dissolved organic carbon concentration 
and composition (Bertelkamp et al., 
2016a; Regnery et al., 2015). Greskowiak 
et al. (2017) compared biodegradation 
rate constants of 82 emerging organic 
compounds (of which 8 pesticides) from 
48 studies, and observed that most of 
the rate constants vary over more than 3 
orders of magnitude. This indicates the 
large impact of the above-mentioned 
conditions on pesticide degradation. 
Microbial adaptation is another factor 
influencing pesticide degradation. It 
is defined as the time needed for the 
microbial population to adjust to a new 
introduced chemical (Alexander, 1999).  
Adaptation times can vary between a 
few hours to several years (Alexander, 
1999; Baumgarten et al., 2011), but 
generally do not exceed 6 months 
(Hoppe-Jones et al., 2012). During this 
time, the microbial community changes 
in composition and/or in abundances. 
Furthermore, biodegradation can be 
enhanced by introducing new types 
of bacteria - as naturally part of the 
infiltration water - to the aquifer during 
MAR (e.g., bioaugmentation). Microbial 
adaptation and bioaugmentation are both 
often indicated by increasing pesticide 
degradation rates over time (Fetter et al., 
1999; Hoppe-Jones et al., 2012).
Degradation of pesticides or other organic 
micro pollutants have been studied before 
in full-scale MAR systems, for example, 
riverbank filtration sites (e.g., Hamann et 
al., 2016; Oberleitner et al., 2020), basin 
recharge systems (Kuster et al., 2010), 
and Aquifer Storage and Recovery (ASR) 
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sites (e.g., Page et al., 2014; Stuyfzand et 
al., 2007). Many of these studies focused 
on MAR systems with travel times up to 
several years, which permitted the use of 
averaged input levels as water composition 
was substantially homogenized during 
aquifer transport (Wiese et al., 2011). 
This approach is not suitable for smaller 
scale systems as in the current study, as 
aquifer travel times between injection 
and abstraction can be relatively short 
(in the order of days to weeks) and 
concentrations of the injected water can 
fluctuate considerably (Huntscha et al., 
2013).
Aquifer Storage Transfer and Recovery 
(ASTR) is one of the various methods 
of MAR, wherein water is stored in 
an aquifer during wet periods via well 
injection and abstracted from another 
well when needed. In the current study, 
we monitored an ASTR system, in which 
fresh tile drainage water  is collected from 
an agricultural parcel during wet periods, 
injected and stored in the originally 
brackish coastal aquifer, and abstracted 
when needed (e.g. during droughts) for 
irrigation purposes on the same plot.  We 
focused on the degradation of 7 common 
pesticides and 2 metabolites. The current 
research is a follow-up on the research 
performed by Kruisdijk et al. (2022). 
They studied pesticide sorption during 
ASTR in the same aquifer as the current 
study. The obtained sorption parameters 
in Kruisdijk et al. (2022) were used in the 
analysis of the current research, which 
is appropriate as about the same set of 
pesticides was studied at the same depths.

We hypothesized that conditions in the 
current MAR application are favorable 
for pesticide degradation, as injected tile 
drainage water contains electron acceptors 
(e.g., O2, NO3), nutrients, DOC, and 
likely biodegrading bacteria, besides the 
injected pesticides and metabolites. These 
factors can stimulate biodegradation 
(Aldas-Vargas et al., 2021; Luo et al., 
2019), while in oligotrophic groundwater 
systems biodegradation is often limited 
due to limited carbon and nutrient 
sources (Egli, 2010). Push-pull tests were 
performed to assess pesticide degradation 
in the native aquifer before the start of 
ASTR operation. Furthermore, pesticide 
degradation was monitored during three 
storage periods of ASTR operation and 
by periodical operational monitoring. 
The research objectives of the current 
study were to (i) determine degradation 
rate constants for several pesticides and 
metabolites at 6 different depths within 
the aquifer to better assess the risks for 
groundwater contamination during MAR; 
(ii) assess if degradation rate constants 
increase over time in subsequent storage 
periods due to microbial adaptation and/
or bioaugmentation; (iii) compare the 
obtained degradation rate constants to 
those obtained for similar groundwater 
systems to assess if the injection of aerobic, 
nutrient- and DOC-rich, and microbially 
active tile drainage water favors pesticide 
degradation; and (iv) assess the utility 
of push-pull tests to assess pesticide 
degradation in MAR systems. 
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Methods

Field site description
Pesticide degradation was examined in 
an Aquifer Storage Transfer and Recovery 
(ASTR) system for agricultural use in the 
North-Western part of the Netherlands 
(coordinates: 52.8883, 4.8221). Injected 
water is collected from a tile drainage 
network approximately 1 m below the 
10 ha agricultural parcel (Figure 6.1). 
Tile drainage water in this network ends 
up in a collection drain, from where it 
is discharged to the ASTR system. The 
collected tile drainage water is injected 
in the aquifer by 2 wells (well screens 
ranging from 11.5-33.0 m below surface 
level (b.s.l.), injection well A and B). The 
water can be retrieved by 4 abstraction 
wells (well screens ranging from 12.0 -23.0 
m b.s.l.) in periods of drought and re-used 

Figure 6.1: Overview of the field site location in Breezand, in the North-Western part of The Netherlands. The left 
panel shows the ASTR pilot location. The drained agricultural field is shown in light blue in the middle panel, where 
the location of the ASTR system is displayed as a green square. The right panel shows the ASTR system and monitoring 
wells in detail. 

for crop irrigation. A Holocene peaty clay 
layer confines the target aquifer, ranging 
from surface level to about 10 m-b.s.l. The 
sandy aquifer itself is of late Pleistocene 
and Holocene origin and reaches to about 
45 m-b.s.l. For monitoring purposes, 2 
sets of 6 piezometers (1-inch diameter) 
were constructed at 2.5 m (monitoring 
well (MW) 1-6) and at about 15 m (MW-
B1-B6) distance from injection well A 
(Figure 6.1). Kruisdijk et al. (2022) studied 
pesticide sorption at the same monitoring 
wells (MW1-6), and observed that the 
hydraulic conductivity was highest at the 
well screen depth of MW4, moderate at 
MW3 and 5, and relatively low at MW1,2, 
and 6.

Overview of study and ASTR operation
Figure 6.2 shows an overview of the total 
injected volumes during ASTR operation. 
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Before the start of ASTR operation, 
push-pull tests were performed from 
25 February till 18 March 2019. ASTR 
operation started with the injection 
of 2700 m3 water in the first operation 
period. During operation period 2 and 3, 
2900 and 4300 m3 of water were injected, 
respectively. Storage periods took place 
after each operation period: in winter 2019 
(from 19 December 2019 to 2 February 
2020), fall 2020 (from 14 October 2020 
to 24 November 2020), and spring 2021 
(from 18 March 2021 to 03 May 2021).

Push-pull tests 
Push-pull tests consist of a ‘push’-phase 
during which water with a known quality is 
injected through a groundwater well, and 
a subsequent ‘pull’-phase during which 
the injected water is gradually abstracted. 
Abstracted water is periodically sampled, 
after which the water quality changes of 
these samples were assessed.
Push-pull tests were performed in 6 
monitoring wells (MW1-6) located at 

different depths ranging from 11.4-32.2 
m b.s.l. (Table 6.1). Samples from the 
native groundwater were taken before 
the start of the push-pull tests. Injection 
water consisted of approximately 300 L 
tile drainage water, to which 0.1 mmol/L 
Br (as NaBr) was added as a conservative 
tracer, and a solution with pesticides 
and metabolites selected on the basis 
of a multi-criteria analysis (for more 
information see Kruisdijk et al. (2022)). 
The reactant solution was prepared in 
advance, and consisted of the pesticides 
bentazon, boscalid, chloridazon, 
fluopyram, flutolanil, imidacloprid, 
methoxyfenozide, and the metabolites 
of chloridazon: desphenyl-chloridazon 
(D-chloridazon) and methyl-desphenyl-
chloridazon (MD-chloridazon). 
Approximately 9 mg of each pesticide was 
added to 6 L of distilled water. Next, the 
solution was mixed for 48 hours using 
a magnetic stir plate. A small coagulate 
of the reactants developed in the bottle, 
which was removed from the solution. 

Figure 6.2: Overview of the injected water volumes and the different experiments. The blue dots show the monitored 
injected volumes. In operation period 1, no monitoring was performed: the blue dashed line shows a linear interpola-
tion between the start and measured end volume. The red dots display the manual control readings. The grey vertical 
bars in the background show the periods during which injection occurred (only for operation period 2 and 3).
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Therefore, final reactant concentrations 
were somewhat lower than aimed at. 
Lastly, the obtained solution was divided 
over 6 glass bottles of 1 L, one bottle for 
each monitoring well. This would result in 
a maximum concentration of 5 μg/l when 
added to the 300 L tile drainage water 
obtained from the collection drain, which 
fits inside the typical range of pesticide 
concentrations observed in tile drainage 
water observed in the current study (see 
Table 6.1). For each monitoring well, 
a storage tank containing tile drainage 
water plus reactants was prepared. In the 
storage tank, the tile drainage water was 
thoroughly mixed manually with a pole 
after adding the pesticide solutions.
Water in the storage tank was injected 
using a peristaltic pump (Eijkelkamp, 
the Netherlands) through each of the 6 
monitoring wells in approximately 2.5 
hours, with a steady flow of about 2 L/
min (push-phase). Four water samples 
were taken of the injected water equally 
spread over time. During the pull-phase, 
the period in between sampling was for 
the first samples 4 hours but gradually 
increased until maximum three days in 
between the last samples. The total push-
pull test duration was 17 or 18 days, 
during which 14 water samples were 
taken. During the first 12 samples, 360 
L water was abstracted (12x30 L, 30 L is 
substantially more than the max. standing 
well volume of 17 L). On the last day, a 
total of 120 L was abstracted, during 
which 2 water samples were collected after 
abstraction of 60 and 120 L.

Data analysis
First-order degradation rate constants 
(k) were determined based on the well-
mixed reactor model (Haggerty et al., 
1998), which was successfully used in 
previous studies (e.g., Huntscha et al., 
2013; Kruisdijk and van Breukelen, 2021; 
Vandenbohede et al., 2008). This model 
is shown to be accurate when the push-
phase takes substantially less time than 
the pull-phase, which is valid in our case 
(push-phase: 2.5 hours, pull-phase: ±400 
hours). To assess the significance of the 
calculated rate constants, 95% confidence 
limits were calculated from the variance of 
the degradation rate constants  (Schroth 
et al, 1998). 
First order reaction rate constants 
were estimated based on Equation 6.1 
developed by Haggerty et al. (1998), 
which is valid if the retardation factors of 
the tracer and reactants are identical,

ln
( )
( )

=
1

 (6.1)

where Cr
*(t*) and Ctr

*(t*) are normalized 
concentrations of respectively the reactant 
and the tracer (-) at time t* (days), k is 
the first-order reaction rate constant of 
the reactant (day-1),  Tinj is the duration 
of the push-phase (days), and t* is the 
time elapsed since the push-phase (days). 
Br was used as the tracer for MW1-
MW4. Unfortunately, Br concentrations 
in injected water (8.2-9.6 mg/L) were 
relatively close to the native groundwater 
concentrations at MW-5 and MW-6 
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(7.2 and 13.0 mg/L, respectively). Cl 
concentrations varied more distinctly 
between injected (255-436 mg/L) and 
native groundwater for MW-5 and MW-6 
(1780 and 3170 mg/L, respectively) and 
was used as the tracer at these depths. 
Rate constants were estimated by fitting 
a regression line to a plot of ln(Cr

*(t*)/
Ctr

*(t*)) versus t*, which generates a line 
with a slope -k. Only the water samples 
were used where Ctr

*(t*) > 0.2. We assumed 
that assessing water samples where Ctr

*(t*) 
< 0.2 resulted in larger uncertainties as, 
(i) lower Ctr

*(t*) infers that a larger part 
of the abstracted water originates from 
native groundwater, which means that 
the tracer and reactant concentrations 
become lower and measurement errors 
increasingly influence the obtained k, and 
(ii) tracer concentrations in groundwater 
are not 100% homogeneous, which 
leads to higher uncertainties for lower 
Ctr

*(t*). Normalized concentrations 
were calculated for tracer and reactants 
following Equation 6.2,

= , =  (6.2)

where Ctr is the tracer concentration 
during the ‘pull’-phase (mg/L),  Cgw the 
concentration in native groundwater 
(mg/L), Cinf the mean concentration of the 
4 samples taken during injection (mg/L), 
Cr the reactant concentration during 
the ‘pull’-phase (mg/L), and C1st sample 
the concentration of the first abstracted 
sample during the ‘pull’-phase (mg/L). 
Different equations were used for the 

normalized concentrations of the tracer 
and the reactants, because we observed 
unexpectedly higher concentrations in 
the first samples of the ‘pull’-phase than 
in the injection phase for some of the 
reactants. This suggests that the total 
concentration of the added reactant was 
not fully analyzed during the injection 
phase, for which we cannot provide a 
clear explanation. Therefore, we used  
C1st sample for the reactants instead of Cinf.  
Cgw was 0 for the reactants and could 
therefore be neglected. A nonlinear least-
squares routine was used to fit Equation 
6.1 to the observed concentrations in 
python (Python v. 3.6.4).
The influence of pesticide retardation on 
the push-pull test breakthrough curves 
was analyzed based on the analytical 
equation proposed by Schroth et al. 
(2000),

=
1
2

1 /
16
3

2 1
.

× 1

.

 (6.3)

where Vext is the cumulative extracted 
volume, Vinj the cumulative injected 
volume,  αL the longitudinal dispersivity, 
and rmax the maximum radius of the 50% 
front position which was calculated with 
the equation below,

= +  (6.4)

where b is the aquifer thickness, n the 
effective porosity which was assumed to 
be 0.3, R the retardation factor, and rw the 
radius of the well.
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ASTR storage periods
ASTR operation was not continuous. 
Idle periods resulted from droughts or 
maintenance of the system. Groundwater 
flow was minimal (<0.01 m/d) based on 
groundwater levels (obtained from the 
Netherlands Hydrological Instrument 
via www.grondwatertools.nl/gwsinbeeld/ 
(De Lange et al., 2014)) and hydraulic 
conductivity (2.5-25 m/day) in the 
proximity of the system (obtained from 
the REGIS II model via www.dinoloket.
nl/ondergrondmodellen (Gunnink et al., 
2013)). Storage periods of about 45 days 
were investigated in winter 2019, fall 
2020, and spring 2021. Before each storage 
period, substantial tile drainage water 
volumes were injected (2700-4300 m3, 
see Figure 6.1), during which pesticides 
and metabolites were not manually 
added. Therefore, only the pesticides 
and metabolites could be assessed 
present in tile drainage water injected 
during ASR operation. Water samples 
were taken periodically from MW1-6 to 
assess pesticide degradation over time 
during these storage periods. Before each 
sample, 1.5× the internal volume of the 
monitoring well was abstracted. First-
order degradation rate constants were 
obtained by fitting a first-order regression 
line through the pesticide concentrations 
by a least-squares routine (Python v. 
3.6.4). In this study, all obtained k were 
converted to half-lives (DT50),

50 =
ln(2)

 (6.5)

Water analysis
Groundwater samples were directly 
analyzed in the field on alkalinity, electrical 
conductivity (EC) (C4E, Ponsel, France), 
pH/temperature/redox (PHEHT, Ponsel, 
France), and dissolved oxygen (OPTOD, 
Ponsel, France). Furthermore, all samples 
were filtered (0.45 μm) on site and stored 
immediately in the dark at 4°C. A 60 ml 
glass vial was used for pesticide analysis 
with Liquid Chromatography – Mass 
Spectrometry (LC-MS; Xevo TQ-S micro, 
Waters, U.S.A.)), and another vial for DOC 
analysis (NDIR; TOC-V CPH, Shimadzu, 
Japan). For more information about 
the assignment of the pesticides, their 
chemical physical-properties, detection 
limits, and analysis see S2. A 15 mL PE 
vial was used for analysis of anions with 
Ion Chromatography (IC; Compact IC 
pro, Metrohm, Switzerland), and another 
15 ml PE vial was acidified with HNO3  

(69%, 1:100) for analysis with Inductively 
Coupled Plasma – Mass Spectrometry 
(ICP-MS; PlasmaQuant MS, Analytik-
Jena, Germany) and Discrete Analysis 
(DA; AQ400, Seal analytical, UK).

Results and Discussion

Hydrochemical conditions during the push-
pull tests
Before Aquifer Storage Transfer and 
Recovery (ASTR) operation, push-
pull tests were conducted to assess the 
initial capacity of the native anoxic 
brackish aquifer to degrade pesticides 
and metabolites in injected tile drainage 
water . Tile drainage water was injected 
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Mean.
TDW

MW-1 MW-2 MW-3 MW-4 MW-5 MW-6

Sample date - 25-02-2019:
18-03-2021

Between 25-02-2019 and 02-03-2019

Depth filter m-b.s.l - 11.4-
12.4

15.0-
16.0

18.3-
19.3

22.8-
23.8

25.9-
26.9

31.2-
32.2

temp °C 10.5±2.3 10.6 10.6 12.7 10.7 9.9 12.2
pH - 7.45±0.30 6.7 6.8 7.3 6.5 6.6 6.2
EC 1780±389 1879 1823 1996 3331 5250 9219
DOC 24.7±4.2 8.96 7.45 7.13 6.11 3.78 3.74

Water composition
O2 6.4±1.9 0 0 0 0 0 0
Cl 160±61 400 399 450 1010 1780 3170
Br 0.4±0.3 1.6 1.6 1.9 4.0 7.2 13.0
NO3 14.1±11.3 0 0 0 0 0 0
PO4 5.21±0.80 1.29 0.86 0.28 0.81 0.82 4.69
SO4 193±55 1.0 1.1 0.6 1.4 1.1 1.4
Alkalinity 367±13 254 186 124 143 82.1 77.8
Na 90.4±37.8 173 180 131 199 170 419
K 52.3±14.0 7.91 6.76 8.53 12.3 17.2 39.9
Ca 172±42.9 188 198 222 462 817 1200
Mg 31.1±7.4 27.4 31.1 33.4 67.2 132 154
NH4 0.13±0.11 1.49 0.86 0.84 1.73 1.50 8.25
Fe(II) 0.14±0.19 8.79 13.7 14.3 13.7 26.7 14.8
Mn(II) 0.43±0.14 1.89 1.03 0.94 1.94 3.99 6.82
As 9.3±2.3 <1.0 <1.0 1.01 <2.5 <5.0 <5.0

Pesticides and metabolites
Bentazon 0.075±0.12 <0.005 <0.005 <0.005 <0.005 <0.005 <0.005
Boscalid 0.045±0.026 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01
Chloridazon 0.087±0.13 <0.05 <0.05 <0.05 <0.05 <0.05 <0.05
D- chloridazon 11±3.7 <0.5 <0.5 <0.5 <0.5 <0.5 <0.5
MD-chloridazon 1.9±0.53 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01
Fluopyram 0.62±0.20 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01
Flutolanil 0.21±0.12 <0.05 <0.05 <0.05 <0.05 <0.05 <0.05
Imidacloprid 0.044±0.10 <0.005 <0.005 <0.005 <0.005 <0.005 <0.005
Methoxyfenozide 0.013±0.019 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01

Table 6.1: Composition of mean injected tile drainage water (TDW), ambient groundwater in monitoring wells. Mean 
tile drainage water concentrations and their standard deviations have been determined from 123 analyzed water sam-
ples during ASTR operation.

at 6 different depths via the monitoring 
wells 1-6 (MW1-6) located at 2.5 m from 
injection well A during the ‘push-phase’ of 
the push-pull tests (Figure 6.1). Injected 
tile drainage water had O2 concentrations 

ranging from 5.4-9.6 mg/L, dissolved 
organic carbon (DOC) concentrations 
between 20.8-23.8 mg/L, and relatively 
high nutrient concentrations (NO3:  41.1-
49.7 mg/L, PO4: 6.54-9.98 mg/L, NH4: 
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0.04-0.85 mg/L). Water temperature 
ranged from 7.0-14.4°C, and pH from 
7.2-8.0. 
Table 6.1 shows the native groundwater 
composition at the well screen depths of 
MW1-6 before the push-pull tests and 
ASTR operation. The native groundwater 
was anoxic (O2 and NO3 below detection 
limit), with mainly Mn(IV)- and Fe(III)-
reducing conditions based on the relatively 
high concentrations of Mn(II) and Fe(II), 
respectively (Table 6.1). The shallow 
part of the aquifer was relatively fresh 
(Electrical conductivity (EC) at MW1, 2, 
and 3 (11.4-19.3 m below surface) was 
between 1850-2000 μS/cm) and turned 
more saline with depth (EC at MW4, 5, 
and 6 (22.78-32.2 m below surface) was 
3280, 5090, and 8930 μS/cm, respectively). 
During the ‘pull-phase’ of the push-pull 
tests, redox conditions changed rapidly 
in the abstracted water as shown in more 
detail in S3.2. Injected water became 
anoxic within 1 day of residence in the 
aquifer, and subsequently, NO3-reducing 
conditions were observed at all depths. 
Furthermore, reductive dissolution of Fe 
and Mn-oxides probably occurred. SO4 

reduction was not observed, except at 
MW2. Any degradation of pesticides and 
metabolites thus occurred at about neutral 
pH under mostly NO3 and/or metal-oxide 
reducing conditions during the push-pull 
tests.

Observed pesticide degradation during the 
push-pull tests
Figure 6.3 shows the push-pull test results 
of fluopyram for a selection of depths 

(the classes stated in the labels will be 
explained later in this section). The 
results are shown for the other depths 
and pesticides/metabolites in S3.3. In 
the left panels, concentrations of the 
tracer (Br or Cl) and fluopyram gradually 
decreased because of dispersive mixing 
with native groundwater during the 
abstraction phase of the push-pull tests. 
Except for MW5 and MW6 (S3.3), where 
Cl concentrations were higher in native 
groundwater compared to injected tile 
drainage water due to the higher salinity 
at larger depths in the aquifer. Similar 
trends were observed for the normalized 
concentrations in the middle panels, 
where the occurrence of degradation was 
suggested by a faster decline of normalized 
fluopyram concentrations compared 
to those of the conservative tracer. In 
the right panel, linear regression was 
performed on the natural logarithm of 
the normalized fluopyram concentrations 
divided by the normalized tracer 
over time, from which the first-order 
degradation rate constants and half-lives 
(DT50) were estimated by equation 6.1. 
The calculated 95% confidence intervals 
were used to denominate the obtained 
k values as statistically significant when 
they excluded k=0.

Influences of retardation on obtained DT50
The performed method is only valid 
when retardation is assumed negligible, 
as pesticide retardation can also result 
in decreasing pesticide concentrations 
which can influence the estimated DT50 
value (Schroth et al., 2000). Degradation 
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Figure 6.3: Observed fluopyram concentrations and the calculated DT50 values from the push-pull tests for a selection 
of depths. The left panel shows the absolute concentrations of reactant and tracer. The middle panel displays the 
normalized concentrations of tracer and reactant including simulations for DT50=1, 5, 10 and infinity (∞; i.e. no deg-
radation) days. The dashed line represents C*=0.2, all samples below this line were discarded for the estimation of the 
DT50.The right panel shows the natural logarithm of the normalized reactant divided by the normalized tracer concen-
tration, from which the DT50 value is estimated by linear regression. The grey area behind the fitted line represents the 
95% confidence intervals.

is indicated by normalized pesticide 
concentrations lower than those of the 
conservative tracer during the entire ‘pull’ 
phase (Haggerty et al., 1998), whereas 
sorption is indicated by initially lower 
concentrations until the arrival of the 50% 
front position (i.e. where the normalized 
tracer concentration = 0.5) followed by 
higher concentrations afterwards (Schroth 
et al., 2000) (see S3.1). Analytical solutions 
are not available which can disentangle 
sorption from degradation. Kruisdijk et 
al. (2022) obtained retardation factors 
(R) of about the same set of pesticides 

and metabolites at the same depths in 
the aquifer. For a short description of the 
method see S3.4. Most (32 out of 38) R 
values range between 0.8-2.0 (Table 6.2). 
The highest R values were observed at the 
top of the aquifer and generally decreased 
with depth, which corresponded with 
the higher sedimentary organic matter 
contents at the top of the aquifer compared 
to the bottom. 
Before the onset of the push-pull tests, 
we simulated the influence of pesticide 
retardation on the push-pull test 
breakthrough curves using equation 6.3 
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and 4. Schroth et al. (2000) stated that 
methodological errors of  approximately 
14% could be expected in a physically 
and chemically homogeneous aquifer 
by using these equations. However, 
errors could be larger under more 
heterogeneous conditions. The variation 
in pesticide concentrations was less than 
5%, ((1-relative concentration when R=2/
relative concentration when R=1)×100) 
when estimating pesticide concentrations 
by R=2 compared to R=1 (S3.1). Based on 
these outcomes, we did not expect major 
interferences from pesticide retardation 
in the current study. 
To examine the actual influence of 
sorption in the obtained data during the 
push-pull tests, we first visually examined 
the trends observed in the Figures S3-11 
in S3.3 and categorized these trends in 5 
classes (Table 6.2): (1) the reactant behaves 
similarly as the conservative tracer; or 
the reactant acts differently, due to (2) 
degradation, (3) sorption, (4) unknown 
reasons (e.g., scattered concentrations), 

or (5) sorption or degradation (no clear 
distinction). Figure 6.3 shows an example 
of the categorization of the push-pull 
test results for a selection of depths of 
fluopyram, where the trend at MW1 was 
categorized as sorption (class 3), at MW2 
as degradation (class 2), and at MW5 as 
similar to the conservative tracer (class 1).
Table 6.2 presents the estimated DT50 
values, the results of the qualitative 
assessment, and the retardation factors 
obtained from Kruisdijk et al. (2022). 
Kruisdijk et al. (2022) observed R<1 
at 2 depths for a few pesticides. The 
mechanism behind the R<1 remained 
unclear, although a relation with DOC-
associated transport seemed unlikely. 
Most estimated DT50 values were positive 
(51 out of 64). Negative DT50 values were 
observed during the push-pull tests but 
were all insignificant. Significant DT50 
values (39 out of 64) ranged from 5.2-45 
days. 
At MW1, all pesticide and metabolite 
concentration trends resembled those 

MW1
11.4-12.4 m-b.s.l.

MW2
15.0-16.0 m-b.s.l.

MW3
18.3-19.3 m-b.s.l.

MW4
22.8-23.8 m-b.s.l.

MW5
25.9-26.9 m-b.s.l.

MW6
31.2-32.2 m-b.s.l.

DT50 Class R DT50 Class R DT50 Class R DT50 Class R DT50 Class R DT50 Class R
Bentazon 32* 3 23* 1 40* 1 1 35* 1 1.1 45* 1 1 130 1 0.8
Boscalid 36 3 >2.0 8 4 >3.5 23 4 2.7 50 4 1 45 4 1.1 -15 4 1.2
Chloridazon 15* 3 >2.0 9* 2 27* 3 50 3 1 -609 1 1.1 -96 1 1
D-chloridazon 32 3 1.3 36 1 1.1 44* 3 1.1 -337 3 1 -56 1 0.8 -25 1 0.8
MD-chloridazon 20* 3 1.5 13* 2 1.2 38* 1 1.2 76 1 1 -116 1 0.9 -43 1 0.9
Fluopyram 14* 3 >2.0 7.9* 2 1.8 21* 5 1.5 34* 3 1.1 23* 1 1 -1115 3 1
Flutolanil -19 3 >2.0 7.1 4 10* 4 1.7 -52 4 20 4 0.9 -12 4 1
Imidacloprid 10* 3 5.2* 2 13* 5 20* 5 15* 5 1.4 18* 5 1.2
Methoxyfenozide 14* 3 7.5* 2 43* 3 37* 3 25* 1 -103 1
Classes:
1 = The reactant behaves similarly as the conservative tracer
The reactant’s behavior is different from the conservative tracer, due to:
2 = Degradation, 3 = Sorption, 4 = Unknown reasons (e.g., scattered concentrations), 5 = Sorption or degradation

Table 6.2: Estimated DT50 value, the results of the qualitative degradation versus sorption assessment, and the retar-
dation factors obtained from Kruisdijk 2021 for the 7 studied pesticides and 2 metabolites. DT50 value followed with 
an asterisk are significant. The orange cells highlight the pesticides and metabolites and depths where the qualitative 
assessment indicates degradation. The grey cells show the pesticides/metabolites and depths for which no retardation 
factor was obtained and the red cell the negative DT50 values.
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associated with sorption. This corresponds 
with the retardation factors in Table 6.1, 
which show that pesticide sorption was 
most substantial at MW1 compared to 
the other depths. Nevertheless, sorption 
influences were not only observed if 
R>2.0 (as suggested by the calculations 
using equation 6.3, S3.1), but also for 
R=1.3 (D-chloridazon) and R=1.5 (MD-
chloridazon) at MW1. At the other depths, 
the influence of sorption was observed 
for 7 pesticides/metabolites where R was 
lower than 2 and was even observed when 
R was estimated about equal to 1. This 
shows that sorption played a substantially 
bigger role than expected based on the 
analytical equation of Schroth et al. 
(2000), which is additionally shown by the 
relatively large occurrence of the sorption 
related class 3 (±31%). The discrepancy 
between the analytical solution and the 
observed results is probably resulting 
from physical or chemical heterogeneity 
of the aquifer layers in the current study, 
which Schroth et al. (2000) stated as a 
drawback of this method. This made it 
impossible to estimate a realistic DT50 
value for the pesticides and metabolites 
which were influenced by sorption.

Outcomes push-pull tests
The orange cells represent class 2, 
where a clear pesticide degradation 
trend was observed. Remarkably, such a 
degradation trend was only observed for 5 
pesticides/metabolites (chloridazon, MD-
chloridazon, fluopyram, imidacloprid, 
and methoxyfenozide) and only at 
MW2. These trends represented some 

of the lowest DT50 values (5.2-13 days). 
We question these degradation trends 
observed at MW2, as (i) we deem it 
unlikely that degradation only occurred 
at this depth for no apparent reason; (ii) 
no influences of sorption are observed 
while the R values are only slightly lower 
compared to MW1; and (iii) the results 
do not agree with the results obtained 
during the storage periods (Section 3.2). 
Nevertheless, no clear explanation can be 
given for the observed trends observed at 
MW2, despite degradation. DT50 values 
were also estimated for class 1: the class in 
which pesticides and metabolites visually 
act similar as the conservative tracer. 
In class 1, the minimum positive DT50 
value was 23 days. Estimated DT50 values 
>±20 days seem highly uncertain, as these 
DT50 values are substantially larger than 
the durations of the push-pull tests (7-
12 days) which makes it troublesome to 
disentangle degradation and the scatter of 
pesticide concentrations. 
In the current study, the obtained DT50 
have a relatively low reliability, due to the 
unexpected effects of pesticide retardation 
and the relatively short time span of the 
push-pull tests in combination with the 
mostly high DT50 obtained. We learned 
that push-pull tests are only useful when 
pesticide degradation is relatively fast 
(here DT50 values<20 days) and pesticide 
retardation is negligible. Huntscha et al. 
(2013) successfully obtained first-order 
degradation rate constants using push-
pull tests but studied non-retarding 
organic micropollutants which degraded 
much faster (k values in order of 
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hour-1). From the data in the current 
study, we can conclude that degradation 
could have occurred for some pesticides 
and metabolites at MW2 before the start 
of ASTR operation, but generally it did 
not or was too small to observe (DT50 
values>±20 days).

Hydrochemical conditions during storage 
periods
Periods of injection and storage 
periodically alternated depending on 
the availability of tile drainage water 
during ASTR operation. We assessed 
pesticide degradation during the storage 
periods when groundwater was stagnant. 
Collected groundwater samples were 
anoxic at wells MW1-6 at 2.5 meters 
distance from infiltration well A during 
the storage periods. O2 was thus fully 
consumed during transport of tile 
drainage water from the injection well to 
the monitoring wells. Similarly, NO3 was 
already fully consumed at MW3 before 
the winter 2019 storage period started, 
and at MW6 for all storage periods 
(S4.2). NO3 was initially present in all 
other cases (MWs and storage periods), 
but its concentrations were steadily 
decreasing until depletion reflecting 
ongoing denitrification during storage. 
Fe concentrations mostly gradually 
increased, which indicates reductive 
dissolution of Fe-(hydr)oxides. SO4 
concentrations were increasing at most 
depths during the storage periods, which 
is explained by pyrite oxidation linked 
to NO3-reduction. SO4 concentrations 
decreased pointing to occurrence of SO4 

reduction at some depths and storage 
periods (all storage periods at MW2, 
winter 2019 storage period at MW3, and 
spring 2021 storage period at MW6). 
The simultaneous occurrence of different 
redox conditions likely points to aquifer 
heterogeneity at the grain-scale, and 
therefore different conditions in pore 
spaces (Jakobsen, 2007; Jakobsen and 
Postma, 1999). Abstracted water had a 
temperature range of 8.7-10.2°C during 
storage period 1 (winter 2019), 11.7-
13.9°C during storage period 2 (fall 
2020), and 7.2-13.7°C during storage 
period 3 (spring 2021). During all storage 
periods, pH ranged from 6.6-7.3, DOC 
concentrations from 14.0-26.3 mg/L, 
PO4 from 0.05-2.60 mg/L, and NH4 from 
<0.1-1.3 mg/L. Pesticide degradation was, 
therefore, studied under mostly NO3- and 
metal-oxide reducing conditions in the 
presence of mostly relatively high DOC 
and nutrient concentrations.

Degradation of Fluopyram during storage 
periods
DT50 values were calculated during 
storage periods of ASTR operation. 
Figure 6.4 presents the DT50 values of 
fluopyram (which are calculated based on 
the obtained first order rate constants (k)) 
at the different aquifer depths during the 
three storage periods. The 95% confidence 
intervals show the significance of the 
obtained k values. The obtained k values 
were denominated statistically significant 
if the confidence interval excluded k=0. 
The normalized standard error (NSE) is 
a measure of the scatter of the observed 
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Figure 6.4: Calculated DT50 values of fluopyram for the 6 different depths (MW1-6) and the three storage periods. 
Black, blue, and red dots show the observed concentrations during storage in winter 2019, fall 2020, and spring 2021, 
respectively. The dashed lines are fitted to the observed concentrations, from which the DT50 values are obtained. The 
grey area behind the fitted line represents the 95% confidence intervals. The limit of quantification (0.01 μg/L)  is not 
visible in all panels, due to the scale.

pesticide concentrations, where a low NSE 
indicates a more accurate DT50 value. For 
example, a NSE of 0.1 represents a mean 
deviation of the regression line of 10%.  
We show again the results of fluopyram, 
because significant degradation was 
observed during one of the storage periods 
and the NSE of the fitted data are smaller 
than those of most other pesticides and 
metabolites (S4.4). 
Degradation of fluopyram is slow or not 
significant (DT50 values>158 days or 
negative), except for the fall 2020 storage 
period for which a DT50 value of 59 
days was estimated at MW 2.  After the 
winter 2019 storage period, the ASTR 
system was not in operation for another 
275 days (from 19 December 2019 - 19 
September 2020). To assess long-term 
trends, water samples were taken 219 days 
(25 July 2020) after the start of this first 
storage period. These samples likewise 

show that degradation is slow, as observed 
concentrations after 219 days were only 
slightly lower than the concentrations 
during the storage period. 

Degradation of all pesticides and 
metabolites
Table 6.3 shows the deduced DT50 values 
during the winter 2019 (W ’19), fall 2020 
(F ’20), and spring 2021 storage period (S 
’21). All first order rate constants and their 
95% confidence intervals can be found in 
S4.3. Most of the calculated DT50 values 
were significant (99 out of 162). Note that 
±26% of the determined DT50 values 
was negative reflecting an increasing 
concentration trend. Substantially low 
negative DT50 values were not observed 
(maximum negative DT50 value=-95 
days, median=-280 days), but some of the 
negative DT50 values were significant. 
These significant negative DT50 values 



Chapter 6: Degradation of seven pesticides and two metabolites before and during aquifer storage transfer and recovery 
operation

6

172

point to some uncertainty of the applied 
method as will be explained later in more 
detail. Faster degradation (0<DT50<100 
days) occurred mostly for the pesticides 
boscalid, flutolanil and imidacloprid. 
The lowest positive DT50 value (i.e. 
fastest degradation) observed is 27 
days (flutolanil, MW 5), but the median 
positive DT50 value is 184 days which 
shows that degradation is mostly slow.  
This also corresponds with the pesticide 
concentrations in the samples taken 219 
days after the start of the first storage 
period, as concentrations were above 
the limit of detection for 37 out of 64 
pesticides at all depths. Most DT50 values 
<100 days were observed for pesticides 
at MW2 in the fall 2020 storage period. 
This seems to agree with the seemingly 
highest degradation rates at MW2 during 
the push-pull tests. It should be noted, 
however, that (i) the observed DT50 
values during the push-pull tests were 
generally more than a factor 5 lower than 
observed during the storage periods, and 
(ii) these lower DT50 values were only 
observed during the 2nd (fall 2020) storage 
period, making it less likely that this layer 
in the aquifer has for some unknown 

MW 1 MW 2 MW 3 MW 4 MW 5 MW 6
W '19 F '20 S '21 W '19 F '20 S '21 W '19 F '20 S '21 W '19 F '20 S '21 W '19 F '20 S '21 W '19 F '20 S '21

Bentazon -225* 877 283 -419 -147*-188 -134 345 -145* 449 151* -640 193 247 -387 209 -144 -334
Boscalid 72 -458 63* 227* 106 41* 54* 285 43* 63* 521 7006 -821 -160*
Chloridazon 150* -23035 210 171* 53* 76* 102* 312 232* 152* 155* 291 236 1794 164 172* 110* 304
D-chloridazon 196* 470* -10528 112* 100* 1010 134* -134*499* 153* -14679 -174* 754 492 394* 220* -199*257*
MD-chloridazon -1445 63417 -594* 164* 185* 1004 176* 527 1448 264* 333* -134* 586* 331* 177* 263* -570*274*
Fluopyram 226* 221* 515 937 59* 273* 158* 240* 163* 169* 241* 1833 198* 1068 2604 1023 -180*-661
Flutolanil 30* 138* 179 -95 66* -115 29* 260 83* 28* 116* 103* 27* 71* 1131 186 503 104*
Imidacloprid 147 92* 87 122* 39* 131 -1129 111* 86* -280* 211* -209 101* 139* -325 -7431 -132*216
Methoxyfenozide -150* -196 177* -346 -597 1228 184* 137* -235* -309 171 107*

Table 6.3: Deduced DT50 values (days) at the different depths during the winter 2019 (W ’19), fall 2020 (F ’20), and 
spring 2021 storage period (S ’21). DT50 values followed with an asterisk are significant. The green cells show the DT50 
values where the NSE<0.1. The grey cells display the storage periods where pesticide concentrations were below LOQ.

reason special degradation capabilities.

Reliability obtained DT50 during storage 
periods
Our DT50 calculation method 
assumes for simplicity that (i) pesticide 
concentrations in the injected tile drainage 
water were constant over time, and (ii) 
that degradation was negligible during 
transport from the injection well to the 
monitoring wells. We can largely verify the 
second assumption, as the average age of 
sampled tile drainage water (2.4-5.77 days, 
S4.1) and the maximum age (~8.5 days, 
S4.1) at the start of the storage phase was 
considerably lower than the total duration 
of the storage phase (almost 50 days). 
Based on both assumptions, pesticide 
concentrations would be constant across 
the entire radius of abstraction (0.23-0.54 
m, for calculation see S4.1) of the total 
sampled water volume during the storage 
period. Any occurrence of degradation 
during storage would then lead to a 
decline in concentrations over time while 
being homogeneous in space. 
The concentration data, however, do show 
some degree of scatter which is much 
larger than the analytical measurement 
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uncertainty and, in some cases, result in 
increasing concentration trends over time. 
We expect that these trends primarily 
reflect the temporal variation of pesticide 
concentrations in injected tile drainage 
water. A collected sample essentially 
presents a mixture of (slightly) different 
ages of injected tile drainage water, 
where with each subsequent collected 
sample, the range in ages in the sample 
increases somewhat. When degradation is 
absent or very slow as in this aquifer, the 
scattering should mostly reflect temporal 
variations in pesticides concentrations in 
tile drainage water at the time of injection. 
Very low groundwater flow velocities 
(resulting in less than 0.5 m displacement 
over 50 days of storage) during storage 
may contribute to this effect. On the 
one hand, decreasing concentrations 
over time might in fact only reflect 
temporal variations in injected tile 
drainage water, while degradation does 
not occur. On the other hand, it should 
be noted that in the aforementioned case 
degradation might in fact be higher than 
calculated when in subsequent samples 
there is a tendency towards collecting 
tile drainage water which initially had 
higher concentrations. The bottom 
line is that calculated DT50 values are 
prone to some degree of uncertainty as 
concentrations in tile drainage water were 
not completely constant. The fact that (i) 
overall decreasing concentration time 
trends were observed, and (ii) most DT50 
values were positive, points to general 
occurrence of degradation in the aquifer 
albeit at very low rates. 

Outcomes storage periods
We arbitrarily decided to highlight 
pesticide trends with a minimum NSE of 
0.1 (displayed in green in Table 6.3), as we 
considered these trends convincing after a 
visual inspection of the figures in S4.4. In 
this selection, only 6 of 86 DT50 are larger 
than 0 and smaller than 100 days. Despite 
the uncertainty in some of the DT50 values, 
this learns us that pesticide degradation is 
mostly slow (DT50 values > 100 days or 
insignificant) during storage periods of 
ASTR operation. Furthermore, we do not 
see an increase in pesticide degradation 
rates, as an effect of microbial adaptation 
of the aquifer or bioaugmentation of the 
aquifer by the injected tile drainage water 
microbiome. Therefore, we expect that 
their effects (i) already occurred before 
the first storage period in the aquifer, 
or (ii) did not quantifiably occur in the 
aquifer during the storage periods.

Pesticide degradation during operational 
monitoring
Pesticide concentrations were periodically 
measured at the monitoring wells ±15 m 
away from injection well A during the 
entire period of ASTR operation. Figure 
6.5 shows the results for D-chloridazon 
and chloride (Cl). D-chloridazon is 
shown here as it was the only pesticide 
above the detection limit at MW-B4 and 
B3, together with bentazon. Results for 
the other pesticides can be found in S6.1. 
Cl was used as a natural conservative 
tracer, as concentrations were lower in 
injected tile drainage water compared to 
the native groundwater. Decreasing Cl 
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Figure 6.5: Observed chloride and D-chloridazon concentrations at different depths in the aquifer at 15 m distance 
from injection well A. The blue crosses present D-chloridazon concentrations below LOQ, and the blue dots (only 
2) concentrations above. The blue dashed line displays the pesticide LOQ. The red dots present the observed Cl con-
centrations, and the red dashed line the mean Cl concentration in tile drainage water during the full period of ASTR 
operation

concentrations, therefore, demonstrated 
the arrival of the injected tile drainage 
water at the monitored monitoring wells.  
Cl concentrations are relatively stable 
and indicative of native brackish-saline 
groundwater at MW-B1, 2, 5, and 6. 
Freshening is occurring to some extent due 
to the arrival of fresh tile drainage water 
at MW-B3 and more distinct at MW-B4. 
This shows that the hydraulic conductivity 
of the aquifer is higher at MW-B3 and B4 
compared to the other depths. Injected 
tile drainage water preferentially flows 
through these layers, and, therefore, 
freshening is only observed here. At 
MW-B4, the Cl concentration decreased  
almost to that of injected tile drainage 
water (mean injected tile drainage water 
concentrations can be found in Table 

6.1). D-chloridazon was detected above 
the detection limit only during the last 
sampling event at these 2 depth levels 
where the tile drainage water arrived. 
Based on equation 6.2, normalized Cl and 
pesticide concentrations were calculated, 
where a normalized concentration of 1 
presents injected tile drainage water and a 
normalized concentration of 0 the native 
groundwater. Pesticide concentrations can 
decrease due to degradation or sorption, 
while Cl as tracer is conservative and does 
not react. The fraction of pesticide left in 
the sample was calculated and corrected 
for the fraction of Cl, by dividing the 
normalized reactant concentration by the 
normalized tracer concentration: 
(Cr

*(t*)/Ctr
*(t*)). Bentazon and 

D-chloridazon were the only pesticides 
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observed above the detection limit 
at MW-B3. Only 45% of the injected 
bentazon concentration was observed, 
and for D-chloridazon approximately 
9%. Retardation was small for bentazon 
(R=1.1) and negligible for D-chloridazon 
(R=1.0) (Table 6.2), and therefore the 
decreasing concentration is mostly related 
to degradation. The other monitored 
pesticides had larger R and did therefore 
not yet arrive. The time between the 
start of ASTR operation and the arrival 
of the 50% front position was estimated 
at 485 days for MW-B3 and 334 days 
for MW-B4. DT50 values calculated 
were 433 and 141 days for bentazon and 
D-chloridazon (Table 6.4), respectively, 
at MW-B3 (S6.2). Bentazon, boscalid, 
chloridazon, D-chloridazon, MD-
chloridazon, fluopyram, flutolanil, and 
methoxyfenozide were observed above 
the detection limit at MW-B4. Negligible 
degradation (Cr

*(t*)/Ctr
*(t*))>0.99) 

was observed for chloridazon, MD-
chloridazon, and flutolanil. For the other 
pesticides, between 61% and 74% of the 

injected concentrations were observed, 
even for bentazon and fluopyram which 
were prone to small retardation (R=1.1). 
Degradation rates could be higher in 
reality for bentazon and fluopyram, as 
also retardation could be the cause of 
the lowered concentrations. Note that 
retardation factors were not available for 
flutolanil and methoxyfenozide (Table 
6.2). Table 6.4 shows the estimated DT50 
values for all pesticides at MW-B3 and 
MW-B4. The observed DT50 values for 
bentazon are similar at MW-B3 and MW-
B4, while for D-chloridazon the DT50 
value at MW-B3 are almost an order of 
magnitude lower. The observed DT50 
values during operational monitoring 
fall mostly within the range of the DT50 
observed during the storage periods.

Comparison obtained DT50 values with 
previous studies
Table 6.5 gives an overview of the DT50 
values of the studied pesticides and 
metabolites as deduced or reported in 
(i) this study, (ii) the PPDB database, 
which is an international database for 
risk assessment and management, based 
on regulatory files (Lewis et al., 2016), 
and (iii) previous pesticide degradation 
studies in field or column studies of 
aquifer systems. Several aquifer studies 
investigated the fate of bentazon and 
chloridazon. Bentazon DT50 values 
ranged from about 700-7000 days 
(Bertelkamp et al., 2016b; Broholm et al., 
2001; Stuyfzand et al., 2007; Tuxen et al., 
2000). Only Stuyfzand et al. (2007) studied 
the fate of bentazon in groundwater under 

MW-B3
DT50 (days)

MW-B4
DT50 (days)

Bentazon 433 462
Boscalid - 770
Chloridazon -
D-chloridazon 141 1155
MD-chloridazon -
Fluopyram - 578
Flutolanil -
Imidacloprid - -
Methoxyfenozide - 770

Table 6.4: DT50 values estimated based on the periodical 
operational monitoring data at the monitoring wells at 
15 m distance from injection well A. The DT50 was not 
estimated for the pesticides and depths for which a dash 
is presented in the table.



Chapter 6: Degradation of seven pesticides and two metabolites before and during aquifer storage transfer and recovery 
operation

6

176

This study
DT50
(days)

PPDB Literature range
DT50
(days)

DT50 aerobic*
(days)

Water-Sediment
(days)

Water phase
only (days)

Bentazon 209- 7) 3.0-35.0 (20 soils) 716 80 693-6930(c,e,f,g)

Boscalid 54- 5) 103-1214.4 (9 soils) 545 5 -
Chloridazon 53- 10) 3-173.9 (unknown) 137 51.5 0.21-0.47(a,b)

D-chloridazon 112- 20) 80-360 (unknown - - -
MD-chloridazon 164- 9) 118-170 (unknown) - - -
Fluopyram 59- 9) 93.2-717 (unknown) 1077 20.5 -
Flutolanil 66- (n=2) 60.4-1000 (16 soils) 320 90.5 -
Imidacloprid 92- 77-425 (unknown) 129 30 -
Methoxyfenozide 171- 5) 81->1000 (unknown) 208.6 - -
*combination of lab and field studies, soils for both type of studies are added together

Aquifer studies: (a) Bertelkamp et al. (2015), (b) Bertelkamp et al. (2016a), (c) Bertelkamp et al. (2016b), (d) Bertelkamp et al. (2016c),
(e) Broholm et al. (2001), (f) Stuyfzand et al. (2007), (g) Tuxen et al. (2000)

Table 6.5: Overview of obtained DT50 values in the current study from storage periods with an NSE<0.1 where nega-
tive and insignificant DT50 values are interpreted as DT50=∞ and from operational monitoring, which were compared 
to the PPDB database and previous aquifer pesticide sorption studies.

various redox conditions. They observed 
a persistent behavior in suboxic and 
anoxic groundwaters, which corresponds 
with the results obtained in the current 
study. DT50 values of chloridazon ranged 
from 0.2-0.5 days in previous performed 
column studies with sands from a 
riverbank filtration site (Bertelkamp 
et al., 2015; Bertelkamp et al., 2016a; 
Bertelkamp et al., 2016c), which was 
substantially faster than observed in our 
study. Nevertheless, the DT50 values of 
chloridazon from the PPDB database are 
mostly in the same range as observed in 
this study. To our knowledge, degradation 
rate constants were not determined for 
the other pesticides in aquifer sediments. 
Therefore, we compared our results with 
the PPDB database, which consists mostly 
of DT50 values for topsoils collected from 
regulatory files. The “water phase only” 

DT50 values from the PPDB database are 
generally a little lower than in the current 
study, but the water-sediment, and the 
aerobic DT50 values are mostly within the 
same range.
Table 6.6 shows the detection of the 
pesticides assessed in the current study 
in groundwater monitoring campaigns 
in Europe. Bentazon was observed in 
groundwater at all monitoring networks in 
at least 1 of the monitored wells. Similarly, 
boscalid, chloridazon metabolites, and 
flutolanil were observed in all monitoring 
programs when analyzed. Chloridazon 
was observed in groundwater in the 
Netherlands, United Kingdom (UK), 
and Italy, but not in Spain. This shows 
that these pesticides are often persistent 
in groundwater systems. The mostly 
low degradation rates observed during 
the storage periods and the operational 
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Observed in groundwater in:
the Netherlands

(a, b, c)
Spain
(d)

UK
(e)

Italy
(f)

Pan-Europe
(g)

Bentazon yes yes yes yes yes
Boscalid n.m. n.m. n.m. yes n.m.
Chloridazon yes no yes yes n.m.
D-chloridazon yes n.m. n.m. - yes
MD-chloridazon yes n.m. n.m. - yes
Fluopyram n.m. n.m. n.m. - n.m.
Flutolanil yes n.m. yes - n.m.
Imidacloprid n.m. n.m. n.m. - n.m.
Methoxyfenozide n.m. n.m. n.m. - n.m.
(a) Swartjes et al. (2016), Bijlage D (in Dutch), (b) Schipper et al. (2008), (c) Sjerps et al. (2017),
(d) Jurado et al. (2012),Table S1, (e) Stuart et al. (2011), Appendix 2, (f) Meffe and de Bustamante (2014), Table A1
(g) Loos et al. (2010)

577

Table 6.6: Pesticides observed in groundwater monitoring studies in Europe. Pesticides that were not measured are 
displayed as n.m.

monitoring in this study corresponds with 
the data from the European groundwater 
monitoring programs.

Conclusion

In this study, we assessed degradation 
of 7 commonly used pesticides and 2 
metabolites before and during aquifer 
storage transfer and recovery (ASTR). 
Tile drainage water containing pesticides 
(ranging between 0.013- 10.8 μg/L) 
was collected from a 10-ha agricultural 
parcel, injected in an anoxic brackish/
saline aquifer, and abstracted when water 
was needed for irrigation purposes. We 
hypothesized that injection of fresh, oxic, 
nutrient and dissolved organic carbon 
(DOC) rich (mean concentrations NO3: 
14.1 mg/L , NH4: 0.13 mg/L, PO4: 5.2 
mg/L, DOC: 24.7 mg/L), and probably 
microbially active tile drainage water 
would stimulate pesticide degradation. 
Push-pull tests were performed to 

assess pesticide degradation in the 
native aquifer at 6 depths before ASTR 
operation. Retardation, likely caused by 
pesticide sorption to sedimentary organic 
matter, interfered unexpectedly with the 
degradation assessment for some of the 
pesticides. Therefore, we could not obtain 
accurate DT50 values for all pesticides. 
For the other pesticides, degradation was 
not convincingly observed during the 
push-pull tests which lasted for ±18 days. 
We recommend the use of push-pull tests 
in future studies only when fast pesticide 
degradation (DT50 values<20 days) 
and negligible retardation is expected. 
Subsequently, pesticide degradation was 
studied during 3 storage periods of ±45 
days spread out over a period of 1.5 years 
of ASTR operation. Obtained DT50 values 
were prone to some uncertainty, related 
to variations in pesticide concentrations 
in the injected and later abstracted tile 
drainage water. Nonetheless, generally 
decreasing pesticide concentrations were 
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observed and mostly positive DT50 
values, which indicates degradation 
albeit at low rates with high half-lives 
of at least 53 days. Degradation rate 
constants did not increase during the 
consecutive storage periods suggesting 
no influences of microbial adaptation 
and/or bioaugmentation. Operational 
monitoring was performed at the wells 
at ±15 m distance from the injection 
well. Pesticides were detected at only two 
depths after a travel time of approximately 
485 and 334 days, respectively. Estimated 
DT50 values were relatively high and 
exceeded 141 days. Lastly, the obtained 
DT50 values were compared to existing 
literature, and corresponded mostly to 
previous pesticide degradation studies 
in aquifers and groundwater monitoring 
studies. Therefore, we found no strong 
evidence that pesticide degradation is 
stimulated by the co-injection of electron 
acceptors (O2, NO3), DOC, nutrients, 
and biodegrading bacteria as contained 
in tile drainage water. The relatively 
high DT50 values consequently result in 
relatively high pesticide concentrations in 
abstracted ASTR water. Furthermore, the 
persistent pesticides in the non-abstracted 
water constitute a risk for contamination 
of the native brackish groundwater.

Appendix A. Supplementary data

Supplementary data to this article can 
be found at https://doi.org/10.1016/j.
jconhyd.2022.104094.
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Prevention of well clogging during aquifer stor-
age of turbid tile drainage water rich in dissolved 
organic carbon and nutrients

ABSTRACT

Well clogging was studied at an Aquifer Storage Transfer and Recovery (ASTR) sys-
tem used to secure a flower bulb farmer of fresh irrigation water. Tile drainage water 
(TDW) was collected from a 10 ha parcel, stored in a sandy brackish coastal aquifer via 
well injection in wet periods, and re-used during dry periods. This ASTR application is 
susceptible to clogging, as TDW composition largely exceeded most clogging mitigation 
guidelines. TDW pre-treatment by sand filtration did not cause substantial clogging 
at a previous smaller ASR system (2 ha) at the same farm. In the current system, sand 
filtration was substituted by 40 μm disc-filters to lower costs (10,000-30,000 euro) and 
use of space (50-100 m2). This measure treated TDW insufficiently and injection wells 
rapidly clogged. Chemical, biological, and physical clogging occurred, as observed during 
elemental, organic carbon, 16S rRNA, and grain size distribution analyses of the clogging 
material. Physical clogging by particles was the main cause, based on the strong relation 
between injected turbidity load and normalized well injectivity. Periodical backflushing 
of injection wells improved operation, although the disc-filters clogged when the turbidity 
increased (up to 165 NTU) during a severe rainfall event (44 mm in 3 days). Automat-
ed periodical backflushing together with regulating the maximum turbidity (<20 NTU) 
of the TDW protected ASTR operation, but reduced the injected TDW volume with 
~20-25%. The studied clogging measures collectively only seem an alternative for sand 
filtration, when the injected volume remains sufficient to secure the farmer’s needs for 
irrigation.

Introduction

Managed Aquifer Recharge (MAR) is 
becoming an essential technique for water 
management in response to increasing 
water scarcity and global climate change 
(Dillon et al., 2019; Greve et al., 2018; 

Stikker, 1998). Water is stored in an aquifer 
during wet periods and later abstracted 
to overcome water shortages during dry 
periods. The technique provides storage 
with a minimal use of above ground 
space and prevents the loss of water by 
evaporation (Page et al., 2018; Pyne, 1995). 

This chapter is based on:

Kruisdijk et al. (2022) Hydrogeology Journal: accepted for publication
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Aquifer Storage Transfer and Recovery 
(ASTR) is one of the methods allowing for 
excess water to be stored in an aquifer. It 
comprises injection wells and a recovery 
system composed of abstraction wells, 
utilizing the aquifer to improve water 
quality via physical and biogeochemical 
processes during subsurface transport 
(Dillon, 2005; Pyne, 1995). Aquifer 
Storage and Recovery (ASR), as opposed 
to ASTR, utilizes a single well for injection 
and abstraction.
A major drawback of AS(T)R is the 
risk of well clogging. Injection wells are 
more prone to clogging compared to 
abstraction wells, especially when source 
water quality is poor (Page et al., 2018). 
Dillon et al. (1994) surveyed 40 ASR sites 
in the United States and concluded that 
about 80% of injection wells suffered from 
clogging. Clogging results in a reduction 
of the injection rate, which threatens 
AS(T)R feasibility (Maliva, 2020). This 
can occur within minutes to weeks of 
AS(T)R operation (Olsthoorn, 1982; 
Rinck-Pfeiffer et al., 2000), after which 
well rehabilitation is necessary to restore 
injection rates (Jeong et al., 2018; Martin, 
2013). 
Physical, biological, chemical, and 
mechanical processes induce injection 
well clogging (Martin, 2013). Olsthoorn 
(1982) and Pyne (1995) formed a strong 
scientific foundation of clogging, and 
concluded that physical and biological 
processes often dominate. Particles in 
injected water can cause physical clogging. 
Martin (2013) and Pyne (1995) stated for 
that reason that turbidity levels should be 

reduced to 1-5 NTU to reduce physical 
clogging. Furthermore, column studies 
showed that injection water should 
contain suspended solids below 2 mg/L 
to sustain injection rates (Okubo and 
Matsumoto, 1983), while concentrations 
as low as 0.1 mg/L are recommended 
in practice (Zuurbier and van Dooren, 
2019). Biological clogging results from 
microbial growth. Injection rates can 
be substantially reduced by growing 
amounts of impermeable slime and mats 
of (dead) cells (Pyne, 1995). Biological 
clogging can be reduced by taking away 
the substrates needed for microbial 
metabolism from injected water, for 
example, by reducing dissolved organic 
carbon (DOC) concentrations below 2 
mg/L (Zuurbier and van Dooren, 2019), 
ammonium concentrations below 0.5 
mg/L (Hubbs, 2006), and eliminating high 
concentrations of nitrate and phosphate 
(Eom et al., 2020; Stuyfzand and Osma, 
2019). 
The other two clogging mechanisms 
are chemical and mechanical clogging. 
Chemical clogging occurs due to the 
precipitation of calcium carbonate, Fe-
(hydr)oxides, phosphates, and other 
minerals (Martin, 2013). Mineral 
precipitation is often mediated by 
microorganisms, which makes it difficult 
to distinguish chemical from biological 
mechanisms (Martin, 2013; Rinck-
Pfeiffer et al., 2000). Mechanical clogging 
is caused by injecting entrained air, or by 
the production of biogenic gases within 
the aquifer by microbial activity (Martin, 
2013).
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Treatment of the water before injection 
can prevent these clogging mechanisms. 
For example, (i) Page et al. (2011) injected 
high nutrient and turbidity storm water 
after treatment by ultrafiltration and 
granular active carbon and did not 
observe major clogging; (ii) Camprovin 
et al. (2017) showed that injection of 
sand-filtered surface water in a coarse 
sand aquifer can substitute the injection 
of potable water, although some clogging 
was detectable. Nevertheless, the options 
for treatment are often limited because of 
financial and spatial constraints. 
In this study, an agricultural ASTR system 
was studied in which tile drainage water 
(TDW) from an agricultural parcel (10 
ha) was collected, injected in an aquifer, 
and recovered when needed for crop 
irrigation. TDW composition exceeded 
most of the clogging mitigation guidelines 
(e.g., mean injected DOC: 25 mg/L, 
NO3: 14 mg/L, turbidity: 2-165 NTU) 
and, therefore, the injection wells were 
susceptible for clogging. The system 
studied in the current research replaced 
a successful smaller scale agricultural 
ASR system (2.3 ha) equipped with a 
sedimentation basin, and slow and rapid 
sand filtration as clogging measures (Tolk 
and Veldstra, 2016). This system did not 
clog substantially during the injection of 
~27.000 m3 tile drainage water (TDW) 
over more than 3 years. The current 
system was designed to occupy a smaller 
surface area, while reducing the costs 
of treatment. The slow and rapid sand 
filtration and sedimentation basin were 
therefore substituted with disc-filters, 

which resulted in an estimated spatial gain 
of about 50-100 m2 and a cost reduction 
of 10,000-30,000 euro (costs and space 
extrapolated from the prior ASR site, based 
on quotations of this slow and rapid sand 
filtration and its size). Well clogging was 
assessed during ASTR where TDW was 
treated using disc-filters. Subsequently, 
automated periodic backflushing of the 
injection wells was added to the system, 
followed by the addition of automated 
turbidity regulation to prevent injection 
of turbid TDW. These latter two measures 
are also relatively low cost and do not 
claim additional space. The three set-
ups with increasing number (1, 2, and 
3) of clogging prevention measures 
were monitored during three injection 
periods over 1.5 years. We evaluated the 
clogging potential of TDW at the ASTR 
site during these periods by monitoring 
the normalized well injectivity, the 
turbidity of TDW before and after 
treatment, and the interior of the wells 
using a camera. Furthermore, the main 
clogging mechanisms were diagnosed by 
elemental, organic carbon, 16S rRNA, 
and grain size distribution analysis of the 
clogging material.

Material and Methods

Description of the ASTR system
The research site is located in a coastal 
polder close to the town of Breezand, 
in the province of North-Holland, the 
Netherlands (coordinates: 52.8883, 
4.8221; Figure 7.1). In this area, tile 
drainage commonly prevents water 
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damage to crops (flower bulbs at this 
research site) by quickly discharging 
water to the surface water system during 
and after rainfall events. The drains are 
situated  in a shell bed at approximately 
70 cm-below surface level (b.s.l.) in a 
1 m sandy layer above a confining clay 
layer. In the current system, tile drainage 
water (TDW) does not enter the surface 
water system, but is distributed to a 
drain reservoir (volume = ~1 m3). In this 
reservoir, TDW is continuously sensed on 
Electric Conductivity (EC) as a measure 
of salinity. TDW with an EC > 1700 µS/
cm is directly discharged to the surface 
water system. The remaining sufficiently 
fresh TDW is stored in the brackish/saline 

aquifer below the confining clay layer by 
an Aquifer Storage Transfer and Recovery 
system (ASTR). First, water is pumped 
from the reservoir and filtered by seven 40 
µm Klin disc-filters in series (Figure S2). 
The pump in the drain reservoir ensures 
the required pressure for disc-filter 
operation and a constant 3 m standing 
head in the standpipe which is required 
for injection. To prevent clogging of the 
disc-filters, a backflush initiates once a 
differential pressure over the filters is 
exceeded. TDW used for backflushing 
of the filters is discharged to the surface 
water system. Afterwards, TDW is 
injected in the aquifer via 2 injection 
wells. In times of drought, stored TDW 

Figure 7.1: Location of the research site (red pin) in the Netherlands (top left). Regional map of the field site showing 
the ASTR pilot and the 10 ha agricultural field in blue (top right). Map of the well configuration with injection wells 
(yellow) and abstraction wells (red) (bottom) (source: maps.google.com). 
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can be abstracted by 4 abstraction wells 
surrounding the injection wells at about 
7 m distance, and re-used for irrigation. 
A more detailed schematic representation 
of the ASTR system can be found in the 
supplementary information 1 (S1).
Injection occurred in about equal 
proportions through injection well one 
(INJ-1) and two (INJ-2) (well screens 
from 11.5 to 33 m-b.s.l.). The maximum 
injection capacity is approximately 14 m3/
hr per well. INJ-1 and INJ-2 are situated 
5 m apart (PVC, borehole diameter = 240 
mm, internal well diameter = 100 mm, slot 
size = 0.5 mm). A monitoring well (MW) 
is fixed at the midpoint of the gravel pack 
(approximately 35 mm from the well 
screen) screened at 20.5- to 22.5 m-b.s.l. 
(internal diameter = 25.4 mm, slot size = 
0.5 mm) at both injection wells. MW-1 
and MW-2 correspond to the monitoring 
wells in the gravel pack of INJ-1 and INJ-
2, respectively.
Four abstraction wells (ABS-1 to -4) 
surround INJ-1 and INJ-2 in a symmetrical 
configuration (Figure 7.1). The abstraction 
wells are screened from 12- to 23 m-b.s.l. 
(borehole diameter = 400 mm, internal 
well diameter = 190 mm, slot size = 0.5 
mm). Each borehole contains a MW in the 
gravel pack approximately 50 mm from 
the well screen, screening a depth of 16.5- 
to 18.5 m-b.s.l. (PVC, internal diameter = 
24.5 mm, slot size = 0.5 mm). MW-3 to 
MW-6 correspond to the monitoring well 
situated in the borehole of ABS-1 to ABS-
4, respectively. 
The Dutch national database DINOloket ( 
GeoTOP v1.4 model) provided insights in 

the large scale hydrogeological structure 
of the target aquifer (TNO-NITG). The 
agricultural topsoil is an approximately 
1 m coarse sand layer in which the tile 
drains are situated. Below, a confining 
layer is situated of  ~10 m consisting of 
mostly of clay and peat. The ASTR target 
aquifer is found below the confining layer, 
and consists mostly of unconsolidated 
fine to coarse sand of Holocene and 
Pleistocene age.

ASTR Operation
Three periods of injection were monitored 
between October 2019 and March 2021, 
during which approximately 5000 m3 
TDW was injected in each of both 
injection wells. In the first period, 1350 
m3 TDW was injected per well from 31 
October 2019 until 12 December 2019. 
Well clogging occurred during this period. 
Afterwards, an automated backflush 
system was installed in both INJ-1 and 
INJ-2, to prevent rapid clogging of these 
wells. The automated regime consisted of 
a 15-minute backflush of 20 m3/hr in each 
well, which occurred after consecutive 
injection of 150 m3 per well. The injected 
volume was reduced to 50 m3 after two 
weeks of operation, as indications of 
clogging were still observed. In this period, 
1450 m3 TDW was injected per well from 
20 September 2020 until 16 October 2020. 
In the third period, a turbidity sensor 
was installed in the drain reservoir to 
further prevent clogging.  The monitored 
turbidity was used for regulation of ASTR 
operation. TDW > 20 NTU was directly 
discharged to the surface water system 
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to prevent clogging of the disc-filters and 
injection wells. During this period, 2150 
m3 was injected per well from 8 December 
2020 until 18 March 2021. Stored water 
was not yet abstracted by the abstraction 
wells during the period of investigation at 
this ASTR pilot, only for backflushing and 
sampling. 
Phreatic groundwater levels raised quickly 
in the agricultural topsoil during and after 
large rainfall events. This can result in crop 
damage and, therefore, quick drainage of 
TDW is needed. The injection capacity 
of the ASTR system was not adequate 
to drain all TDW from the field during 
large rainfall events. Therefore, TDW was 
discharged to the surface water system 
during these events in the first injection 
period. In the second and third injection 
period, the system was adapted, so that 
TDW could be partly discharged to the 
surface water system and partly injected 
via the injection wells. As a result, a part 
of the water could be stored during these 
events, because the same pump was used 
simultaneously for the discharge to the 
surface water system and to the injection 
wells. However, less water entered the 
ASTR system, which resulted in a lower 
standing head in the standpipe and a 
reduced injection capacity.

Clogging monitoring
Clogging of INJ-1 and INJ-2 was 
examined by continuously monitoring 
(10-min interval) of water pressure 
in MW-1, MW-2, and MW-3 using 
CTD divers (van Essen Instruments, 
the Netherlands). Barometric pressure 

was measured using a baro-diver (van 
Essen Instruments, the Netherlands). 
Unfortunately, the barometric pressure 
data could not be obtained from the 
baro-diver between February 7th to 
March 18th, 2021 (third injection period). 
Instead, daily barometric pressures were 
obtained from the local weather station 
de Kooy, Den Helder (about 5 km from 
the research site). This resulted in a lower 
resolution of calculated phreatic surface 
levels, injectivity index, and the hydraulic 
head rise in the third injection period.
Injected volumes and injection rates 
were continuously monitored during the 
second and third period. The head rise in 
MW-3 related to the injection rate in the 
second and third period (equation 7.1, 
R2=0.86, n=46; S2). This relation was used 
to estimate the injection rate in the first 
period for INJ-1 and INJ-2, as continuous 
monitoring of the injection rate did not 
occur in this period: 

= 0.1449 × 3 ( ) 1.2301

 (7.1)

The ratio of the injection rates over the 
water pressures was used to monitor well 
performance, which is referred to as the 
well injectivity (m3/hr/bar) (Brehme et 
al., 2018; Maliva, 2020). All injection 
rates were normalized to 20˚C by a 
multiplication with the term in equation 
7.2 so that effects of viscosity could be 
disregarded. This was done similarly by 
Stuyfzand and Osma (2020):
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= .
.

×

 (7.2)

where t is the temperature of the TDW as 
measured with the CTD diver at MW-1 and 
MW-2. Furthermore, well clogging was 
monitored visually using the submersible 
camera before and after rehabilitation of 
each well; daily rainfall was obtained from 
a tipping bucket (EML, ARG100, United 
Kingdom); and the phreatic groundwater 
level was monitored in the field using a 
CTD diver (van Essen Instruments, the 
Netherlands).

Well rehabilitation
Injection wells were rehabilitated from 2 
to 4 February 2020 after the first injection 
period, and on 26 November 2020 after 
the second injection period. Clogging 
material samples were taken as described 
in Section 2.3 during both events. Visual 
inspection of the well screens were 
performed using a submersible camera 
before and after each rehabilitation. 
During both rehabilitations, injection 
wells were first backflushed using a 
submersible pump with a flow rate of 11 
m3/hr for 15 minutes. Well screens were 
subsequently cleaned by high pressure-
jetting (mechanical cleaning) at 100-200 
bar.  Simultaneously, water was discharged 
from the well at 3 m3/hr for 55 minutes 
using a submersible pump. Finally, a 
post-backflush was performed (11 m3/hr 
abstraction) for 15 minutes.

Groundwater and Suspended Material 
Sampling
Samples were taken from TDW, materials 
left behind on the 40 µm Klin disc-filters 
(disc-filtrate), from the wall lining of the 
standpipe, clogging material during well 
rehabilitation, and native groundwater. 
All samples were stored in the dark at 4°C. 
Native groundwater was sampled from 6 
monitoring wells with 1 m well screens 
from 12-32 m-below surface level (b.s.l.), 
located at 2.5 m from INJ-1. TDW was 
sampled from the drain reservoir, but 
only when drainage water was discharged 
in wet periods to ensure that no stagnant 
water was sampled. Furthermore, material 
was sampled from all disc-filters and the 
inner wall of the standpipe. The condition 
in the collection drain was filmed using 
the submersible camera and afterwards 
visually interpreted. A 3-minute 
discharge event was filmed by placing the 
submersible camera in the collection drain 
approximately 1 m from the discharge 
outlet. Lastly, both well rehabilitations 
were sampled. Jerrycans (10 L, PE) were 
filled with discharged water from the first 
backflush and the high-pressure jetting.

Preparation of the well rehabilitation 
samples
Samples from the well rehabilitation 
(9.3-10.7 L) were stored upright for 3 
to 6 days, to let the suspended material 
settle. A large part of the fluid-fraction 
was removed (8.5-9.8 L; 90-99% of total 
volume) using a peristaltic pump and 
transferred to clean 10 L PE jerrycans. The 
wet slurry left (0.1-1.0 L) contained the 
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solid-fraction, which was transferred to 1 
L glass bottles. The fluid-fraction (Section 
2.4.2) and solid-fraction (Section 2.4.3) 
were analysed separately afterwards.

Analysis of TDW, native groundwater, and 
the fluid-fraction of the well rehabilitation 
samples 
TDW and native groundwater were 
sensed on EC, pH, and temperature (C4E/ 
PHEHT/ OPTOD, Ponsel, France) using 
a flow cell in the field. Well rehabilitation 
samples were sensed on EC, pH, and 
temperature (InoLab Multi 720 and 
InoLab Multi 9420, WTWTM, Germany) 
in the lab, without temperature correction 
for EC at temperatures ranging from 11.4-
12.6°C. These EC values were converted 
to EC20 by equation 7.3 (Stuyfzand, 1993; 
Walter, 1976):

= × [1 + 0.023 × ( )]  (7.3)

where ECx is the EC calculated at 
temperature x, and ECt is the EC monitored 
at temperature t (°C). Turbidity (NTU) 
was determined by a turbidimeter (HACH 
2100N Turbidimeter, United States). For 
further analysis, all samples were filtered 
over 0.45 µm cellulose acetate membrane 
(Whatman Spartman 30/0.45RC syringe). 
Anions (Br, Cl, F, NO2, NO3, PO4, SO4) 
were analysed using Ion Chromatography 
(883 Basic IC Plus; Metrohm AG, 
Switzerland). Cations (As, B, Ba, Ca, Co, 
Cr, Cu, Fe, K ,Li, Mg, Mo, Na, Ni, P, Pb, 
S, Sb, Se, Sr, Ti, V, and Zn) were analysed 
using Inductively Coupled Plasma – Mass 
Spectrometry (ICP-MS; PlasmaQuant 

MS, Analytik-Jean, Germany) after 
acidification with 69% HNO3 (1:100). 
The acidified samples were also analysed 
for NH4 and alkalinity using Discrete 
Analysis (DA; Aquakem 250, Labmedics, 
U.K.). The alkalinity of the fluid-fraction 
of the well rehabilitation samples was not 
determined and was, therefore, estimated 
by equation 7.4 (Stuyfzand, 1993):

= | | ×  (7.4)

where X is the major constituent lacking 
in the ionic balance (in this case alkalinity 
(mg/L)), Σa-Σc the sum of anions minus 
the sum of cations (meq/L), and MWx 
the molecular weight of X (g/mol, and Zx 

the charge of X (-). DOC was determined 
using a total organic carbon analyser 
(TOC-V CPH, Shimadzu, Japan). Mineral 
saturation indices were calculated for 
mean TDW using PHREEQC version 
3.6.2 (Parkhurst and Appelo, 2013). Total 
dissolved solids (TDS) were calculated 
by summing all analysed solutes, where 
DOC was multiplied with 2.5 to estimate 
dissolved organic matter. 
The residue of evaporation (RE) was 
estimated using equation 7.5 with a factor 
0.698 as done before by Stuyfzand (1993, 
Eq 3.3, pg. 83). Equation 7.6 was presented 
by Knudson (1901) to calculate the water 
density ρ (kg/L) as function of RE and 
temperature, suitable for EC < seawater:

= 0.698 ×  

= 1 + (8.05 × 10 ) × (6.5 × 10 ) 

× ( 4 + 2.2 × 10 × )  

 (7.5)

 (7.6)
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Analysis of the solid-fraction of the well 
rehabilitation samples 
The wet slurry left was heated in the oven 
at 105°C for 72 h to evaporate the residual 
water. Total solids (TS) remaining 
originated from fluid- and solid-fraction 
in the wet slurry. A digital microscope 
(VHX-5000 series, Keyence, Mechelen, 
Belgium) with 20-200x and 100-1000x 
magnification was used to visually inspect 
some of the samples. About 1 g of the TS 
was crushed, homogenized, and acidified 
to dissolve carbonates before the analysis 
of organic carbon (Corg; LECO Induction 
Furnace Instruments). From these 
samples, organic material, iron-oxides 
and carbonates were removed, and clay 
particles were disaggregated afterwards. 
Lastly, these samples were analysed on 
sediment particle size by laser diffraction 
(Helos KR wet particle analyser, Sympatec 
GmbH, Germany). Furthermore, 30 mg 
of homogenized crushed material was 
analysed for elemental composition after 
digestion (APHA method 3030E). The 
digested substance was diluted to 100 mL 
with ultra-pure water. From this sample, 
a subsample was taken which was diluted 
(1:50), acidified with 69% HNO3 (1:100), 
filtered over 0.45 µm, and analysed for 
major cations (Ca, Fe, Mn, P, Al) by ICP-
MS.
Each chemical constituent was corrected 
for mineral and salt formation during 
evaporation of the remaining fluid 
fraction as similarly done by Stuyfzand 
and Osma (2019). First, the weight ratio of 
chemical constituent X (%) was estimated 
by equation 7.7: 

Second, the weight of the chemical 
constituent X was calculated by Equation 
7.8: 

(%)  = ( / )× .
( )

× 100

 (7.7)

( ) = % × ( )
 (7.8)

Third, the weight of the chemical 
constituent X in water was estimated by 
Equation 7.9: 

 ( ) =       L  

×     ( )  

 (7.9)

Finally, the chemical constituent X was 
corrected for the remaining fluid fraction 
by Equation 7.10: 

(% . . ) = ( ) ( )
( )

× 100 (7.10)

Analysis of bacterial communities by 16S 
rRNA analysis
Suspended solids were filtered from the 
samples using Nalgene Reusable Filter 
units (Thermo Scientific). Powerbead 
tubes (Qiagen) disintegrated the fraction 
of biomass in the suspended solids, after 
which the environmental DNA was 
extracted following the manufacturer’s 
instructions using the DNeasy PowerLyzer 
PowerSoil Kit (Qiagen). The Qubit 4 
Fluorometer (Thermofisher) quantified 
the extracted DNA. Extracted DNA 
was afterwards sent for 16S ribosomal 
RNA (rRNA) sequencing to Novogene 
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(Hongkong). The universal primers 341F 
(5'- CCT ACG CGA GGC AGC AG) and 
517r (5'- ATT ACC GCG GCT GCT GG 
−3') targeted the V3-V4 hypervariable 
region (Muyzer et al., 1993), which was 
sequenced with the Illumina HiSeq 
paired-end platform generating paired-
end raw reads of 400-450 bp. The quality 
of the sequences (base calling, base 
composition, GC content) were checked 
using FastQC (Andrews, 2010). The 
pipeline QIIME (Version: 1.9.1; Caporaso 
et al., 2010) performed the selection of 
16S rRNA genes, clustering, and OTU 
picking and taxonomic classification. The 
chimeric sequences were removed using 
de-novo chimera method in UCHIME 
implemented in the tool VSEARCH. The 
processed reads from both libraries were 
pooled and clustered into Operational 
Taxonomic Units (OTUs), using the 
Uclust program (similarity cutoff = 0.97). 
Representative sequences were identified 
for each OTU and aligned against the 
SILVA database using the PyNAST 
program (Caporaso et al., 2010). An 
unrooted Neighbor-Joining (NJ) tree 
was constructed of the 32 predominant 
bacterial 16S rRNA gene sequences using 
the software MEGA X version 11 (Tamura 
et al., 2021). The raw sequencing data have 
been submitted to the NCBI Sequence 
Read Archive; accession number 
PRJNA809926 (https://www.ncbi.nlm.
nih.gov/bioproject/809926).

Results & Discussion

Tile drainage water and native groundwater 
characteristics
Native groundwater was brackish and 
deeply anoxic in the target aquifer. 
Salinity gradually increased with depth 
(EC = 1860-9830 µS/cm). O2 and NO3 

were absent. Fe2+ concentrations ranged 
between 9.5 - 39 mg/L; SO4:Cl  ratios 
(0.002-0.0005) were substantially lower 
than sea water (~0.14), being the source 
of the native brackish groundwater; 
while methane ranged between 11-40 
mg/L. Redox conditions therefore seem a 
mixture of Fe-reduction, SO4-reduction, 
and methanogenesis. 
Tile drainage water (TDW) was fresh 
(EC = 1293±397 µS/cm), nutrient-rich, 
and (sub)oxic (O2 = 6.4±1.9 mg/L). 
High nutrient concentrations (NO3: 
14.1±11.3 mg/L; PO4: 5.21±0.80 mg/L; 
NH4: 0.13±0.11 mg/L) originate from 
agricultural fertilizers. Degradation of 
organic matter likely results in reduction 
of O2 in the top soil, while TDW is mostly 
oxygenated in the not fully saturated tile 
drains and drain reservoir. Presence of 
particulate Fe-(hydr)oxides in TDW was 
indicated by the higher Fe concentration 
in the unfiltered (Fe=0.43 mg/L) vs. 
filtered (Fe = 0.17 mg/L) TDW sample 
collected before injection in May 2020. 
High frequency (every 10 min) turbidity 
measurements levelled between 5 and 20 
NTU after filtration by the disc-filters, 
with extremes up to 165 NTU. The mean 
temperature of TDW was 10.1°C, with a 
maximum of 14.5°C observed in autumn 
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Figure 7.2: Microscope images of suspended material retained from the 40 μm disc-filters (top) and the standpipe 
(bottom). The image shows brownish filamentous structures and particles in black.

and a minimum of 9.0°C in winter. Mean 
values of mineral saturation indices (SIs) in 
TDW (S3) were supersaturated for various 
minerals consisting of Ca and/or Fe and/or 
PO4: calcite (CaCO3, SI=0.3), ferrihydrite 
(Fe(OH)3, SI=1.3), Fe-hydroxyphosphate 
(Fe2.5PO4(OH)4.5, SI=15), and 
hydroxyapatite (Ca5(PO)4(OH), SI=3.0). 
Note that the tile drainage network is 
constructed in a shell bed, which likely 
led to (super)saturated conditions for 
calcite and hydroxyapatite as a result 
of the enriched Ca concentrations plus 
the high PO4 concentrations in TDW. 
Further information on the composition 
of TDW is presented in the Supporting 
Information 3 (S3).
Figure 7.2 displays a microscope image 
of materials obtained from the 40 µm 
disc-filters and from the standpipe 
after injection period 2 in November 
2020. These materials likely consist of 

Fe-oxidizing bacteria (FeOB), as, first, 
filamentous morphologies and structures 
are observed similar to FeOB (Emerson 
and De Vet, 2015; Krepski et al., 2012). 
Second, iron-oxides were present as shown 
by a simple acidification test (pH < 3; 1% 
HNO3) on the suspended material, which 
resulted in a substantial decline in volume 
of the bulk material (S4). Third, a metallic 
sheen was observed in the standpipe on 
top of the stagnant water surface (after 41 
days of standstill, after injection period 2 
in November 2020) (S5), which is related 
to the presence of FeOB (Emerson and De 
Vet, 2015). The interior of the standpipe 
was covered by a thick structure of most 
likely Fe-precipitates and microbial 
deposits, which was observed after 
submerging the camera in the standpipe 
(S6). We observed a similar structure on 
the lining of the inner wall of the outlet of 
the collection drain to the drain reservoir 
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(S7). The relation with FeOB seems likely, 
as Susser and Schwertmann (1983) also 
observed bacterial oxidation of Fe(II) 
in artificial drainpipes. The observed 
particulates in the microscope images 
can be mineral precipitates like Fe-(hydr)
oxides, hydroxyapatites, or calcite (as 
being (super)saturated in TDW), but also 
silts and/or clay particles. 
Table 7.1 presents clogging mitigation 
guidelines from literature and compares 
them with the mean water quality 
composition of TDW. Biological clogging 
was thus likely to occur in the current 
research, as the guidelines of DOC, 
nutrients, and oxidants (O2 and NO3) were 
largely exceeded. Furthermore, physical 
clogging was also expected as (i) turbidity 
levels were above the recommended 
value, and (ii) suspended material <40 µm 
can pass the disc-filters. 

Extent of the Clogging Problem
Figure 7.4 presents daily rainfall, phreatic 
groundwater levels in the agricultural field, 
hydraulic heads in the aquifer at MW-1 
and MW-3, turbidity in the standpipe after 
TDW passed the 40 µm disc-filters, and 
the normalized well injectivity calculated 

Literature parameters Mean TDW
concentrationClogging mitigati on

parameter
Recommended

value
Source

Turbidity (NTU) < 5 Martin (2013) 5 – 165
Total iron (µg/L) < 10 Zuurbier and van Dooren (2019) 430
DOC (mg/L) < 2 Zuurbier and van Dooren (2019) 24.7
Ammonium (mg/L) < 0.5 Hubbs (2006) 0.13
Phosphate (mg/L) Low Stuyfzand and Osma (2019) 5.2
Nitrate (mg/L) Low Eom et al. (2020) 14.1
Dissolved oxygen (mg/L) Low Stuyfzand, Pers. Comm. (2021) 2 – 6
Sodium Adsorption Rati o (-) < 6 Zuurbier and van Dooren (2019) 1.40

Table 7.1: Overview of clogging mitigation guidelines in comparison to the mean water quality composition of TDW.

for INJ-1. These data were used to analyse 
and describe the extent of clogging in INJ-
1. The data for INJ-2 is presented in S8 and 
is only limitedly discussed in this section, 
as clogging in INJ-1 and INJ-2 developed 
in a similar way. However, the hydraulic 
head rise in MW-1 was generally lower 
than in MW-2 (corresponding to INJ-
1 and INJ-2, respectively) during the 
second and third injection period. This 
could be caused by small variations in 
hydrogeology and/or quality of the well 
construction. 

Injection period one
At the start of operation, the highest 
normalized well injectivity (~5.5 m3/
hr/bar) was observed. The injectivity 
gradually decreased afterwards, due 
to clogging. Frequent short injectivity 
peaks showed that only small volumes 
were injected from 28 November 2019 
until 6 December 2019. In this period, 
the normalized well injectivity decreased 
indicating well clogging. From 6 December 
2019 until the end of period one on 11 
December 2019, heavy rainfall events 
provided larger volumes for injection. The 
large TDW discharge coincided with an 
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increasing turbidity (measured after the 
disc-filters) and resulted in a substantial 
head increase in MW-1. We filmed 
the inside of the collector drain and 
observed that it was covered with a mat 
of probably Fe-precipitates and microbial 
deposits (S7). The turbidity increase likely 
resulted from the high water pressures 
and flow velocities in the drain related to 
the large rainfall event. This induced the 
mobilization of precipitates and microbial 
deposits. Concurrently, the hydraulic 
head in MW-3 at 7 m distance from INJ-
1 decreased. The head increase in MW-1 
suggested clogging of the well screen or 
the borehole wall, which matched with 
the lower head in MW-3 caused by a 
lower injection rate. The normalized well 
injectivity largely reduced (5.5 to 2 m3/
hr/bar) during the 23 days of operation 
in injection period 1, which indicated 
that the wells got quickly clogged. Figure 
7.3A depicts the clogged state after 
injection period 1 from screenshots of 
video footage of the interior of INJ-1. The 
full well screen (21.5 m) showed internal 
well staining of predominantly orange/
brown and black/gray materials. Based on 
the video footage, we roughly estimated 

that the screen slots were filled for 
approximately 95%. It seems very likely 
that the borehole wall is also clogged to 
some extent, besides the clogging of the 
well screen.

Injection period two
After injection period one, well screens 
were rehabilitated and an automated 
backflush system was installed in both 
injection wells with the aim to prevent/
postpone clogging. Note, that the 
injectivity did not return to its initial 
value of injection period 1. This suggests 
that the borehole wall and aquifer were 
still partially clogged, contrarily to the 
well screen as video footage shows clean 
filter slots (Figure 7.3B). During injection 
period 2, automated backflush events 
resulted in a more stable injectivity 
between 20 September 2020 and 3 
October 2020 (Figure 7.4). However, 
from 6 October 2020 until the end of 
injection period 2, injectivity substantially 
decreased from 3.5 to less than 2 m3/
hr/bar, during a severe rainfall event 
(±45 mm in 3 days). The hydraulic head 
increased in INJ-1, which later abruptly 
decreased. The increase in hydraulic head 

Figure 7.3: Screenshots from video footage of the interior of INJ-1 after injection period one, where (A) depicts the well 
screen before rehabilitation, and (B) after rehabilitation, both taken on 2 February 2020 at 15 m depth. 
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Figure 7.4: Data obtained during injection period 1 (green; 23 days of injection), period 2 (red; 25 days of injection), 
and period 3 (blue; 66 days of injection). They show rainfall (mm/d), phreatic water level in the field (cm-b.s.l.), nor-
malized injectivity index (m3/hr/bar) of INJ-1, observed groundwater head (cmH2O) in INJ-1 (measured in MW-1) 
and MW-3 at 7 m from INJ-1, and turbidity level (NTU) of injected water after the disc-filters measured in the stand-
pipe. No data on phreatic water level could be gathered between 29 November to 11 December 2019 (first injection 
period).
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must have related to clogging of the well 
screen and/or the borehole wall, which 
is probably caused by the high turbidity 
of the TDW injected during and after 
the rainfall event. The abrupt decrease in 
hydraulic head probably resulted from 
clogging of the disc-filters, due to a large 
influx of suspended materials. Visual 
inspections showed that the disc-filters 
were fully clogged, and the filter backflush 
system was not able to clean the filters 
anymore.
 
Injection period three
Well screens were again rehabilitated 
before the start of injection period 3. As 
additional precautionary measure, this 
time a turbidity sensor was installed in 
the drain reservoir, which together with 
the controller regulated that only TDW 
having a turbidity below a set maximum 
value (< 20 NTU) was used by the ASTR 
system. TDW with a turbidity >20 NTU 
was thus discharged to the surface water 
system. Injectivities during injection 
period 3 were comparable to the initial 
injectivities of injection period 2, which 
suggests that the borehole wall and 
aquifer did not get further clogged during 
injection period 2. Observed hydraulic 
heads and injectivities were relatively 
stable during period 3. The large rainfall 
event at 9 March 2021 (~35 mm in 
one day) did not immediately decrease 
injectivity as observed in injection period 
2. Zuurbier and van Dooren (2019) 
observed increased well injectivity after 
a 30-day standstill at another ASR site 
in the Netherlands, which they assigned 

to microbial die-off. However, a 33-day 
standstill in January 2021 (injection 
period 3) did not increase normalized 
well injectivity in the current study, which 
suggests that biological clogging is not the 
main clogging mechanism. 

Clogging material composition
Clogging material of INJ-1 and INJ-2 was 
sampled during the first rehabilitation 
event (backflush and high-pressure 
jetting). Unfortunately, the backflush 
samples comprised insufficient total 
suspended solids (TSS) for elemental 
analysis. Table 7.2 shows an overview 
of the composition of the suspended 
matter in the samples obtained during 
high-pressure jetting. The analysis could 
retrieve between 3.3-16.8% of the weight 
of the TSS. A large part is thus not 
identified, because (i) not all materials 
were digested (mainly quartz) before 
analysis, (ii) some major elements were 
not analysed (especially S and Si), and (iii) 
the element contents were not converted 
to their oxide, hydroxide, or mineral form 
at which they are naturally observed in 
aquifers. The main constituents in the 
suspended matter are, in decreasing 
order, Fe, Corg, P, Ca, Al, Mn. From these 
constituents, contents of Corg, Fe, P, and 
Mn were mostly substantially larger than 
observed in the aquifer sediments (Table 
7.2), which indicates that they originate 
from the clogging material in the well 
and thus not from the aquifer. Corg likely 
origins from organic matter residues from 
the crops or top soil, or from biomass 
grown in the well and related to biological 
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Injection well 1 (INJ-1) Injection well 2 (INJ-2) Aquifer
HD1 HD2 HD3 HD4 HD5 HD1 Min. Max.

TSS mg/L 294 445 6558 376 2243 242 - -
Corg %d.w. 1.99 2.26 1.14 5.16 1.68 4.03 0.02 1.47
Fe %d.w. 2.73 2.63 0.35 6.22 1.96 6.24 0.31 1.29
P %d.w. 1.47 1.46 0.21 3.57 0.61 3.40 0.03 0.13
Ca %d.w. ˜0.0 0.74 1.52 1.46 3.72 0.12 0.09 3.97
Al %d.w. 0.13 0.15 0.12 0.24 0.41 0.28 1.79 6.54
Mn %d.w. 0.03 0.05 0.01 0.14 0.05 0.27 <0.01 0.04
Sum % 6.2 7.3 3.3 16.8 8.4 14.3 2.23 13.57

Table 7.2: Overview of the constituents in suspended solids obtained during high-pressure jetting in injection well 1 
and 2, which are compared to the mean constituent contents in the aquifer. The values shown in bold are constituents 
of clogging material higher than maximally observed in the aquifer at the depth of the injection well screen ( between 
11-33.5 m-b.s.l.).

clogging. Fe contents are probably related 
to Fe-(hydr)oxides, Fe-sulphide, and Fe-
PO4 precipitates (Stuyfzand and Osma, 
2019). The latter also partly explains the 
observed P contents, however, P could 
partially also originate from organic 
matter. Observed Mn contents are 
likely from Mn-(hydr)oxides. In INJ-1, 
samples were taken during the downward 
movement of the jetting nozzle. The 
sequence of samples (HD1-HD5) 
therefore represent increasingly larger 
depths. Contents of specific constituents 
did not correlate with depth.
The particle size distribution was 
determined for a sample taken during 
backflush and a sample taken during 
high-pressure jetting (HD3, INJ-1) 
(Figure 7.5). The distribution showed two 
distinct peaks for the backflush sample: 
at 10 µm and at 200 µm. The 10 µm peak 
was not observed in the distribution of 
the sample collected during high-pressure 
jetting. This indicates that the materials 
from the 10 µm peak do not originate 
from the aquifer, as this peak would 

otherwise be expected at both samples. 
The 10 µm peak likely represents clays and 
silts that have passed the disc-filters (< 40 
µm) and resulted in physical clogging of 
the well screen. Note that materials >40 
µm cannot pass the disc-filter and must 
therefore come from the aquifer.

Hydrochemical environment in the well
Water compositions remarkably varied 
between the backflush samples of INJ-
1 over time, as described below. The 
composition of the first backflush samples 
represented the standing well volume 
and the later samples the water in the 
aquifer. Note, that the ASTR system was 
idle for ±2 months before these samples 
were taken between injection period 2 
and 3. The standing water in the well 
was deeply anoxic, as O2 and NO3 were 
absent. Moreover, a ‘rotten egg’ smell was 
noticed when removing the well heads 
before sampling: the smell of H2S, which 
indicates a SO4 reducing environment. 
This coincides with the 20% lower SO4 
concentrations measured in the standing 
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water of the well compared to the aquifer 
water sampled at INJ-1 (SO4: 160 vs. 
200 mg/L). Furthermore, Fe2+ (3500 vs. 
45 µg/L) and Mn2+ (580 vs. 420 µg/L) 
concentrations were elevated in the 
standing water in the well, which suggests 
reductive dissolution of Fe- and Mn-
(hydr)oxides in the well during standstill. 
Stuyfzand et al. (2006) and Vanderzalm et 
al. (2006) also observed increases of DOC, 
Fe2+, Mn2+, NH4, and P concentrations in 
the standing water in the well, which were 
likely resulting from biomass decay in the 
well. Mayer and Jarrell (2000) concluded 
that P mobilization can also be associated 
with reductive dissolution of iron-oxides 
in which P is co-precipitated. PO4 and 
DOC also showed elevated concentrations 
in the standing water in the well in the 
current study (Respectively; PO4

3-: 37 
vs. 12 mg/L and DOC: 48 vs. 25 mg/L). 
Therefore, we also expect that the strongly 
anoxic conditions are related to decay of 
biomass within the well.

Bacterial communities
Bacterial communities were analysed 
using metagenomics in two samples taken 
from the standpipe (sample SP) and the 

clogged well (sample CW) during the 
second rehabilitation. Chemical analysis 
showed variations in the oxidative 
conditions between these samples, which 
resulted in selective sustenance of the 
bacterial population. The metagenomic 
library datasets from the partially oxic 
standpipe sample (SP) and anoxic clogged 
well sample (CW) were clustered and 
results are presented in Figure 7.6.
TDW resides in the standpipe after 
filtration by the disc-filters, and was 
aerobic, as the standpipe contains 
openings to the atmosphere. The 
standpipe was always partly filled with 
TDW and was only flushed during ASTR 
injection. A sample was taken of the wall 
lining of the standpipe (Figure 7.2, and 
S5, S6). This sample was dominated by 
methylothrophic (methane degraders/ 
consumers) microbes such as Nitrospira, 
Methylotenera, Crenothrix, Methylomona,  
Methanosaeta, and Methylobacter. 
This indicated the use of CH4 as their 
electron donor, which can also trigger the 
reductive dissolution of Fe(III) minerals 
(Glodowska et al., 2020; Jorgensen, 
1989). However, the predominant genera  
Crenothrix is known as a CH4-oxidizing 

Figure 7.5: Particle size distribution of the TSS obtained during backflush (left panel), and from high-pressure jetting 
(right panel). The red line displays the percentage cumulative volume of the sediments and the blue line the percentage 
volume density.
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Figure 7.6: The taxonomic heat map shows the distribution of the common and predominant (in both libraries) top 32 
bacterial genera in the two samples. The phylum corresponding to each genus is represented in the left column. The 
two right columns show the abundance of these bacteria in the samples shown by a color gradient, which indicates the 
distance between the raw score of the sequences and the standard deviation (blue is abundant and red is not abundant). 
CW is the clogged well sample and SP is the standpipe sample

and Fe-oxidizing bacteria (Stoecker et al., 
2006) and Nitrospira as a NO2-oxidizing 
bacteria (Bayer et al., 2021), symbiotically 
supporting NO3 dependent Fe-oxidation 
processes (Figure 7.6). Furthermore, 
the standpipe sample presented NH4-
oxidizing groups like Nitrosoarchaeum 
and the co-dominance of NO2-oxidizers 
like Nitrospirae, which can compete with 
CH4-oxidizers (such as Methylotenera, 
Methalomonas) for nitrogen sources 
(Daebeler et al., 2014). The denitrifying 
bacteria Polynucleobacter provides a 
symbiotic balance to both the groups. 
NO3 in TDW was the main N source in 
the system, and this caused the existence 

of denitrifying bacteria, nitrite oxidizers, 
and ammonium oxidizers. Overall, 
a high rate of biological activity was 
induced by the DOC and NO3 available 
in TDW, which resulted in an abundance 
of bacterial groups involved in C and N 
metabolism and iron oxidation in the 
standpipe. The conditions in the wall 
lining of the standpipe seemed (highly) 
anaerobic based on the observed genera, 
despite the aerobic TDW residing in the 
standpipe. In this sample a very high 
predominance of Cenothrix confirmed 
the filamentous and sheathed structures 
observed microscopically (Figure 7.2). 
The CW (clogged well) sample showed 
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a high abundance of methanogenic 
microbes (Methanosaeta, Methanoregula, 
Methylomonas, Methalomonas) along 
with Fe(III) reducers (Rhodoferrax, 
Ferribacterium, Pseudomonas, 
Acidovorax). Also, an abundance of nitrate 
reducing - Fe(II) oxidisers (Gallionella 
and Acidovorax) were observed. During 
Fe-oxidation, the end product Fe(III) can 
inhibit methylogenesis (Reiche et al., 2008); 
however the presence of methanogenic 
bacterial groups suggested otherwise. 
Their presence did probably relate to 
the coagulation and clogging by the 
exopolysaccharide producing filamentous 
microbes like Arcobacter, Trichococcus, 
Pseudoarthobacter, Burkholderia, and 
Gallionella, which trapped the Fe(III) 
by producing bacterioferritin-Fe(III)-
exopolysaccharide complexes in the 
system (Rivera, 2017). The presence 
of Sulfurimonas and Sulfuricurvum 
indicated NO3 reduction coupled 
to sulphur and hydrogen oxidation, 
which was reflected by the absence of 
NO3. However, the presence of sulfur 
reducing genera such as Sulfospirillum 
and Desulfovibrio caused the reduction 
of this SO4, which probably caused the 
smell of ‘rotten eggs’ during sampling. 
Interestingly in this sample, clogging did 
not only result from the  filamentous 
mesh formed by Fe(II) oxidizers, but also 
from stabilizing iron-sequestering protein 
(bacterioferritin, siderophore), which 
were formed by filamentous bacterial 
groups such as Burkholderia, Gallionella, 
and Nocardiodes (Schneider et al., 2007; 
Tuomanen et al., 2000). Furthermore, 

Fe(III) is trapped by the biopolymer 
produced by the groups (Arcobacter, 
Trichococcus, Pseudoarthobacter, 
Burkholderia, Gallionella), which makes 
the biomass a robust and dense iron oxide 
matrix (Figure 7.3). 
The bacterial communities of both 
samples showed an abundance of genera 
which are involved in the metabolism of 
C and N and Fe-oxidation. The functional 
analysis of the communities corresponds 
with the visual images obtained with a 
microscope (Figure 7.2, and S6) and the 
camera footage within the well (Figure 
7.3). We can therefore conclude that 
biological clogging plays a role during the 
well clogging. The influence of biological 
clogging could be decreased by lowering 
the concentrations of nutrients (C, N, P) 
and Fe in the TDW. This is, however, very 
difficult to realize in a low cost way.

Impact of precautionary clogging measures 
on ASTR performance
Figure 7.7 shows the normalized well 
injectivity versus the cumulative turbidity 
load after the disc-filters (turbidity (NTU) 
x injected volume (m3)). The turbidity 
load relates to the total number of 
particulates injected. Therefore, the figure 
shows the relation between well clogging 
and the number of particulates injected. 
Note, that the same pump was used 
simultaneously for the injection of TDW 
and the discharge of water to the surface 
water system when phreatic groundwater 
levels were high during injection period 2 
and 3. This was decided upon to enhance 
TDW discharge and consequently lower 
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Figure 7.7: Overview of the normalized well injectivity versus the cumulative turbidity load (turbidity (NTU) x injected 
volume (m3)) during the three injection periods.

the risks of water damage of the crops by 
too high water levels in the soil. Pump 
capacity for injection was therefore 
lower, which resulted in a lower injection 
capacity and lower observed normalized 
well injectivities (around the 1-2 m3/hr/
bar) during these periods. For further 
interpretation, we focus on the trend of 
the high level normalized well injectivities 
observed.
In injection period 1, normalized 
injectivities decreased quickly compared 
to the other injection periods. This 
showed that the TDW composition is not 
suitable for injection with only the 40 μm 
disc-filter treatment. In injection period 
2, wells were periodically backflushed. 
This was an effective measure, as the 
injectivity declined significantly slower 
compared to injection period 1, while 
a similar number of particulates were 
injected. Injectivities suddenly dropped 
after a cumulative turbidity load of 30,000. 

This is not related to the pump capacity, 
but coincides with clogging of the disc-
filters. Injection period 3 shows a similar 
trend as injection period 2. At the end 
of the period injectivities drop, however, 
this does not relate to clogging but to a 
decrease in pump capacity related to a 
large precipitation event. A considerable 
difference is that in injection period 3 a 
larger amount of water was injected (2150 
m3) compared to injection period 2 (1450 
m3) for the same cumulative turbidity 
load, as only water was injected with a 
NTU <20. Therefore, turbidity regulation 
of TDW shows to be a powerful method 
to prevent injection well clogging, 
especially in combination with periodic 
backflushing of the injection wells.

Potential alternatives to prevent clogging of 
this ASTR system
Water quality could be increased using 
other measures to intensify or replace the 
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current clogging measures. For example, 
disc-filters could be installed with smaller 
pore sizes. Stuyfzand and Osma (2019) 
treated recycled injection water with 20 
μm spin Klin disc-filters, followed by a 1 
μm bag filter. Disadvantages are the higher 
costs of the system and its maintenance. 
Note that the 1 μm bag filter clogged within 
2 days during the study by Stuyfzand and 
Osma (2019), while the injected recycled 
injection water was of a better quality (e.g., 
turbidity <3 NTU) than the injected TDW 
in the current study. The most studied 
and applied treatment step in AS(T)R is a 
slow sand filter preceded by a rapid sand 
filter, which was successfully used at the 
former 2.3ha ASTR pilot site. Zuurbier 
et al. (2014) and Camprovin et al. (2017) 
also successfully treated source waters 
with slow sand filters before injection. 
Slow sand filters have the advantage that 
biological processes (such as aerobic 
respiration, and iron and organic matter 
oxidation) occur which are beneficial to 
prevent well clogging, besides the physical 
removal of particulates (Maliva, 2020). 
The disadvantage of slow sand filters is the 
large space needed above ground besides 
additional costs.
Generally, injection wells will get clogged 
slowly over time, despite all measures 
to prevent clogging. Therefore, well 
rehabilitation remains essential. In the 
current study, two well rehabilitations 
were performed based on backflushing 
and high pressure well jetting of the 
well screen. Video footage of the wells 
showed that the slots of the well screen 
were opened after rehabilitation, but the 

injectivity did not return to its initial value. 
We therefore suspect that the borehole 
wall and nearby aquifer were not fully 
rehabilitated. For future rehabilitations, 
we recommend ‘compressed air juttering’. 
The groundwater level in the well is 
strongly decreased using compressed air 
during this method, and rises quickly 
when the pressure is released (Olsthoorn, 
1982). This routine is repeated until most 
particulates from the well screen, borehole 
wall, and area near the well are removed.

Feasibility of ASTR with tile drainage water
The timespan of our study to clogging was 
relatively short (~1.5 years) compared to 
the lifetime of an ASTR system (several 
decades). Injecting larger volumes over 
longer periods of time may result in 
clogging due to mechanisms unnoticed in 
the current study. Our study showed that 
TDW turbidity can largely vary over time 
and relates to rainfall events. Disc-filters 
were not sufficient to prevent clogging, 
as highly turbid TDW resulted in rapid 
clogging of the well screen, borehole wall, 
aquifer, and/or disc-filters. Well clogging 
substantially decreased after adding 
automated periodic backflushing of the 
injection wells and regulating a maximum 
turbidity (<20 NTU). It also resulted in a 
loss of injected TDW volume of  ~10% by 
backflushing (5 m3 after 50 m3 injection) 
and another ~10-15 % as consequence 
of the turbidity regulation. Together this 
represents a loss of injected TDW of 20-
25%. Reducing the maximum turbidity 
to <5 NTU as proposed by Martin (2013) 
would certainly further decrease the 
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degree of well clogging, but would at this 
site lead to a dramatic reduction of 80-
85% of TDW that is available for injection. 
This is a major disadvantage of the 
proposed clogging measures. Agricultural 
ASTR is, therefore, only practically and 
economically attractive using these 
measures, if a large enough volume of 
water can be injected that can secure the 
farmers need for fresh irrigation water. 
Soil composition and tile drainage system 
design that would lead to TDW with a 
considerable lower turbidity would make 
the business case more favorable. An 
alternative for regulating a maximum 
turbidity would be to further treat TDW, 
although treatment is often restricted by 
financial, spatial, or practical limitations.

Conclusion

In the current study, we analyzed well 
clogging of an Aquifer Storage Transfer 
and Recovery (ASTR) system in which tile 
drainage water (TDW) was collected from 
an agricultural parcel (10 ha), stored in an 
aquifer, and later abstracted and re-used 
for irrigation. This system was susceptible 
to well clogging, as TDW composition 
considerably surpassed most clogging 
mitigation guidelines (e.g., mean injected 
DOC: 25 mg/L, NO3: 14 mg/L, turbidity: 
2-165 NTU). Increasing turbidity values 
related to large rainfall events, during 
which precipitates and microbial deposits 
released from the drain interiors due to the 
higher water pressures and flow velocities. 
Slow and rapid sand filtration successfully 
prevented well clogging of a smaller scale 

(2.3 ha) ASR pilot which was previously 
studied at the same farm. These clogging 
measures occupy a large area above 
ground and have relatively high costs. 
Therefore, we studied three alternative 
measures in three injection periods over 
1.5 year of ASTR operation. Injected tile 
drainage water (TDW) was treated with 
40 μm disc-filters in the first injection 
period. Nonetheless, the normalized well 
injectivity decreased quickly over time 
and video footage showed a substantially 
clogged well screen. Clogging was 
associated with chemical, biological, and 
physical processes, based on the results of 
elemental, organic carbon, 16S rRNA, and 
grain size analysis. The injected turbidity 
load strongly related to the decrease in 
normalized well injectivity, which suggests 
that particles in injected TDW were the 
prime source of clogging. Rehabilitation 
did not fully recover the well screen to 
the initial injectivity, which suggests that 
also the borehole wall and aquifer were 
clogged. In the second injection period, 
automated periodic backflushing of the 
injection wells was added as clogging 
measure, which resulted in less clogging. 
However, a severe rainfall event (44 mm 
in 3 days) resulted in discharge of highly 
turbid TDW (up to 165 NTU) which 
rapidly clogged the disc-filters. In the last 
injection period, the turbidity of TDW 
was regulated (<20 NTU), in addition to 
the previous measures. ASTR operation 
preserved, but the injected TDW 
volume decreased with ~20-25% due to 
backflushing and turbidity regulation. The 
three measures together reduced clogging 
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substantially, but also significantly 
reduced the volume of water available for 
injection. Agricultural ASTR is therefore 
only feasible by using the studied clogging 
measures, if the injected water volume 
adequately secures the farmer of her/his 
fresh water needs.

Appendix A. Supplementary data

Supplementary data to this article 
can be found at https://github.com/
emielkruisdijk/Supporting_information.
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Synthesis

Introduction
In this chapter, the scientific findings 
of this research are summarized and 
the implications for aquifer storage 
(transfer) and recovery (AS(T)R) of Tile 
Drainage Water (TDW) are discussed. 
Furthermore, I will reflect on the current 
legislation for AS(T)R systems and give 
some recommendations about, in my 
opinion, desirable changes in future 
legislation. Lastly, perspectives are given 
for future research.

Summary of the scientific findings

Three main research questions were 
defined and stated in the introduction 
(Chapter 1):
•	 Research questions 1-2: What 
is the fate of agrochemicals within the 
aquifer during AS(T)R of TDW:
o Research question 1: Nutrients 
What are the mechanisms and kinetics 
of particularly denitrification and PO4 
(im)mobilization, and how do these 
processes influence or relate to other 
biogeochemical processes like Fe(II)-
oxidation, Fe(III)-reduction, and As 
(im)mobilization? (Knowledge gap 1, 
3, and 4)
o Research question 2: Pesticides  
What is the impact of sorption 
on pesticide mobility, and how 
does degradation affect pesticide 

concentrations in the aquifer? 
(Knowledge gap 2, 3, and 4)

•	 Research question 3: Is ASTR 
with TDW susceptible to injection well 
clogging, and if so, how can this be 
prevented? (Knowledge gap 5)

In order to answer these research 
questions, we investigated two agricultural 
AS(T)R systems, which injected TDW in 
an anoxic sandy, semi-confined aquifer. 
The first was an ASR system, in which 
TDW was collected from an agricultural 
parcel of 2.3 ha, injected and stored in the 
aquifer via a well, and recovered by the 
same well when  the water was needed 
for crop irrigation. This system was later 
substituted by a larger ASTR system 
collecting TDW from a 10 ha agricultural 
parcel at the same farm. This system 
comprised of spatially separated injection 
and abstraction wells. Therefore, there 
is always a minimum soil passage/travel 
time from the injection to the abstraction 
well. Processes as die-off and attachment 
could remove plant pathogens during this 
aquifer passage, which lowers the chance 
of crop diseases following irrigation, in 
the unlikely event that contaminated 
surface water would enter the drainage 
system and be subsequently injected. This 
topic is extensively studied by Carina 
Eisfeld, my fellow PhD colleague within 
the overarching AGRIMAR project. The 
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AS(T)R system secures the farmer of 
fresh water for irrigation and reduces the 
nutrient and pesticide loads to the surface 
water system. Both research sites were 
located in Breezand, the Netherlands, 
and were only ±500 m apart. At these 
two sites, all monitoring and push-pull 
tests (PPTs) were performed in-situ in the 
aquifer. The stepwise research approach 
can be summarized as follows:
 
i. High resolution measurement of 
geochemical parameters with depth
ii. Performance of PPTs before 
the operation started at the 10 ha ASTR 
system and during ASR operation at the 
2.3 ha ASR system
iii. High frequent monitoring of the 
first injection phase and three subsequent 
storage phases (only at 10 ha ASTR 
system)
iv. Model-assisted interpretation of 
the measurements ranging from analytical 
equations to 1-D radial reactive transport 
models

Biogeochemical processes were studied at 
three depths at the 2.3 ha ASR site, and at 
six depths at the 10 ha ASTR site. In this 
study, we showed that an AS(T)R site is an 
excellent opportunity to study the fate of 
pollutants in an aquifer at field-scale. In 
each upcoming section, I will concisely 
summarize the answer to each research 
question.

Research question 1: Nutrients – What are 
the mechanisms and kinetics of particularly 
denitrification and PO4 (im)mobilization, 

and how do these processes influence or 
relate to other biogeochemical processes like 
Fe(II)-oxidation, Fe(III)-reduction, and As 
(im)mobilization?
 
NO3 and PO4 concentrations in TDW 
exceeded or almost exceeded the standards 
for infiltration water in the Netherlands. 
The fate of these pollutants was studied in 
the aquifer to better assess their risks for 
the aquifer environment. NH4 was only 
limitedly studied, because concentrations 
in injected TDW were low (0.13±0.11 
mg/L) and far below the standards for 
infiltration water (3.2 mg/L). Some NH4 

was released from the aquifer sediments 
due to cation exchange processes at the 
start of ASTR operation. Furthermore, 
potential occurrence of NH4 oxidation 
was not clearly observed during AS(T)R 
operation. 

Fate of Nitrate
NO3 was studied at the 2.3 ha ASR system 
(Chapter 2), and the subsequent 10 ha 
ASTR system (Chapter 3). Denitrification 
is the process that effects the attenuation 
of NO3 in aquifers the most (Rivett et al., 
2008). NO3 is used as an electron acceptor 
by bacteria in their metabolic processes 
during denitrification, which eventually 
results in the transformation of NO3 to 
N2 gas (Korom, 1992). Denitrification is 
likely to occur in aquifers although rates 
can largely vary at different locations, 
depths, and over time (Korom, 1992). 
In Chapter 2, denitrification was studied 
by push-pull tests (PPTs) at three depths 
inside the injected TDW ‘bubble’ during 
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a storage phase (i.e. period without 
injection or abstraction) of the 2.3 ha 
ASR system. The observed concentration 
trends during the PPTs were afterwards 
simulated using a reactive transport 
model (RTM). Unfortunately, the PPT 
at the shallowest depth was disturbed by 
an unexpectedly high groundwater flow 
and was not further analyzed. About 6 
mg/L O2 and 14 mg/L NO3 was injected 
during all the PPTs. O2 was depleted 
within 2 days and NO3 within 4-7 days. 
First-order denitrification rate constants 
were 0.26 and 0.63 day-1 at the middle 
and deep monitoring well, respectively. 
The RTM successfully simulated both 
aerobic respiration and denitrification, 
and coupled these processes to their 
reductants. The main reductants were for 
the middle monitoring well in decreasing 
order, sedimentary organic matter (SOM) 
(93%), pyrite (5%), and Fe(II) (2%), and 
for the deep  monitoring well, pyrite (81%), 
Fe(II) (13%), and SOM (6%). These intra-
aquifer variations in reductants at the two 
different depth are remarkable, even more 
so as the highest reduction rates were 
observed at the depth where the reductant 
content was lowest. This suggests that the 
reactivity of these aquifer constituents is 
more influential than their contents.
Denitrification was further and more 
extensively studied at the 10 ha ASTR 
system in Chapter 3. In this system, 
mean injected NO3 concentrations were 
about 14 mg/L. Before ASTR operation, 
first-order denitrification rate constants 
were negligible (0.00-0.03 day-1), but after 
a lag-phase of ~6 days they increased to 

0.17-0.83 day-1. First-order rate constants 
increased similarly during the first days of 
ASTR operation, likely due to microbial 
adaptation of the bacterial community 
in the aquifer and/or bioaugmentation 
by denitrifying bacteria shown to be 
present in injected TDW by 16S rRNA 
analysis. The maximum rate constants 
were substantially higher during injection 
(often >1 day-1) compared to periods of 
storage (0.12-0.61 day-1). Less exchange 
between aquifer solids and groundwater 
likely caused these lower rate constants 
observed during storage compared to 
injection. First-order rate constants were 
relatively stable during the consecutive 
storage periods, which showed that 
microbial processes do not further speed 
up and that denitrification is not (yet) 
influenced by electron donor depletion 
in this study. Overall, the obtained first-
order denitrification rate constants did 
not deviate more than a factor 5 over 
time and depth after the lag-phase during 
all monitoring periods. Denitrification 
and pyrite oxidation were clearly linked, 
although influences of other reductants 
were also probable but were not clearly 
observed.
The outcomes of this research show that 
risks of NO3 contamination of the aquifer 
seem negligible during TDW injection 
in the aquifer at these locations, as NO3 
naturally reduced in a relatively short 
timeframe (4-40 days). In both studies, 
no clear association between geochemical 
constituent contents and denitrification 
rate constants was observed at the 
different depths, which makes forecasting 
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of denitrification rates based on contents 
of geochemical constituents troublesome.
 
Fate of phosphate
PO4 immobilization was observed in 
both the 2.3 ha ASR system (Chapter 2) 
and the 10 ha ASTR system (Chapter 4). 
PO4 and As have similar physicochemical 
properties (Sun et al., 2017), and, 
furthermore, As concentrations (9.3 
µg/L) almost exceeded the standards for 
infiltration water in the Netherlands in 
TDW (10 µg/L). We therefore decided 
to also study the fate of As and the 
interrelation between PO4 and As. Injected 
PO4 remained mostly mobile (64-73%) 
during the ‘pull’-phase of the PPT. Large 
intra-aquifer variations were observed 
for the immobilized part of PO4.  At the 
middle monitoring well, PO4 was likely 
mostly mobilized by the precipitation 
of hydroxyapatites (23%, compared 
to 0% at the deeper monitoring well), 
while at the deep monitoring well the 
precipitation of Fe-hydroxyphosphates 
resulted in most PO4 immobilization 
(35%, compared to 4.6% at the middle 
monitoring well). Reduction of O2 and 
NO3 was also observed and could be 
linked to pyrite oxidation, but the often 
related As mobilization associated to 
pyrite oxidation was not observed. 
In Chapter 4, PO4 and As fate was assessed 
at the start of ASTR operation and 
afterwards during 3 consecutive storage 
periods. At the start of ASTR operation, 
As was mobilized by the oxidation of 
As-bearing pyrite. Simultaneously, Fe(II) 
was released by pyrite oxidation and 

cation exchange processes. Released 
Fe(II) oxidized by the injected oxic TDW 
and fresh Fe-(hydr)oxides were formed.  
NO3-dependent Fe(II)-oxidation was 
also suggested by the decreasing Fe(II) 
concentrations during NO3-reducing 
conditions. PO4 was largely immobilized 
by sorption or co-precipitation to fresh 
and native Fe-(hydr)oxides. Sorption 
of As was also observed, although at 
some depths this was outweighed by the 
release of As during pyrite oxidation. 
During the storage periods, increasing 
As and PO4 concentrations were related 
to reductive dissolution of Fe-(hydr)
oxides and decreasing concentrations 
to hydroxyapatite and Fe(III)-mineral 
precipitation. As and PO4 (im)mobilization 
varied largely over depth during ASTR 
operation. During the first days of ASTR 
operation, PO4 immobilized at all depths, 
while As immobilized at 4 depths and 
mobilized at the other 2 depths. These 
variations with depth are likely caused by 
three geochemical processes occurring 
simultaneously with varying kinetics with 
depth: (i) Fe(II) and As(III) mobilization 
after oxidation of As-bearing pyrite and 
Fe(II) mobilization after cation exchange 
and surface complexation processes, 
(ii) oxidative formation of As(V) and 
amorphous Fe-(hydr)oxides, and (iii) 
competitive sorption of As, PO4 and other 
ions on the fresh and native Fe-(hydr)
oxides. During the storage periods (3 
repetitions at 6 depths (=18) from which 
3 were inaccurate, thus yielding 15 time 
series), As and PO4 were both immobilized 
at three time series and stable or mobilized 
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at the other 12 time series. Both solutes 
were mostly correlated at all depths. These 
varying trends related mostly to redox 
conditions. Immobilization was mostly 
observed during NO3-reducing conditions 
caused by precipitation of hydroxyapatite 

and Fe(III)-minerals, which probably 
outweighed the As mobilization by 
pyrite oxidation. Contrarily, As and PO4 
mostly mobilized during Fe-reducing 
conditions caused by release after 
reductive dissolution of Fe-(hydr)oxides. 
The sediment composition at each depth 
did not correlate clearly with the extent 
of As and PO4 (im)mobilization. As and 
PO4 concentrations in stored water do 
not compose a problem for irrigation 
water. Nonetheless, the concentrations are 
higher than in native groundwater and 
therefore entail some risk to deteriorate 
groundwater quality.

Research question 2: Pesticides - What is 
the impact of sorption on pesticide mobility, 
and how does degradation affect pesticide 
concentrations in the aquifer? (Knowledge 
gap 2, 3, and 4)

TDW contained relatively high 
concentrations of pesticides; single 
pesticide concentrations were up to 
25.4 μg/L, and the maximum sum of 
all pesticides was 32.5 μg/L. These 
concentrations largely exceeded the 
standards for infiltration water in the 
Netherlands (single pesticide 0.1 μg/L, and 
sum 0.5 μg/L), and injection is therefore 
normally prohibited. An exception was 
made for the pilot AS(T)R sites, in order 

to study the fate of the injected pesticides 
in the aquifer. Pesticide fate was studied 
at the 10 ha ASTR site before and during 
operation. Sorption and degradation are 
generally the main processes related to 
pesticide fate in aquifers (Fetter et al., 
1999), and were both assessed in this 
study. 

Sorption of pesticides
Pesticide sorption was studied of 
7 commonly applied pesticides in 
agriculture and 2 frequently detected 
metabolites (Chapter 5). Arrival of 
injected TDW and the pesticides it 
contained was studied at 6 monitoring 
wells at 2.5 m from the injection 
well during the first 6 days of ASTR 
operation. Large variations in sorption 
were observed between the pesticides. 
Bentazon and cycloxydim were most 
mobile with retardation factors (R) <1.1 at 
all depths. The pesticide imidacloprid and 
the chloridazon metabolites desphenyl 
chloridazon and methyl desphenyl 
chloridazon were a little less mobile 
with a maximum R of 1.5. Boscalid, 
chloridazon, fluopyram, and flutolanil 
were least mobile and showed a larger 
range of R and a maximum R of > 2.0. 
Values of R were largest at the top of the 
aquifer and decreased with depth, which 
seemed related to the organic carbon 
contents of the aquifer (0.057-0.91%d.w.). 
The organic carbon-water partition 
coefficients (Koc) showed a similar trend 
as the R values. Therefore, pesticide 
sorption seemed not only related to SOM 
content, as this would result in stable Koc 
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values with depth, but also by the sorption 
reactivity of SOM. These considerable 
variations of pesticide sorption with 
depth emphasized the importance of 
considering aquifer heterogeneity in 
groundwater risk assessments. Overall, 
the sorption parameters obtained were 
considerably lower than obtained from a 
renowned database for pesticide sorption 
(Pesticide Properties DataBase (PPDB)). 
This highlights the importance of pesticide 
sorption studies in the field. 

Degradation of pesticides
In Chapter 6, we studied degradation 
of 7 commonly applied pesticides 
(bentazon, boscalid, chloridazon, 
fluopyram, flutolanil, imidacloprid, and 
methoxyfenozide) and 2 metabolites of 
chloridazon (desphenyl-chloridazon, 
and methyl-desphenyl-chloridazon) at 
the 10 ha ASTR site before and during 
operation. Before the start of ASTR 
operation, pesticide degradation was 
insignificant during the ±18 days lasting 
PPTs. Afterwards, pesticide degradation 
was studied during 3 storage periods 
of ±45 days spread over 1.5 years of 
ASTR operation. Degradation was 
slow and corresponded mostly with 
previous studies. A minimum half-live 
of 53 days was observed for chloridazon 
during the storage phases, but half-
lives were generally substantially higher 
or degradation was even insignificant. 
Pesticide degradation rates did not clearly 
increase nor decrease during consecutive 
storage periods. Pesticides and metabolites 
were relatively persistent in the aquifer 

during this study. Enhanced degradation 
was therefore not observed related to 
microbial adaptation of the aquifer and/
or bioaugmentation by the biodegrading 
bacteria which entered the aquifer 
during injection of TDW. Furthermore, 
no clear trends of pesticide degradation 
were observed with depth. Operational 
monitoring during ASTR operation gave 
similar results with a minimum half-live 
of 141 days. Studied pesticide were thus 
relatively persistent, and therefore ASTR 
abstracted water will contain relatively 
high pesticide concentrations. Pesticides 
in water that are not abstracted may form 
a risk for groundwater contamination.

Research question 3: Is ASTR with TDW 
susceptible to injection well clogging, and if 
so, how can this be prevented?

Well clogging was studied at the 10 ha 
ASTR system (Chapter 7). At the 2.3 ha 
ASR system, clogging did not influence 
ASR operation, likely due to the treatment 
of TDW by slow and rapid sand filtration. 
In the 10 ha ASTR system, the sand 
filtration units were substituted by 40 μm 
disc-filters to lower costs (10,000-30,000 
euro) and reduce space requirements 
(50-100 m2). Clogging of wells is likely 
after TDW injection, because of its 
composition (e.g., mean injected DOC: 
25 mg/L, NO3: 14 mg/L, turbidity: 5-160 
NTU). The TDW composition exceeded 
almost all clogging mitigation standards, 
which indicated the importance of the 
right clogging measures. ASTR operation 
was split up in three injection periods, in 
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which TDW was treated consecutively by: 
(i) 40 µm Klin disc-filters, (ii) automated 
periodic backflushing of the injection 
wells in addition to (i), and (iii) turbidity-
regulation of TDW before injection 
in addition to (i) and (ii). In the first 
injection period, the disc-filters could 
not prevent well clogging. Assessment of 
the clogging material showed evidence 
for chemical, biological, and physical 
clogging. Well injectivity showed a strong 
relation with the injected turbidity load. 
Therefore, we expect that particles in 
TDW are the main cause of clogging. The 
addition of periodical backflushing and 
regulating a maximum turbidity of the 
injected TDW resulted in improved ASTR 
operation. The major drawback of these 
extra clogging measures is the reduction 
of the injected TDW volume with ~20-
25% over the period of investigation. 
Agricultural ASTR is therefore only 
feasible when a large enough volume of 
water can be injected despite the clogging 
measures, to secure the farmer’s need 
for irrigation. Otherwise, injected TDW 
should be further treated but this is 
often constrained by financial or spatial 
restrictions.

Implications of the findings for 
(agricultural) AS(T)R

AS(T)R stored water mostly meets the 
irrigation standards
In this research, we studied AS(T)R 
systems that make freshwater available 
for crop irrigation. Naudin-Ten Cate et 
al. (2000) assembled a general overview 

of concentration thresholds for different 
solutes in irrigation water. These solutes 
are harmful above these thresholds for the 
plants, or animals and humans that eat 
these plants. Note that water quality norms 
for irrigation water can vary for different 
crops. The chloride (Cl) concentration of 
the stored water ranged from 63-473 mg/l 
and was on average 161 mg/l during the 
3 storage periods. Note that not all crops 
can tolerate such high Cl concentrations. 
In the AS(T)R systems, a maximum 
EC of 1700 µS/cm was regulated for the 
injected water in consultation with the 
farmer. Lowering this EC limit (and thus 
the Cl concentrations) is possible if the 
farmer would like to, but this will reduce 
the injected water volume, because all 
TDW above this limit is discharged to the 
surface water system. Naudin-Ten Cate et 
al. (2000) also gives thresholds for As, Br, 
Cd, Cr, Cu, F, Fe, Pb, Mn, Mo, Ni, Se, Zn. 
From these solutes, only Fe and Mn are 
regularly observed above the thresholds. 
Fe concentrations are maximally 8.4 mg/L 
and on average 2.2 mg/L, which is more 
than the threshold of 2.0 mg/L. Similarly, 
Mn concentrations were maximally 1.5 
mg/L and on average 0.6 mg/L, while 
the threshold is 0.5 mg/L. On average, 
Fe and Mn concentrations are just above 
this general threshold, but again this 
should be considered for each type of 
crop individually. If problematic, then Fe 
and Mn can be partly removed from the 
abstracted water by aeration.
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Treatment of TDW is needed to meet 
infiltration water guidelines
Observed pesticide, NO3, PO4, As and 
SO4 concentrations were exceeding or 
almost exceeding the limits for infiltration 
water (Chapter 1: Introduction – Table 1). 
Therefore, TDW needs to be treated before 
injection to meet these infiltration water 
guidelines based on current legislation. At 
the start of this research, we hypothesized 
that injection of agricultural TDW would 
result in faster denitrification and pesticide 
degradation, compared to their behavior 
in oligotrophic aquifers. This expectation 
was raised by the favorable composition 
of TDW (oxic, rich in nutrients, DOC, 
and most likely containing biodegrading 
bacteria) to feed and grow biodegrading 
bacteria. Full degradation of NO3 and 
pesticides in a relatively short time period 
can be seen as treatment of injected TDW 
in the aquifer, and could substitute the 
above land pre-treatment. Unfortunately, 
denitrification and pesticide degradation 
was not faster than in oligotrophic aquifers, 
which suggests that this hypothesis 
is not true. Therefore, injected TDW 
should be treated to reduce the pesticide 
concentrations below the infiltration water 
guidelines. Denitrification rates were 
not substantially higher than observed 
in aquifers elsewhere. Nevertheless, 
denitrification was still substantial and 
NO3 was fully depleted within 4-40 
days in this aquifer. This makes us belief 
that treatment of NO3 before injection 
is unnecessary. This is an important 
outcome of this research, as it lowers the 
treatment costs and thereby increases 

the feasibility of agricultural ASTR. Note 
that this does not correspond with the 
current legislation in the Netherlands, 
where injection of water containing NO3 
concentration above 50 mg/L (Directive 
2000/60/EC , Water framework directive) 
or even 24.8 mg/L (Dutch legislation: 
Infiltratiebesluit bodembescherming) is 
not permitted. The current legislation is 
further discussed in the next section.

Large discharge from the tile drainage 
water system comes with high turbidity
We learned the hard way that well clogging 
is not to be underestimated. TDW comes 
with some extra difficulties compared to 
using potable water in ASTR: (i) overall, 
injection of TDW stimulates biological, 
chemical, and physical clogging, and 
(ii) injection wells are most susceptible 
to clog in moments when most water is 
available, because the highest turbidities 
come when discharge is largest. The goal 
of agricultural ASTR is to make farmers 
sustainable for their fresh water needs. 
Therefore, there are two options to deal 
with clogging of an agricultural ASTR 
system: (i) treat TDW to a decent quality 
before injection to prevent clogging, 
which is costly, or (ii) only inject water 
of sufficient quality (in this study a 
turbidity <20 NTU) and backflush the 
wells periodically to get rid of the clogged 
materials, which results in less water 
that can be injected. Both options have 
advantages and disadvantages, which 
should be weighed before construction of 
each new agricultural ASTR system.
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Policy perspectives: Towards a more 
holistic approach for legislation of 
agricultural ASTR systems

This research showed that nutrients 
and pesticides in TDW have relatively 
high concentrations and not all of them 
are quickly and/or fully degraded/
transformed during aquifer storage. 
They thus pose a risk for groundwater 
contamination when the water is not 
recovered. The legislative standards 
for injection water quality leave us two 
options for future agricultural ASTR 
permission: (i) treatment of injected 
water to meet the injection standards, 
or (ii) generate knowledge about fate of 
potential pollutants in aquifers and use 
these insights for risk assessments, which 
can be applied to discuss and change 
current policy. Knowledge is generated 
in this research and, based on this, I will 
state my opinion for future policy in the 
upcoming sections.

Tile drainage water treatment
TDW treatment seems a logical option to 
prevent groundwater contamination. A 
treatment system needs to lower nutrient 
and pesticide concentrations to below the 
standards of injection water. NO3 seems 
not to be the main problem, as we show 
in this study that it is fully mineralized 
to N2 in a relatively short period (max. 
4-40 days) during storage in the aquifer. 
Despite exceeding the infiltration water 
standards, SO4 levels are not harmful, as 
observed concentrations have no health 
effects for humans, animals, and plants 

(Naudin-Ten Cate et al., 2000; WHO, 
1993). Furthermore, As concentrations 
are just below the infiltration standards 
and thus do not need to be lowered. The 
largest impacts on the environment are 
expected from the PO4 and pesticide 
concentrations above the infiltration 
water standards. Although, PO4 levels are 
often less of a problem in coastal aquifers 
in the Netherlands, as they are already 
high by nature (Yu et al., 2018). Treatment 
of both solutes is widely studied (e.g., 
Ahmed et al., 2017; Ahmed et al., 2011; 
Saleh et al., 2020; Shakoor et al., 2021; 
Wu et al., 2020; Yeoman et al., 1988). In 
this case, the most apparent treatment 
method for pesticide removal is the use 
of activated carbon. It is widely used and 
labeled as an undisputed, efficient, and 
reliable method (Marican and Durán-
Lara, 2018). Drawbacks are the expensive 
regeneration, the unstable properties 
of activated carbon, and the removal 
efficiency depending on e.g., pesticide 
structure, activated carbon surface 
chemistry, and the water composition 
(Marczewski et al., 2016). Furthermore, 
up to maximum 90% pesticide removal 
is reached (Ahmed et al., 2017; Marican 
and Durán-Lara, 2018), which would still 
result in pesticide concentrations above 
the norm based on the TDW composition 
at this site. For example, desphenyl-
chloridazon concentrations were often 
observed above 10 µg/L. A reduction of 
90% results in an concentration above 1 
µg/l, which is still far above the standard 
of 0.1 µg/L. Activated carbon also removes 
PO4 from water, and even better removal 
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was demonstrated using modified 
activated carbon with metal oxides 
(Almanassra et al., 2021). Recent inquiries 
showed that only the activated carbon for 
a 10 ha system costs about 13.000-20.000 
euro (10 m3, 20 min contact time, max. 
flow 20 m3/hr), which is about 17-27 % of 
the estimated total costs of an agricultural 
ASTR system for 10 ha of €75.000,- (te 
Winkel et al., 2019). Note that this is 
without the maintenance and periodical 
replacement of the activated carbon 
treatment. The main drawback of TDW 
treatment is, therefore, the substantial 
increase in costs of an agricultural AS(T)
R system. This will substantially impact 
the feasibility of agricultural AS(T)R. A 
prohibition on the use of pesticides, or 
on the discharge of polluted TDW to the 
surface water system are not unthinkable 
in the near future. Both will make 
agricultural AS(T)R considerably more 
attractive.

Discussion on the infiltration standards
Both the infiltration water guidelines from 
the Water Framework Directive (WFD; 
in Dutch: Kader Richtlijn Water) and the 
Infiltratiebesluit Bodembescherming are 
not written specifically for AS(T)R with 
TDW. Therefore, these guidelines do not 
take in account the specific conditions 
which are associated with agricultural 
AS(T)R. There are two conditions which 
can be used to debate the functionality 
of these infiltration water guidelines for 
agricultural AS(T)R specifically and MAR 
in general:

(i) The main goal of AS(T)R is to 

store and later abstract the injected 
water. Therefore, the largest portion of 
injected water is also abstracted.
(ii) Agricultural AS(T)R is focused 
on areas where groundwater is 
brackish/saline and groundwater flow 
is negligible. The risk of contaminating 
potable groundwater resources is 
therefore negligible.

I plea for a more holistic assessment of the 
impacts of agricultural AS(T)R, in which 
the advantages and the disadvantages 
are set side by side when a permit is 
requested. This is an important mind 
shift, as the positive impacts of water and 
food security and reducing nutrient and 
pesticide loads to the surface water system 
can outweigh the negative impacts of 
contamination of the local (non-potable) 
groundwater. A regional probabilistic 
risk assessment could be performed for 
the most important agricultural areas in 
the coastal areas, in order to assess the 
risks of agricultural AS(T)R. This study 
should be performed by an independent 
research institute, not involved in projects 
concerning current AS(T)R pilots. Risk is 
here characterized by the magnitude of 
the consequences and the likelihood of 
them to happen. The major consequence 
in this case is the risk of contaminating 
potable water resources, but also the risks 
for contamination of the potential potable 
water sources of the (near) future should 
be analyzed. For example, interest has 
been shown to treat brackish water for 
drinking water in the Netherlands (Raat 
et al., 2012; Stofberg et al., 2018), and two 



8

Chapter 8: Synthesis 223

Dutch drinking water companies (Vitens 
and Dunea) already started trials to study 
its feasibility.

Infiltration standards limit MAR 
development
In the Netherlands, multiple parties 
work on the development of ASR/MAR 
systems for varying purposes. Advisory 
companies and research institutes like 
Acacia Water, KWR, Deltares, Wareco, 
and Field Factors together with drinking 
water companies and water boards are 
involved in developing ASR systems to 
store, for example, storm water, surface 
water, water from roofs of greenhouses 
and of urban buildings, and in our case 
TDW. Implementation of MAR/ASR 
systems is an upcoming sector, with every 
year a 5% growth in the number of MAR 
systems worldwide (Dillon et al., 2019). 
The further development of these systems 
is needed to counteract on the effects of 
climate change and to overcome our water 
needs in the near-future. The development 
of MAR/ASR systems is now strongly 
limited by the strict infiltration guidelines, 
which prevents upscaling of these systems 
after the usual pilot and demo systems. An 
update of the policy is needed specifically 
for ASR/MAR systems, in which the 
risks for groundwater contamination are 
assessed but wherein also the advantages 
are weighed to the disadvantages.

Research perspectives

The outcomes of this thesis did not only 
answer research questions, but also raised 

new questions for future research. Below, 
a short overview of relevant research 
perspectives are stated, which are mostly 
related to the further implementation of 
agricultural AS(T)R systems using TDW 
as injection water.

(i) In this research, we showed that 
the collected TDW should be treated 
before injection based on the current 
legislation. Further research should be 
performed on the possibilities of TDW 
treatment and, just as important, the 
economic feasibility of these measures. 
(ii) AS(T)R with TDW shows potential 
for farmers to become self-sustainable 
for their water needs. A technological 
and economical study is needed which 
investigates the ideal scale of an AS(T)
R system. Is that the farm-scale system 
(about 10 ha) which was studied in 
this case? Or should multiple farmers 
cooperate together and use larger or 
multiple (connected?) ASTR systems?
(ii) A look forward to the future: 
agricultural AS(T)R can largely change 
water management within areas, when 
becoming more widespread. Therefore, 
research is needed to assess the influences 
of large scale use of agricultural AS(T)
R on water levels and water quality in 
groundwater and surface water system. 
(iii) In this research, we became aware of 
the potential large role of the microbiota 
in injected water on aquifer processes 
related to groundwater quality. We 
showed that microbial adaptation and 
bio-augmentation seemed to stimulate 
denitrification, and likely also many 
other aquifer processes. More research 



Chapter 8: Synthesis

8

224

is needed to better understand and 
quantify the effects of the microbiota 
in injected water during AS(T)R on the 
groundwater quality. 
(iv) We are moving to better analytical 
approaches to assess 16S sequencing 
data (Santos 2020), and, furthermore, 
microbiology studies will be boosted 
by integrating new methods like 
metabolomics (Kapono et al., 2018), 
proteomics (Verberkmoes et al., 2009) 
and metatranscriptomics (Barr et 
al., 2018) in the near-future. These 
methods will open up new views and 
better insights on microbial processes in 
groundwater. Can we use these methods 
to better and more accurately relate 
biological processes occurring during 
ASTR to the microbial composition of 
sediments and groundwater?
(v) In the Netherlands, pesticides are 
already present in groundwater at levels 
exceeding the EU and Dutch limits for 
drinking water (Sjerps et al., 2017; Sjerps 
et al., 2019). This is unacceptable, as the 
European legislation (Regulation (EC) 
No. 1107/2009) states in article 4(3e) 
that the plant protection product (thus 
pesticides) shall have no unacceptable 
effects on the environment. Therefore, 
current pesticide legislation should be 
evaluated in relation to groundwater 
contamination and new methods should 
be researched, which assess the fate of 
pesticides in aquifers more profoundly.
(vi) This research studied water quality 
changes on a timescale of 1.5 years. What 
happens when a system is running for 5 
or 10 years? Does the aquifer reactivity 

change and do contents of aquifer 
reactants get depleted? How does slow 
degradation effect concentrations 
during prolonged residence times in 
the aquifer? Funding is needed to keep 
research sites (as the ASTR site in the 
current study) running for longer time 
periods.
(vii) AS(T)R sites are compelling 
testing grounds/field labs to study the 
fate of solutes/substances in aquifers. 
Monitoring new AS(T)R sites results 
in valuable insight in the transport and 
fate of solutes and other substances. 
Interesting topics to study at AS(T)
R sites are, among others, the fate 
of micro plastics, bacteria/viruses/
other microorganisms, and all sorts of 
emerging organic contaminants.
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